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FOREWORD 
T h e ADVANCES IN CHEMISTRY SERIES was founded i n 1 9 4 9 b y the A m e r i c a n 
C h e m i c a l Society as an outlet for symposia and collections of data i n special 
areas of topical interest that c o u l d not be accommodated i n the Society's 
journals . It provides a m e d i u m for symposia that w o u l d otherwise be frag­
m e n t e d because the ir papers w o u l d be d is t r ibuted among several journals 
or not p u b l i s h e d at a l l . 

Papers are r e v i e w e d cr i t ical ly according to A C S edi tor ia l standards and 
receive the careful attention and processing characteristic of A C S p u b l i c a ­
tions. Vo lumes i n the ADVANCES IN CHEMISTRY SERIES mainta in the integr i ty 
of the symposia on w h i c h they are based; however , v e r b a t i m reproduct ions 
of previously p u b l i s h e d papers are not accepted. Papers may i n c l u d e reports 
of research as w e l l as reviews, because symposia may embrace b o t h types 
of presentation. 
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PREFACE 

THIS BOOK EXPLORES A BROAD RANGE OF RESEARCH dea l ing w i t h the e n ­
v i ronmenta l chemistry of lakes and reservoirs. B o t h it and the s y m p o s i u m 
on w h i c h it is based were deve loped w i t h four goals i n m i n d . T h e first was 
to inc lude a w i d e spectrum of topics, ranging f rom trace metal c y c l i n g and 
nutr ient biogeochemistry to organic geochemistry. Second, there was an 
emphasis on t imeliness , w i t h an effort to inc lude only w o r k that was c o m i n g 
into f u l l f ru i t ion , nei ther pre l iminary nor overwrought . T h i r d , the book was 
to have a dist inct ly practical orientation ref lect ing the background of the 
editor , an environmenta l engineer. F i n a l l y , this v o l u m e was i n t e n d e d to 
reach a broad audience, i n c l u d i n g not only chemists , but also env i ronmenta l 
engineers and biologists; scientists i n v o l v e d i n practical aspects of water 
po l lu t ion , as w e l l as those w i t h a theoretical bent. To prepare for w i d e 
readership, the authors were encouraged to wr i te their chapters i n a more 
didact ic manner than is customary for j o u r n a l articles. T h e introduct ions 
inc lude extensive background on the topic for the reader w h o may be reach­
i n g into n e w terr i tory, and discussion sections often set the stage for future 
research or delve into pol icy implicat ions. 

T h e chapters are d i v i d e d into four groups. T h e first section emphasizes 
methodological advances i n studies of lake geochemistry. It includes two 
chapters that use paleol imnological approaches to examine historical changes 
i n the chemistry of lakes, two chapters that describe whole- lake m a n i p u l a ­
tions (an acidification exper iment and a nutr ient -enr ichment experiment) , 
and one chapter on the use of stable oxygen isotopes to deve lop hydrologie 
budgets for l ake -groundwater systems. 

T h e second section examines the cyc l ing and dis t r ibut ion of major ele­
ments (C , N , S, O , and P) i n aquatic systems. It begins w i t h a state-of-the-
art descr ipt ion of the chemical composi t ion of dissolved organic matter i n 
aquatic systems. T w o chapters examine the nature of phosphorus ; one ex­
amines the nature of organic phosphorus compounds i n lakes and the other 
describes a comprehensive study of the vert ica l transport of phosphorus i n 
L a k e M i c h i g a n . T w o other chapters examine sulfur cyc l ing ; one examines 
the ni trogen saturation issue on a regional scale and the other summarizes 
an extensive series of studies on peroxide chemistry i n freshwater systems. 

T h e t h i r d section focuses on the behavior of trace metals, w i t h an e m ­
phasis on processes that control their solubi l i ty and transport. It includes a 
chapter on mercury cyc l ing i n softwater lakes and two chapters that examine 
the solubi l i ty and transport of trace metals i n two very different e n v i r o n -

xi 
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merits: a eutrophic and a mine-contaminated r i v e r - r e s e r v o i r system. T h e 
final chapter i n this section examines the controls o n manganese solubi l i ty 
i n a southeastern reservoir . 

T h e last section deals w i t h several organic contaminants. T h e first chap­
ter is an analysis of the behavior of surfactants i n the context of a compre ­
hensive risk-assessment analysis. T h e next two chapters examine the fate of 
P C B s , as inf luenced b y algal uptake i n the water c o l u m n , volat i l izat ion, and 
weather ing i n sediments. 
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1 

Long-Term Chemical Changes in Lakes 
Quantitative Inferences from Biotic Remains 
in the Sediment Record 

Donald F. Charles1 and John P. Smol2 

 1Patrick Center for Environmental Research, Academy of Natural Sciences 
of Philadelphia, Philadelphia, PA 19103 

2Paleoecological Environmental Assessment and Research Laboratory, 
Department of Biology, Queen's University, Kingston, Ontario K7L 3N6 
Canada 

One of the best ways, and often the only way, to obtain long-term 
data on lake-water chemistry is by inference from stratigraphic re­
mains of aquatic biota preserved in sediment cores. Techniques are 
available for making accurate inferences of a variety of historical 
water chemistry characteristics (e.g., pH, aluminum, total phospho­
rus, and salinity). Many groups of biota can be used, including dia­
toms, chrysophytes, chironomids, and Cladocera. Inference tech­
niques are based on the strong relationships that exist between the 
contemporary distributions of taxa and water chemistry character­
istics. Recent advances in paleolimnological protocols, taxonomy, 
interpretations of ecological data, computer technology, and devel­
opment of new statistical and multivariate techniques allow inferences 
of ever-increasing accuracy and precision. In our view, canonical 
correspondence analysis and weighted averaging regression and cal­
ibration are currently the best techniques available for exploring 
relationships between biota and chemistry and for making quanti­
tative inferences of water chemistry, respectively. Computer-inten­
sive techniques, such as bootstrapping, are available to estimate er­
rors of prediction associated with inferred values. 

M ANY ENVIRONMENTAL PROBLEMS that involve chemical characteristics 
of lakes could be understood and managed better if we knew background 

0065-2393/94/0237-0003$08.25/0 
© 1994 American Chemical Society 
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4 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

(i .e. , pre impact or "natural") environmenta l conditions and h o w e n v i r o n ­
menta l variables have changed over t ime . P o l i c y analysts, decis ion makers, 
managers, and scientists a l l n e e d information about past condit ions (J). W h a t 
were lakes l ike i n their natural (i .e. , preanthropogenic) states? W h a t is the 
range of natural variabi l i ty? Has lake-water chemistry changed? If so, w h e n 
and b y h o w m u c h ? C a n our current understanding of the plausible m e c h ­
anisms account for the observed changes? Answers tô these questions are 
crucia l for quant i fy ing the amount of change that has occurred , d e t e r m i n i n g 
the cause(s) of the changes, and assessing the potential for recovery of the 
system(s) under study. 

Past lake-water chemistry changes can be d e t e r m i n e d b y comparison of 
historical w i t h current measurements; hindcasts using empir i ca l and d y n a m i c 
computer models ; space-for-time substitutions (i .e. , comparisons between 
the affected lakes and s imilar but unaffected lakes); and paleol imnological 
studies. O f these, paleol imnology is the only approach that does not require 
the existence of historical data or a thorough unders tanding of a l l important 
watershed and in-lake biogeochemical processes. 

Vast information o n past lake conditions is contained i n sediment records, 
consider ing the large n u m b e r of sediment characteristics that can n o w be 
analyzed (2-5) and the hundreds of thousands of lakes, reservoirs, ponds , 
wetlands, and estuaries that have sediments suitable for study. T h e sediment 
archive should not be considered only as a repository for envi ronmenta l 
information descr ib ing conditions at single points i n t ime . It records d y n a m i c 
changes i n lakes and should be v i e w e d as the "notes" recording the results 
of full-scale natural and anthropogenic experiments , p r o v i d i n g considerable 
insight into h o w lake and watershed systems evolve and respond to e n v i ­
ronmenta l change. 

O n e of the most accurate, precise, robust, versati le, and w i d e l y a p p l i ­
cable approaches for obtaining long-term water chemistry data from the 
sediment record is to infer t h e m from the remains of biota. A l t h o u g h this 
approach has evolved over several decades, development of techniques has 
accelerated especially rapidly i n the past 5 - 1 0 years. It is n o w possible to 
infer past chemica l condit ions for many variables, averaged over one to a 
few years, w i t h an accuracy comparable to that of a m o d e r n chemica l m o n ­
i tor ing program. M o s t recently, paleol imnological approaches have been 
used w i d e l y i n N o r t h A m e r i c a and E u r o p e to reconstruct trends i n lake 
acidification, part icularly as caused by acidic deposi t ion. T h e y have also b e e n 
used to provide information on changes i n t rophic state, organic loading, 
and salinity and other c l imatical ly related factors. 

Geochemica l analyses of dated sediment cores can also prov ide i m p o r ­
tant information on past environmenta l changes (e.g. , ref. 6). H o w e v e r , the 
geochemical record of many water chemistry variables of interest (such as 
lake-water p H , total phosphorus, monomer ic a l u m i n u m , and salinity) is often 
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1. C H A R L E S & S M O L Long-Term Chemical Changes in Lakes 5 

diff icult to dec ipher (for example, because of postdeposit ional processes such 
as the mobi l i ty of metal ions w i t h i n sediments) (7). 

Paleol imnological inferences f rom biological remains are based on the 
strong relationships between biota and many l imnologica l characteristics and 
the fact that many groups of organisms leave identif iable remains i n sediment 
strata that can be dated b y us ing radiometr ic and other techniques . T h e 
groups used most extensively to infer past chemica l condit ions inc lude algae 
w i t h siliceous ce l l walls (diatoms and chrysophytes), nonsil iceous algae (e.g. , 
vegetative structure of green algae and p igment degradation products) , c h i -
ronomids (midge larvae), and other insects and invertebrates (e.g. , Clado-
cera, ostracods, and sponge spicules). 

Quanti tat ive paleol imnological reconstructions involve two basic steps: 
establishing cal ibration or transfer functions (also cal led predic t ive or infer­
ence models), and then using these functions to infer envi ronmenta l variables 
f rom fossil assemblages. To accomplish the first step, a cal ibrat ion (also ca l led 
a t ra ining or reference) data set is created for a group of lakes (usually about 
50, but the more the better) i n a geographic region, the biological indicators 
of interest are ident i f ied and quanti f ied i n the recently deposi ted surface 
sediments (e.g., 0 - 1 cm), and the chemistry of the o v e r l y i n g lake water is 
measured. T h e relationships between the surface-sediment assemblage data 
and the over ly ing water chemistry are quanti f ied by us ing a variety of sta­
tistical and mult ivariate procedures , and equations based o n these re lat ion­
ships are deve loped to infer water chemistry values f rom the biot ic remains. 
In the second step, sediment cores are col lected f rom the study lakes, 
d e p t h - t i m e profiles are established (by using, for example, 2 1 0 P b c h r o n o l ­
ogy); the biot ic remains i n the dated sediment slices are ident i f ied and 
counted; and the inference equations, deve loped w i t h the cal ibrat ion set of 
lakes i n step one, are used to reconstruct past chemistry . 

These techniques have made it possible to establish the onset of ac id­
if ication, and later recovery, resul t ing f rom sulfur emissions f rom smelters 
i n Sudbury , Ontar io (8) (F igure 1); the progressive acidif ication of a lake i n 
Sweden and the temporary rise i n p H caused b y l i m i n g (9) (F igure 2); the 
increase i n monomer ic a l u m i n u m i n A d i r o n d a c k lakes and its relat ionship 
to decl ines i n fish populations (JO) (Figure 3); and changes i n salinity of a 
N o r t h Dakota lake i n response to cl imate change and upstream regulat ion 
of reservoirs (II) (Figure 4). I n al l four of these examples, in ferred values 
general ly agree w e l l w i t h measurements, p r o v i d i n g further evidence of the 
overal l accuracy of the paleol imnological techniques and results. 

This chapter provides an overv iew of the present status of p a l e o l i m ­
nological techniques for quantitat ively in ferr ing water chemistry f r o m b i o ­
logical remains preserved i n lake sediments. A f t e r present ing the background 
and rationale of the approach and a discussion of b iot ic remains i n sediments , 
it moves to a discussion of the most recent advances for some of these groups, 
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6 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 
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Figure 1. Chrysophyte- and diatom-inferred pH reconstruction for Baby Lake, 
Sudbury, Ontario, Canada. Recent lake-water pH measurements are shown 
on the graph as open squares. The figure shows the decrease of lake pH 
attributed to the emission of sulfates from smelters in the Sudbury area, 
and the recovery after 1970 following major reductions of emissions. (Repro­
duced with permission from reference 8. Copyright 1992 Kluwer Academic 

Publishers.) 

emphas iz ing diatoms and chrysophytes, the most w i d e l y used water c h e m ­
istry indicators. F i n a l l y , w e provide some example applications that focus 
on the issues of lake acidification and eutrophicat ion. These approaches can 
be used to infer a variety of l imnologica l characteristics, but w e l i m i t our 
discussion to water chemistry. 

Several recent papers and books provide further background for the 
general paleol imnological approaches descr ibed i n this chapter (12-18). 
Those deal ing most d irec t ly w i t h the methods descr ibed here inc lude p u b ­
lications b y ter Braak (19), ter Braak and Barendregt (20), ter Braak and van 
D a m (21), B i rks et a l . (17, 22), Stevenson et a l . (23), Battarbee (15), and 
D i x i t et al . (24). These references contain a more thorough explanation of 
concepts and terminology than is p r o v i d e d i n this chapter. R e a d i n g the most 
current l i terature is important because paleol imnological approaches con­
t inue to be modi f i ed and are i m p r o v i n g at a r a p i d rate. 
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1. C H A R L E S & S M O L Long-Term Chemical Changes in Lakes 7 

Figure 2. Reconstruction of the pH history of Lysevatten, Sweden, based on 
historical data and inference from the fossil diatoms in the sediment. Historical 
data are pH measurements (thin solid line), indirect data from fish reports, 
and data from other similar lakes (thin broken line). The insert, showing pH 
variations from April 1961 to March 1962, is based on actual water chemistry 
measurements. Diatom-inferred values (thick solid line) were obtained by 
weighted averaging. (Reproduced with permission from reference 9. Copyright 

1992 Ministry of Supply and Services Canada.) 

Biological Remains Used To Infer Water Chemistry 

E v e r since the first remains of biota were discovered i n lake sediment (see 
rev iew b y F r e y , ref. 25), paleolimnologists have b e e n invest igat ing long-
t e r m changes i n lakes. A q u a t i c organisms are good indicators of water c h e m ­
istry because they are i n direct contact w i t h water, and their occurrence is 
strongly affected b y the chemica l composi t ion of their surroundings . Paleo­
l imnologica l approaches, u n l i k e "snapshot" water chemistry analyses, are 
integrative i n that the biota preserved i n lake sediments p r o v i d e informat ion 
o n average or typical condit ions. M o s t indicator groups grow q u i c k l y and 
are short - l ived, so assemblage composi t ion responds rapid ly to changing 
chemica l condit ions. B io ta are useful for paleol imnological investigations 
because many groups leave identif iable remains i n sediments, often i n 
quantities sufficient for rigorous statistical analysis. T h e main groups of sedi­
mentary biota used for inferr ing water chemistry condit ions are diatoms, 
chrysophytes, ch ironomids , Cladocera, ostracods, sponge spicules, and 
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8 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

Figure 3. Reconstructions of (A) diatom-based and (B) chrysophyte-based 
monomeric Al for Big Moose Lake, and diatom-based monomelic Alfor (C) 
Deep Lake, (D) Upper Wallface Pond, and (E) Windfall Pond in the Adirondack 
Mountains, New York. Reconstructions are bounded by bootstrapping esti­
mates of the root mean-squared error of prediction for each sample. Bars to 
the right of each reconstruction indicate historical (H) and Chmboms-based 
(C) reconstructions of fishery resources. The historical fish records are not 
continuous, unlike the paleolimnological records. Intervals older than —1884 
are dated by extrapolation. (Reproduced with permission from reference 10. 

Copyright 1992 Ministry of Supply and Services Canada.) 

bryophytes . Unfortunate ly , the records of some biota are not preserved, and 
the parts that are preserved may al low identi f icat ion only to the genus or 
family l eve l . Some remains are not abundant or are present only i n certain 
types of lakes. O n e of the best approaches for deal ing w i t h these l imitat ions 
is to examine as many indicators as possible; the most re l iable assessments 
of environmenta l change are based on inferences f rom several taxonomic 
groups. 

T h e groups most often used for quantitative inferences are sil iceous 
algae, p r i m a r i l y diatoms and chrysophytes. These groups are useful largely 
because: 

1. Remains of many taxa f rom these groups are recoverable f rom 
the sediment, thereby p r o v i d i n g comprehensive and abun­
dant ecological information. 

2. D i a t o m valves and chrysophyte scales are usually w e l l pre ­
served. 
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1. C H A R L E S & S M O L Long-Term Chemical Changes in Lakes 9 

30 

01 • • ι—--Γ-
Ι 880 1900 1920 1940 1960 1980 

Date 
Figure 4. A comparison of measured and diatom-inferred salinity in Devil's 
Lake, North Dakota, for the period of historic record. No salinity measure­
ments were made between 1923 and 1948, hence the dotted line and question 
mark between these dates. (Reproduced with permission from reference 11. 

Copyright 1990 American Society of Limnology and Oceanography.) 

3. T h e i r remains can be ident i f ied to a l o w taxonomic l eve l (e.g., 
species l eve l or lower). 

4. Concentrat ions of remains are h i g h . 

5. T h e y occur i n a w i d e range of lakes and habitats. 

6. There is a large v o l u m e of data on their ecological character­
istics. 

M o s t important ly , research efforts have shown that the water chemistry 
opt ima (e.g., for p H , monomer ic a l u m i n u m , and total phosphorus) and to l ­
erances or ampli tudes (Figure 5) of diatoms and chrysophytes can be esti-
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species abundance 

» I ' I I 
* — ; * u 

^ environmental variable 
Figure 5. Unimodal (Gaussian) response curve with its three ecologically im­
portant parameters: maximum (c), optimum (\i), and tolerance ft). Vertical 
axis: species abundance. Horizontal axis: environmental variable. The range 
of occurrence of the species is seen to be about 4L (Reproduced with permission 
from reference 45. Copyright 1987 PUDOC-Centre for Agricultural Publishing 

and Documentation.) 

mated quantitat ively, often to a h i g h degree of certainty. Nonetheless , efforts 
to develop the use of other groups are increasing rapidly . 

Approaches and Methods for Inferring Chemistry 

B a c k g r o u n d a n d H i s t o r i c a l P e r s p e c t i v e . Biological data f rom sed­
iment cores can be analyzed and interpreted i n several ways to infer c h e m ­
istry. A l l methods begin w i t h separation of the indicators f rom the sediment 
matrix; reference 2 contains summaries of the techniques most often used. 
T h e indicators can then be ident i f ied (usually b y us ing high-resolut ion m i ­
croscopy) and enumerated. E a r l y inference techniques were straightforward 
but qualitative; more recent techniques are quantitative, mathematical ly 
sophisticated, sometimes computer- intensive , and capable of p r o v i d i n g i n ­
ferred chemistry values (and error estimates) w i t h surpr is ing accuracy and 
prec is ion. 

T h e simplest approach is to interpret the relative abundances of the 
c o m m o n taxa and make qualitative determinations of conditions based on 
the k n o w n ecological characteristics of the taxa encountered, often as re­
por ted i n p u b l i s h e d sources (e.g., " T h e presence of these taxa suggests that 
the lake was o l i g o t r o p h i a " ) . Sometimes the information p r o v i d e d b y the 
most c o m m o n taxa is of l i m i t e d value, because the taxa occur over broad 
environmenta l gradients and so convey l i t t le indicat ion of specific chemica l 
condit ions. A closely related approach is to focus on indicator taxa, w h i c h 
usually occur over a narrow range of ecological conditions (e.g., " T h i s taxon 
occurs only i n h igh ly saline environments . " ) . These two approaches are 
qualitative, and therefore diff icult to use e i ther to test hypotheses or to make 
management decisions r e q u i r i n g other than very general information. F u r -
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1. C H A R L E S & S M O L Long-Term Chemical Changes in Lakes 11 

thermore , these approaches use only some of the taxa i n an assemblage for 
interpretations, and so m u c h information remains unused . 

Several decades ago ecologists began creat ing categories for classifying 
biota (e.g., polysaprobic , eutrophic , and acidophil ic) (26, 27). E a c h set of 
categories was created by arbitrari ly d i v i d i n g an ecological c o n t i n u u m into 
segments. Taxa were then assigned to one of the categories o n the basis of 
available ecological knowledge, al though some taxa c o u l d not be assigned 
because of insufficient data. This approach has been used w i d e l y i n studies 
of t rophic state (e.g. , 28), organic po l lu t ion (e.g., 29), and acidif ication (e.g. , 
30-32). W i t h this approach, the percentage of a l l taxa i n the ecological 
categories, plus unknowns , totals 100%, and changes i n the relative per ­
centages of each category can be used to indicate the direc t ion of water 
chemistry changes. F o r example, an increase i n the percentage of acido-
biont ic forms (i .e. , those taxa w i t h o p t i m u m distr ibutions at p H <5.5) and 
ac idophi l ic forms (i .e. , those taxa w i t h widest d is t r ibut ion at p H <7.0) i n ­
dicates that a lake has become more acidic. 

H o w e v e r , because it is diff icult to assess the meaning of changes i n three 
or more categories over t ime, ratios of the categories, or indices based on 
the categories, were developed so that the condit ions represented b y a single 
assemblage c o u l d be expressed as a single univariate index, and changes i n 
that single n u m b e r among samples from various depths i n a single core c o u l d 
then be interpreted as indicat ing chemica l trends over t ime (Battarbee et 
al . (33) present a historical review). These techniques evo lved to a point at 
w h i c h index values for the assemblages c o u l d be related direc t ly to measured 
chemica l parameters (34). 

This relat ionship was accomplished b y first creat ing a cal ibrat ion data 
set, also cal led a reference set or t ra ining set. T h e cal ibrat ion set consists of 
two basic types of data for a suite of lakes: assemblage count data for surface 
sediment samples (usually the top 1.0 c m of sediment, w h i c h inc ludes the 
past few years of sediment accumulation) and measured water chemistry 
values. T h e relat ionship between the assemblage data (expressed as percents 
of ecological categories, ratios, indices , or i n some other manner) is correlated 
to chemistry measurements. A predic t ive equation (31) or transfer funct ion 
(35) is developed, w h i c h then can be used to infer water chemistry on the 
basis of assemblage data (e.g., fossil assemblages). 

T h e potential usefulness of the equation is indicated b y the strength of 
the correlat ion between observed and inferred values characterized b y the 
coefficient of determinat ion ( r 2 ) , as w e l l as the standard error and the 9 5 % 
confidence intervals associated w i t h the regression. T h e o v e r r i d i n g value of 
the relat ionship is that it can be used to infer past lake-water chemistry 
characteristics, w i t h quantitative error estimates (e.g., " T h e lake-water p H 
value, inferred f rom the sediment deposi ted at the 5 .0-cm interval , is 6.3 
w i t h an estimated standard error of 0.3 p H units . " ) . To base in ferred values 
only on the percent abundance of a l i m i t e d n u m b e r of categories is wasteful 
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1 2 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

of ecological information because many taxa are c l u m p e d into large cate­
gories. I n addi t ion , this approach assumes a p r i o r i a strong quantitat ive 
relat ionship between the reconstructed variable and biot ic composi t ion . 

Recent ly the methods of canonical correspondence analysis ( C C A ) and 
weighted averaging (WA) regression and cal ibrat ion have been a p p l i e d to 
paleoecological data to overcome the shortcomings of the techniques de­
scr ibed. C C A , deve loped by ter Braak (19, 36), is an extension of corre­
spondence analysis (also k n o w n as reciprocal averaging), a technique w i d e l y 
used b y many ecologists. It is bu i l t u p o n the D E C O R A N A program (de-
t rended correspondence analysis) deve loped by H i l l (37). Papers b y ter Braak 
(e.g., refs. 19 and 36) are good references to consult for background o n C C A ; 
papers descr ib ing the specific applicat ion of C C A for reconstruct ion of water 
chemistry inc lude Birks et al . (17, 22), Stevenson et a l . (23), D i x i t et al . 
(38-40), and F r i t z (11). W e i g h t e d averaging regression and cal ibrat ion can 
be i m p l e m e n t e d b y us ing the C A N O C O program (36), or more easily w i t h 
W A C A L I B (41). 

T h e techniques of C C A and W A are current ly cons idered to be state of 
the art for in ferr ing water chemistry characteristics from biota. C C A is used 
to explore, s impl i fy , and express u n d e r l y i n g patterns and relationships be­
tween assemblage composi t ion and measured water chemis try data. It can 
also be used to assess w h i c h environmenta l variables explain the largest 
amounts of variabi l i ty i n assemblage composi t ion, and therefore gives an 
indicat ion of w h i c h variables can, i n theory, be reconstructed. W A regression 
and cal ibration can then be used to develop equations to infer the water 
chemistry characteristics f rom the biological data i n sediment core profi les. 
Rigorous error-est imation techniques have been deve loped to prov ide an 
accurate assessment of the error associated w i t h the reconstruct ion (17, 22). 

B o t h C C A and W A require a cal ibration data set, as already descr ibed. 
F o r best results, these data sets should be deve loped carefully and w i t h 
considerable forethought. T h e lakes chosen should i n c l u d e the range of 
l imnologica l condit ions that investigators anticipate in ferr ing f rom the strati-
graphic data f rom cored lakes. Several chemica l and other envi ronmenta l 
characteristics l ike ly to influence the d is t r ibut ion of taxa should also be 
measured accurately o n as many samples as possible to characterize tempora l 
var iabi l i ty . Insufficient or inadequate chemistry data is an important source 
of error associated w i t h inferred values. 

Q u a l i t y assurance and database management deserve special attention. 
S tudy designs should inc lude replicate cores, subsampling, and counts (e.g. , 
refs. 42 and 43). Taxonomy should be g iven a h i g h pr ior i ty , and represen­
tative specimens should be documented w i t h photographs and reference 
slides. A l l data necessary for interpretat ion of results should be d o c u m e n t e d 
(44). Because combinations of cal ibration and stratigraphie data sets are 
complex, relat ively sophisticated database management programs are nec­
essary for efficient data handl ing and analysis. 
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1. C H A R L E S & S M O L Long-Term Chemical Changes in Lakes 1 3 

Canonical Correspondence Analysis. C a l i b r a t i o n data sets d e v e l ­
o p e d to infer water chemistry can be used to evaluate a n u m b e r of important 
questions such as: W h a t measured envi ronmenta l variables appear most 
inf luent ia l i n d e t e r m i n i n g the d is t r ibut ion of taxa? A r e relationships b e t w e e n 
biota and certain chemica l characteristics strong enough to develop useful 
predic t ive relationships? A r e there potent ia l problems w i t h inference p r o ­
cedures because unmeasured factors also inf luence assemblage composi t ion? 
I n our v i e w , C C A is present ly the best approach for addressing these ques­
tions; it provides convinc ing evidence that the b i o t a - c h e m i s t r y relationships 
of interest are strong and that there is a sound basis for us ing these rela­
t ionships to infer past water chemistry . 

C C A , l ike a l l ordinat ion techniques, orders samples and species along 
axes. A s w i t h other ordinat ion techniques, C C A axes are constructed to 
maximize the dispersion of the samples or species. T h u s , w h e n points rep­
resenting samples or species are plot ted along an axis, those most s imi lar to 
each other are grouped together, whereas those most different f rom each 
other are more distant. F o r example, i f phosphorus concentrat ion strongly 
determines species distr ibutions, a sample assemblage from a lake w i t h h i g h 
total phosphorus w i l l plot at the opposite e n d of an axis f r o m an assemblage 
from a lake w i t h l o w phosphorus concentrations. 

C C A , a direct gradient analysis technique, differs from other ordinat ion 
and mult ivariate techniques such as polar ordinat ion, p r i n c i p a l components , 
and canonical correlat ion analysis. A n important u n d e r l y i n g assumption of 
C C A is that the abundance of i n d i v i d u a l taxa follows a ur i imodal curve over 
long environmenta l gradients (45). A n example of a u n i m o d a l curve is a 
Gaussian curve (F igure 5). A n u m b e r of other ordinat ion techniques assume 
a l inear response of taxa abundance to environmenta l gradients. T h e biggest 
advantage of C C A over these techniques is that the posi t ion of a species or 
sample on an axis is not only d e t e r m i n e d b y the taxa present i n the samples, 
but is also a funct ion (linear combination) of a def ined set of envi ronmenta l 
variables. Thus C C A provides visual and mathematical expression of the 
patterns of variat ion among sample assemblages and also enables evaluation 
of the role and importance of environmenta l variables i n expla in ing that 
pattern of variat ion. 

O r d i n a t i o n axes are d e t e r m i n e d sequential ly. T h e first axis is calculated 
to account for the most p r o m i n e n t variance i n the samples or species; sub­
sequent axes are calculated to account for variabi l i ty not expla ined b y the 
earl ier axes. It is useful to visual ize the dis t r ibut ion of samples or species 
as a funct ion of their scores o n the two or three most significant axes (as 
represented b y their eigenvalues and testable b y permutat ion tests). Plots 
of one ordinat ion axis versus another (called bivariate plots or biplots) can 
be used to examine patterns of s imilar i ty and difference among species and 
samples. 

A n example of a C C A biplot is shown i n F i g u r e 6. It was d e v e l o p e d to 
explore the relationships between trophic state, several water chemis try 
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Figure 6. Canonical correspondence analysis for surface sediments of 41 lakes 
in British Columbia, Canada, that encompass a broad range of trophic states. 
Circles represent lakes and triangles represent the 25 most abundant diatom 
taxa. Arrows indicate environmental variables that correlate most strongly 
with the distribution of diatom taxa and lake-water chemistry, as detected by 
forward selection. Maximum depth (Z,mx) and total phosphorus (TP) were 
transformed by using the In (x + 1) function. This analysis is discussed in 

detail in reference 46. 
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1. C H A R L E S & S M O L Long-Term Chemical Changes in Lakes 1 5 

characteristics, and surface-sediment diatom assemblages f rom 41 lakes i n 
B r i t i s h C o l u m b i a (46). Relationships among species (and samples) are shown 
on a b ip lot of the scores generated for axes 1 and 2. T h e arrows represent 
environmenta l axes, i n this case the gradients of chemica l characteristics. 
T h e y extend on both sides of the or ig in , but are shown on only one (thus 
the or ig in is the mean of that variable). T h e length of each arrow indicates 
h o w important that variable is i n d e t e r m i n i n g the dis t r ibut ion of the lakes 
and the taxa i n the ordinat ion. T h e arrows point i n the direc t ion of the 
highest posit ive magnitude. T h e angle between the arrows and/or the or­
dinat ion axes shows h o w closely the two variables are correlated w i t h each 
other. T h e distance between any two species points or between any two 
sample points indicates h o w similar the pairs of points are to each other. 
T h e C C A analysis shows that conduct iv i ty , m a x i m u m d e p t h , ca l c ium, and 
total phosphorus can explain most of the variat ion i n diatom assemblage 
composi t ion and lake-water chemistry i n this t ra in ing set. It also shows that 
total phosphorus and lake depth are closely related and that there is a w i d e 
spread of axis scores along these gradients. It makes clear, however , that 
factors related to the amount of dissolved minerals also have an inf luence. 

C C A can be used to examine long-term trends i n water chemistry b y 
c o m b i n i n g stratigraphie (i .e. , fossil) sample data into a m o d e r n cal ibrat ion 
diagram. This analysis is done so that al l the stratigraphie points are posi ­
t ioned along the axes on the basis of their overal l s imi lar i ty w i t h the cal i ­
brat ion samples. O f course, only the cal ibration samples are used to calculate 
direc t ion and magnitude of the environmenta l arrows, as the fossil assem­
blages do not have any associated water chemistry variables. A b ip lo t can 
be made that shows the changing location of the stratigraphie data points , 
over t ime, w i t h respect to several environmenta l variables on the same 
graph. F o r example, this type of analysis for R o u n d L o c h of G l e n h e a d (F igure 
7) shows some very dist inct stages i n the long- term acidification of the lake 
and h o w it relates to several characteristics. T h e fossil assemblage scores 
indicate that R o u n d L o c h had its highest p H , alkal ini ty , and ca lc ium con­
centrations fo l lowing déglaciation (pre-10,000-9200 B .P . ) . T h e lake gradually 
became more acidic, and dissolved organic carbon ( D O C ) concentrations 
fluctuated, apparently i n response to changes i n percent of conifer vegetation 
and mire development i n the watershed. F r o m about 1864 to 1985, p H , 
alkal inity, and calc ium decreased rapidly . A l u m i n u m concentration i n ­
creased d u r i n g this p e r i o d as a result of greater atmospheric deposi t ion of 
strong acids (22). T h e overal l meri t of this use of C C A is its efficiency i n 
examining relative changes i n several water chemistry characteristics s i ­
multaneously. 

Weighted Averaging. W A regression and cal ibrat ion is a robust, 
computat ional ly s imple , and straightforward m e t h o d for reconstruct ing en­
vi ronmenta l variables. It provides a more accurate and precise inference 
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16 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

Figure 7. Long-term trends in water chemistry, 10,000 years B.P. to present 
for Round Loch of Glenhead (RLGH), United Kingdom, as determined qual­
itatively from CCA. Samples are connected in chronological order. A CCA 
analysis was first run using a calibration data set of 131 lakes in England, 
Norway, Scotland, Sweden, and Wales, to determine the positions of environ­
mental arrows (DOC, Ca, Alk, pH, Al) on the biplot. The CCA was run a 
second time with the RLGH stratigraphie data as passive samples that did not 
influence the environmental arrows. These data are plotted on the graph, with 
slight rescaling. (Reproduced with permission from reference 22. Copyright 

1990 Cambridge University Press.) 

than methods based on ecological categories (17). It is effective main ly be­
cause it uses information p r o v i d e d b y each i n d i v i d u a l taxon, and not just 
percent abundance of categories, as w i t h some other methods. T h e computer 
program W A C A L I B (41) provides a convenient procedure for d o i n g W A 
calculations. 

T h e fundamental assumption of the W A technique is that the weighted 
average of a taxon represents the condit ions for w h i c h this taxon is most 
abundant (F igure 8 shows typica l d is t r ibut ion data). This o p t i m u m condi t ion 
(see F i g u r e 5) for each taxon can be calculated as the average of mean values 
for the environmenta l characteristics (e.g., water chemistry) at the sites i n 
w h i c h it is found, weighted b y the abundance of the taxon at the sites (F igure 
9), namely 

η 

Σ yik*i 

ûk = H— (l) 
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1. C H A R L E S & S M O L Long-Term Chemical Changes in Lakes 17 

where ûk is the abundance-weighted mean or o p t i m u m of taxon k; x, is the 
water chemistry characteristic χ (e.g., salinity) for lake i; yik is the percent 
abundance of taxon k i n the surface-sediment assemblage of lake i; and η is 
the n u m b e r of lakes i n the calibration set. Thus , the W A indicates the 
weighted centro id of a taxon's d is t r ibut ion along an envi ronmenta l gradient. 
T h e tolerance of a taxon (tk) can be represented b y a s imple w e i g h t e d standard 
deviat ion, w h i c h gives an indicat ion of the range of envi ronmenta l gradient 
over w h i c h the taxon is l ike ly to occur (F igure 5) and is est imated b y 

h = 

Σ y& 

1/2 

(2) 

O t h e r assumptions made i n deve loping and us ing equations to infer water 
chemistry are (based o n refs. 49 and 17) 

1. T h e taxa to be used are systematically related to the chemica l 
characteristics to be reconstructed, and these characteristics 
are ecologically important or l inear ly related to some c o m ­
ponent that is significant. 

2. T h e taxa i n the cal ibration set inc lude those found i n fossil 
data sets to w h i c h inference equations w i l l be a p p l i e d . 

3. T h e ecological characteristics of taxa have not changed over 
the t ime p e r i o d represented b y the fossil data. 

4. Ecologica l factors other than those to be reconstructed do not 
have a strong influence on the taxa-chemistry relationships 
or, i f they do, the relat ionship is the same for the cal ibrat ion 
and fossil data sets. 

O n c e W A values for an environmenta l characteristic (e.g. , water c h e m ­
istry) have been calculated for taxa i n a cal ibrat ion data set, the information 
can be used to infer that characteristic f rom sediment core samples and 
consequently to reconstruct past condit ions. T h e first step is to de termine 
the percent abundance of each taxon i n the sediment core assemblages. T h e 
taxon abundance is then m u l t i p l i e d by the W A value for that taxon (deter­
m i n e d f rom the cal ibration data set). These products are s u m m e d for a l l taxa 
and are standardized b y the sum of the relative abundances of the taxa i n 
that sample to obtain an inferred value, namely 

m 

Σ yafik 

* = ^ (3) 

Σ y& 
k=l 
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2 0 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

Cyclotella caspia -1 · 

Cyclotella quiilensis- · 

Nitzschia cf. fonticola - · 

Mastogloia eiliptica var. dansei - · 

Chaetoceros etmorei - · 

Diatoma tenue var. elongatum - · 

Cocconeis piacentula var. lineata - • 

Rhoicosphenia curvata - · 

Amphora ovaiis var. pediculus - · 

Navicula capitata var. hungarica - · 

Sunreila peisonis - · 

Cyclotella meneghimana - · 

Amphora perpusilla - * 

Stephanodiscus parvus - · 

Stephanodiscus minutula - · 

Fragiiana crotonensis - * 

Nitzschia amphibia H · 

Stephanodiscus hantzschu - * 

Cyclotella comta A · 

Fragiiana brevistriata - · 

Thalassiosira rudolfi- • 

Stephanodiscus cf. alpinus - —·— 

Stephanodiscus niagarae- · 

Fragiiana capucina var. mesolepta - · 

Aulacoseira granulata - · 

0.1 1 10 100 
Salinity (%o) 

Figure 9. Estimated salinity optima (abundance-weighted means) and tolerance 
(abundance-weighted standard deviations) for selected diatom taxa from 55 
lakes in North and South Dakota and Saskatchewan, Canada. Formulae 
for calculating optima and tolerance are given in the text (eqs 1 and 2). (Re­
produced with permission from reference 48. Copyright 1991 McMillan Pub­

lishing Co.) 

where x, is the water chemistry characteristic b e i n g in ferred and m is the 
n u m b e r of taxa i n the sediment assemblage. 

T h e process is more i n v o l v e d than this i n practice, and steps are r e q u i r e d 
to deal w i t h statistical issues. F o r example, " r o g u e " or " o u t l i e r " lakes should 
be ident i f ied to avoid unrealist ic estimates of taxa o p t i m a (see ref. 17 for 
objective procedures to identi fy rogues). A l s o , steps must be taken to account 
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1. C H A R L E S & S M O L Long-Term Chemical Changes in Lakes 21 

for the shrinkage of the environmenta l variable b e i n g reconstructed. I n W A 
regression and cal ibration, averages are calculated twice , first to calculate 
an o p t i m u m value for i n d i v i d u a l taxa and second to calculate the in fer red 
characteristics. This procedure results i n the reconstructed values b e i n g 
biased toward the mean value for the cal ibrat ion data set ( i .e . , the overal l 
gradient of potential inferred values has shrunk). To m i n i m i z e this effect, a 
s imple classical or inverse regression (sometimes cal led a deshr ink ing step) 
can be used (refs. 17 and 21 give more detai led discussion). F o r example, 
the classical deshr ink ing process performs a s imple l inear regression to de­
termine the relat ionship be tween the inferred values (x i n f) and actual mea­
sured values (x m e a s ) : 

in i t ia l xinf = a + bxmeas + € (4) 

where a is the intercept, b is the slope, and e is an error t e r m . T h e terms 
from this regression equation are then used to calculate a final (corrected or 
deshrunk) value. 

in i t ia l x i n f - a , . 
f inal xin{ = (5) 

Inverse deshr ink ing involves the same process, except that the measured 
values are regressed on the in i t ia l in ferred values instead of vice versa. 
Classical deshr ink ing moves inferred values farther from the mean than 
inverse deshr inking , and the former is best i f the values to be in ferred l ie 
near the ends of the environmenta l gradient. Inverse d e s h r i n k i n g m i n i m i z e s 
the root mean-squared error of the predic ted versus measured regression 
relationships, and therefore may lead to more accurate in ferred values over 
the ent ire range of the environmenta l gradient. 

A n o t h e r statistical issue is the relat ionship between the composi t ion i n 
the cal ibrat ion set used to der ive the transfer functions and the lakes for 
w h i c h the transfer functions w i l l be appl ied . Ca l ibra t ion data sets should be 
m o d i f i e d i f used to reconstruct chemistry of different types of lakes. A subset 
of cal ibration lakes can be selected that does not contain lakes so different 
that they might u n d u l y inf luence o p t i m u m environmenta l values for a taxon 
(for example, saline lakes can be r e m o v e d from a cal ibrat ion data set to be 
used for generating data to infer trophic-state change i n low-conduct iv i ty 
lakes). 

A n opt ion to consider i n us ing the W A technique is tolerance weight ing . 
T h e rationale for this approach is that taxa occurr ing over a narrow range of 
an environmenta l gradient should be better indicators than taxa w i t h broader 
tolerances. Consequent ly , taxa w i t h narrower tolerances should be w e i g h t e d 
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22 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

more heavi ly i n the W A calculations. A tolerance-weighted estimate w o u l d 
be calculated as: 

X,· = 
Σ 

ZJ 2 2 
k=l H 

(6) 

Tolerance weight ing does not always w o r k as w e l l as expected i n dia tom 
reconstructions (17), perhaps because cal ibrat ion data sets have not been 
large enough to provide accurate estimates of tolerance. Compar isons of 
tolerance-weighted versus unweighted approaches have shown that the s i m ­
plest approach works best w i t h diatoms (17, 22), but chrysophyte inference 
models per form best w h e n tolerances are i n c l u d e d (50, 51). 

Error Analysis and Quantification of Uncertainty. T h e error 
associated w i t h paleol imnological inferences must be understood. T w o 
sources of error wor thy of special attention are the predic t ive models (transfer 
functions) deve loped to infer chemistry and inferences generated b y us ing 
those equations w i t h fossil samples i n sediment strata. M u c h of the fo l lowing 
discussion is based on the p i o n e e r i n g w o r k r e v i e w e d b y Sachs et a l . (35) and 
b y B i rks et al . (17, 22), among others. W e emphasize error analysis here 
because it is not covered i n detai l i n most of the general rev iew articles 
c i ted earlier. 

Relevant questions about the deve lopment and use of predic t ive models 
inc lude the fo l lowing: W h i c h transfer functions w i l l p r o v i d e the most ac­
curate reconstructions, and what is the associated error? H o w m u c h of the 
error is attributable to the size and composi t ion of the cal ibrat ion data set? 
Typica l ly , predic t ive models are assessed and compared on the basis of 
objective statistical cr i ter ia d e r i v e d f rom the relat ionship be tween measured 
and inferred values for the t ra ining set (e.g. , F i g u r e 10). These cr i ter ia 
inc lude the coefficient of determinat ion ( r 2 ) , the standard error (SE), the 
root mean-squared error ( R M S E ) of predic t ion , and/or the R M S E of boots­
t rapped samples. T h e r 2 value provides an indicat ion of the strength of the 
predic t ive relat ionship; typical ly , r 2 values for most predic t ive models are 
>0.8 . T h e R M S E s provide the most useful cr i ter ia for assessing the pre ­
dict ive abi l i ty of transfer functions because they indicate a specific amount 
of variabi l i ty to expect w h e n apply ing the predic t ive equations to n e w as­
semblage data. O e h l e r t (52) used a Baysian approach for examining sources 
of error inherent i n the development and use of inference equations. 

I n some studies the r 2 and S E are calculated b y us ing w i t h data on ly 
from the or iginal cal ibration data set. Thus , the inferred values used i n the 
correlat ion analysis are for the same lakes used to develop the equations. 
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1. C H A R L E S & S M O L Long-Term Chemical Changes in Lakes 2 3 

<r- 20 h 

Observed salinity (g i 1) 

Figure 10. Observed salinity versus diatom-inferred salinity (derived from WA 
regression) for 55 calibration set lakes in North and South Dakota and Sas­
katchewan (r2 = 0.83; standard error = 0.481 In salinity, ref. 11). Equations 
used for the WA cahulations are given in the text (eq 3). (Reproduced with 

permission from reference 48. Copyright 1991 McMillan Publishing Co.) 

A l t h o u g h this approach is s t i l l used, it is undesirable for statistical reasons; 
error calculations underest imate the true uncertainty associated w i t h the 
equations (17, 21). A better approach is to use the equations deve loped for 
one set of lakes to infer chemistry values f rom counts of taxa from a second 
set of lakes (i .e. , cross-validation). T h e extra t ime and effort r e q u i r e d to 
develop the addit ional data for the test set is a major l imi ta t ion to this 
approach. Computer - in tens ive techniques, such as jackkni f lng or bootstrap­
p i n g , can produce error estimates f rom the or iginal t ra in ing set (53), w i t h o u t 
having to collect data for addit ional lakes. 

Jackknif ing involves r e m o v i n g one sample f rom the cal ibrat ion set, de­
r i v i n g the inference equations based on the r e m a i n i n g set of lakes (i .e. , 
η — 1), and then us ing the n e w inference equat ion to der ive an in ferred 
value for the one sample that was r e m o v e d (i .e. , p r o v i d i n g an independent 
error estimate). These steps are repeated u n t i l a l l samples have b e e n left 
out once f rom the cal ibration process and used to calculate a n e w inferred 
value. T h e set of n e w inferred values is then used i n conjunct ion w i t h the 
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24 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

measured values to calculate statistical measures of uncertainty (e.g. , r 2 , 
S E , and R M S E ) . 

Bootstrapping, as demonstrated by B i rks et a l . (17) for paleol imnological 
models , is a computer- intensive resampl ing procedure . W i t h i n each of many 
bootstrap cycles, a n e w tra ining set the same size as the or ig ina l set is selected 
randomly w i t h replacement. Because samples are selected w i t h replacement , 
some of the or iginal lakes w i l l not be represented i n the bootstrap set. A 
transfer funct ion is then deve loped f rom this bootstrap set and is used to 
infer chemistry values for the samples f rom the or ig inal set that were not 
i n c l u d e d i n the bootstrap set (called the test set). Th is process is repeated 
i n an iterative fashion (typically 1000 times) and the error estimates are 
deve loped from the dis t r ibut ion of samples i n the test set. Besides p r o v i d i n g 
a more accurate estimate of the true error associated w i t h the equation's 
abi l i ty to infer chemistry values, bootstrapping can part i t ion error resul t ing 
from variabi l i ty i n the size and makeup of the cal ibrat ion set due to est imation 
of the w e i g h t e d average value of a chemica l characteristic for each taxon, 
and the inherent var iabi l i ty i n the data set. 

T w o relevant uncertainty questions about chemistry values can be i n ­
ferred from sediment assemblages: H o w accurate are the inferred values? 
W h a t are realistic errors associated w i t h the inferred values? E r r o r s asso­
ciated w i t h in ferred chemistry values for stratigraphie samples are best es­
t imated b y us ing the bootstrap method. T h e procedure is the same as de ­
scr ibed, except that stratigraphie data are used i n addi t ion to the t ra in ing 
set. D u r i n g each bootstrap cycle the transfer funct ion is used to infer c h e m ­
istry values for a l l of the stratigraphie assemblages i n addi t ion to the test 
samples (17). A R M S E is then calculated for each i n d i v i d u a l stratigraphie 
sample. It w i l l vary, d e p e n d i n g i n part on h o w accurately the cal ibrat ion 
data set estimates the abundance-weighted mean of the taxa i n the strati-
graphic sample. I f the c o m m o n taxa i n a stratigraphie assemblage are not 
adequately represented (but are not absent) i n the cal ibrat ion set, error 
estimates w i l l t end to be larger than i f they are w e l l represented. 

O t h e r questions regarding uncertainty of in ferred values are important : 
W h a t is the nature and magnitude of the error that might be attributable 
to differences be tween assemblage composi t ion of the cal ibrat ion data set 
and the core strata assemblage? M o r e specifically, are taxa i n the stratigraphie 
samples w e l l represented i n the cal ibrat ion set? A r e there any stratigraphie 
rogues w i t h respect to the cal ibrat ion data set, having no appropriate m o d e r n 
analog? T h e simplest way to compare composi t ion of cal ibrat ion and strati-
graphic assemblages is a v isual search for abundant taxa that are not rep­
resented i n the cal ibrat ion set. A more sophisticated approach is analog 
matching (17, 22, 54), w h e r e b y each stratigraphie sample is compared w i t h 
each cal ibration sample b y us ing a diss imilar i ty measure (e.g. , chi-square 
distance and c h o r d distance). I f the diss imilar i ty value is less than a m i n i m u m 
value established for the cal ibrat ion, the stratigraphie sample is cons idered 
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1. C H A R L E S & S M O L Long-Term Chemical Changes in Lakes 2 5 

to have a close analog i n the cal ibration set. I f the diss imilar i ty value is 
greater than that value, there is no close analog and any inferred chemistry 
value should be treated cautiously. 

A n o t h e r procedure is to measure the lack of fit of an assemblage w i t h 
respect to inference of a part icular chemica l variable. Th is calculation is done 
by analyzing the square res idual distance between a fossil sample and the 
C C A environmenta l axis (arrow) of the chemica l variable b e i n g reconstructed 
(e.g., F i g u r e 6). F i r s t the res idual distance f rom each cal ibrat ion sample 
point to the environmenta l axis is calculated for the most extreme 5 % of the 
points . This step determines the lack-of-fit cutoif. T h e n the res idual distance 
is calculated f rom al l stratigraphie sample points to the envi ronmenta l axis; 
any distances that are further than the cutoif distance are d e t e r m i n e d to 
have poor or very poor fits (17, 22). C o m p u t e r programs are current ly avai l ­
able to per form these analyses (see refs. 17 and 22). A more direct technique 
to assess the accuracy of inferred values is comparison of paleol imnological 
inferences to long- term water chemistry data. Th is procedure has b e e n fo l ­
l o w e d w i t h , for example, p H (8, 9, 24) and salinity reconstructions (11) 
(Figures 1, 2, and 4). 

Applications of Techniques 

Paleoecological approaches are used increasingly to prov ide valuable data 
for understanding and managing lakes and the ir watersheds, and the v o l u m e 
of l i terature on this topic has accumulated rapid ly over the past 5 - 1 0 years. 
Several papers summar ized some of these applications (5, 15, 18, 24, 38, 
55-57) , so only a few representative examples are m e n t i o n e d br ief ly here . 

M a n y of the recent advances i n quantitative paleol imnology w e r e d r i v e n 
b y f u n d i n g of large studies of lake acidif ication. These studies inc lude the 
Paleoecological Investigation of Recent L a k e Acidi f i ca t ion projects [ P I R L A 
I and II (58, 59)] and the Paleol imnological Programme of the Surface W a t e r 
Acidi f i ca t ion Project (SWAP) i n the U n i t e d K i n g d o m and Scandinavia (16). 
These and other studies showed that many low-alkal in i ty lakes have become 
more acidic p r i m a r i l y because of acidic atmospheric deposi t ion resul t ing 
from combust ion of fossil fuels (55). Analysis of sediment d ia tom assemblages 
has p r o v e n part icular ly useful (13, 55). N e w applications inc lude i m p r o v e d 
methods for reconstruct ing p H (17, 22, 23), organic content (60, 61), and 
metals (39, 50, 51); use of open-water samples of extant biota to create 
cal ibration data sets (62); use of m u s e u m archives of extant biota to infer 
past chemistry (63); statistical assessment of acidif ication of lakes i n an ent ire 
region [Adirondack Park, N Y (64, 65)]; and d o c u m e n t e d evidence of recovery 
(8, 24, 40, 66). Paleol imnological approaches have also b e e n used to recon­
struct detai led long- term p H records that are very effective i n p lac ing recent 
trends i n perspect ive, especially w i t h respect to natural processes and v a r i ­
abi l i ty (67, 68) (F igure 11). Assessment of the sensit ivity of lake p H to acidic 

Pu
bl

is
he

d 
on

 M
ay

 5
, 1

99
4 

on
 h

ttp
://

pu
bs

.a
cs

.o
rg

 | 
do

i: 
10

.1
02

1/
ba

-1
99

4-
02

37
.c

h0
01



35
0 

25
0 

de
pt

h 
be

lo
w

 se
di

m
en

t 
su

rf
ac

e/
cm

 
15

0 
50

 

40
 

80
 

ac
id

ob
io

nt
ic

 

19
86

 

Fi
gu

re
 1

1.
 H

us
te

dt
 p

H
 c

at
eg

or
ie

s 
(2

6)
, 

di
at

om
-i

nf
er

re
d 

pH
 v

al
ue

s 
(w

ei
gh

te
d 

av
er

ag
in

g)
, 

ca
lib

ra
ti

on
 

ra
di

oc
ar

bo
n 

da
te

s,
 

2,
0P

b 
da

te
s,

 a
nd

 
pH

 p
er

io
ds

 
in

 t
he

 h
is

to
ry

 
of

 L
ill

a 
Ô

re
sjô

n,
 

so
ut

hw
es

t 
Sw

ed
en

. 
E

ac
h 

ba
r 

an
d 

po
in

t 
re

pr
es

en
ts

 o
ne

 o
f 

th
e 

70
0 

sa
m

pl
es

 a
na

ly
ze

d 
fr

om
 

ea
ch

 0
.5

-c
m

 in
te

rv
al

 f
ro

m
 

th
e 

35
0-

cm
-l

on
g 

co
re

. 
(R

ep
ro

du
ce

d 
w

ith
 p

er
m

is
si

on
 f

ro
m

 
re

fe
re

nc
e 

68
. 

C
op

yr
ig

ht
 

19
90

 R
oy

al
 S

oc
ie

ty
 o

f 
Lo

nd
on

.) 

Pu
bl

is
he

d 
on

 M
ay

 5
, 1

99
4 

on
 h

ttp
://

pu
bs

.a
cs

.o
rg

 | 
do

i: 
10

.1
02

1/
ba

-1
99

4-
02

37
.c

h0
01



1. C H A R L E S & S M O L Long-Term Chemical Changes in Lakes 27 

deposi t ion, based on diatom-inferred p H changes, can be used to h e l p select 
lakes for long-term moni tor ing of acidification trends (69). Yet another ap­
pl icat ion is to he lp evaluate computer models of lake and watershed processes 
b y compar ing paleol imnological reconstructions w i t h computer m o d e l h i n d -
casts of the same or closely related environmenta l variables. This procedure 
has been fo l lowed w i t h f rui t ful results i n lake acidif ication studies (70-72). 

Changes i n trophic state, i n c l u d i n g total phosphorus, c h l o r o p h y l l a, and 
transparency, have been inferred b y us ing several sediment characteristics 
(28, 46, 73, 74). N e w l y deve loped models for p r e d i c t i n g total phosphorus 
from diatom assemblages b y using W A look part icular ly p r o m i s i n g (e.g. , 
F i g u r e 12). Paleol imnological approaches have been used to examine eutro-
phicat ion trends i n several lakes (75-78). In addi t ion to analysis of changes 
i n species composi t ion, change i n morphometry of single species is b e i n g 
further explored as an indicator of t rophic status (79). Dia toms have been 
used to infer changes i n lake-water salinity ( J I , 48, 80, 81) and temperature 
(82), and many paleol imnological techniques are available for in ferr ing c l i ­
mate and related factors (83-86). 

Observed TP ()ug/L) Observed TP fcg/L) 

Figure 12. Graphs of observed versus diatom-inferred total phosphorus con­
centrations (TP) and observed minus diatom-inferred TP (i.e., a residual anal­
ysis) are based on weighted averaging regression and calibration models and 
classical deshnnking. The large circles indicate two coincident values. This 

analysis is discussed in detail in reference 46. 

Summary and Conclusions 

L o n g - t e r m data o n changes i n water chemistry are valuable and often nec­
essary for understanding lakes and for m a k i n g sound management decisions. 
Paleol imnological approaches are one of the few ways to obtain this infor-
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mation. H i s t o r i c a l trends of many chemica l characteristics can n o w be i n ­
terpreted, w i t h a relat ively h i g h degree of prec is ion and accuracy, b y ex­
a m i n i n g the remains of biota such as siliceous algae (diatoms and 
chrysophytes), zooplankton (Cfadocera), midge larvae (chironomids), and 
other groups arch ived i n lake sediments. B y analyzing the past assemblages 
from dated cores, paleolimnologists can reconstruct changes i n lake acidity, 
t rophic state, sal inity, c l imate-related factors, toxic chemicals , and other 
characteristics. K n o w l e d g e and techniques necessary for reconstruct ing 
these characteristics have advanced rapidly i n the past 5 -10 years, part ic­
ular ly i n the areas of taxonomy, acquisi t ion of ecological data, mult ivariate 
and statistical data analysis, data management, and qual i ty assurance. C a ­
nonical correspondence analysis and weighted averaging regression and cal­
ibrat ion have p r o v e n part icular ly useful for deve loping statistically robust 
and ecologically relevant equations for in ferr ing chemical condit ions from 
biological data. These advances offer many n e w opportunit ies for gaining 
important insights to better understand and manage lake resources. 
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Atmospheric Mercury Deposition 
to Lakes and Watersheds 
A Quantitative Reconstruction from Multiple 
Sediment Cores 
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 1Limnological Research Center, University of Minnesota, Minneapolis, M N 
55455 

2Minnesota Pollution Control Agency, St. Paul, M N 55155 
3Department of Civil and Mineral Engineering, University of Minnesota, 
Minneapolis, M N 55455 

Historic increases in atmospheric mercury loadings caused by an­
thropogenic emissions are documented from sediment cores from 
seven remote headwater lakes in Minnesota and northern Wisconsin. 
Whole-basin changes in Hg accumulation, determined from lakewide 
arrays of 210Pb-dated cores, show that regional atmospheric Hg dep­
osition has increased by a factor of 3.7 since preindustrial times. The 
relative increase is consistent among lakes, although preindustrial 
Hg accumulation rates range from 4.5 to 9 µg/m2 per year, and 
modern rates range from 16 to 32 µg/m2 per year. The distribution 
of these rates is highly correlated with the ratio of catchment area 
to the lake surface area. Modern and preindustrial atmospheric dep­
osition rates of 12.5 and 3.7 µg/m2 per year are calculated from this 
relationship, along with the relative contribution of Hg from the 
terrestrial catchment. Release of atmospheric Hg from catchment soils 
accounts for 20-40% of the Hg loading to the lakes, depending on 
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catchment size. This export represents about 25% of the atmospheric 
Hg falling on the catchments under both modern and preindustrial 
conditions. The absence of geographic trends in either Hg deposition 
rates or their increase implies regional if not global sources for the 
Hg entering these lakes. 

LAKE SEDIMENTS ARE EXCELLENT ARCHIVES for historic changes i n the 
industr ia l discharge of potential ly toxic metals such as H g , Z n , P b , C u , N i , 
C d , and C o (1-3). M o s t heavy metals have short residence t imes i n the 
water c o l u m n and are quantitat ively retained i n the sediments, so strati-
graphic interpretations are relat ively straightforward (but see refs. 4 and 5). 
Sediment records have p r o v i d e d c o m p e l l i n g evidence for the role of at­
mospher ic deposi t ion i n contaminat ing aquatic environments far r e m o v e d 
from direct (point-source) industr ia l inf luence (6, 7). These studies have b e e n 
used to document the history of emissions, the effect of abatement, and the 
geochemical cyc l ing of trace metals i n the aquatic envi ronment (8-10). 

In most cases stratigraphie interpretations are l i m i t e d to descr ipt ion of 
relative changes i n metal loading; more (or less) of something is deposi ted 
each year at a given site on the lake bot tom. H i g h e r concentrations of a 
metal i n surface sediments relative to deeper (uncontaminated) strata—often 
corrected for matrix effects by ratio of the metal to a silicate proxy such as 
T i 0 2 — r e p r e s e n t the relative enr ichment attributable to industr ia l discharge. 
W h e r e fine-scale dat ing (e.g., 2 1 0 P b ) is available, actual deposi t ion rates may 
be calculated. B u t because sediment deposi t ion and composi t ion are spatially 
variable, accumulat ion rates at a single core site cannot be automatically 
extrapolated to the entire lake bot tom (11-14) and actual fluxes to the lake 
i n a mass-balance sense cannot be calculated. 

F e w studies have explo i ted the f u l l potent ia l of lake sediments to obtain 
quantitative estimates of whole- lake metal fluxes, despite the fact that sed­
iments often represent the only available record of past deposi t ion. M o r e ­
over, whole-bas in sediment retention may be cr i t ical to mass-balance cal ­
culations where contemporary fluxes are diff icult to measure because of the ir 
spatial and temporal variabi l i ty (15,16). T h e p r i m a r y l imi ta t ion on obta in ing 
whole-bas in fluxes is the large effort r e q u i r e d to analyze and date m u l t i p l e 
cores represent ing the various deposit ional environments w i t h i n a single 
basin. M o s t mult ip le -core studies of metal po l lu t ion have been l i m i t e d to 
one lake (17) and do not prov ide a regional pic ture of deposi t ion rates, 
transport pathways, or geographic trends. In the few studies w h e r e m u l t i p l e 
cores were taken f rom several lakes, total anthropogenic sediment burdens 
were calculated wi thout recourse to dat ing or sedimentat ion rates (6, 18), 
and actual metal fluxes c o u l d not be calculated. 

In this study, however , w e demonstrate that i t is feasible to obtain w h o l e -
basin metal f l u x e s — i n this case H g — f r o m a suite of lakes w i t h an economy 
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of dat ing and stratigraphie analysis. T h e p r i n c i p a l outcome of this invest i ­
gation is the reconstruct ion of pre industr ia l and anthropogenic H g inputs to 
a suite of relat ively undis turbed lake catchments i n M i n n e s o t a and nor th-
central W i s c o n s i n . M e r c u r y contamination has been a serious concern for 
lakes i n this region and elsewhere for more than 20 years. E l e v a t e d H g 
levels i n fish from sites remote f rom point-source discharge (19-21), together 
w i t h stratigraphie evidence for recent increases i n H g sedimentat ion (7, 
22-25) , indicate that anthropogenic emissions to the atmosphere are to 
blame. T w o mechanisms for the observed increase i n H g inputs have been 
advanced: 

1. increased H g emissions, pr inc ipa l ly f rom coal combust ion and 
waste incinerat ion (26), or 

2. changes i n atmospheric chemistry (higher levels of S 0 4 , 
ozone, and other oxidants) that c o u l d enhance atmospheric 
removal or promote leaching f rom watershed soils (27). 

Results f rom this study shed l ight on the relative importance of these p r o ­
cesses. B y compar ing whole- lake H g fluxes among a group of sites of di f fer ing 
hydrology, w e are able to assess the relative contr ibut ion of watershed inputs 
versus direct atmospheric deposit ion to the lake surface. F i n a l l y , the cal­
culated H g accumulat ion rates provide a regional p ic ture of H g loading f rom 
w h i c h w e are able to der ive atmospheric deposi t ion rates and infer possible 
geographic sources and mechanisms for enhanced deposi t ion. 

Study Sites 

D u r i n g the course of the study seven lakes were analyzed for whole-bas in 
sedimentary H g : an in i t ia l set of four lakes f rom the Super ior Nat iona l Forest 
i n northeastern M i n n e s o t a (Thrush, D u n n i g a n , M e a n d e r , and Kjostad), two 
addit ional sites that expanded the geographic coverage to central and western 
M i n n e s o t a (Cedar and Mounta in) , and L i t t l e Rock L a k e i n nor thern W i s ­
consin, current ly the site of a split- lake acidification exper iment (F igure 1). 
T h e four sites i n northeastern M i n n e s o t a are u n d e r l a i n b y Precambr ian 
crystall ine bedrock and a t h i n veneer of noncalcareous glacial drif t . In nor th­
western W i s c o n s i n (Li t t le Rock Lake) the glacial deposits are substantially 
thicker , and i n western M i n n e s o t a (Cedar and M o u n t a i n lakes) the drif t is 
h ighly calcareous. A l l of the sites except M o u n t a i n L a k e l ie i n m i x e d d e c i d ­
uous-conifer forest. This vegetation becomes progressively more boreal to­
w a r d the M i n n e s o t a - C a n a d i a n border . T h e watershed of M o u n t a i n L a k e is 
covered w i t h a mosaic of native tall-grass prair ie and oak woodland . 

T h e study lakes span a c l imat ic gradient that becomes appreciably dr ie r 
toward the southwest. M e a n annual prec ipi ta t ion ranges f rom 7 5 - 8 0 c m i n 
northeastern M i n n e s o t a and northwestern W i s c o n s i n to 60 c m near C e d a r 
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36 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

Figure 1. Location of study lakes, bathymétrie maps of their basins, and 
approximate position of core sites; shaded contours represent nondepositional 
areas for fine-grained sediment. Key: star, stratigraphically detailed cores; 
·, coarse-interval cores; o, cores from nondepositional sites; and •, sup­
plemental 2WPb-dated cores from Little Rock. Depth contours are given in 

meters. 

L a k e and M o u n t a i n L a k e ; evaporative losses exceed prec ipi ta t ion i n the west 
(Cedar and Mounta in) , but represent only about 6 0 % of the prec ipi ta t ion 
fal l ing i n nor thern W i s c o n s i n (Li t t le Rock). Prec ipi ta t ion chemistry varies 
along the same gradient, w i t h p H increasing f r o m 4.6 i n nor thern W i s c o n s i n 
to 4.8 i n northeastern M i n n e s o t a and 5.2 i n western M i n n e s o t a . T h e cor­
responding values for wet sulfate deposi t ion decrease from 15 kg/ha p e r 

Pu
bl

is
he

d 
on

 M
ay

 5
, 1

99
4 

on
 h

ttp
://

pu
bs

.a
cs

.o
rg

 | 
do

i: 
10

.1
02

1/
ba

-1
99

4-
02

37
.c

h0
02



2. Ε N G S T R O M E T A L . Atmosphenc Mercury Deposition 3 7 

year i n nor thern W i s c o n s i n to 5 - 8 kg/ha per year i n northeastern and west-
central M i n n e s o t a (28, 29). 

A l l seven study lakes are located i n p r i m a r y watersheds and are fed 
pr inc ipa l ly by groundwater seepage and direct prec ipi tat ion to the lake sur­
face; two of the lakes (Meander and Kjostad) receive drainage f rom inter­
mit tent streams and possess permanent surface outlets. T h e lakes are rela­
t ive ly smal l (7-40 ha), except for Kjostad (168 ha), and shal low ( Z m a x = 4 - 1 6 
m , Z m c a n = 3 - 7 m) (Table I). Water residence t imes are 5 - 1 0 years, except 
for the two western sites (~30 years) w h e r e m u c h of the in f low is lost through 
evaporation. T h e western M i n n e s o t a lakes are dis t inct ly h igher i n dissolved 
solids (e.g. , a lkal ini ty is 2600 and 4200 μ β ς υ ί ν / ^ because of evaporative 
concentration and drainage f rom calcareous soils. T h e other five sites are 
d i lu te (alkalinity is 25 -180 μequiv/L), and only Kjostad is appreciably c o l ­
ored b y organic acids (30 P t - C o units). 

A p r i m a r y selection cr i ter ion for a l l of these sites was the absence of 
significant land-use disturbance i n the catchment, w h i c h might otherwise 
accelerate soil erosion and sediment flux d u r i n g this century . F i v e of the 
sites (Thrush, D u n n i g a n , Kjostad, C e d a r , and L i t t l e Rock) w e r e logged to 
some extent i n the early 1900s; the forests w e r e a l lowed to regrow and have 
not been appreciably d is turbed since then. E x c e p t for a few shorel ine cabins 
on Kjostad and one o n C e d a r , none of the watersheds are present ly inhabi ted . 
T h e M e a n d e r watershed was part ial ly b u r n e d i n the L i t t l e Sioux fire of 1971, 
and a small por t ion of the M o u n t a i n L a k e catchment was farmed for a b r i e f 
p e r i o d fo l lowing E u r o p e a n settlement. Today the watershed of M o u n t a i n 
L a k e is contained ent ire ly w i t h i n Glac ia l Lakes State Park, and it is one of 
the most pris t ine lakes remain ing i n the agricultural regions of western 
M i n n e s o t a . 

Experimental Methods 

Coring Strategy. Sediment cores were collected with a thin-walled poly­
carbonate tube fitted wi th a piston and operated from the lake surface by r igid 
drive rods (30). This device recovers the very loose uncompacted sediment 
surface as we l l as deeper strata without disturbance or displacement (core-short­
ening, cf. refs. 31 and 32). Core sections were extruded vertically from the top 
of the tube into polypropylene collection jars, transported on ice to the labo­
ratory, and stored at 4 °C unti l analysis. 

Because a large number of cores was required for this study, we chose to 
economize on the number of samples for 2 1 0 P b and H g analysis by sectioning 
most of the cores at coarse intervals. Historic trends in H g deposition were 
provided by a few cores analyzed in stratigraphie detail, whereas the coarsely 
sectioned cores provided the spatial pattern in H g accumulation across each 
basin at a few discrete time intervals. The samples from the coarse-interval cores 
were homogenized and analyzed for H g and 2 i 0 P b content i n the same man­
ner as the detailed cores. Detai led cores were collected with a 10-cm-diameter 
corer, and the coarse-interval cores were obtained with a 5-cm-diameter corer. 
The number of cores collected from each lake is shown in Table II. 
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The exact sampling strategy varied somewhat among the study lakes. F o r 
the four lakes in northeastern Minnesota, sediment cores were collected from 
three locations within each hasin (representing deep, shallow, and intermediate 
water depths) and analyzed at fine intervals (1-2 cm). These detailed sediment 
profiles guided the collection and sectioning of subsequent cores, which were 
extruded in three coarse intervals (—0-2, 2-45, and 45-60 cm, although the 
exact intervals varied from lake to lake). The topmost samples gave modern H g 
concentrations, and the bottom intervals provided preindustrial values (>150 
years ago for the Midwest) . The long middle section was used to calculate whole-
core 2 1 0 P b burdens required for dating. This approach provided sediment ac­
cumulation rates for only the topmost interval. However, these values were used 
to calculate H g flux for the lower sections, assuming a constant sediment ac­
cumulation rate for the entire core. Dat ing results from the detailed cores showed 
this to be a valid assumption for these relatively pristine lakes. 

For Cedar and Mountain lakes, detailed sediment cores collected from the 
deeper regions of each basin showed increasing sedimentation rates up-core. 
Thus a slightly different approach was used to provide additional temporal detail 
from the coarsely sectioned cores. These subsequent cores were extruded into 
five intervals 5-20 cm long so that dates and sediment accumulation rates could 
be explicitly calculated for the deeper strata. 

For Li t t le Rock Lake, a single core from each of its two basins was analyzed 
and dated in stratigraphie detail. The remaining cores were analyzed for H g 
content in three coarse intervals as described, but none of these profiles was 
actually dated. Instead the sedimentation rates were inferred from a series of 
five nearby cores that had been dated by 2 I W P b for other purposes (16). The mean 
sedimentation rates from dated cores collected at similar depth in the same basin 
were used to calculate H g accumulation for each undated profile. 

Analyt ical Methods. Loss on Ignition. Wet density, dry mass density, 
organic content, and carbonate content were determined by the method of Dean 
(33). Volumetric samples (1.0 em 3 ) were dried overnight at 100 °C and ignited 
at 550 and 1000 °C for 1 h. Mass measurements were made on the wet sample 
and after each heating on an electronic analytical balance. 

Lead-210 Dating* Sediment cores were analyzed at appropriate depth 
intervals for 2 1 0 P b to determine age and sediment-accumulation rates for the 
past 100-150 years. Lead-210 was measured through its granddaughter product 
2 1 ( , P o , with 2 ( W P o added as an internal yie ld tracer. The polonium isotopes were 
disti l led from 1-10 g of dry sediment at 550 °C following pretreatment wi th 
concentrated H C l . They were plated directly (without H N 0 3 oxidation) onto 
silver planchets from a 0.5 Ν H C l solution (modified from ref. 34). Activity was 
measured for 1-5 X 10 5 s wi th Si-depleted surface barrier detectors and an a -
spectroscopy system (Ortec Adcam). Unsupported 2 1 0 P b was calculated by sub­
tracting supported 2 1 0 P b (estimated from constant activity at depth) from total 
activity at each level . Dates and sedimentation rates were determined according 
to the constant rate of supply (c.r.s.) model (35), with confidence intervals cal­
culated by first-order error analysis of counting uncertainty (36). 

Mercury. Sediment samples were digested with a strong ac id-per-
manganate-persulfate digestion technique. Total H g analyses were conduct­
ed by cold-vapor atomic absorption spectrophotometry (37). Wet sediment 
samples (2-8 g) were treated with 10 m L of H 2 S 0 4 (cone), 5 m L of H N O i 3 
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2. E N G S T R O M E T A L . Atmospheric Mercury Deposition 41 

(70%), and 2 m L of H C l (36%), and then heated for 2 - 3 h at 80-110 °C on a 
sand bath. After cooling the samples were treated wi th 15 m L of saturated 
K M n 0 4 ( -6% w/v), followed by 5 m L of K 2 S 2 0 8 (5% w/v). The next day excess 
oxidant was reduced with 10 m L of hydroxylamine hydrochloride (6% w/v) i n 
6% N a C l . Two hours later the digests were poured into 250-mL polypropylene 
jars and connected to a H g purging system. F i v e milli l iters of S n C l 2 (10% w/v 
in 2 M H 2 S 0 4 ) was transferred by syringe to each jar, the contents of which was 
then vigorously stirred for 2 m i n . The headspace gas was swept through a drying 
tube ( C a C l 2 desiccant) with prepurified carrier-grade N 2 and through a 10-cm 
absorption cell . Absorbance readings were based on peak height. 

Three distil led, deionized reagent blanks ( d - H 2 0 ) and National Institute of 
Standards and Technology (NIST) standards (NBS 1646; estuarine sediment), 
and two sets of H g standards (four or five different dilutions of 1000-ppm A l p h a 
H g standard) were digested and analyzed each day that samples were run . 
Reagent blanks were quite low in H g , generally yielding absorbance values 
^0.002 above the N 2 baseline. If at least two of the three N I S T standards were 
not within the certified range of acceptable concentration (63 ± 12 ng/g), the 
entire sample run was redigested and reanalyzed. N o absorbance due to matrix 
effects—determined periodically by standard additions—was observed. O u r de­
tection l imit ( I U P A C method, ref. 38) for total H g was about 6 ng, and the 
coefficient of variation on replicate samples was about 8%. 

Calculations. To calculate whole-basin H g accumulation, a portion of the 
lake bottom was assigned to each core according to two methods based on either 
spatial proximity (polygon method) or lake depth (contour method). In both 
approaches core sites were located spatially on bathymétrie lake-basin maps by 
visual approximation to shoreline features and other landmarks. F o r the polygon 
method the lake map was divided into tiles or Theissen polygons, which were 
generated by the perpendicular bisectors between each core site and its nearest 
neighbors. In the second method 1-m depth contours were used to subdivide 
the lake bottom, and core sites were assigned to these bathymétrie regions 
according to their depths. 

Nondepositional regions of the lake bottom—shallow areas where fine­
grained sediments do not accumulate conformably—were excluded from these 
calculations. The nondepositional region of each lake was del imited by the depth 
contour above which silty or sandy sediments were found at or near the m u d 
surface. Because the exact location of this boundary was uncertain in some lakes, 
depth contours 1 m above and below were used to estimate a range of values 
for the depositional region. The area of each polygon or contour was measured 
from bathymétrie maps on a microcomputer-digit izer . The location of coring 
sites, depositional zones, and the bathymetry of each study lake are shown in 
Figure 1. 

The terrestrial drainage basin for each lake was digit ized from 1:24,000 U . S . 
Geological Survey topographical maps. The reported values (which exclude lake 
surface area) represent the average of two estimates, one that includes and one 
that excludes small wetlands wi th internal drainage and areas where watershed 
boundaries were uncertain. 

Results 

Sediment Lithology. T h e organic content of sediments at most cor ing 
sites, be tween 20 and 60% of the d r y mass, is typica l for smal l nor th- tem-

Pu
bl

is
he

d 
on

 M
ay

 5
, 1

99
4 

on
 h

ttp
://

pu
bs

.a
cs

.o
rg

 | 
do

i: 
10

.1
02

1/
ba

-1
99

4-
02

37
.c

h0
02



42 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

perate lakes i n forested catchments. D u n n i g a n , C e d a r , and L i t t l e Rock sedi­
ments are consistently above 50% organic matter, whereas M e a n d e r , T h r u s h , 
Kjostad, and M o u n t a i n are consistently less organic (20-40%). Carbonate , 
w h i c h accounts for 3 0 - 5 0 % of M o u n t a i n L a k e sediments and 5 - 1 0 % of most 
C e d a r L a k e cores, is v i r tual ly absent i n the other five lakes (Figure 2). 

In most of the study lakes organic content is poor ly correlated w i t h lake 
depth , a feature that may be part ial ly at tr ibuted to the fact that f ine-grained 
sediments are only weakly focused i n smal l shallow lakes (6, 18). Indeed , 
sediments do become somewhat more organic w i t h depth i n the two deepest 
lakes, T h r u s h and Kjostad. T h e percept ion of u n i f o r m sediment composi t ion 
also results f rom sampling bias, because few l i t toral cores were actually 
retained for analysis. V i s i b l y inorganic sediments were assumed to represent 
nondeposit ional sites for purposes of calculating a H g flux and were s i m p l y 
m a p p e d and discarded. 

F o r the most part, sediments are also stratigraphically u n i f o r m , showing 
only a few percentage variat ion i n l i thologie composi t ion. Cores f rom M o u n ­
tain L a k e , w h i c h consistently show up-core decreases i n carbonate content 
(to about 60% that at depth), are the only exception. A n u m b e r of shal low-
water cores that contain a t h i n veneer of organic-r ich sediments o v e r l y i n g 
silt and sand were also exc luded f rom analysis. In most locations the spatial 
boundary between organic-r ich profundal- type sediments and l i t toral de­
posits of coarse detritus or massive silt was clearly def ined. 

Dating and Sediment Accumulation. Stratigraphie Patterns. 
Lead-210 profiles f rom profundal cores f rom each study lake show conform­
able declines i n unsupported activity to an asymptote of supported 2 1 0 P b 
typical ly b e l o w 4 0 - 6 0 c m deep (Figure 3). Supported activity, attained at 
shallower depths i n T h r u s h (28 cm) and Kjostad (36 cm), indicates slower 
l inear rates of sedimentat ion at these sites. T h e activity profiles for several 
lakes, most notably T h r u s h and Kjostad, are almost perfectly exponential 
and thus indicate nearly constant sediment accumulat ion rates. Others , such 
as C e d a r and M o u n t a i n , show flat spots and kinks that probably represent 
shifts i n sediment flux. 

Sediment accumulat ion curves d e r i v e d b y c .r .s . calculations f rom these 
activity profiles show variable sedimentat ion rates i n D u n n i g a n , M e a n d e r , 
and L i t t l e Rock (Figure 4). A l t h o u g h the sediment flux varies b y more than 
a factor of 2 w i t h i n each of these profiles, the changes are asynchronous 
among core sites i n a given lake (other detai led cores not shown) and may 
therefore represent shifts i n sediment deposi t ion patterns w i t h i n the basin, 
as opposed to changes i n whole- lake sediment loading (16, 39). In C e d a r 
and M o u n t a i n lakes, the systematic increase i n sediment accumulat ion since 
1930 is synchronous among cores w i t h i n each lake, and thus constitutes a 
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Organic Content 
(%Dry Sediment) 4 0 

Lake Depth at 
Core Site (m) 

Figure 2. Organic content of surface sediments from all cores arrayed hy lake 
depth. Significant carbonate is present only in Cedar Lake and Mountain Lake 

sediments. 
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Οη 
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210Pb Activity (pCi. g"1 dry sediment) 

Figure 3. Lead-210 activity profiles for the deep-water cores from each basin. 
Counting errors are generally smaller than the plotted symbols and are not 

shown. 

lakewide increase i n sediment deposi t ion. T h e higher accumulat ion i n M o u n ­
tain L a k e is p r i m a r i l y an erosion signal (greater inorganic sedimentation) 
that is probably related to watershed disturbance fo l lowing the deve lopment 
of G l a c i a l Lakes State Park. Organic accumulat ion increases i n C e d a r L a k e 
i m p l y higher biological product iv i ty . 

These results indicate that our use of a single average sediment-
accumulat ion rate for the cores f rom D u n n i g a n , M e a n d e r , T h r u s h , Kjostad, 
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y" 
Figure 4. Plots of sediment-accumulation rate versus age for the cores in Figure 
3. Error bars represent one standard deviation propagated from counting 
uncertainty. The apparent increase in recent sediment accumulation in Little 

Rock Lake is atypical of other cores from this site. 

and L i t t l e Rock w i l l not result i n a systematic bias i n calculation of H g fluxes. 
H o w e v e r , the estimates w i l l be less rel iable than i f w e had done deta i led 
dat ing on a l l cores. O n the other hand, recent increases i n sediment flux to 
C e d a r and M o u n t a i n lakes are factored into our estimates of H g deposi t ion 
to compensate for greater d i l u t i o n of H g b y the sediment matrix i n m o d e r n 
t imes. 

Spatial Variability. A summary of unsuppor ted 2 1 0 P b burdens for bo th 
coarse- and fine-interval cores (F igure 5) shows fairly s imi lar sedimentary 
condit ions w i t h i n some basins (e.g. , D u n n i g a n and Mounta in) and substantial 
variabi l i ty i n others (e.g., Kjostad, C e d a r , and Meander ) . T h e least variable 
lakes are the smallest and shallowest; this result is to be expected because 
sediment deposit ion patterns are least accentuated b y wave and current 
action i n smal l basins of u n i f o r m depth . U n i f o r m sediment deposi t ion i n 
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Figure 5. Cumulative unsupported 210Pb activity for all coresy arrayed by lake 
depth. 

D u n n i g a n and M o u n t a i n lakes is also indicated b y the fact that most w h o l e -
core 2 1 0 P b inventories are 15-20 p C i / c m 2 . These values correspond to a 
calculated 2 1 0 P b flux of 0 .46-0 .62 p C i / c m 2 per year, w h i c h is a reasonable 
estimate for mean atmospheric 2 1 0 P b deposi t ion for this region (40). C o r e 
sites w i t h inventories substantially greater (less) than these values are l ike ly 
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to overestimate (underestimate) the average lakewide sediment accumula­
t ion because of resuspension and focusing of sediments f rom shallow to deep 
water. This pattern is clearly shown b y C e d a r L a k e , where sediment ac­
cumula t ion rates are highest i n cores w i t h the largest 2 1 0 P b inventories . 

Kjostad L a k e , the largest basin, shows increasing 2 1 0 P b burdens w i t h 
greater lake d e p t h . T h e dis t r ibut ion of lead and organic content indicate that 
fine-grained 2 1 0 P b - b e a r i n g sediments are h igh ly focused i n this lake. H o w ­
ever, the poor correlat ion of 2 1 0 P b burdens w i t h lake d e p t h i n the other 
study lakes indicates that s imple bathymétrie models cannot re l iably predic t 
whole- lake 2 1 0 P b deposit ion i n most small basins. T w o cores, notable b y the ir 
very l o w 2 1 0 P b inventories and l o w organic content (Kjostad cores at 2.20 
and 2.99 m) were subsequently exc luded from calculations of whole-bas in 
sediment accumulat ion because they were considered to represent nonde­
posit ional sites. 

Dry-mass sediment accumulat ion rates calculated b y the c .r .s . dat ing 
m o d e l (F igure 6) are most u n i f o r m across the smal l f lat-bottomed basins of 
D u n n i g a n and M o u n t a i n lakes, and most variable i n Kjostad, M e a n d e r , and 
C e d a r . M e a n accumulat ion rates (Table II) are lowest i n T h r u s h and D u n ­
nigan (~100 g / m 2 per year) and only sl ightly h igher i n Kjostad, L i t t l e Rock, 
M e a n d e r (excluding cores at 4.63 and 5.77 m), and presett lement C e d a r 
(—140 g / m 2 per year). M o u n t a i n L a k e is the one site that stands out w i t h 
substantially h igher sedimentation rates than the other basins. B o t h m o d e r n 
and presett lement rates (550 and 360 g / m 2 per year, respectively) are 
strongly enhanced b y carbonate precipi tat ion, w h i c h does not contr ibute to 
sediment loading i n the other six lakes. M o u n t a i n L a k e is, nonetheless, a 
relat ively pris t ine site. Its sedimentat ion rates are an order of magni tude 
lower than that measured i n cores f rom agricultural ly affected lakes i n south­
e r n M i n n e s o t a (unpubl ished data). 

C o n t r a r y to expectations of sediment focusing, only T h r u s h L a k e showed 
any relat ionship between lake d e p t h and sediment accumulat ion, and i n this 
case deposi t ion rates were lowest i n profundal regions of the basin and 
highest toward the margins. A n d e r s o n (41) made s imilar observations f rom 
m u l t i p l e cores f rom an equal ly smal l lake i n N o r t h e r n I re land and c o n c l u d e d 
that sediment t rapping b y macrophytes and higher organic loads i n shal low 
water c o u l d account for h i g h l i t toral deposi t ion rates, part icular ly i f w i n d -
i n d u c e d currents were insufficient to move sediment offshore. A l t h o u g h 
macrophytes are not abundant i n T h r u s h L a k e , extensive beds of aquatic 
mosses (Drepanocladus and Sphagnum) extend to considerable d e p t h i n the 
lake's clear water and could inh ib i t sediment resuspension and act as a local 
source of organic detritus. 

Problematic Cores. T w o cores f rom M e a n d e r L a k e exhibi t sediment 
accumulat ion rates considerably higher than the basin average (cores at 4.63 
and 5.77 m). T h e core at 4.63 m is h ighly inorganic (5% organic matter) and 
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Figure 6. Average sediment accumuhtion rates for cores from Dunnigan, 
Meander, Thrush, Kjostad, and Little Rock. Modern (—post-1980) and pre-

industrial (—pre-1850) rates are shown for Cedar and Mountain. 

is located very near the deposit ional l i m i t for fine-grained sediments. Its 
accumulat ion rate of more than 1 k g / m 2 per year c o u l d be an artifact of 
d o w n w a r d m i x i n g of 2 1 0 P b - b e a r i n g sediment into an otherwise erosional sand 
and silt deposit (42). T h e l o w surface activity i n this core relative to other 
sites (6 p C i / g versus 3 5 - 5 0 pCi/g) tends to support this content ion. O n the 
other h a n d , the core site is located near a small inlet stream, and the h i g h 
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accumulat ion rate c o u l d represent offshore deposi t ion of stream-borne clastic 
materials. H o w e v e r , for purposes of est imating lakewide H g deposi t ion, i t 
makes l i t t le difference whether this core is i n c l u d e d or exc luded f rom cal­
culations. T h e H g concentrations are quite low, and hence the H g flux is 
s imilar to the basinwide average. 

T h e other atypical core at 5.77 m has a calculated sediment accumulat ion 
rate of 335 g / m 2 per year, but i n this case a h i g h 2 1 0 P b inventory (56 p C i / 
c m 2 ) and surface activity (47 pCi/g) indicates that fine-grained sediments 
are current ly accumulat ing at this site. H o w e v e r , the presence of h igh ly 
inorganic silts ( 2 - 6 % organic matter) beneath the 2 1 0 P b - r i c h surface veneer 
indicates that u n t i l recently the site was nondeposi t ional . Because such 
condit ions clearly violate the assumption of a constant 2 1 0 P b flux r e q u i r e d 
b y the c .r .s . m o d e l , the dat ing is considered to be unrel iable and the core 
is exc luded f rom further analysis. 

Mercury Concentration. Stratigraphie Trends. D e t a i l e d profiles 
of H g concentration f rom the deep-water cores f rom each of the study lakes 
are shown i n F i g u r e 7. Def in i te enr ichment is seen i n the u p p e r sediments 
over the deeper strata i n al l cases. I n D u n n i g a n , M e a n d e r , T h r u s h , Kjostad, 
and L i t t l e Rock, surficial H g concentrations range from 200 to 400 ng/g of 
dry sediment, and background concentrations range from about 50 to 100 
ng/g. Surface concentrations i n C e d a r L a k e do not exceed 150 ng/g and i n 
M o u n t a i n L a k e 100 ng/g; background concentrations i n M o u n t a i n L a k e are 
about 20 ng/g. T h e dist inct ly lower concentrations i n M o u n t a i n L a k e can 
be at tr ibuted to d i l u t i o n b y h i g h sediment inputs , part icular ly carbonates. 
In C e d a r L a k e , the relat ively modest up-core increase i n H g concentration 
also results f rom d i l u t i o n of H g inputs b y recent increases i n lakewide sed­
iment flux. T h e data suggest two distinct periods of increase i n H g deposi t ion 
to lakes i n this region. T h e first came between 1860 and 1890 and the second 
between 1920 and 1950. T h e other detai led H g profiles (not shown here) 
are of generally s imilar shape and magnitude. 

S imi lar trends and concentrations have been reported f rom sediment 
cores col lected f rom other lakes i n the region. M e g e r (24) found recent (core 
top) and background concentrations of about 110 and 40 ng/g for cores f rom 
two large lakes (Crane and Kabetogama, respectively) i n nearby Voyageurs 
Nat ional Park. Rada et a l . (Τ) observed surficial sediment concentrations 
be tween 90 and 190 ng/g and values be tween 40 and 70 ng/g i n deeper 
strata i n 11 seepage lakes i n north-central W i s c o n s i n . Somewhat h igher 
concentrations (100-200 ng/g background and 200-500 ng/g surface) w e r e 
found i n cores f rom southern Ontar io b y Evans (6) and Johnson et a l . (23). 
M o s t of these workers consider atmospheric deposi t ion of H g from industr ia l 
sources to be the l ike ly cause of increasing H g concentrations i n lake sedi-
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Figure 7. Plots of Hg concentration versus mPb age for deep-water cores. 
Dates older than about 1800 are extrapolations based on mean dry-mass sed­

iment accumulation rates. 

ments that are remote f rom point-source discharge. H e n c e for discussion 
purposes, H g levels f rom strata deposi ted before the mid-1800s are cons id­
ered to represent pre industr ia l condit ions, a l though anthropogenic emissions 
of H g began earlier than this i n some regions. 

Enrichment Factors. M o d e r n and pre industr ia l (background) H g con­
centrations for both coarse- and f ine- interval cores are i l lustrated i n F i g u r e 
8. A s shown by the detai led core stratigraphy, H g concentrations i n surficial 
sediments are significantly elevated above those i n deeper strata i n nearly 
every case. Surface H g concentrations i n T h r u s h L a k e average 370 ng/g, 
whereas background values are ~ 1 0 0 ng/g (Table II). In Kjostad and L i t t l e 
Rock recent H g concentrations are 255 ng/g, and background levels average 
around 80 and 60 ng/g, respectively. H g levels are sl ightly lower i n M e a n d e r 
and D u n n i g a n , where surface concentrations are about 200 ng/g and back­
ground values are —60 ng/g. M o u n t a i n and C e d a r lake sediments are con-
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Figure 8. Hg concentration in modern (core-top) and preindustrial (~pre-
1850) sediments from all cores, arrayed by lake depth. 

sistently lowest i n H g ; recent values are 100 and 60 ng/g and background 
concentrations are 55 and 20 ng/g, respect ively. 

In most of the study lakes H g concentrations are spatially less variable 
than sediment accumulat ion rates, al though the large range of m o d e r n H g 
values for T h r u s h L a k e is a notable exception. A l t h o u g h there are no obvious 
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trends of increasing H g concentration w i t h lake d e p t h , i t is ev ident from 
l o w H g values i n a few shallow-water cores from M e a n d e r and Kjostad that 
H g is closely associated w i t h the fine-grained organic sediments that are 
preferential ly transported offshore (6, 43). A s previous ly ment ioned , l i t toral 
cores of l o w organic content w e r e generally not col lected. 

A comparison of m o d e r n and background (preindustrial) H g concentra­
tions b y sediment enr ichment factors ( S E F ) , where 

Hg(m o tfem) H§(background) ^ 

Hg^ckground) 

indicates fairly s imilar increases among the study lakes (Table II). M e a n 
S E F s for M o u n t a i n , T h r u s h , D u n n i g a n , and Kjostad range f rom 2.3 to 2.7; 
i n L i t t l e Rock and M e a n d e r average S E F s are 3.2; and i n C e d a r L a k e the 
S E F is 1.3. T h e lower enr ichment for the latter site results from d i l u t i o n of 
recent H g inputs b y a higher lakewide flux of the organic sediment . This 
fact illustrates the diff iculty of r e l y i n g solely o n concentrat ion data to evaluate 
metal contaminat ion f rom sedimentary records. S E F s are somewhat more 
variable among the i n d i v i d u a l cores w i t h i n each lake, but the range is s t i l l 
modest (0-7), whereas 8 0 % of a l l cores have an enr i chment of 1-4 . A fair ly 
narrow range of H g enr ichment ( S E F = 0.8-2.8) was also noted i n surface 
sediments from other remote lakes i n nor thern M i n n e s o t a and W i s c o n s i n 
(7, 24). 

Lakewide H g Accumulation. M e r c u r y accumulat ion rates can be 
calculated for i n d i v i d u a l core sites as the product of the 2 1 0 P b - b a s e d sediment 
accumulat ion rate and H g concentration i n different strata. I f enough cores 
are analyzed, whole- lake H g inputs can be calculated b y w e i g h t i n g the H g 
flux of each core b y the por t ion of the deposit ional basin it represents. I n 
this study we calculate H g loading for each lake on an areal basis for two 
time-stratigraphic u n i t s — m o d e r n (roughly the last decade) and pre indust r ia l 
(before 1850) — according to e q 2: 

(2) 

where Q , is the H g flux i n micrograms p e r square meter per year for t i m e -
stratigraphic interval i , R 0 is sediment accumulat ion i n grams per square 
meter per year for interval i i n core j, H g 0 is H g concentrat ion i n micrograms 
per gram for sediment interval i i n core j, Aj is deposit ional zone i n square 
meters represented b y core j , A 0 is total lake surface area i n square meters , 
and η is n u m b e r of cores. 
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Depos i t ional areas for each core were approximated b y both Theissen 
polygons and d e p t h contours, a l though the reported fluxes are those only 
from the polygon method . I n practice the two approaches gave v i r tua l ly the 
same results. H o w e v e r , w e favor the polygon m e t h o d because p r o x i m i t y to 
the core site should be a better predictor of H g accumulat ion i n basins such 
as these, w h e r e sediment deposi t ion is not correlated w i t h lake d e p t h . 

T h e basinwide flux calculations f rom the seven lakes show that pre ­
industr ia l H g accumulat ion rates i n the sediments ranged be tween 4.5 
and 9.0 μ g / m 2 per year, and the m o d e r n rates range be tween 16 and 32 
μ g / m 2 per year (F igure 9). M o r e s tr ik ing is the observation that the range 
i n these rates is a funct ion of the relative size of the terrestr ial catchment 
surrounding each lake basin. O v e r 90% of the variat ion i n m o d e r n H g ac­
cumulat ion can be accounted for b y the ratio of a l a k e s catchment area to 
its surface area (Ad:A0). T h e correlat ion between pre indust r ia l H g accu-
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Figure 9. Lake-wide Hg accumulation rates as a function of the ratio of ter­
restrial catchment area to lake area. The error bars propagate maximum and 
minimum estimates of the depositional region of each lake and that of its 

functional catchment. 
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mulat ion and Ad:A0 is also strong ( r 2 = 0.7), but the range of H g fluxes is 
substantially smaller, accounting for the weaker regression. N o n e of the 
other hydrologie or l imnologie variables can account for this d is t r ibut ion of 
H g accumulat ion (Table I). Water residence t ime and ionic strength, for 
example, are highest i n M o u n t a i n and C e d a r lakes, yet C e d a r has H g ac­
cumulat ion rates s imilar to that of L i t t l e Rock, a di lute seepage lake. M o u n ­
tain and Kjostad lakes have s imilar H g fluxes, though one is surrounded b y 
u p l a n d prair ie and the other b y conifer forest and muskeg . 

These results strongly i m p l y that a por t ion of the H g inputs to the 
sediments i n these lakes comes f rom their watersheds, and that the mag­
ni tude of this terrestrial component increases w i t h catchment size. H o w e v e r , 
the relative increase i n H g accumulat ion from pre industr ia l rates is nearly 
constant among sites (Table II). T h e ratio of m o d e r n to background accu­
mulat ion ranges from 3.2 to 4.9. This uni formi ty indicates that the change 
i n H g inputs since pre industr ia l t imes has been regionally s imilar for rura l 
or remote areas of the u p p e r M i d w e s t . 

Discussion 

Mercury Fluxes and Sediment Records. O u r calculations of lake-
w i d e H g fluxes f rom more than 80 dated sediment cores from seven smal l 
headwater lakes reveal a regionally consistent increase i n H g inputs f rom 
pre industr ia l t imes to the present; the m o d e r n H g flux to each of these lakes 
is about 3.7 times that of the early 1800s. Such increases are typical of that 
reported i n other investigations of lake sediments f rom remote or r u r a l sites 
i n eastern N o r t h A m e r i c a (3, 6, 7, 10, 23). M o s t researchers have c o n c l u d e d 
that the increase is anthropogenic and that the H g must be transported 
through the atmosphere and deposi ted o n the lake and its terrestrial catch­
ment . 

Precise estimates of the anthropogenic component of the global H g 
budget have been elusive (27, 44). Values for anthropogenic contr ibutions 
range f rom 2 0 % to 75% of total (natural and industrial) H g emissions, but 
recent estimates seem to converge on the u p p e r e n d of this scale (26, 45-49). 
T h e dominant industr ia l sources today are coal combust ion (—65%) and waste 
inc inerat ion (25%), whereas volcanism, marine degassing, and terrestrial 
volat i l izat ion are the most important natural sources (44, 50). H o w e v e r , there 
is exceedingly l i t t le information on actual rates of H g deposi t ion at potent ia l ly 
sensitive sites remote from point-source discharge. Rel iable measurements 
of H g i n wet deposit ion are available f rom only a few locations, and these 
are temporal ly l i m i t e d to the past few years (51-54). Thus al though the 
relative change i n H g inputs to lakes and landscapes is reasonably w e l l 
documented , the actual magnitude of the increase is poor ly k n o w n . 

Results f rom this study can provide quantitative estimates of H g de­
posit ion rates n o w and i n the past. Because of the strong relat ionship between 
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2. E N G S T R O M E T A L . Atmospheric Mercury Deposition 55 

H g flux and watershed area, the relative importance of direct deposi t ion and 
catchment contributions can be assessed. Such interpretations assume that 
lake sediments are stratigraphically and quanti tat ively rel iable archives of 
H g inputs to aquatic systems. 

E x p e r i m e n t a l observations o n the geochemical behavior of H g i n la ­
custrine environments indicate that sediments should retain most of the H g 
enter ing a lake. M e r c u r y i n the water c o l u m n is rapidly sorbed b y particulates 
and efficiently r e m o v e d to the sediments w h e r e the b u l k of H g i n the aquatic 
environment is i m m o b i l i z e d (55, 56). Mass-balance studies o n one of our 
sites, L i t t l e Rock L a k e , indicate that about 90% of the i n c o m i n g H g is 
deposi ted i n the sediments; the remain ing inputs are lost to gaseous evasion 
of Hg° (52, 57). In humic-s ta ined lakes w i t h v e ry short residence t imes (one 
to a few months) outf low losses of H g may also be significant (58). W i t h i n 
the sediment c o l u m n , H g sorption kinetics strongly favor the particulate 
phase so that postdeposit ional movement of H g appears to be very l i m i t e d 
(59). W e l l - p r e s e r v e d H g stratigraphy w i t h subsurface peaks has been noted 
i n sediment cores f rom r iver ine systems after point-source H g inputs were 
curta i led (60-62). 

Direct Atmospheric Deposition. O u r calculation of whole-bas in 
sediment deposi t ion shows that H g accumulat ion i n a lake is d i rec t ly p r o ­
port ional to the ratio of the catchment area to the lake surface area (F igure 
9). T h e intercept of the regression l ine i n this relat ionship predicts the H g 
accumulat ion rate for a lake w i t h no terrestrial catchment. I n other words , 
it shows the net atmospheric deposit ion rate accounting for wet and d r y 
deposit ion and losses due to gaseous evasion and outf low (groundwater or 
surface water) after deposi t ion. T h e pre industr ia l atmospheric flux of H g 
estimated f rom the intercept is 3.7 μ g / m 2 per year, and the m o d e r n rate is 
12.5 μ g / m 2 per year. These values have a relat ively h i g h uncertainty because 
they are extrapolations b e y o n d the data set. H o w e v e r , the m o d e r n rate is 
i n good agreement w i t h current measurements of H g deposi t ion i n nor th -
central N o r t h A m e r i c a . Glass et al . (54) found a 3-year average of 15 μ g / m 2 

per year for three M i n n e s o t a deposit ion sites, M i e r l e (63) measured 10.2 
μ g / m 2 per year for a 1-year study at a catchment i n central Ontar io , and 
F i tzgera ld et al . (52) reported a mean of about 10 μ g / m 2 p e r year for L i t t l e 
Rock L a k e . T h e first two studies are for wet deposi t ion only ; d r y deposi t ion 
is thought to be as large as 5 0 % of wet deposi t ion (49). F i t z g e r a l d et a l . 
estimate 6.8 and 3.5 μ g / m 2 per year for wet and d r y deposi t ion, respect ively. 

O u r estimates of atmospheric deposi t ion i n pre indust r ia l and m o d e r n 
times indicate that H g inputs have increased b y a factor of 3.4 i n 130 years 
(3.7 to 12.5 μ g / m 2 per year). Al ternat ive ly , a factor of 3.7 is obta ined b y 
averaging the increase factor f rom each lake (Table II). T h e 3 .7-fold increase 
translates to an average increase of about 2 .2% per year, compared to an 
annual increase of 1.5% measured i n air over the nor th At lant i c O c e a n for 
the p e r i o d 1977-1990 (26). 
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O u r results show that for the geographic region represented b y the 
seven lakes, atmospheric H g loading has increased b y a relat ively constant 
factor and that m o d e r n deposi t ion rates are s imilar among sites (accounting 
for catchment size). T h e H g b u r d e n of undis turbe d forest soils is also rela­
t ively un i form across this region but becomes significantly h igher to the east 
(64), presumably because of greater prox imi ty to industr ia l ized regions. Scan­
dinavian researchers have documented a s imilar gradient of increasing H g 
deposi t ion toward industr ia l ized areas (22, 53, 65, 66). 

C a t c h m e n t C o n t r i b u t i o n s . T h e slope of the regression l ines i n F i g ­
ure 9 is the rate at w h i c h H g is transported f rom the terrestrial catchment 
to the lake sediments (in units of micrograms of H g per square meter of 
catchment per year). I f one assumes that a l l of the H g i n the catchment is 
d e r i v e d f rom the atmosphere, then the slope d i v i d e d b y the atmospheric 
deposi t ion rate (the intercept) is the propor t ion of terrestr ial H g deposi t ion 
that is transported to the lake. T h e slope w i l l equal the rate of atmospheric 
deposi t ion i f the entire flux to the catchment is transported to the lake. O n 
the other hand, the slope w i l l equal zero—as observed for P b by D i l l o n and 
Evans (18)—if direct deposi t ion to the lake surface is the only significant 
source. 

This s imple m o d e l of H g accumulat ion assumes that there are m i n i m a l 
losses of H g f rom the lake by evasion or outf low, that d r y deposi t ion rates 
are s imilar for lake surfaces and terrestrial catchments, and that there are 
no significant minera l sources of H g i n the catchment. T h e good fit of the 
data to straight l ines ( r 2 = 0.91 for m o d e r n and 0.70 for preindustrial ) 
indicates that none of these processes exerts a large effect. F u r t h e r m o r e , 
the gabbro and granite bedrock of nor thern M i n n e s o t a is poor i n H g , av­
eraging 10 ng/g (67). T h e deeper m i n e r a l - s o i l horizons (75-100 cm) i n this 
region contain an average of 14 ng/g (64) compared to an average p r e i n ­
dustr ial sediment concentration of 80 ng/g. T h e lake sediments contain 
3 0 - 7 0 % minera l matter, w h i c h includes diatom sil ica and authigenic i r o n as 
w e l l as detr i ta l silts and clays. Therefore, erosion of m i n e r a l soi l contr ibuted 
at most 5 - 1 2 % of the pre industr ia l sedimentary H g accumulat ion and 2 - 4 % 
of the m o d e r n accumulat ion. 

B y us ing this m o d e l , we find that roughly the same propor t ion of at­
mospher ic H g has been transported f rom the catchments to the various lakes 
i n m o d e r n and pre industr ia l t imes (26% and 22%, respectively). T h e balance 
of the H g is e i ther volat i l ized back to the atmosphere or retained b y soils 
i n the catchment. Because H g has a h i g h affinity for soil organic matter, it 
is not appreciably leached f rom soils even u n d e r acidic condit ions, i n contrast 
to other metals (68, 69). H o w e v e r , volat i l izat ion to the atmosphere f rom 
soils can be significant. In one exper iment w i t h u n d i s t u r b e d soi l profi les , 
none of the H g a p p l i e d at the surface m o v e d deeper than 20 c m after 19 
weeks of i rr igat ion and incubat ion, a l though 7 - 3 1 % of the a p p l i e d H g was 
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lost through volat i l izat ion d u r i n g this t ime (70). S imi lar ly , Nater and G r i g a l 
(64) found that forest soils i n Minnesota , W i s c o n s i n , and M i c h i g a n have 
retained only a small proport ion of the total H g deposi ted f rom the atmo­
sphere since déglaciation 10,000 years ago (165 years w o r t h of deposi t ion, 
or about 2%). If about 25% of atmospheric deposi t ion is transported to lakes 
and ponds i n the catchment, about 7 0 - 7 5 % of deposi ted H g must be re-
volat i l ized to the atmosphere. T h e r e appears to be very l i t t le net re tent ion 
of H g i n these soils. 

Aastrup et a l . (71) found i n a Swedish study that about 80% of the H g 
deposi ted i n a catchment was retained i n the m o r (organic surface soil), but 
noted that an u n k n o w n proport ion of the retained H g might be lost to the 
atmosphere. S imi lar ly , i n a mass-balance study of three catchments around 
H a r p L a k e i n central Ontar io , M i e r l e (63) est imated that 8 4 - 9 2 % of H g 
deposi t ion was retained. 

A l t h o u g h the retention of H g i n soils may be low, it is s t i l l important 
to use relat ively undis turbed lake catchments to assess atmospheric H g 
loading. Sites strongly affected b y land-use changes (such as fa rming or 
urbanization) w i l l exhibit erosion rates many t imes that of u n d i s t u r b e d sys­
tems, and greater loading of so i l -bound H g w i l l m u l t i p l y the H g accumulat ion 
i n the sediments. Thus the modest increase i n soil erosion to M o u n t a i n L a k e 
i n the mid-1900s may be responsible for an increase i n H g d e p o s i t i o n — a 
4.9-fold increase over pre industr ia l rates (Table II)—that is notably larger 
than that at the other sites. M o r e s tr ik ing are p r e l i m i n a r y results f rom an 
agricultural ly affected lake i n southern M i n n e s o t a , w h i c h show m o d e r n H g 
accumulat ion rates i n a single sediment core that are more than an order of 
magnitude greater than the highest values reported here (72). S imola and 
L o d e n i u s (73) reached similar conclusions regarding the large increase i n 
sedimentary H g accumulat ion that accompanied peatland d i t c h i n g and af­
forestation of a lake catchment i n nor thern F i n l a n d , a l though mobi l iza t ion 
of H g b y soil h u m i c substances rather than particulate erosion was probably 
responsible. 

M i e r l e (63) and others (58, 74, 75) suggested that, because dissolved 
organic matter ( D O M ) strongly complexes H g , the export of H g to lake 
basins f rom their terrestrial watersheds may be control led b y the nature of 
catchment soils and the movement of h u m i c and fulvie acids. These obser­
vations offer a possible mechanism for the observed relat ionship be tween 
H g accumulat ion and catchment area i n our study lakes. I f most catchment-
d e r i v e d H g entered lakes b y groundwater , these inputs should be on ly 
weakly related to the size of the topographic watershed, especially for seep­
age lakes. O n the other hand, i f H g export is l i n k e d to D O M , catchment 
area is a logical correlate of H g loading. T h e export of D O M f rom catchment 
soils, w h i c h occurs largely i n surficial drainage f r o m u p p e r soi l horizons (76), 
can be expected to increase w i t h size of catchment area. T h u s for a g iven 
biogeographic region, the h u m i c content of a lake is strongly related to the 
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relative size of its catchment (77, 78). T h e close correlat ion be tween H g 
concentration and h u m i c matter i n surface waters (74, 75), the observation 
that peak concentrations of both H g and D O M tend to occur d u r i n g per iods 
of h i g h runoff (71, 74), and the exper imental determinat ion that H g transport 
occurs p r i m a r i l y i n the u p p e r soil horizons (71) a l l support the conclusion 
that H g export may be explained b y factors regulat ing the export of fu lv ic 
and h u m i c matter and by catchment area i n part icular . 

Mercury in Fish. O u r results show that watershed contr ibutions are 
nei ther dominant nor t r iv ia l i n the total H g budgets of smal l m i d w e s t e r n 
lakes, a l though the terrestrial inputs are ul t imate ly atmospheric . E v a n s (6) 
reached s imilar conclusions fo l lowing m u c h the same approach used i n this 
study. H e observed a strong posit ive relat ionship be tween whole- lake H g 
burdens calculated f rom m u l t i p l e cores and Ad;A0 f r o m one of three lake 
districts i n south-central Ontar io . T h e study lacked sediment dat ing or flux 
calculations, w h i c h may account for weak correlations from the other two 
lake groups. L i k e w i s e , Suns and H i t c h i n (79) noted a strong correlat ion 
be tween H g residues i n y e l l o w p e r c h and the ratio of catchment area to lake 
v o l u m e . M e r c u r y levels i n fish are several steps r e m o v e d f rom H g deposi t ion 
rates, and yet both the intercept and slope of this regression are significant 
posit ive terms. E v i d e n t l y direct H g deposi t ion to the lake surface and wash­
out f r o m the catchment are important inputs to the lake. 

C l e a r l y H g loading rates are not the only factor l i m i t i n g H g residues i n 
fish. T h e product ion of m e t h y l m e r c u r y is probably the cr i t ica l process con­
t ro l l ing H g bioaccumulat ion, but factors affecting methylat ion are not w e l l 
understood. E m p i r i c a l observations have ident i f ied p H , alkal ini ty , and dis­
solved organic carbon ( D O C ) as significant correlates of H g i n fish (19, 
80-82). Possible p H effects inc lude controls o n H g solubi l i ty , methyla t ion 
rates, and the product ion of volati le species such as Hg° (52, 83, 84). H u m i c 
and fu lv ic components of D O C may enhance H g loading and solubi l i ty , 
catalyze H g methylat ion, or direc t ly methylate H g (85, 86). A l k a l i n i t y may 
be a proxy for ca lc ium, w h i c h itself may i n h i b i t H g uptake b y f ish (87). 
F u r t h e r m o r e , recent evidence for the role of sulfate reduct ion i n H g m e t h ­
ylat ion (88) impl ies that increased S 0 4 loading may i n some systems con­
tr ibute to higher H g levels i n the biota. 

Nonetheless , m e t h y l m e r c u r y product ion can be proport ional to H g con­
centration (83, 89) and may be l i m i t e d i n lakes b y the flux of reactive Hg(II) 
species across the s e d i m e n t - w a t e r interface (52). Thus an increase i n total 
H g deposi t ion c o u l d produce an equivalent response i n H g b ioaccumulat ion , 
al l other factors b e i n g equal . It may be significant i n this regard that the 
average rate of increase i n H g residues i n fish i n M i n n e s o t a is of the same 
magnitude as that calculated here for atmospheric loading, roughly 3 % an­
nual ly since 1930 (19). 
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Beyond Mercury 

Other Applications of the Multiple-Core Approach. T h e b u l k of 
this chapter has dealt w i t h the specific applicat ion of mul t ip le -core m e t h ­
odology to questions of atmospheric H g deposi t ion. W h o l e - b a s i n H g accu­
mulat ion rates for seven lakes, calculated f rom m u l t i p l e sediment cores, 
were used i n a s imple mass-balance m o d e l to estimate atmospheric fluxes 
and H g transport f rom catchment soils. This approach can be used to answer 
other l imnologica l questions, and the m o d e l is not restr icted to H g or at­
mospher ic deposi t ion. 

M u l t i p l e - c o r e methods appl ied to i n d i v i d u a l lakes y i e l d information on 
whole-bas in fluxes, internal b iogeochemical cyc l ing , and variations i n de-
posit ional processes i n space and t ime. Specific applications inc lude the cal­
culat ion of catchment erosion rates (90, 91), studies of nutr ient loading and 
retent ion (15), interpretations of m i n e r a l c y c l i n g (92) and the diagenesis of 
magnetic minerals (93), studies of sulfur accumulat ion and c y c l i n g (5, 16), 
reconstructions of product iv i ty f rom fossil diatoms (14, 94, 95), and inves­
tigations of p o l l e n recrui tment and deposi t ion (96, 97). 

M u l t i p l e cores taken f rom a suite of lakes can be used to generate a 
regional p ic ture of material fluxes, transport mechanisms, and geographic 
trends. T h e applicat ion of m u l t i p l e cores on m u l t i p l e lakes was p i o n e e r e d 
b y Evans and his co-workers to assess the atmospheric deposi t ion of heavy 
metals i n c l u d i n g H g , P b , Z n , and C d (6, 18, 98). These publicat ions rec­
ognized the value of p lot t ing whole-basin metal accumulat ion against the 
ratio of catchment to lake areas (Ad:A0), but d i d not describe the general 
meaning of the slope and intercept of this relat ionship. 

A s w e have shown previously (99), the intercept is the accumulat ion 
rate of a g iven material for a lake w i t h no catchment; for H g it is the at­
mospher ic deposi t ion rate. F o r parameters w i t h no appreciable atmospheric 
source, such as soil erosion, one w o u l d expect an intercept not significantly 
different from zero. T h e slope of the regression l ine is the rate at w h i c h the 
material is transported from the catchment to the lake sediments (grams per 
square meter of catchment per year). If the material has no significant source 
w i t h i n the catchment except atmospheric deposi t ion, then the slope d i v i d e d 
b y the intercept is the proport ion of the atmospheric f lux to the catchment 
that is transported to the lake. If the slope is zero, then there is no significant 
transport to the lake f rom the catchment. This s imple m o d e l assumes that 
the ult imate fate of the substance is the sediments of the lake. Specif ical ly, 
there must be no significant losses through degradation, diagenesis, evasion, 
or outf low i n surface water or groundwater . M o r e o v e r , i f catchment or at­
mospher ic fluxes are regionally variable, this feature should be evident as a 
weak relat ionship between whole-bas in accumulat ion and Ad:A0. 
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H o w M a n y C o r e s ? A l t h o u g h the heterogeneity of lake-sediment 
accumulat ion is w e l l k n o w n , most workers t end to re ly on a single core to 
represent lakewide condit ions. T h e single-core approach can reveal a good 
deal about lake history i f uncertainties arising from spatial heterogeneity are 
taken into account. Changes i n nutr ient loading, erosion, or atmospheric 
deposi t ion that alter the chemica l composi t ion of the sediments should reg­
ister the same stratigraphie trends at different core sites (as shown i n this 
study), al though the actual flux and composi t ion of the sediments may differ 
greatly among sites. 

E v e n though single cores can document stratigraphie trends and tra­
jectories, m u l t i p l e cores are r e q u i r e d to obtain quantitative data on w h o l e -
basin fluxes. M u l t i p l e - c o r e studies might be more c o m m o n were it not for 
the large effort r e q u i r e d to collect, date, and stratigraphically analyze sed­
iments f rom the various deposi t ion regions of a lake basin. This study i l lus ­
trates how, b y reduc ing the n u m b e r of stratigraphie units i n each core, i t is 
possible to economize on historical detai l and increase the n u m b e r of cores 
that can be analyzed. 

T h e actual n u m b e r of cores needed depends on the size and m o r p h o m ­
etry of the basin, the nature of the environmenta l signal u n d e r investigation, 
and the leve l of accuracy r e q u i r e d b y the study. Sediment deposi t ion is 
spatially more variable i n large deep lakes w i t h irregular m o r p h o m e t r y than 
i n small basins of uni form depth . M o r e cores are r e q u i r e d f rom the former 
to attain the accuracy that a few cores w o u l d provide i n the latter. I m p o u n d ­
ments and lakes w i t h major r iver inputs typical ly exhibi t strong deposit ional 
gradients (J00) and require a h igher density of cores to accurately charac­
terize sediment accumulat ion. F i n a l l y , only a few cores might be necessary 
to conf i rm that accumulat ion changes i n one core are qual i tat ively repre­
sentative of the entire lake, whereas a quantitative estimate of lakewide flux 
c o u l d require a dozen cores or more . 

Results f rom our study can be used to address i n a statistical sense the 
quest ion of accuracy and core numbers . If w e assume that our exist ing core 
data provide the true mean and variance for lakewide H g accumulat ion, w e 
can ask h o w l ike ly we are to obtain, w i t h a g iven n u m b e r of cores, an estimate 
of H g accumulat ion that is close to the true mean. W e restrict this analysis 
to those sites w i t h at least 12 dated cores (Dunnigan , M e a n d e r , T h r u s h , and 
Kjostad). Means and standard deviations are calculated w i t h equal w e i g h t i n g 
of cores (as opposed to unequal we ight ing b y deposit ional area). T h e p r o b ­
abi l i ty of obtaining results that are w i t h i n ± 1 0 % and ± 2 5 % of the true mean 
for lakewide H g accumulat ion are calculated f rom a normal d is t r ibut ion for 
2, 4, 8, and 16 cores (Figure 10). 

These calculations show that the l i k e l i h o o d of est imating the true lake-
w i d e H g accumulat ion rate f rom two cores is not very good i f our cr i ter ion 
is ± 1 0 % of the true value (p = 0.2-0.35) , but is substantially better i f w e 
^ower our standards to ± 2 5 % (p = 0.45-0.75). If w e increase the n u m b e r 
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2. E N G S T R O M E T A L . Atmospheric Mercury Deposition 61 

Figure 10. The probability of estimating mean lakewide H g accumulation rates 
within ±10% and ±25% of the true mean as a function of the number of 
analyzed cores. The population mean and variance for each lake are approx­
imated from the existing core data by equal weighting of cores, and proba­
bilities are drawn from a normal distribution. 

of cores to 16, our chances of gett ing w i t h i n ± 10% of the true value are as 
h i g h as 0 .75-0 .8 for some sites (Dunnigan and Meander ) , but no better than 
0 .5 -0 .6 for others (Thrush and Kjostad). O n the other h a n d , 16 cores v i r tua l ly 
guarantees a correct answer (p = 0.9-0.99) i f an estimate of ± 2 5 % of the 
true lakewide mean is acceptable. F o r some sites ( D u n n i g a n and Meander ) 
half that n u m b e r of cores does nearly as w e l l . 
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T h e conclusions that may be drawn from this exercise are 

1. M a n y cores (>16) are r e q u i r e d to obtain h ighly accurate es­
timates of lakewide accumulat ion rates, even i n lakes w i t h 
relat ively uni form sediment deposi t ion. 

2. I n certain lakes as few as four cores w i l l give the des i red result 
i f somewhat lower accuracy is acceptable. 

3. To attain the same leve l of accuracy, large or steep-sided basins 
w i t h heterogeneous sediments may require 4 t imes the n u m ­
ber of cores needed for small shallow lakes w i t h more uni form 
sediments. 

In practice, most mult ip le -core studies should y i e l d greater accuracy than 
is suggested b y this analysis. Because accumulat ion rates vary greatly among 
different deposit ional regions, a large n u m b e r of cores w o u l d be r e q u i r e d 
to estimate the lakewide mean i f core col lect ion were actually random (as 
assumed i n our statistical exercise). H o w e v e r , cor ing strategies are usually 
based on knowledge of basin m o r p h o m e t r y and sedimentary processes, and 
sites are selected to encompass a range of deposit ional environments . A s 
sediment deposit ion is nonrandom and ne ighbor ing cores f rom the same 
environment are generally s imilar , a small selection of representative cores 
from specific deposit ional regions, each w e i g h t e d by the area of that region, 
should provide a more accurate estimate of lakewide accumulat ion than a 
strategy of random core col lect ion. 

Summary 

This study demonstrates the use of mul t ip le -core methods to obtain w h o l e -
basin sediment fluxes f rom a suite of lakes and the applicat ion of these data 
to questions of atmospheric metal deposi t ion. M u l t i p l e - c o r e data can be 
economical ly p r o d u c e d by integrat ing longer core sections and r e d u c i n g the 
n u m b e r stratigraphie units for analysis. A s few as three 2 1 0 P b analyses per 
core can y i e l d a m o d e r n accumulat ion rate; addit ional samples prov ide more 
historical detai l . 

T h e n u m b e r of cores needed to characterize accumulat ion i n a lake basin 
depends on hydrology, bathymetry , and degree of accuracy des ired. T h e 
fewest cores w i l l be needed i n small lakes of u n i f o r m d e p t h that have no 
significant in f lowing streams. 

If whole-basin accumulat ion rates for a substance are p r o d u c e d for m u l ­
t iple lakes i n a geographic region, it is possible to use a s imple mass-balance 
m o d e l to estimate both the atmospheric deposi t ion rate and transport from 
the terrestrial catchment. T h e m o d e l was a p p l i e d to both m o d e r n and p r e i n ­
dustr ial H g accumulat ion i n seven undis turbed lakes i n the u p p e r midwest 
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of the U n i t e d States. M o s t of the variation i n H g fluxes among the lakes can 
be explained b y the m o d e l , w h i c h incorporates the ratio of catchment to 
lake area. L o c a l geological sources of H g represent only a m i n o r component 
of the total budget . 

T h e atmospheric deposit ion rate i n this midcont inenta l area, w h i c h has 
increased by a factor of about 3.7, suggests that natural H g concentrations 
were only about 2 5 % of m o d e r n levels. C u r r e n t estimates of recent increases 
i n global atmospheric H g support this conclusion, and indicate that increased 
anthropogenic H g emissions, rather than enhanced removal b y atmospheric 
oxidants, are responsible for elevated H g deposi t ion. M o r e o v e r , the increase 
appears to be relat ively un i form across our study area, i m p l y i n g regional i f 
not global sources for the H g fal l ing on these remote sites. 

A b o u t 2 5 % of the H g deposi ted to the terrestrial catchment is trans­
por ted to the various lakes, probably i n association w i t h organic acids. Lakes 
w i t h larger catchments (relative to their surface area) receive proport ional ly 
h igher H g loading. A m o n g the seven lakes s tudied, be tween 40 and 8 0 % of 
H g inputs were made direct ly to the lake surface. 
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A thorough understanding of a lake's hydrology is essential for many 
lake studies. In some situations the interactions between groundwater 
systems and lakes are complex; in other cases the hydrology of a 
multilake system needs to be quantified. In such places, stable isotopes 
offer an alternative to the more traditional piezometer networks, 
which are costly to install and time-consuming to maintain. The 
stable-isotope mass-balance relations presented here can be used to 
estimate groundwater exchange rates for individual lakes and geo­
graphically clustered lakes. These relations also can be used to es­
timate other hydrological factors, such as average relative humidity. 
In places where the groundwater system is unstable (e.g., where flow 
reversals occur), natural solute tracers may provide a better alter­
native than stable isotopes for estimating rates of groundwater flow 
to and from lakes. 

^ I O S T L A K E S A R E I N D I R E C T H Y D R A U L I C communica t ion w i t h the cont ig­
uous groundwater system. Lakes may serve as recharge or discharge areas 
for the local groundwater system, or as both i f the lake is a surface expression 
of groundwater f lowing d o w n the hydraul ic gradient. T h e hydrologica l setting 
is complex because of seasonal variations i n rainfall and evaporation, as w e l l 
as i n topographic variabi l i ty and aquifer heterogeneity. N a t u r a l variations 

0065-2393/94/0237-0067$07.00/0 
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i n these elements of a groundwater - lake system can complicate g r o u n d -
w a t e r - l a k e interactions and can make it diff icult to quantify the groundwater 
contr ibut ion i n a lake's hydrological budget . 

Hydrogeologists take a variety of approaches i n quant i fy ing the rates of 
groundwater exchange w i t h lakes. These approaches can be physical ly or 
chemical ly based; isotopic approaches are one example of the chemica l m e t h ­
ods. T h e application of stable isotopes to the study of g r o u n d w a t e r - l a k e 
systems is the p r i m a r y focus of this chapter. 

Quantifying Rates of Exchange 

Physical Approaches. Groundwater-exchange rates w i t h lakes are 
tradit ional ly est imated by careful measurements of hydraul i c potentials 
w i t h i n the groundwater system, fo l lowed b y applicat ion of D a r c y s law 
i n the form of f low-net analysis or numer ica l m o d e l i n g . H o w e v e r , these 
measurements can be t ime-consuming and costly, and can require 
month ly to w e e k l y measurements at many piezometers to examine the 
three-dimensional nature of the hydraul ic -potent ia l f i e ld . I n addi t ion , char­
acterization of the hydraul ic conduct iv i ty of the aquifer is cr i t ica l to physica l 
approaches and typical ly leads to results w i t h large uncertainties (I , 2). 

N u m e r i c a l groundwater-f low models are c o m m o n l y used to synthesize 
physical measurements and to estimate groundwater - lake exchange rates 
(3-6). These models typical ly require a substantial amount of t ime to con­
struct, and they usually require subjective adjustments of m o d e l parameters 
such as hydraul ic conduct iv i ty and recharge. In spite of these shortcomings, 
these models are n o w standard tools i n m o d e r n hydrogeological investiga­
tions; uncertainties associated w i t h such approaches are the focus of m u c h 
research i n m o d e r n hydrogeology. 

Chemical Approaches. Because evaporation, chemica l prec ipi ta t ion 
and dissolut ion, and in-lake biological processes affect the solute composi t ion 
of waters, researchers have at tempted to use chemica l tracers to quantify 
hydrological budgets (7). H o w e v e r , complicat ions caused b y solute contam­
ination f rom h u m a n activities such as road salting (8), failure to quantify the 
role of minera l dissolution (weathering) reactions and prec ipi tat ion of phases 
w i t h i n e i ther the aquifer or the lake, and lack of information about evapo­
rative concentration of waters have made the general appl icat ion of solute-
based models diff icult . Such concerns l i m i t the broad applicat ion of solute-
based groundwater - lake exchange estimates, i n spite of the recognized 
significance of groundwater i n contro l l ing the solute composi t ion of lakes 
(9). C l e a r l y , a spatially and temporal ly integrative approach that w o u l d a l low 
reasonable estimates of groundwater f low and be less costly than physical ly 
based approaches is needed. 
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Isotopes of oxygen and hydrogen are useful tracers of water sources 
because they are constituents of the water molecule itself and because they 
are conservative i n aquifers at near-surface temperatures. Isotopic tech­
niques take advantage of the fact that lakes and their surrounding g r o u n d ­
water systems are usually isotopically distinct . Appl icat ions of stable isotopes 
for the study of lakes were first descr ibed b y D i n c e r (10) and were discussed 
i n several subsequent r e v i e w articles (11-14). M o s t applications of isotopic 
techniques to lake systems are designed for the determinat ion of water 
balances, nutr ient-uptake studies, and paleotemperature reconstructions. 

This chapter demonstrates the usefulness of stable isotopes i n invest i ­
gating groundwater - lake systems. T h e discussion emphasizes isotopic ap­
plications to groundwater - lake systems characteristic of the temperate gla­
ciated regions of the north-central and northeastern U n i t e d States. T h u s , it 
is also applicable to similar systems i n other glaciated parts of the w o r l d , 
such as the Scandinavian peninsula and nor thern A s i a . T h e applications stem 
from our experience w i t h lake systems i n the lake distr ict of north-central 
W i s c o n s i n . A s such, w e restrict our discussion to shallow groundwater sys­
tems that are hydraul ica l ly connected to freshwater lakes. 

Background 

O x y g e n has three naturally occurr ing stable isotopes whose atomic masses 
are 16, 17, and 18 (designated i e O , 1 7 0 , and l s O ) . H y d r o g e n occurs as three 
isotopes whose masses are 1, 2, and 3 (lH, d e u t e r i u m , and t r i t i u m , respec­
tively) (15, 16). T r i t i u m is a radioisotope (unstable isotope) whose half-l ife 
is 12.26 years (15). In contrast to radioisotopes, w h i c h spontaneously emi t 
a lpha or beta particles and sometimes gamma rays d u r i n g the disintegrat ion 
of their nuc le i , stable isotopes do not undergo nuclear transformations over 
t ime . A l t h o u g h radioisotopes such as t r i t i u m can be valuable research tools 
for hydrologica l studies (15), w e discuss only the use of stable isotopes i n 
this chapter. 

Dif ferent isotopes of the same e lement differ s l ightly i n chemica l and 
physical properties because of their mass differences. F o r elements w i t h l o w 
atomic masses, these mass differences are large enough for many physica l , 
chemica l , and biological reactions to fractionate or change the relative p r o ­
portions of different isotopes of the same e lement i n various compounds . 
Thus , a part icular water or m i n e r a l may have a u n i q u e isotopic composi t ion 
(ratio of the isotopes of an element) that indicates its source or the process 
that formed i t . T w o different p r o c e s s e s — e q u i l i b r i u m and kinet ic isotope 
effects—cause isotope fractionation. 

Equilibrium isotope-exchange processes involve the redis t r ibut ion of 
isotopes of an e lement among various species or compounds . A t e q u i l i b r i u m , 
the forward and backward reaction rates of any part icular isotope are i d e n ­
t ical . Isotopic e q u i l i b r i u m between two compounds does not mean that their 
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isotopic composit ions are ident ica l , but on ly that the ratios of the different 
isotopes i n each c o m p o u n d are constant. A t e q u i l i b r i u m , the difference 
between the isotopic composit ions of any two compounds is largely a funct ion 
of their chemica l composi t ion and temperature . In general , the difference 
between the e q u i l i b r i u m isotopic composit ions of any two compounds de­
creases as temperature increases. This p h e n o m e n o n results f r o m the fact 
that as temperature increases the relative difference i n v ibrat ional f requen­
cies be tween isotopic species decreases (16). 

F o r w a r d and backward reaction rates are not ident ica l i n systems that 
are not at isotopic e q u i l i b r i u m . Reactions may, i n fact, be unid i rec t iona l i f 
reaction products become physical ly isolated from the reactants. T h e reaction 
rates d e p e n d o n the ratios of the masses of the isotopes and their v ibrat ional 
energies; hence, such reactions result i n kinetic isotope fractionations. T h e 
magni tude of a k inet ic isotope fractionation depends on the reaction pathway 
and the relative energies of the bonds b e i n g severed or f o r m e d b y the 
reaction. T h e k inet ic fractionation factor is typical ly larger than the e q u i l i b ­
rium fractionation factor for the same reaction. A s a ru le , bonds of l ight 
isotopes are b r o k e n more easily than equivalent bonds of heavier isotopes. 
H e n c e , l ight isotopes react faster than heavy isotopes. 

T h e b o n d energies of the isotopically l ight species of water , H 2
l e O , are 

weaker than those of the isotopically heavier species H 2
l s O and H D O (where 

D is d e u t e r i u m , 2 H ) . Thus , the l ight species has a h igher vapor pressure 
and diffusivity than the heavy species. T h e difference i n vapor pressures is 
sufficient to cause lake waters to become isotopically heavier (i .e. , e n r i c h e d 
i n H 2

1 8 0 and H D O ) d u r i n g evaporation because of selective removal of the 
l ight isotopic species. T h e degree of enr ichment is a funct ion of c l imat ic 
condit ions, i n c l u d i n g temperature , relative h u m i d i t y , ra in and lake evapo­
ration rates, and degree of m i x i n g of the water body. 

T h e fractionation of stable isotopes be tween two substances A and Β can 
be expressed b y use of the isotope fractionation factor a lpha (a), 

w h e r e Rx is the ratio of the heavier isotope to the l ighter isotope ( i .e . , 
D / H , 1 8 0 / 1 6 0 , etc.); α values generally are close to 1. T h e D / H ratio is 
often wr i t ten 2 H / 1 H . O t h e r c o m m o n formulations inc lude the fractionation 
factor, a * , 

a (2) 

and €, w h i c h is a convenient way to express the e q u i l i b r i u m fraction i n parts 
per thousand: 
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e A _ B = ( a A _ B - 1)1000 (3) 

Stable-isotope ratios are c o m m o n l y reported i n delta (δ) values i n parts p e r 
thousand (denoted as %o, or per mil) that quantify enrichments or deplet ions 
relative to a standard of k n o w n composi t ion. F o r example, 

w i t h R def ined as for e q 1. Posit ive values indicate that the sample contains 
a h igher ratio of the heavy to the l ight isotope than does the standard; 
negative values indicate that the sample is deple ted i n the heavy isotope 
relative to the standard. 

Various isotope standards are used for repor t ing isotopic composit ions; 
the composi t ion of each of the standards has been def ined as 0 per m i l . 
O x y g e n and hydrogen isotopic composit ions are c o m m o n l y reported relative 
to standard mean ocean water ( S M O W or V - S M O W ) (17). 

Oxygen-18 and Deuterium in the Hydrological Cycle 

Lakes represent only a small part of the hydrologica l cycle ; however , a 
thorough understanding of the entire hydrologica l cycle , i n terms of both 
water transfer and isotopic fractionation, is necessary to c o m p r e h e n d the 
intricacies of isotope hydrology as appl ied to lakes. C o m p o n e n t s of the hy­
drological cycle that are cr i t ical to isotope hydrology of lakes are shown i n 
F i g u r e 1. T h e hydrological and isotopic significance of each of these c o m ­
ponents to the hydrology of lakes is descr ibed i n the fo l lowing sections. 

P r e c i p i t a t i o n . M e t e o r i c waters acquire different isotopic composi ­
tions b y a variety of processes, the most important of w h i c h are temperature 
d u r i n g condensation and degree of rainout i n the air mass (17, 18). O n the 
basis of hundreds of analyses, C r a i g (17) noted a l inear relat ion be tween the 
ÔD and δ 1 8 0 values of most meteoric waters; specifically, 

This equation describes the l inear d is t r ibut ion of data points on a plot of 6 D 
versus δ 1 δ Ο that is c o m m o n l y referred to as the global meteoric-water l ine 
( G M W L ) . T h e zero intercept for this l ine , def ined as the deuterium excess 
(18) , differs for waters f rom different source areas. A w o r l d w i d e network of 
stations has been established for the col lect ion of m o n t h l y b u l k ra in samples 
(19) f rom w h i c h regionally applicable equations have b e e n d e t e r m i n e d . C o n ­
tinuous sampling at a specific site for several years w i l l establish a local 
meteoric-water l ine ( L M W L ) , w h i c h , as w i l l be shown, is essential for any 
applicat ion of stable-isotope hydrology. 

(4) 

ÔD = 8 δ 1 8 0 + 10 (5) 
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Figure 1. Schematic drawing of the hydrological components of a ground­
water-lake system and their respective isotopic fractionation characteristics. 

T h e isotopic composi t ion of prec ipi tat ion varies significantly over the 
year, pr inc ipa l ly because of seasonal temperature differences but also part ly 
because of differences i n moisture sources for a part icular area. Short - term 
variations i n the isotopic composi t ion of precipi tat ion w i t h i n storms are w e l l 
recognized, but such variations t end to average out i f m o n t h l y means are 
d e t e r m i n e d (20). Because isotopic fractionation d u r i n g evaporation and con­
densation of water is inversely related to temperature , prec ipi ta t ion is iso­
topical ly enr i ched i n the heavy isotopic species of water d u r i n g w a r m s u m m e r 
months and correspondingly deple ted d u r i n g c o l d w i n t e r months. Seasonal 
w a r m i n g and cool ing result i n a sinusoidal annual variat ion i n the isotopic 
composi t ion of prec ipi tat ion. A l t h o u g h the isotopic composi t ion of p r e c i p i ­
tation for any part icular location can vary w i d e l y on an annual basis (12-18), 
spread about the L M W L generally is m i n i m a l . Coeff icients of variat ion (R2) 
c o m m o n l y exceed 0.95 for a regression analysis of 6 D versus δ 1 8 0 i n pre ­
cipi tat ion samples. 
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G i v e n that evaporation and condensation are complex processes, it is 
diff icult to explain w h y the observed relat ionship be tween δ 1 8 0 and 8 D is 
so strong. O n e explanation is that the formation of water droplets i n clouds 
is an equi l ibr ium-contro l l ed process (because of 100% or greater water-vapor 
saturation in the air mass) and the fractionation is only a funct ion of the 
ambient temperature. H o w e v e r , other processes can cause precipi tat ion 
samples f rom the same locality to plot along sl ightly different meteoric-water 
l ines, thereby result ing i n decreased R2 values for the entire data set (20). 
Changes i n the sources of local air masses can cause rain samples to plot 
along sl ightly different d e u t e r i u m excess lines because of differences i n the 
h u m i d i t y of the air masses at their oceanic origins (18). A d d i t i o n a l l y , evap­
oration of fal l ing raindrops, as w e l l as large contributions of re-evaporated 
water to the local atmosphere, may cause departures f rom the L M W L . T h e 
isotopic composi t ion of atmospheric moisture also plots along the meteoric-
water l ine . H o w e v e r , because e q u i l i b r i u m fractionations between vapor and 
l i q u i d water result i n depletions of 11.7(/oo ( δ 1 8 0 ) and 112(/oo (8D) at 0 °C 
(21), atmospheric vapor is deple ted relative to the corresponding rain sam­
ples, but plots along the same meteoric-water l ine . 

D i s t r i b u t i o n of isotopic compositions of groundwater , prec ipi tat ion, and 
lake water on a plot of δ ϋ versus δ 1 8 0 for the Sparkl ing L a k e area, nor th-
central W i s c o n s i n , is shown i n F i g u r e 2. A l t h o u g h precipi tat ion samples 
have a w i d e range i n isotopic composi t ion, groundwater is m u c h more ho­
mogeneous. This phenomenon results f rom the conservative nature of the 
isotopic species of water i n groundwater systems and various m i x i n g pro­
cesses i n the saturated and unsaturated zones. 

Evaporation and Evaporative Fractionation of Water. E v a p o ­
ration from standing water bodies is the p r i n c i p a l fractionation mechanism 
in most hydrological systems. Evaporat ive isotopic enr ichment is a funct ion 
of numerous factors (e.g., temperature, salinity, and relative humidi ty ) that 
cause considerable variation i n the l s O / i e O and D / H ratios of natural surface 
waters. C r a i g and G o r d o n (22) evaluated isotopic effects on prec ipi ta t ion and 
evaporation i n the ocean-atmosphere system. M u c h of what was de ve lo pe d 
i n that work is direct ly applicable to the freshwater systems discussed here. 

Isotopic fractionation resul t ing f rom evaporation f rom standing water 
bodies can be descr ibed i n terms of e q u i l i b r i u m and n o n e q u i l i b r i u m frac­
t ionation effects. E q u i l i b r i u m fractionation occurs w h e n the isotopic c o m ­
posit ion of the evaporated water or lake evaporate is i n thermodynamic 
e q u i l i b r i u m w i t h the lake water (23). E q u i l i b r i u m fractionation, however , 
can occur only w h e n the water vapor i n the air mass above the lake is 100% 
saturated. T h e process of e q u i l i b r i u m isotopic fractionation is descr ibed b y 
Rale igh fractionation. T h e isotopic composi t ion of water vapor i n e q u i l i b r i u m 
w i t h l i q u i d water at any t ime is given b y 

(6) 
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δ 1 8 0 ( 0 / 0 0 ) 

Figure 2, Isotopic compositions (bD versus b1H0) of precipitation, ground-
water, and Sparkling Lake water. Precipitation and groundwater samples were 

collected near Sparkling Lake, WI. 

where R v and R j are the isotopic ratios ( 8 1 8 0 or BD) of the vapor and l i q u i d , 
respectively, and a * is the e q u i l i b r i u m fractionation factor def ined i n e q 2. 

Kine t i ca l ly control led isotopic fractionation is a significant factor i n most 
evaporation processes that lead to an isotopic fractionation exceeding that 
predic ted b y e q u i l i b r i u m isotope fractionation i n e q 6, K i n e t i c a l l y control led 
fractionation results f rom the fact that l ight isotopic species have greater 
free-air diffusion rates than do heavier isotopes; thus, the l ight species are 
preferential ly transported away d u r i n g the dif fusion-control led stage of evap­
oration (20). T h e evaporative fractionation process was formal ized b y C r a i g 
and G o r d o n (22) and later summar ized (20) as 

din 
Ν d In R i 

M R i « 5 - - . · 
Δ Ε 

d\nN d\nN (1 - h) + Ae 
(7) 

where Ν and N{ are the n u m b e r of moles of the abundant (light) and the 
heavy isotopic species, respectively; Ae is the kinet ic fractionation factor; 
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€* = 1 — α* is the e q u i l i b r i u m fractionation factor (or 1000 times the small 
deviat ion f rom uni ty that α values generally have); and ft is the relative 
h u m i d i t y normal ized to the temperature of the l i q u i d phase. T h e kinet ic 
fractionation factor, Δε , is a funct ion of the relative h u m i d i t y and is g iven 
by the relation 

Δε = K ( l - ft) (8) 

where the factor Κ has been empir ica l ly d e t e r m i n e d to be 14.3%> and 
12.5%« for oxygen-18 and d e u t e r i u m , respectively (13). Examinat ion of e q 
7 reveals the cr i t ical dependence of evaporative isotope fractionation on the 
relative h u m i d i t y . In temperate to h u m i d environments , where humidi t ies 
approach 100%, the (1 — ft) t e rm i n the denominator becomes small and 
the evaporative fractionation process becomes increasingly sensitive to var i ­
ations i n h u m i d i t y . 

T h e net result of evaporative isotopic fractionation of lake water is a 
water mass that is not i n isotopic e q u i l i b r i u m w i t h its water sources. T h e r e ­
fore, the isotopic composi t ion of a lake water should plot b e l o w the L M W L , 
as shown i n F i g u r e 2. The l ine that passes through the isotopic composi t ion 
of a lake water and its vo lume-weighted input f rom precipi tat ion and g r o u n d ­
water is referred to as an evaporation line. This l ine represents the isotopic 
evolut ion of lake water f rom its source waters. T h e slope of an evaporation 
l ine is a funct ion of h u m i d i t y , temperature, and the isotopic composi t ion of 
atmospheric moisture above the lake; the slope generally ranges f rom about 
3.5 to 6.0 (23). 

Evapotranspiration. Evapotranspiration refers to the c o m b i n e d 
moisture evaporated f rom vegetation and u n d e r l y i n g soi l . It general ly 
includes leaf-moisture loss through stomatal conductance, stem- and leaf-
moisture loss f rom precipi tat ion that falls direct ly o n the plant, and soi l -
moisture loss. As i n evaporative fractionation of surface waters, evaporation 
of soil water can result i n isotopically enr i ched residual waters and deple ted 
vapor. If al l the inf i l trat ing water evaporates from the soi l , the water vapor 
p r o d u c e d is isotopically ident ical to the or iginal soil water. Uptake of soil 
water by tree roots is not an isotope-fractionating process (24-27). Therefore , 
t ranspired water vapor r e m o v e d f rom the ground by plants is v i r tua l ly i d e n ­
tical to the local soil water or groundwater . T h e net effect of évapotranspir­
ation i n most cases is a small- to-negligible change i n the isotopic composi t ion 
of ambient vapor. Therefore there is generally a small difference be tween 
the average isotopic composit ions of groundwater and prec ipi tat ion. 

T h e seasonal effects of évapotranspiration on the transfer of water f rom 
precipi tat ion to the saturated zone can be pronounced . Temperate climates 
w i t h two distinct periods of vegetative cover (leafout i n the spr ing and leaf-
d o w n i n the fall) are prevalent i n a broad zone extending from subtropical 
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to subpolar environments . I n forested regions w i t h a significant propor t ion 
of deciduous vegetation, évapotranspiration is m u c h greater i n s u m m e r than 
i n winter ; i n regions w i t h substantial w i n t e r snow cover, évapotranspiration 
may be vir tual ly zero. E v e n i n coniferous forests w h e r e évapotranspiration 
generally occurs year - round, the difference between w i n t e r and s u m m e r 
évapotranspiration is marked, and the dominant moisture loss occurs d u r i n g 
the summer . 

Recharge to Groundwater. G r o u n d w a t e r d e r i v e d f rom inf i l t rat ion 
of prec ipi tat ion may become isotopically dist inct f rom prec ipi ta t ion because 
of the c o m b i n e d processes of selective recharge and fractionation. T h e p r o ­
cess w h e r e b y a l l precipi tat ion events contr ibute water to a lake, and only 
large events result i n groundwater recharge, is referred to as selective re­
charge. Regions subject to considerable snow accumulat ion effectively store 
moisture above ground, and spr ing snowmelt (prior to vegetative leafout) 
can be a dominant source of recharge to the local groundwater system. Such 
is the case i n the glaciated terrain of nor thern W i s c o n s i n , w h e r e permeable 
sandy soils are conducive to inf i l trat ion of spr ing snowmelt . R a p i d inf i l trat ion 
of snowmelt is responsible for the 0.6%> difference i n δ 1 δ Ο between local 
groundwater and average annual prec ipi tat ion i n northern W i s c o n s i n (28). 

Fract ionat ion arises i f inf i l t rat ing soil water is part ial ly evaporated (29), 
i f exchange w i t h atmospheric vapor i n the soil is significant (C . K e n d a l l , 
U . S . Geologica l Survey, oral communica t ion , 1991), or i f prec ipi ta t ion i n ­
tercepted by the tree canopy is fractionated b y evaporation. Evaporat ion of 
water f rom the soil generally affects the isotopic composi t ion of soi l water 
only i n ar id climates (27, 30). Observations i n nor thern W i s c o n s i n (see the 
isotopic composi t ion of groundwater plots o n the L M W L , F i g u r e 2) and 
other areas (24) indicate that fractionation caused b y soil-water evaporation 
is m i n i m a l i n temperate climates and can be neglected for the glacial-lake 
systems. T h e l i terature shows that atmospheric vapor exchange i n the soil 
zone and evaporative fractionation caused b y canopy wet t ing have not b e e n 
examined ful ly i n a w i d e range of environments and require addit ional re­
search. 

Groundwater-Lake Systems 

A l t h o u g h lakes are more complex, many can be considered as surface expres­
sions, or outcrops, of the water table. D e p e n d i n g on the dis t r ibut ion of 
hydraul i c heads surrounding a lake, g r o u n d w a t e r - l a k e systems can be de­
scr ibed as one of the fo l lowing types: 

• recharge systems, w h e r e the lake surface is h igher than the 
surrounding water table and water flows to the groundwater 
system; 
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• discharge systems, where the lake l e v e l is lower than the sur­
r o u n d i n g water table and water flows to the lake; and 

• flow-through systems, where the lake gains water from the 
groundwater system i n some parts and loses water to the 
groundwater system i n other parts. 

B o t h recharge and discharge lakes can change i n character over short 
periods of t ime (9, 32). Thus , it is cr i t ical to characterize the temporal 
variations i n groundwater flow around lakes w h e n est imating solute loads. 
A t C r y s t a l L a k e , W I , w h i c h w o u l d be classified as a recharge lake on the 
basis of annual water budgets, short- term inf low of groundwater after spr ing 
snowmelt nearly d o u b l e d the concentration of dissolved reactive si l ica and 
l e d to a b l o o m of diatoms w i t h i n the lake (9). A l t h o u g h the flux of water was 
small , the inf lowing groundwater had a significantly h igher concentrat ion of 
sil ica than the lake water, and the result was a substantial mass flux of 
dissolved si l ica to the lake. 

Lakes have also been classified as seepage or drainage lakes. Such clas­
sifications were d e t e r m i n e d b y whether the lakes have surface-water inflows 
or outflows. F r o m the perspect ive of unders tanding interactions be tween 
groundwater systems and lakes, these classifications are of l i t t le use because 
they do not define the lakes w i t h regard to water source. Seepage lakes 
c o u l d be recharge lakes, discharge lakes, or flow-through lakes; the cr i ter ia 
that he lp i n understanding the solute budgets and overal l chemica l character 
of lakes are undef ined . Therefore, use of such terms as seepage and drainage 
is discouraged. 

F u r t h e r classification of lakes relates to their posi t ion w i t h i n the regional 
groundwater-f low system. Terminal - lake systems are def ined as lakes that 
funct ion as the discharge point of the regional groundwater- f low system. F o r 
terminal lakes, water is r e m o v e d b y evaporation and sometimes through 
surface outflow. These lakes typical ly evolve into saline lake systems char­
acteristic of the semiar id or ar id regions of the w o r l d (32). 

Use of Oxygen-18 and Deuterium in Groundwater-Lake 
Assessments 

G r o u n d w a t e r components of water budgets for lakes are c o m m o n l y calcu­
lated as the residual of average precipi tat ion and evaporation fluxes and 
changes i n lake storage, and this practice leads to considerable uncertainty 
i n calculated values (33). This type of budget calculation provides only an 
estimate for net groundwater flow, because the calculation never separates 
the inf low and outf low components . Such budgets c o m b i n e the net g r o u n d ­
water fraction ( inf low-outf low) of the lake budget w i t h the errors associated 
w i t h other components of the lake budget . In many cases, these errors are 
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comparable i n magnitude to the i n d i v i d u a l groundwater- f low components ; 
relative errors greater than 100% are possible. F o r solute- loading estimates, 
errors of this magnitude are unacceptable and prevent further unders tanding 
of groundwater - lake systems. 

Stable-Isotope Mass-Balance Method. T h e equations presented 
i n this section apply to groundwater - lake systems that are at hydrologica l 
and isotopic steady states. Equat ions that describe isotopic mass balances 
for non-steady-state systems and forms that pertain to the est imation of 
evaporation from lakes have been presented b y other authors (13, 14). 

T h e water budget of a lake is g iven b y 

= Ρ + G , + S, - Ε - G 0 - S 0 (9) 

where V j is the lake v o l u m e , t is t ime, Ρ is the prec ipi tat ion rate, G { is the 
groundwater- inf low rate, Sj is the surface-water-inflow rate ( inc luding r u n ­
off), Ε is the evaporation rate, G 0 is the groundwater-outf low rate, and S 0 

is the surface-water-outflow rate. A n equivalent expression for the isotopic 
mass budget of a lake is given b y 

= δ Ρ Ρ + hcGi + 8 S i S i - δ Ε Ε - 6 G G 0 - bsS0 (10) 

where a l l the terms have been m u l t i p l i e d b y their respective isotopic c o m ­
positions, g iven i n del ta notation. 

This chapter applies the isotope mass-balance m e t h o d to several lakes 
i n nor thern W i s c o n s i n where streamflows and over land flows are ins igni f i ­
cant. Such lakes are typical of the poor ly integrated drainage of glaciated 
regions under la in b y moderate to thick glacial deposits. U n d e r these con­
dit ions, e q 10 can be s impl i f i ed to inc lude only terms for prec ipi ta t ion , 
evaporation, and groundwater . B y restr ict ing our analysis to lakes that are 
at isotopic steady state [i .e. , d(b\V}) ~ b\d(V\)] and by assuming that ground­
water outf low is isotopically the same as lake water (8 G o = δ/), w e can equate 
eqs 9 and 10 to der ive the fo l lowing expression for the groundwater- inf low 
rate: 

ρ(δ, - δ Ρ ) + £ ( δ Ε - δ.) 

I n this expression, a l l of the terms except the isotopic composi t ion of the 
lake evaporate (δ Ε ) are direct ly measurable. T h e average isotopic composi t ion 

 P
ub

lic
at

io
n 

D
at

e:
 M

ay
 5

, 1
99

4 
| d

oi
: 1

0.
10

21
/b

a-
19

94
-0

23
7.

ch
00

3

In Environmental Chemistry of Lakes and Reservoirs; Baker, L.; 
Advances in Chemistry; American Chemical Society: Washington, DC, 1994. 
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of the lake evaporate can be calculated f rom the relation formulated b y C r a i g 
and G o r d o n (22), 

where 6 a is the isotopic composi t ion of local atmospheric moisture , eT = 
(1 - α*) + Δ ε is the total fractionation factor, h is the relative h u m i d i t y 
n o r m a l i z e d to the surface temperature of the lake, and al l δ and ε values 
are expressed i n per m i l . 

Sparkl ing L a k e , a groundwater flow-through lake i n north-central W i s ­
consin (Figure 3), is i n a nearly ideal situation to test the isotope mass-
balance m e t h o d for est imating the groundwater component of a l a k e s h y ­
drological budget . B o t h the isotope mass-balance m e t h o d and a n u m e r i c a l 
groundwater-f low m o d e l were used (31, 34); rates calculated b y the two 
methods were comparable. T h e major results of the isotope mass-balance 
study are summar ized here. 

Figure 3. Locations of the lakes sampled in Vihs County, WI. Trout Lake was 
not sampled. Little Rock Lake has been artificially divided; thus, it was sampled 

as two different lakes (Little Rock North and Little Rock South). 
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In the sandy outwash area of nor thern W i s c o n s i n , permeable soils pro ­
mote the exchange of water be tween groundwater systems and lakes. I n 
addi t ion , Sparkl ing L a k e occupies a topographically l o w posit ion i n the local 
groundwater system; thus, i t receives a consistent flow of groundwater , 
w h i c h constitutes a substantial part of the lake's hydrological budget . T h e 
average lake depth is 10 m (lake volume/surface area ratio), and the hydraul i c 
residence t ime (lake volume/total outf low rate ratio) is relat ively long (about 
10 years). A l l of these characteristics of Spark l ing Lake he lp to satisfy the 
assumptions for use i n e q 11 and result i n accurate groundwater-f low esti­
mates. 

In the mass-balance study, the isotopic composi t ion of precipi tat ion at 
Spark l ing L a k e was shown to vary sinusoidally, w i t h nearly a 1 7 % difference 
i n δ 1 δ Ο between s u m m e r rains and the w i n t e r snowpack ( — 5 to — 22% 0 , 
respectively; see F i g u r e 2). T h e average vo lume-weighted δ 1 8 0 of p r e c i p i ­
tation was estimated to be - 1 0 . 9 % . Several atmospheric moisture samples 
were col lected d u r i n g the ice-free periods. Analysis of these samples showed 
that the local atmospheric moisture is i n isotopic e q u i l i b r i u m w i t h p r e c i p i ­
tation except d u r i n g Ju ly and August , the warmest months. T h e d i sequi l ib ­
r i u m d u r i n g these 2 months is be l i eved to be the result of water-vapor 
contributions f rom the many nearby lakes, i n c l u d i n g L a k e Superior . 

T h e δ 1 δ Ο composi t ion of the lake water was vir tual ly invariant d u r i n g 
the 2-year sampl ing p e r i o d : the average δ 1 δ Ο value was — 5 . 7 5 % and the 
standard deviat ion was 0 . 1 % . These values were calculated from samples 
col lected d u r i n g semiannual turnover periods, w h e n the lake is thermal ly 
and chemica l ly homogeneous. D u r i n g m a x i m u m summer and w i n t e r thermal 
stratification, however , ep i l imnet i c waters were observed to be sl ightly frac­
t ionated: the s u m m e r δ 1 δ Ο value was — 5 . 6 % and the w i n t e r δ 1 8 0 value 
was — 5.9%o. 

T h e m o n t h l y isotopic composi t ion (δ 1 δ Ο) of lake evaporate f rom Spark l ing 
L a k e was est imated by use of e q 12. M o n t h l y evaporation rate estimates 
were then used to calculate the weighted average annual δ 1 8 0 of lake evap­
orate, - 1 6 . 9 % . 

A m b i e n t groundwater i n the Sparkl ing L a k e area is isotopically h o m o ­
geneous; average δ 1 8 0 is —11.5 ± 0.3%o. Downgradient f rom the lake, 
however , an easily identif iable p l u m e of isotopically enr i ched lake water 
p r o v i d e d substantiating evidence for assumed flow paths based o n hydraul i c -
head measurements. T h e 0 . 6 % difference between average precipi tat ion 
and groundwater was at tr ibuted to the selective recharge of isotopically 
deple ted spr ing snowmelt compared to isotopically enr i ched s u m m e r pre ­
c ipi tat ion. 

B y use of e q 11, this isotopic information, and the average annual pre ­
c ipi tat ion and evaporation rates (0.79 and 0.52 m/year, respectively), the 
average annual groundwater inf low rate to Sparkl ing L a k e was est imated to 
be 0.27 m/year (expressed as the vo lumetr i c flow rate d i v i d e d b y the surface 
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area of the lake). Because Sparkl ing L a k e has no surface-water inflows, the 
groundwater outf low rate c o u l d be estimated as the res idual i n the hydro -
logical budget, 0.50 m/year. These results were consistent w i t h the results 
f rom a three-dimensional groundwater-f low and solute-transport m o d e l of 
the Sparkl ing L a k e system, f rom w h i c h the groundwater- inf low and -outflow 
rates were est imated to be 0.20 and 0.52 m/year, respectively (28). 

Index-Lake Method. T h e most diff icult aspect of us ing stable iso­
topes for est imating hydrological-budget components of lakes is d e t e r m i n i n g 
the evaporation rate ( £ ) and the weighted-average isotopic composi t ion of 
the lake evaporate (δ Ε ) (31). T h e isotopic composi t ion of water vapor that 
evaporates f rom the surface of a lake can be est imated b y use of e q 12. Th is 
expression shows that the isotopic composi t ion of lake evaporate is contro l led 
by the interactions of the lake w i t h the o v e r l y i n g atmosphere. Measurements 
of air and water temperatures, relative h u m i d i t y , and the isotopic compo­
sit ion of ambient atmospheric moisture are needed. S a m p l i n g of ambient 
atmospheric moisture is a tedious and t ime-consuming process and is rarely 
done. W h e n atmospheric-moisture measurements are made, as they were 
at Sparkl ing L a k e (31), it is theoretically possible to extrapolate the results 
for use on nearby lake systems and to assume that these lakes are affected 
by the same atmosphere. This k i n d of extrapolation, w h e r e b y the results 
f rom a lake whose isotopic balance has been carefully d e t e r m i n e d are used 
to estimate hydrological -budget components of nearby lakes, is referred to 
as the index-lake method (10, 35). 

T h e lake distr ict of north-central W i s c o n s i n is a part icular ly appropriate 
area for a p p l y i n g the index-lake method . This area contains more than 3000 
lakes situated i n sandy, glacial outwash soils (36, 37). T h e region is topo­
graphically homogeneous, consisting of a mosaic of s imilar low-re l ie f w a ­
tersheds that y i e l d l i t t le or no over land runoff to lakes and streams. T h e r e ­
fore, recharge on a regional scale should be relat ively u n i f o r m and result i n 
a groundwater system w i t h a uni form isotopic composi t ion (28); this u n i ­
formity is an u n d e r l y i n g assumption of the index-lake m e t h o d . 

T h e applicat ion of the index-lake method presented here is only for lakes 
that are at hydraul ic and isotopic steady states. A lake's steady-state isotopic 
composi t ion is d e t e r m i n e d b y the long- term averages of δ & , δ Ρ , h, F , E, and 
water and air temperatures, w h i c h can vary greatly b y the day and season 
and can vary to some degree annually. Therefore , i t is on ly proper to apply 
the index-lake m e t h o d to lakes of s imilar hydraul i c residence t ime, d u r i n g 
w h i c h t ime the averages of these contro l l ing factors are d e t e r m i n e d . 

A s discussed previously , the isotopic composi t ion of evaporating water 
bodies on plots of δ 1 δ Ο versus δ ϋ l ie on evaporation l ines. T h e intersect ion 
of any evaporation l ine w i t h the L M W L corresponds to the average c o m ­
posi t ion of water enter ing the lake. Geographical ly c lustered lakes that meet 
the requirement of b e i n g at isotopic steady state should plot along the same 
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evaporation l ine , p r o v i d e d they are indeed affected by the same atmosphere 
and have about the same hydraul ic-res idence t imes. G r o u n d w a t e r - r i c h lakes 
should fall along the l ine closer to the meteoric-water l ine , whereas g r o u n d -
water-poor lakes containing h ighly evaporated water should plot farther along 
the l ine . 

T h e isotopic composit ions of four lakes (see F i g u r e 3 for lake locations) 
i n nor thern W i s c o n s i n that are w i t h i n 10 k m of each other and that have 
hydraul ic-res idence times of about 10 years are plot ted i n F i g u r e 4. T h e 
four lakes (Crystal , Pallette, B i g M u s k y , and Sparkling) are groundwater 
f low-through lakes and have no surface inflows or outflows. Thus they have 
the same hydrological -budget components (they receive water f rom p r e c i p -

DELTA 0-18 (PER MIL) 

Figure 4. Isotopic compositions (bD versus h180) of four lakes in Vilas County, 
WI. The thick line is the local meteoric-water Une (LMWL) determined from 
the data shown in Figure 2; the thin line is the evaporation line determined 
by the best-fit line for the four lakes shown here. Line segments plotted on 
the evaporation line represent specified ratios [G./PJ calculated using eq 13. 
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i tat ion and groundwater inf low, and lose water to evaporation and ground­
water outflow). A best-fit evaporation l ine for these four lakes has an R2 = 
0.997 and intersects the L M W L at δ 1 8 0 = - 1 1 . 0 % , a value close to the 
measured input-water composi t ion for the index lake (Sparkl ing Lake) , 
— 1 1 . 1 % . This close agreement indicates that the hydrologica l budgets of 
the lakes chosen for this applicat ion can be d e t e r m i n e d b y the index-lake 
method. 

U n d e r the assumption of isotopic steady state, eqs 9 and 10 can be 
c o m b i n e d and solved for the total surface- and groundwater-outf low rate (O) 
relative to the evaporation rate (E), as fol lows: 

n § ( S G i - 8 S i ) + | ( 5 G i - ô P ) + ô £ - 8 G i 

2 = I 1 (13) 
E ô G j - Ô! 

w h e r e Ο is G 0 + S 0 . F o r lakes w i t h no surface flows (Sj and S 0 are equal to 
0), this expression is s impl i f i ed . I f long- term averages of Ρ and Ε for the 
index lake are assumed to be the same for those of the other lakes, the on ly 
r e m a i n i n g u n k n o w n i n each lake's hydrologica l budget , Gi9 can easily be 
d e t e r m i n e d b y setting e q 9 equal to 0. In the same manner , one can specify 
a groundwater- inf low rate and solve e q 13 for b\ to estimate the steady-state 
isotopic composi t ion of a lake. Speci f ied ratios of annual groundwater in f low 
to annual prec ipi ta t ion rates (GJP) that approximately bracket the compo­
sitions of these three lakes and Sparkl ing L a k e are plot ted on the evaporation 
l ine i n F i g u r e 4. G r o u n d w a t e r - i n f l o w rates for these lakes were est imated 
b y use of e q 11 and are l is ted i n Table I. 

T h e accuracy of the estimates for B i g M u s k y , Pallette, and C r y s t a l Lakes 
depends o n the accuracy of the groundwater- inf low estimate for Spark l ing 
L a k e (the index lake) and the val id i ty of the assumptions for the index-lake 
m e t h o d . T h e est imated error for groundwater inf low to Sparkl ing L a k e , ± 7 
cm/year (31), represents a m i n i m u m value for the errors associated w i t h the 
estimates for the other lakes. Therefore, for lakes that receive relat ively 
small amounts of est imated groundwater inf low, the relative error associated 
w i t h the estimate increases and the ut i l i ty of the method is reduced . 

Table I. Comparison of Groundwater Inflow Rates 

Lake Isotope Method Solute Method 

Sparkling Lake 0.29 Ο. 24 
Big Musky Lake 0.15 0.14 
Pallette Lake 0.10 0.13 
Crystal Lake 0.07 0.03 
Honeysuckle Lake ΝΑ­ 0.01 

N O T E : All values are given in meters per year. 
"Not available. 
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Reliable estimates of relative h u m i d i t y are cr i t ical for use of the isotope 
mass-balance m e t h o d ; however , h u m i d i t y data are diff icult to interpret and 
c o m m o n l y not available for a specific study area. T h e index-lake m e t h o d 
provides a means for checking the accuracy of these data and the va l id i ty of 
their use i n isotope hydrology. T h e equation that describes the steady-state 
isotopic composi t ion of a lake (35) is 

E[h(ba - δ,) + e] 

* · - 8 ' - 1 ( 1 - * ) + ^ - * * · ( 1 4 ) 

where δ^ is the steady-state isotopic composi t ion of the lake; ί is the total 
inf low rate f rom precipi tat ion, groundwater , and streams; and δ ; is the p r o p ­
erly weighted isotopic composi t ion of a l l the inflows. If equations for bo th 
hD and δ 1 8 0 are deve loped f rom e q 14, an expression for the slope of the 
evaporation l ine u n d e r steady-state condit ions for a l l of the parameters i n 
e q 14 can be d e r i v e d , as follows: 

ASfc = h(hà - δ|) ρ + € D 

Δδΐ, 1 8 Λ(δ. - δ , ) 1 8 + e L 

•aslope A oc ι /ο ο \ • \*·3) 

w h e r e £ s i o p e is the slope of the evaporation l ine , and the subscripts D and 
18 refer to d e u t e r i u m and oxygen-18 values, respect ively. 

E q u a t i o n 15 can be used to estimate the average relative h u m i d i t y over 
a g iven lake b y solving this equation for various values of relative h u m i d i t y 
and atmospheric moisture composi t ion (F igure 5). T h e three l ines i n F i g u r e 
5 were calculated for bà (oxygen-18 and deuter ium) equal to ( —19.9, —150), 
( — 20.4, —154), and ( — 20.6, —156), w h i c h represent moisture composit ions 
i n e q u i l i b r i u m w i t h average annual prec ipi tat ion, the measured moisture 
composi t ion at Spark l ing L a k e (31), and a moisture composi t ion i n e q u i l i b ­
r i u m w i t h local groundwater , respectively. It is assumed that this range of 
δ 3 values brackets the actual value. T h e slope of the evaporation l ine f rom 
F i g u r e 4 is 5.3, w h i c h , i f p lot ted on F i g u r e 5, gives a range for the average 
annual h u m i d i t y of 0 .80-0 .83 ; this c o m p u t e d range agrees w e l l w i t h the 
field-measured value, 0.82 (31). This close agreement also corroborates the 
isotope mass-balance calculations, w h i c h d e p e n d on accurate h u m i d i t y data. 

Application of Isotopic Methods to Non-Steady-State Ground­
water-Lake Systems. Isotopic composit ions of lakes whose hydraul i c -
residence t imes are relat ively short (about 2 years or less) vary seasonally 
(32). Seasonal response occurs whenever a significant mass of water of a 
different isotopic composi t ion is e i ther added to or r e m o v e d f rom the lake. 
Seasonal variations i n Ρ, E , G i 5 δ Ρ , ô a , and δ £ are the p r i n c i p a l d r i v i n g forces 
b e h i n d observed variations i n b} for isotopically non-steady-state systems. 
In nor thern W i s c o n s i n , many lakes are isotopically non-steady-state. 

 P
ub

lic
at

io
n 

D
at

e:
 M

ay
 5

, 1
99

4 
| d

oi
: 1

0.
10

21
/b

a-
19

94
-0

23
7.

ch
00

3

In Environmental Chemistry of Lakes and Reservoirs; Baker, L.; 
Advances in Chemistry; American Chemical Society: Washington, DC, 1994. 



3. K R A B B E N H O F T E T A L . Use of Oxygen-18 and Deutenum 85 

6.5 

• j 8 

t o 
5.5 

11 

4.5 

-
/ 

/ 

• 

s 

'•'••/ 
φ f 

i f 

.Φ 

s ' ' 
' φ ^ 

m 

> ^ 
_ Φ ^ 

φ ^^φφ^ 

1 1 1 1 

φ ^φφ+^ 

I I I I i I I I 1 1 1 1 

0.7 0.75 0.8 0.85 0.9 
h , HUMIDITY NORMALIZED TO 
LAKE-SURFACE TEMPERATURE 

Figure 5. Slope of the evaporation line plotted as a function of relative humidity 
by use of eq 15. The three curves shown are for different assumed average 
isotopic compositions of local atmospheric moisture. The assumed conditions 
are equilibrium with average precipitation ( — 19.9 [hwO], —150 [§D]), av­
erage of the measured values at Sparkling Lake (-20.4 [h1H0], -154 [bD]), 
and equilibrium with local groundwater ( — 20.6 [h1H0], —156 [hD]). The 
arrow shows the range for average annual relative humidity (during the ice-
free season) for the three atmospheric humidity scenarios if the slope of the 

evaporation line is 5.3 (from Figure 4). 

O b s e r v e d δ 1 8 0 variation for several shallow lakes i n nor thern W i s c o n s i n 
and Sparkl ing L a k e (isotopically steady-state) are shown i n F i g u r e 6. T h e 
most negative value for each of these lakes represents an early spr ing water 
sample, whereas the least negative value is f rom the fal l . These data d e m ­
onstrate the significant seasonal variations i n isotopic composi t ion that may 
arise i n relat ively shallow lakes w h e n compared to isotopically invariant lakes 
such as Sparkl ing L a k e . At tempts to apply the isotope mass-balance m e t h o d 
for est imating annual groundwater-exchange rates for these lakes w o u l d be 
chal lenging, because determinat ion of the average annual ôj w o u l d be dif­
ficult. O n the other hand, seasonal variations i n the isotopic composit ions 
of lakes can provide valuable insight into processes (such as exchanges of 
water w i t h the atmosphere) that w o u l d otherwise be impercept ib le i n iso­
topical ly steady-state systems. 
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-Honeysuckle (1.9 m) 

-Max (2.8 m) 

-Little Rock (South) (3.1 m) 

- Vandercook (3.5 m) 

-Little Rock (North) (3.9 m) 

-Sparkling (10.0 m) 

-6.00 -5.00 -4.00 -3.00 -2.00 -1.00 

δ18ο 
Figure 6. Observed range ofblfiO values for five non-steady-state lake systems 
and the steady-state Sparkling Lake system. Mean depth of each lake is shown 

in parentheses after its name. 

Solute-Tracer Mass-Bafonce Method 

In nor thern W i s c o n s i n , and presumably elsewhere, groundwater systems 
near lakes that receive relat ively l i t t le groundwater inf low c o m m o n l y 
undergo flow reversals. F l o w reversals of a few days or weeks occur season­
ally, whereas reversals lasting months or years can occur d u r i n g drought 
(31, 38). D u r i n g a flow reversal , lake water seeps into the groundwater 
system; then, fo l lowing a significant recharge event, the hydraul i c gradient 
reverses and groundwater discharges to the lake. Because the water that 
seeps into the aquifer has the same isotopic composi t ion as lake water, the 
mass-balance m e t h o d w i l l not account for this water flux. Thus , another 
method must be a p p l i e d to account for this exchange of water be tween the 
groundwater system and the lake. 

In some situations natural-solute tracers can be used i n the same manner 
as stable-isotope tracers to estimate hydrological -budget components for 
lakes (7). As di lute recharge waters f rom precipi tat ion enter the aquifer, 
dissolution reactions result i n net additions of dissolved solids. In nor thern 
W i s c o n s i n , w h e r e glacial outwash sediments are lacking i n carbonate m i n ­
erals, silicate hydrolysis is the dominant dissolut ion reaction (39). These 
reactions result i n net additions of major cations ( C a 2 + , M g 2 + , N a + , and 
K + ) and bicarbonate ( H C 0 3 ~ ) to water. T h r o u g h this process, groundwater 
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discharge becomes the dominant source of cations and alkal ini ty for nor thern 
W i s c o n s i n lakes (38). L a k e water that seeps into the aquifer w o u l d i m m e ­
diately begin increasing i n dissolved solute concentrations. This increase 
c o u l d be accounted for by the solute mass-balance m e t h o d d u r i n g the next 
flow reversal . Therefore , b y measuring solute concentrations i n prec ip i ta ­
t ion, groundwater , and lake water, the solute mass-balance equation that is 
d irect ly analogous to e q 11 can be d e r i v e d : 

where C P , C G j , and C\ are the solute concentrations i n prec ipi ta t ion , g r o u n d ­
water inf low, and the lake, respectively. This relat ion is only applicable to 
systems that are composit ional ly at steady state and i n w h i c h the solute acts 
nearly conservatively w i t h i n the lake. 

Use of solute tracers has one part icular advantage over the use of stable 
isotopes, i n that the solute concentration i n lake evaporate is assumed to be 
equal to zero and thus is not a variable i n e q 15. Th is assumption means 
that the errors associated w i t h est imating the isotopic composi t ion of lake 
evaporate do not apply to the solute tracer method . O n the other h a n d , the 
chemistry of groundwater is m u c h more heterogeneous than its isotopic 
composi t ion (28). I n addi t ion , al though contaminat ion problems are of con­
cern for solutes at l o w concentrations, isotope samples are v i r tua l ly unaf­
fected b y contamination. Thus , estimates of average isotopic composi t ion of 
a groundwater system are m u c h more accurate reflections of the system than 
are average chemica l composit ions. T h e strengths and weaknesses of these 
two methods are compl imentary , and determinat ion of the best m e t h o d for 
a part icular site should be left to the investigator. 

Groundwater - in f low rates as calculated by the solute and isotope mass-
balance methods for several nor thern W i s c o n s i n lakes are l i s ted i n Table I. 
D i s s o l v e d ca lc ium was used as the solute tracer because it is the constituent 
whose concentration differs the most between groundwater and prec ipi ta ­
t ion , the two input components to be separated b y the m e t h o d . I n addi t ion , 
ca lc ium is nearly conservative* i n the soft-water, moderately acidic to c i r -
cum-neutra l lakes i n northern W i s c o n s i n . Results from the two methods 
agree relat ively w e l l , except for C r y s t a l L a k e , where groundwater- f low re­
versals are frequent. 

*Most of the dissolved calcium in groundwater in northern Wisconsin is the result of silicate 
hydrolysis of the aquifer materials. The assumption of conservancy is accurate only because of 
the relatively slow rates of silicate dissolution. The presence of more soluble calcium-containing 
minerals, such as calcite or gypsum, would invalidate assumptions of conservancy and would 
lead to significant errors in solute budgets. 

P(Ci - C P ) - £ ( C , ) 

Ce, — C\ 
(16) 
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E q u a t i o n 16 can be set equal to zero (i .e. , no groundwater inflow) and 
solved for Ch as follows: 

c'° = r h ( 1 7 ) 

where C\° is the solute concentration for a lake w i t h no groundwater inf low. 
Subst i tut ion of values for nor thern W i s c o n s i n [P = 0.79 m , Ε = 0.52 m , 
and C P = 0.2 m g / L of C a (28)] i n e q 17 yields a dissolved ca lc ium concen­
tration of 0.7 m g / L . This value is close to that of H o n e y s u c k l e L a k e (0.6 
m g / L of Ca) , a nearby lake that has no groundwater in f low ( W i l l i a m Rose, 
U . S . Geologica l Survey, oral communica t ion ; 1991). T h e close agreement 
be tween the calculated and the measured values also increases confidence 
i n the values of P , £ , and CP used i n the solute mass-balance m e t h o d . 

Summary and Conclusions 

E x p e r i e n c e gained f rom studies i n northern W i s c o n s i n indicates that stable 
isotopes can be valuable tools for assessing the hydrology of g r o u n d -
w a t e r - l a k e systems. Several conclusions are evident : 

• Mass-f lux calculations require knowledge of exchange rates be­
tween groundwater systems and lakes. E v e n though the 
groundwater- inf low rate may represent a smal l fraction of the 
hydrologica l budget , i t can dominate the solute budget . 

• I n the simplest case, groundwater- f low rates for lakes at isotopic 
steady state (or those w i t h relat ively l o n g hydraul ic -res idence 
times) can be estimated f rom data o n average annual p r e c i p i ­
tation rates; average annual evaporation rates; the isotopic c o m ­
positions of precipi tat ion, lake water, and i n f l o w i n g g r o u n d ­
water; and relative h u m i d i t y and lake temperature . 

• W h e r e lakes are geographically c lustered, the index-lake 
m e t h o d can be useful for est imating the groundwater compo­
nents of addit ional lake budgets after calculat ing the budget 
for the index lake. 

• A n n u a l isotopic variat ion is substantial i n shallow lakes w i t h 
relat ively short residence t imes. These variations reflect the 
dominance of s u m m e r evaporation and spr ing snowmelt . I n 
addi t ion , these variations may prove useful for examining at­
mospher ic exchange rates w i t h lakes and for quant i fy ing periods 
of episodic water input . 

• T h e isotope mass-balance m e t h o d is not as useful for est imating 
groundwater- f low rates for groundwater-poor lakes as it is for 
lakes that receive substantial quantities of groundwater . Solute 
tracers, such as dissolved ca lc ium, may be useful i n assessing 
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groundwater-poor lakes and may y i e l d rel iable results i f the 
assumption of conservancy is mainta ined. 

• I n the lakes investigated i n nor thern W i s c o n s i n , groundwater-
inf low rates ranged f rom negl igible to nearly 2 5 % of the total 
inf low (Gj/Σ in f low terms). 

T h e purpose of this chapter is not to promote the replacement of tra­
di t ional physical ly based methods of assessing g r o u n d w a t e r - l a k e systems 
w i t h isotopic methods, but rather to demonstrate the ut i l i ty of isotopic tech­
niques. Physica l ly based methods can p r o v i d e more deta i led informat ion o n 
the spatial and temporal var iabi l i ty of a g r o u n d w a t e r - l a k e system than iso­
topic approaches can prov ide . Regardless of the m e t h o d chosen, however , 
an adequate n u m b e r of piezometers is necessary to ensure that groundwater 
samples are col lected from upgradient areas. 

Ideally, g r o u n d w a t e r - l a k e investigations w o u l d inc lude both isotopic 
and physical ly based approaches. I n areas w h e r e results of the two methods 
agree, considerable confidence can be placed o n the interpretations; i n areas 
w h e r e they disagree, future research c o u l d be focused on expla ining the 
discrepancies. T h e use of isotopic and other geochemical ly based methods 
i n combinat ion w i t h physical methods c o u l d substantially i m p r o v e our u n ­
derstanding of the interaction of lakes w i t h groundwater systems and of some 
of the chemica l mechanisms that operate w i t h i n these systems. 
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Ecosystem-Scale Experiments 
The Use of Stable Isotopes in Fresh Waters 

George W. Kl ing 

Department of Biology, University of Michigan, A n n Arbor , MI 48109-1048 

Experimental studies using additions of stable isotopes of nitrogen 
and carbon to an arctic lake indicated that new primary production 
rather than terrestrial detritus supports most animals in the plank-
tonic food web and to a lesser degree in the benthic food web. The 
lake was divided by a curtain, and one half was fertilized with Ν and 
Ρ through a 6-week experiment. 15NH4Cl was added to both sides to 
label algae; terrestrial detritus remained unlabeled. Although nu­
trients cycled more quickly in the fertilized treatment, the trophic 
pathways of nitrogen flow were unaltered by fertilization. The re­
tention time of nitrogen in the ecosystem was about 3 years in both 
control and fertilized treatments. 13C-leucine additions to mesocosms 
indicated that phytoplankton make direct use of amino acids and that 
some macrozooplankton derive nutrition from the microbial food 
web. 

T H E S C I E N C E O F E C O L O G Y emerged at the t u r n of the last century and 
brought w i t h it the exper imental approaches that were already central to 
the study of physiology (1-3). Manipula t ions of whole aquatic ecosys tems— 
exc luding aquaculture, w h i c h dates back 2500 years (4)—developed more 
s lowly, main ly because of difficulties associated w i t h increased biot ic c o m ­
plexity and physical scale i n larger systems. O n e technique in i t ia l ly used to 
overcome the problems of complexi ty , scale, and repl icabi l i ty was creation 
of control led microcosms that e m b o d i e d a more or less natural representation 
of the whole system (5, 6). 

T h e earliest large-scale experiments began i n the 1940s. These exper­
iments i n c l u d e d perturbations, i n w h i c h fert i l izers or poisons were a d d e d 

0065-2393/94/0237-0091$08.50/0 
© 1994 American Chemical Society 
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i n an attempt to alter entire food webs (7-12), and tracers, i n w h i c h m i n u t e 
additions of radioisotope were used to study the cyc l ing of phosphorus i n 
lakes (13, 14). In the fo l lowing years, as ecologists recognized the power of 
these experiments to integrate processes across t rophic levels and as our 
need to understand the effects of major environmenta l perturbations such 
as eutrophicat ion or acid rain became acute, more ecosystem-scale exper i ­
ments were per formed (15-21). 

A clear understanding of processes i n natural systems, w h i c h is cr i t ica l 
to the interpretat ion of many such disturbance studies, can be diff icult to 
achieve. A l t h o u g h radioisotopes facilitate the nonintrusive study of biogeo-
chemica l processes i n undis turbed ecosystems (22-25), radioisotope a p p l i ­
cations may be impossible for a variety of operational and pol i t ica l reasons. 

This chapter discusses an alternative approach that uses additions of 
stable isotopes as chemical tracers of biological and geochemical processes 
i n ecosystems. T h e approach is i l lustrated b y two experiments ; the first uses 

1 5 N additions to compare the importance of terrestrial detr i tus as n u t r i t i o n 
for pelagic and benthic organisms i n both a fer t i l ized and a control setting, 
and the second uses 1 3 C additions to test the role of the microb ia l food w e b 
i n passing carbon and nitrogen to higher t rophic levels . T h e knowledge 
gained f rom these in i t ia l large-scale experiments w i t h stable isotopes has 
been expanded to inc lude at least four other s imilar studies: 

1. a 2 -month continuous addit ion of 1 5 N to a fourth-order r iver 
i n arctic Alaska ( K l i n g , G . W . ; Peterson, B . J . ; u n p u b l i s h e d 
data); 

2. a series of pulsed additions of 1 5 N to a 10-ha hardwo o d forest 
catchment i n M a i n e (26); 

3. a pulsed addit ion of 3 4 S to intact sediment microcosms (27); 
and 

4. a continuous addi t ion of 1 3 C to mesocosms i n the Bal t ic Sea 
(Hobbie , J . E . ; F r y , B . ; u n p u b l i s h e d data) and i n an arctic 
lake (Hobbie , J . E . ; K l i n g , G . W . ; u n p u b l i s h e d data). 

Stable Isotopes in Ecological and Ecosystem Studies 

Stable isotopes of H , H e , and O , as w e l l as exper imental additions of ra­
dioisotopes and neutron-activatable halogens, are w i d e l y a p p l i e d as tracers 
i n hydrology or hydrodynamics . T h e i r use is descr ibed more fu l ly e lsewhere 
(28-33). 

U n d e r s t a n d i n g of biogeochemical cyc l ing and trophic interactions is 
often h i n d e r e d b y the nature of budgetary approaches to ecosystem study 
(16). F o r example, many estimates of e lement flux are made b y difference 
(e.g., between inf low and outflow) or are inferred from indirec t evidence 
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such as carbon-to-nitrogen ratios. D i r e c t measurement of e lement contents 
i n a l l important pools i n an ecosystem is at best t ime-consuming and m e t h ­
odologically diff icult . 

Natura l ly occurr ing stable isotopes of C , N , and S have been used 
extensively for over a decade as direct tracers of e lement cyc l ing i n marine 
and terrestrial food webs (34-39). C a r b o n and sulfur isotopes fractionate 
very l i t t le between food and consumer; thus their measurement indicates 
w h i c h p r i m a r y producers or detr i tal pools are sources of C and S for con­
sumers. F o r example, a study of plants and animals i n Texas sand dunes 
showed that insect species had ô 1 3 C values ei ther l ike those of C 3 plants or 
l ike those of C 4 plants (-27 and - 1 3 % , respectively). Rodent species had 
intermediate values near -20%o that indicated m i x e d diets of both C 3 and 
C 4 plants (40). T h e 1 3 C measurements, used i n s imple l inear m i x i n g models , 
p r o v e d to be quick and rel iable indicators of w h i c h plant sources p r o v i d e d 
the carbon assimilated by higher t rophic levels. 

Subsequent marine studies have shown that there are often several 
important plant sources of carbon, and a m u l t i p l e stable-isotope approach 
has been w i d e l y adopted to resolve this more complex situation. Stable 
isotopes of sulfur, successfully c o m b i n e d w i t h carbon measurements , have 
been part icularly valuable for tracing the importance of detr i ta l foods that 
are diff icult to identi fy or quantify visual ly (41). T h e information gained i n 
these isotopic studies has a l lowed ecologists to powerfu l ly veri fy or refute 
hypotheses about the importance to consumers of certain food sources (42). 

M u c h of our present knowledge concerning ni trogen use and recyc l ing 
i n aquatic systems is based on 1 5 N isotope-tracer techniques per formed i n 
bottles or small enclosures (43, 44). Natural -abundance measurements of 

1 5 N have s imilar ly expanded our understanding of t rophic interactions and 
food webs as w e l l as ni trogen flow (45-48). Studies w i t h stable ni trogen 
isotopes show a 1 5 N content i n consumers that consistently increases w i t h 
increasing trophic l eve l . Preferential loss of 1 5 N - d e p l e t e d ni trogen i n u r i n e 
and feces typical ly results i n the animal b e c o m i n g enr iched i n 1 5 N relative 
to the diet ; this enr ichment averages 3.3%> i n many systems (47). 

T h e degree of 1 5 N enr ichment between particulate organic matter ( P O M ) 
and consumers can be used to accurately estimate t rophic l e v e l (47, 49). 
Thus isotopic studies p e r m i t identif icat ion of consumer groups that form 
nutr i t ional guilds v i a 1 3 C and ^S analyses, w h i l e establishing t rophic - leve l 
interactions w i t h i n these groups v ia 1 5 N analyses. To date, very few c o m b i n e d 

1 3 C and 1 5 N analyses of t rophic structure i n freshwater systems have been 
p u b l i s h e d (47, 50-52). 

T h e foregoing rev iew is centered on natural-abundance measurements 
of stable isotopes. I n many cases, however , several potent ia l foods or prey 
items are indist inguishable i n their natural-abundance isotopic ratios, and 
thus isotopic analyses provide poor resolut ion. O n e strategy for o v e r c o m i n g 
this p r o b l e m is to purposeful ly manipulate the isotopic ratios i n one or more 
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of the e lement or biomass pools of interest. Th is manipula t ion is most easily 
accomplished b y label ing a nutr ient or substrate pool that is r e q u i r e d for a 
biological process. F o r example, 1 5 N - e n r i c h e d N H 4

+ or N 0 3 " can be used 
to label p r i m a r y producers , 1 3 C - e n r i c h e d amino acids can be used to labe l 
bacteria, or ^S-enr iehed S 0 4

2 ~ can be used to label the pathways and e n d 
products of bacterial sulfate reduct ion . 

T h e natural abundance of the stable isotopes 1 3 C , 1 5 N , and i n the 
environment relative to 1 2 C , 1 4 N , and 3 2 S is very l o w (1.12, 0.36, and 4.20%, 
respectively). I n addi t ion , the commerc ia l product ion of nearly p u r e 1 3 C , 

1 5 N , and (99+%) is relat ively easy. Therefore increasing the signal of 
the heavy isotope i n an entire ecosystem can be accompl ished economical ly 
b y a d d i n g only tracer amounts. F o r example, the 1 5 N isotope r e q u i r e d for 
the L a k e N 2 exper iment descr ibed here cost $300 and resul ted i n an increase 
of 3 0 % i n the δ 1 5 Ν value of phytoplankton. S imi lar ly , the 1 5 N used for the 
Alaskan w h o l e - r i v e r exper iment cost less than $4000 and resul ted i n an 
increase of 8 5 0 % i n the δ 1 5 Ν value of filamentous algae. Such large en­
richments prov ide greatly increased resolution i n tracing the pathways of 
ni trogen flow over t ime and distance. 

Fueling the Food Web 

Algal Production. T h e abundance of inorganic nutrients sets the 
general l eve l of product iv i ty i n most aquatic systems, and fert i l izat ion has 
profound effects on the fate of nutrients and the funct ioning of ecosystems. 
Responses of algae to increased nutrients are usually clear and dramatic i n 
lakes and streams (17, 53, 54). T h e l ink be tween algal product ion and the 
response of zooplankton and benthos has rece ived somewhat less attention, 
and the results are more variable. Some systems show increased secondary 
product ion after fert i l izat ion (55-57); i n other systems this response is absent 
or m u c h delayed (11, 58-61). S t i l l fewer studies have examined the extent 
to w h i c h n e w algal product ion is passed further u p the food chain (62, 63), 
or the " t o p - d o w n " effects of h igher l e v e l consumers on nutr ient cycles 
(64-66). I n general , i t remains diff icult to predic t w h e t h e r nutrients w i l l 
move along one pathway rather than another or h o w the par t i t ioning of 
nutrients between components of the ecosystem w i l l be regulated. 

Terrestrial Detritus. Var iabi l i ty i n ecosystem response to fer t i l iza­
t ion may be at tr ibuted i n part to the interact ion of aquatic and terrestr ial 
ecosystems. I n contrast to the many aquatic ecosystems i n w h i c h h igher 
t rophic levels are fueled almost ent ire ly b y organic matter or ig inat ing i n the 
water c o l u m n , other systems are d r i v e n b y inputs of particulate and dissolved 
organic matter f rom land . T h e importance of this l a n d - w a t e r interact ion i n 
regulat ing system metabol ism has been obvious to stream ecologists for some 
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t ime (67, 68). It has s t imulated m u c h recent work , especially i n boreal lakes 
(69-73) and estuaries (41, 74) w h e r e loading rates of terrestr ial organic matter 
are h i g h . 

In some boreal lakes u p to 8 0 % of b o d y carbon i n zooplankton may 
originate f rom allochthonus detritus (72). E v i d e n c e suggests that inputs of 
terrestrial detritus to l o w l a n d , coastal arctic lakes support m u c h of the sec­
ondary product iv i ty and biomass carbon i n aquatic food webs (62, 75). In 
u p l a n d arctic lakes far f rom the coast the importance of terrestrial inputs to 
organisms is less w e l l k n o w n (49, 76), a l though inputs of dissolved inorganic 
carbon from tundra do inf luence carbon c y c l i n g and the flux of C 0 2 and 
C H 4 f rom surface waters to the atmosphere (77). T h e fo l lowing stable-isotope 
experiments w e r e designed to test the importance of terrestr ial organic 
matter to the food w e b i n an u p l a n d arctic lake and to examine the transfer 
of organic matter f rom bacteria u p the food chain . 

Site Description 

L a k e N 2 lies i n the nor thern foothills of the Brooks Range on the N o r t h 
Slope of Alaska (68°38'N, 149°36 'W) about 0.5 k m northwest of the Tool ik 
L a k e Research Station (elevation 724 m above sea l e v e l ; see ref. 78). T h e 
lake is ol igotrophic and has a surface area of 1.8 ha, a watershed area of 9 
ha, and a m a x i m u m depth of 10.7 m (Figure 1). T w o channel ized inlet streams 
to the lake f low cont inuously for several weeks after snowmelt i n the spr ing ; 
f low later i n the s u m m e r is very l o w and dependent on episodic ra in events. 
T h e lake was d i v i d e d by a curta in i n 1985. T h e smaller of the two inlets 
enters the western or fer t i l ized side, and the larger inlet enters the eastern 
or control side of the lake. T h e outlet is on the fer t i l ized side of the lake. 
Ice, w h i c h covers the lake for 8 months of the year, usual ly melts i n early 
June d u r i n g or just fo l lowing peak runoff. T h e lake is thermal ly stratified 
f rom late June through August w i t h a thermocl ine 3 - 5 m deep and m a x i m u m 
surface-water temperatures of 18 °C (Figure 2). 

Surface-water c h l o r o p h y l l concentrations average only about 1 μg/L 
d u r i n g the summer , and the phytoplankton are most ly flagellates be longing 
to the Chrysophyceae , Cryptophyceae , and Dinophyceae . Bacter ia n u m ­
bers, around 2 X 1 0 6 / m L , are s imilar to those found i n nearby waters (79). 
F o u r species of macrozooplankton dominate the open water: Daphnia lon-
giremis, Bosmina longirostris, Diaptomus pribilofensis, and Cyclops scutifer; 
Polyphemus pediculus is found i n l i t toral areas. T h e microplankton consist 
main ly of several genera of oligotrichs and the rotifers Keratella cochlears, 
Kellicottia longispina, and Polyarthra vulgaris (80). T h e benthos i n L a k e 
N 2 , w h i c h is dominated b y the snail Lymnaea elodes, inc ludes a sparse 
c o m m u n i t y of ch ironomids , tricopterans, and sphaerids (81). T h e benthic-
feeding fish, s l imy sculpin (Cottus cognatus), and the plankt ivorous arctic 
grayl ing (Thymallus arcticus) are the only fish i n the lake (82). 
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Figure 1. Depth-area and hypsographic curves for the control and fertilized 

sides of Lake N2. 
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CONTROL 
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Figure 2. Time-depth diagrams of thermal structure during the 1988 experi­

ment for the control and fertilized sides of Lake N2. 
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Experimental Methods 

In 1985 Lake N 2 was divided by a polyethylene curtain as part of a long-term 
fertilization experiment (83). Each year unt i l 1991 nutrients were added contin­
uously to one side of the lake by using a solar-powered peristaltic p u m p , be­
ginning on July 1 and ending in mid-August. N H 4 N 0 3 was added at a rate of 
2.91 mmol of N / m 2 per day, and phosphoric acid was added at a rate of 0.23 
mmol of P / m 2 per day. The N : P ratio of added nutrients was similar to the 
Redfield ratio, and areal loading rates were about 5 times the natural loading 
rate of nearby Toolik Lake (84). 

In 1988, 0.335 g of 1 5 N (as 1 5 N H 4 C 1 ) was added per week to the fertil ized 
side of the lake and 0.113 g of 1 5 N was added per week to the control side. A 
larger mass of l o N was added to the fertilized side to compensate for the larger 
water volume and for the Ν fertilizer additions; the N H 4 N 0 3 fertilizer was 
assumed to have a δ 1 ο Ν of around 0%. The 1 5 N H 4 C 1 was added continuously 
to the epi l imnion by using a peristaltic pump or a Mariotte bottle dur ing the 
entire 6-week experiment. The total amount of Ν in the l o N H 4 C l added to the 
control side over the entire experiment, divided by the average volume of the 
epi l imnion (0-4-m depth; Figure 1), increased the concentration of nitrogen i n 
the epi l imnion by <0.002 μιηοΙ/L. Because the background concentration of 
dissolved inorganic nitrogen ( D I N ; N H 4

+ + N 0 3 " ) in the epi l imnion was always 
much greater than 0.1 μιηοΙ/L (the detection l imit of the analysis), no nitrogen 
fertilization effect was attributable to the isotope addition in the control side of 
the lake. 

Physical and chemical measurements were made weekly at a central station 
in each side of the lake. Water samples were filtered through Whatman G F / C 
or Gelman A / E glass-fiber filters (1.0-μπι pore size). N 0 3 " was measured by 
reduction to N 0 2 " in a cadmium column and formation of a pink azo dye, N H 4

+ 

was measured by using a phenol-hypochlorite method, and soluble reactive 
phosphate was measured by a molybdenum blue method. After 1990 nutrients 
were measured by using similar methods on a Technicon Auto Analyzer (83). 

Water for dissolved inorganic carbon (DIC) analysis was collected without 
exposure to the atmosphere and preserved wi th H g C l 2 . Samples were acidified 
with phosphoric acid and purged wi th nitrogen gas into a vacuum line. C 0 2 was 
collected by cryogenic distillation, and gas pressures were measured wi th an 
electronic manometric gauge (total precision ± 5 μπιοί of CO £ /kg) . The disti l led 
C 0 2 was then analyzed isotopically. Concentrations of dissolved C 0 2 ( C O ^ J 
were calculated from D I C , p H , and temperature data by using dissociation 
constants (85) and carbonate species relations (86). Water for dissolved organic 
carbon ( D O C ) was filtered through 0.22-μπι filters that were preleached in 50% 
purif ied H C 1 . Samples were acidified wi th purif ied H C 1 to p H 2 and stored 
refrigerated i n glass-stoppered bottles. Aliquots were analyzed for D O C by high-
temperature combustion using a platinum catalyst (Ionics). 

Particulate organic matter ( P O M ) was collected by filtration of open lake 
water at 4-m depth onto Whatman quartz or glass-fiber filters ( Q M - A or G F / C , 
effective wet pore size ~1 .0 μιη). The P O M is considered to be mainly phy-
toplankton, although some microheterotrophs and terrestrial detritus w i l l be 
retained by the filters. In the epil imnion (0-4-m depth) the average molar C : N 
ratios were 12.4 ± 1.12 S E (standard error of the mean, Ν = 16) in the control 
side and 8.2 ± 0.65 S E (Ν = 28) in the fertil ized side. C : N ratios tended to be 
higher in the control side, perhaps because of a greater influence of detrital 
inputs from the main lake inlet or greater nitrogen limitation compared to the 
fertilized side of the lake. Macrozooplankton were collected from vertical tows 
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with a 100- or 335-μπι mesh net, and the adults of major species were separated 
by hand under a dissecting scope. 

Zooplankton population samples for isotope analysis were composites of 
50-200 individuals. Population samples are less variable i n isotope composition 
than are samples of individuals. Replicate isotope analyses of composite samples 
of zooplankton or P O M collected at different locations within the lake varied by 
no more than 0.5%. Larger organisms such as molluscs, insects, and fish were 
analyzed individually. Molluscs were soaked in dilute HC1 to remove carbonates 
and then rinsed copiously with distil led water. F i s h muscle was analyzed. Sed­
iment trap material was collected in replicate cylinders (11.4-cm diameter, 76.2-
cm length) suspended at 4.5-m depth. A l l isotope samples were dried at 60 °C 
before analysis. 

In 1989 a second stable-isotope-addition experiment was performed i n 
10-m 3 polyethylene limnocorrals placed in both sides of the lake and not exposed 
to the sediments. The limnocorrals were large enough so that weekly sampling 
of macrozooplankton for isotope analyses depleted the animal numbers by less 
than 10% at the end of the experiment. In this experiment uniformly labeled 
1 3 C 6 - l e u c i n e and 1 5 N H 4 C 1 were added to the water every 3 days for the first 3 
weeks and then once weekly for the remaining 3 weeks of the experiment. The 
leucine addition was designed to label the bacteria wi th 1 3 C ; the phytoplankton 
would be labeled by the N H 4 . D u r i n g the 6-week experiment a total of 26.7 
and 13.3 mg of 1 3 C 6 - l e u c i n e at 85% isotopic enrichment was added to the fer­
t i l ized and control corrals, respectively. Twice as much leucine was added to 
the fertilized corral under the assumption that bacterial growth was double that 
in the control corral. The amount of leucine added increased the background 
concentration by <0.5 nmol/L per day, and so stimulation of bacterial growth 
by the added leucine was probably negligible. Inorganic Ν and Ρ were added 
to the fertilized limnocorral at the same volumetric loading rates as to the whole 

Measurements of carbon and nitrogen stable-isotope ratios were made by 
using a Finnigan M A T 251 or a Del ta S isotope-ratio mass spectrometer. Results 
are reported versus atmospheric nitrogen (N) or PeeDee Belemnite (C) as stan­
dards and calculated as: 

where R is ( 1 5 N / 1 4 N ) or ( 1 3 C/ 1 2 C) . Duplicate determinations on the same sample 
usually differed by <0.2%. 

Results and Discussion 

P h y t o p l a n k t o n . T h e exper imental design of the 1 5 N addi t ion to L a k e 
N 2 is shown i n F i g u r e 3. T h e background δ 1 5 Ν value of particulate terrestrial 
detritus averages 1 . 1 % (49); the background value of dissolved terrestrial 
detritus is u n k n o w n but assumed to be similar . Because n e w detr i tal inputs 
f rom the catchment remained unlabeled w i t h 1 5 N , and assuming that ter­
restrial detritus suspended i n the lake d i d not drastically increase i n δ 1 5 Ν 
value because of adsorption of 1 5 N H 4 C 1 , the relative importance of detr i ta l 

lake. 
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Figure 3. Experimental design. Diagram showing additions of nutrients and 
tracer amounts of 15N into the divided arctic lake, N2. 

inputs versus n e w algal product ion c o u l d be measured b y tracing the isotopic 
signal through the food web . Phytoplankton uptake of the added 1 5 N H 4 

occurred at a roughly l inear rate i n both the control and fer t i l ized sides of 
the lake. B y the e n d of the s u m m e r the δ 1 5 Ν values of P O M had increased 
f rom a background l e v e l of 3 - 4 % to around 2 5 - 3 0 % (Figure 4). 

L a b e l i n g of the phytoplankton ni trogen p o o l i n this l inear fashion was 
contrary to the expected result. T h e sol id l ine i n F i g u r e 4 shows the expected 
asymptotic increase i n 1 5 N that was calculated b y using the D I N concentra­
tions i n the e p i l i m n i o n , the addit ion rate of 1 5 N H 4 , and the assumption of 
a 1-week ni trogen-turnover t ime (87) i n the phytoplankton . A s imilar asymp­
totic increase i n 1 5 N content of phytoplankton, w i t h the phytoplankton reach­
i n g isotopic e q u i l i b r i u m i n 1 week, was measured i n an isotope-addit ion 
exper iment done i n l imnocorrals i n nearby Tool ik L a k e ( K i p p h u t , G . W . ; 
W h a l e n , S. C ; u n p u b l i s h e d data). 

T h e observed slow increase i n 1 5 N content of P O M at the start of the 
exper iment was probably caused b y isotopic d i l u t i o n f rom unlabe led dis­
solved inorganic ni trogen ( D I N ) brought into the lake f rom the catchment 
or input f rom the h y p o l i m n i o n v i a cross-thermocline m i x i n g . H o r i z o n t a l 
m i x i n g i n the e p i l i m n i o n is r a p i d i n this small lake; samples of moss and 
p e r i p h y t o n f rom next to the I 5 N drippers and o n the opposite shores of the 
lake were equal ly labeled. 

Inputs f rom the h y p o l i m n i o n can be est imated by us ing measured t e m ­
peratures (Figure 2) to calculate Brunt-Vâisâlà frequencies (Ν2); N2 values 
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Figure 4. Time course of labeling of POM ( particulate organic matter, primarily 
phytoplankton) with tracer additions of15N in the fertilized and control sides 
of Lake N2. The solid line represents the predicted labeling, given the turnover 
time of phytoplankton. Terrestrial detritus remained unlabeled throughout the 

experiment. 

were 1 .4-7 .8 X 10~3 s~2. These frequencies were then related to vert ical 
diffusion coefficients ( K J b y us ing an e m p i r i c a l relat ionship d e v e l o p e d for 
lakes s imilar i n size to L a k e N 2 (88, 89). Ca lcu la ted values of K . for mass 
were 1 .7 -6 .2 Χ 10" 4 cm 2 /s across the thermocl ine i n b o t h sides of the lake. 
W i t h the m a x i m u m gradient of D I N concentrations across the thermocl ine 
d u r i n g the exper iment (1.23 μπιοΙ/L per meter ; 83) and the m a x i m u m K~, 
the total flux of D I N into the e p i l i m n i o n over the course of the exper iment 
was 3.56 mol of N . Assuming that this unlabeled Ν had a δ 1 5 Ν value of 0%o, 
the d i l u t i o n effect w o u l d decrease the observed 30%o value i n the P O M 
b y less than 2%o. 

This scenario should be considered as a m a x i m u m effect of the h y p o l i m -
netic contr ibut ion because it does not i n c l u d e regeneration of 1 5 N i n the 
h y p o l i m n i o n from s inking phytoplankton and the subsequent transport of 
this 1 5 N back into the u p p e r water c o l u m n . C l e a r l y , this k i n d of d i l u t i o n is 
insufficient to account for the slow labe l ing of P O M at the start of the 
experiment . 

T h e second and more probable cause of the unexpected l inear increase 
i n δ Ι 5 Ν of P O M is the input of unlabeled Ν from the catchment. Because 
a water budget for L a k e N 2 is not available, only a rough estimate of the 
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catchment contr ibut ion is possible. W i t h an average prec ipi ta t ion of 2 m m / 
day, a 5 0 % loss of water to évapotranspiration and soi l storage, and a D I N 
concentration of 10 μ Μ i n the input water (78), a total of about 45 m o l of 
Ν c o u l d have been added to L a k e N 2 d u r i n g the experiment . Such an i n p u t 
w o u l d decrease a 3 0 % P O M value b y nearly 1 2 % . Thus inputs of Ν from 
the catchment probably are the right order of magnitude to explain 
the observed l inear increase i n 1 5 N label ing of the phytoplankton seen i n 
F i g u r e 4. 

A l t h o u g h the observed rate of labe l ing of P O M w i t h 1 5 N (the slope of 
the l ine indicates the increases) was s imilar be tween the contro l and fer t i l i zed 
sides, the rate may be affected b y different mechanisms w i t h i n the lake. F o r 
example, large differences i n the input of unlabe led ni t rogen from the catch­
ment be tween the two sides c o u l d differential ly affect the rate of 1 5 N uptake. 
S imi lar ly , differences i n the degree of Ν versus Ρ l imi ta t ion c o u l d affect the 
uptake rate b y algae. If the control side was always strongly P - l i m i t e d then 
the rate of ni trogen uptake may be lower than that expected i n the fer t i l ized 
side, w h e r e additions of Ν plus Ρ at the R e d f l e l d ratio w o u l d re l ieve Ρ 
l imi ta t ion . Because data o n hydrological budgets or nutr ient - l imi ta t ion ex­
periments are unavailable for L a k e N 2 , caution should be used i n inter­
pre t ing the s imilar rates of 1 5 N label ing of the phytoplankton. 

Zooplankton. T w o distinct patterns of ni trogen isotope content are 
observed among the zooplankton d u r i n g the summer . A t the start of the 
summer , pr ior to the 1 5 N additions, the relative order ing of the zooplankton 
w i t h respect to 1 5 N content resulted from the inherent t rophic fractionation 
of 1 5 N ; organisms higher i n the food chain are enr i ched i n 1 5 N (Figure 5). 
Diaptomus is exclusively herbivorous (49, 82), but Daphnia is also k n o w n 
to consume bacteria i n nearby Tool ik L a k e . T h e slight variations i n δ 1 5 Ν 
values among the herbivorous zooplankton may be due to selective feeding 
on phytoplankton species w i t h different 1 5 N contents (90). T h e magni tude 
of this potential effect i n L a k e N 2 is u n k n o w n because i n d i v i d u a l species of 
phytoplankton were not analyzed. 

A l t h o u g h Cyclops is the most widespread copepod i n lakes of this region 
(78), its diet is incomplete ly understood. Cyclops had the highest 1 5 N content 
of a l l zooplankton, and i n the fer t i l ized side of the lake Cyclops was nearly 
one f u l l t rophic l eve l enr i ched (~3%) above Daphnia. Thus Cyclops may 
funct ion as an o m n i v o r e or a carnivore i n this lake, and a second exper iment 
was per formed to address this quest ion. O v e r a l l , these natural-abundance 
isotopic values are s imilar to the δ 1 5 Ν values reported for zooplankton i n 
other arctic lakes (49, 52). 

B y the e n d of the s u m m e r al l zooplankton were e n r i c h e d i n 1 5 N , and 
Daphnia had δ 1 5 Ν values s imilar to those of P O M (Figures 4 and 5). Because 
zooplankton are labeled on a t ime scale that depends o n the ir t issue-turnover 
t ime , the final 1 5 N values represent equi l ibra t ion w i t h the 1 5 N content of 
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Figure 5. b15N values of Daphnia longiremis, Diaptomus pribilofensis, and 
Cyclops scutifer during the course of the 1988 experiment. Initial sampling on 

July 1 occurred just before the 15N additions began. 

P O M at some earl ier t ime i n the summer . Exact measures of the fraction 
of P O M i n the zooplankton diet or, conversely, measures of t issue-turnover 
t ime i n the zooplankton are possible only i f the 1 5 N p o o l i n P O M has come 
to e q u i l i b r i u m . E v e n though this e q u i l i b r i u m i n the P O M was not reached, 
it is clear that the growth and maintenance of these zooplankton d e p e n d e d 
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mainly on n e w algal product ion d u r i n g the exper iment rather than o n ter­
restrial detritus washed into the lake. 

T w o of the genera, Diaptomus and Cyclops, had δ 1 5 Ν values less than 
those of the phytoplankton at the e n d of the exper iment . In this case, an 
assessment of the importance of phytoplankton versus detri tus as food must 
consider several compet ing explanations for the patterns of isotope content 
i n the zooplankton. I n both control and fer t i l ized sides, the relative order 
of increasing 1 5 N content i n the zooplankton was reversed at the e n d of the 
summer , compared to the order at the start of the exper iment (F igure 5). 
Daphnia n o w had the highest δ 1 5 Ν values, fo l lowed b y Diaptomus and t h e n 
Cyclops. This reversal may be due to 

1. species-specific differences i n growth and ni trogen-turnover 
t ime i n the tissues, 

2. the t ime lag i n v o l v e d i n m o v i n g ni trogen through the plank-
tonic food w e b , or 

3. the differential rel iance on phytoplankton versus unlabe led 
foods such as terrestrial detritus for nutr i t ion . 

It is u n l i k e l y that the first possibi l i ty can account for m u c h of the variance 
because the specific growth rates of arctic zooplankton are fairly s imilar and , 
i f anything, Cyclops is the fastest growing (91). T h e second possibi l i ty is 
based on the fact that organisms higher i n the food chain take longer to 
receive the 1 5 N from lower t rophic levels. This explanation is consistent w i t h 
the preexper iment assignment of t rophic l eve l based o n δ 1 5 Ν values a l ­
though, as before, feeding on phytoplankton species w i t h di f fer ing 1 5 N con­
tents c o u l d produce a s imilar result. T h e t h i r d possibi l i ty is that Cyclops 
and Diaptomus feed less on phytoplankton and more o n terrestrial detr i tus 
or on another unlabe led food source l ike microheterotrophs that filter most ly 
bacteria (79). 

Analyses of carbon isotopic composi t ion w e r e per formed as an i n d e p e n ­
dent measure of potential food sources for zooplankton. T h e ô 1 3 C values of 
terrestrial detritus and of l i t toral zone émergents such as Carex ranged f rom 
- 2 6 . 0 to - 2 9 . 2 % (Table I; 49, 92). B y comparison, the zooplankton w e r e 
qui te deple ted i n 1 3 C ; their ô 1 3 C values were more s imilar to phytoplankton 
and ranged f rom - 3 2 . 1 % i n Daphnia to -41.0%o i n Cyclops (Table I). 

A t r e n d of 1 3 C enr ichment deve loped i n P O M as the s u m m e r progressed, 
especially i n the fer t i l ized side, where Ô 1 3 C values increased to around 
- 2 5 % (Table I). T h e 1 3 C content of zooplankton i n the fer t i l ized side m i r ­
rored this t rend , but the absolute 1 3 C enr ichment was less than that f o u n d 
i n P O M . T h e t r e n d i n P O M is caused i n smal l part by increasing ô 1 3 C - D I C 
values over the same t ime p e r i o d (Table II). M o r e important ly , increasing 
algal biomass and uptake of C 0 2 l o w e r e d dissolved C O £ concentrations to 
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Table I. δ 1 5 Ν and 6 1 3 C Values for Plants and Animals in Lake N2 

Control Fertilized 

Date &5N &3C Date &5N &3C 
Sample (1988) (¥00) (1988) (¥00) 

P O M (4-m depth) Jun 30 3.6 -35.9 Jun 30 4.1 -35.6 
Jul 5 6.8 -33.1 Jul 5 6.8 -33.6 
Jul 12 10.8 a Jul 12 8.6 -31.2 
Jul 19 15.0 -31.7 Jul 19 15.9 -27.9 
Jul 27 23.3 -29.0 Jul 27 21.3 -25.2 

Aug 2 25.5 -30.0 Aug 2 21.4 -26.4 
Aug 10 30.9 -28.5 Aug 10 24.2 -24.5 

Daphnia Jun 30 -35.2 Jun 30 
Jul 5 
Jul 12 
Jul 27 

4.0 
10.2 
15.9 
19.6 

-36.9 
-38.9 
-37.4 
-35.3 

Aug 10 34.0 -33.3 Aug 10 22.3 -32.1 
Diaptomus Jun 30 5.2 -34.9 Jun 30 6.8 -38.4 

Aug 10 23.4 -35.2 Aug 10 17.4 -33.2 
Cyclops Jun 30 5.9 -38.0 Jun 30 7.8 -41.0 

Aug 10 14.6 -37.5 Aug 10 15.7 -38.2 
Hydridae Jun 30 

Aug 16 
6.4 

24.7 
-36.6 
-37.5 

Periphyton (curtain) Jun 30 1.9 -29.9 
Aug 16 13.2 -31.6 Aug 16 3.4 -23.5 

Calliergon Aug 10 9.2 -35.7 Aug 10 10.7 -31.9 
Car ex Aug 10 1.0 -26.4 Aug 10 0.9 -29.2 
Lymnaea TLb = 12 mm Aug 10 6.5 -29.0 

TLb = 16 mm Aug 10 1.5 -30.7 
Valvata T L * = 5 mm Jun 25 6.4 -28.9 
Chironomid 

Jun 25 
Jun 30 3.8 -36.2 

Sculpin T L f c = 55 mm Jun 28 7.5 -31.1 Aug 9 9.3 -29.4 
T L b = 58 mm Aug 1 8.8 -31.8 

Grayling TLb = 249 mm Jun 30 7.2 -32.7 
TLb = 225 mm Jun 30 7.1 -32.3 

Jun 30 

TLb = 211 mm Aug 6 6.6 -31.5 
T L 6 = 197 mm Aug 8 14.7 -30.8 

NOTE : Blank spaces indicate that no sample was collected. 
"Not analyzed. 
'Total length. 

less than 6 μ Μ after Ju ly 13 i n the fer t i l ized side (77; Table II). A l t h o u g h 
the chemica l and physiological isotope fractionation effects associated w i t h 
this deple t ing p o o l of C 0 2 , i n c l u d i n g the effect of active transport of H C 0 3 ~ , 
are somewhat complex, they c o u l d account for m u c h of the observed 1 3 C 
enr ichment i n the P O M (93-95). 

T h e difference between zooplankton and P O M δ 1 3 0 values at the e n d 
of the exper iment could be explained b y lags i n t issue-turnover t ime of 
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Table Π. Concentrations of Dissolved Inorganic Carbon, Dissolved C 0 2 , 
and Dissolved Organic Carbon in Surface Waters of Lake N2 

Control Fertilized 

Date DIC C02diss &3C-DIC DOC DIC C02diss mc-Dic DOC 
(1988) (μΜ) (μΜ) (μΜ) (μΜ) (μΜ) (%o) (μΜ) 

Jun 30 1159 29.6 -5.0 1550 25.5 -4.9 
Jul 5 1214 23.7 -5 .3 1555 19.0 -4.9 
Jul 12 1161 22.6 a 1433 8.4 -4.4 
Jul 19 1158 23.3 -5.1 1375 5.6 -4.4 
Jul 27 1298 27.8 a 1437 5.7 -3.6 
Aug 2 1347 29.0 -4.1 1443 4.9 -3 .2 
Aug 10 1364 30.0 -3.8 1508 5.9 a 

Jun 29 560 460 
Jul 10 470 550 

NOTE: Blank spaces indicate that no sample was collected. 
"Not analyzed. 

zooplankton as discussed, h i g h l i p i d content i n zooplankton, or the fact that 
P O M represents a mixture of potent ia l foods. H i g h l i p i d content can deplete 
an organism i n 1 3 C relative to its food, al though an analysis of l i p i d content 
i n zooplankton from nearby lakes indicated that bulk isotopic values are 
l o w e r e d b y only 1 - 2 % f rom this effect (49). I n addi t ion , lbecause the P O M 
is a mixture of detritus and plankton, and because 8 1 3 C values of terrestrial 
material were less negative than P O M , the autochthonous por t ion of P O M 
must be more negative (96) and thus more s imilar to the zooplankton values. 
Because the difference i n carbon isotopic values between trophic levels is 
typical ly smal l , the dispari ty i n 5 I 3 C values be tween zooplankton and detri tus 
indicate that detritus is an unimportant food source for Daphnia, Diaptomus, 
and Cyclops. 

T h e final considerat ion i n zooplankton nutr i t ion is whether the m i c r o b i a l 
food w e b plays a role i n s u p p l y i n g carbon and nitrogen to the macrozoo-
plankton, and especial ly to Cyclops because its ô 1 3 C values are the most 
different from P O M . O b t a i n i n g measurements of isotopic composi t ion of 
bacteria or microheterotrophs is diff icult , and so a second exper iment was 
des igned to label natural bacteria w i t h 1 3 C - l e u c i n e and phytoplankton w i t h 
1 5 N H 4 C 1 i n mesocosms, and to fo l low the transfer of 1 3 C and 1 5 N through 
the food w e b . Microheterotrophs ( 2 0 - 1 0 0 - μ η ι length) w o u l d consume the 
labeled bacteria, and Cyclops w o u l d eat the microheterotrophs. 

Soon after the leucine exper iment began on July 2, 1989, the P O M i n 
both the control and fer t i l ized corrals was enr i ched i n 1 5 N , as were the 
grazers Daphnia and Diaptomus and, to a lesser extent, Cyclops (Table III). 
T h e h i g h in i t ia l δ 1 5 Ν - Ρ Ο Μ values o n June 29 were caused b y uptake of 
D I 1 5 N regenerated from the previous y e a r s 1 5 N whole- lake addi t ion exper­
iment (see F i g u r e 7). B u t the most startl ing result was that the P O M was 
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Table III. 6 1 3 C and δ 1 5Ν Values of P O M and Zooplankton from 1 3 C-Leucine 
and 1 5 N H 4 Addition Experiment in Lake N2 Limnocorrals, Summer 1989 

Control Fertilized 

Date &3C &5N &3C &5N 
Sample (1989) (iQ 

P O M Jun 29 -30.6 12.0 -31.3 22.2 
Jul 2 -29.5 6.8 -30.4 10.3 
Jul 6 -11.9 30.4 « a 

Jul 10 3.9 78.2 -12.7 77.2 
Jul 19 a a -17.6 78.7 
Jul 26 14.1 63.6 a — a 

Aug 2 22.5 86.1 -18.2 116.6 
Daphnia Jul 13 9.4 34.8 -15.4 60.4 

Jul 27 19.0 25.6 a — a 

Diaptomus Jul 13 3.3 38.9 -23.4 68.5 
Cyclops Jul 13 -30.4 18.6 -37.8 23.3 

Jul 19 a a -33.2 23.6 
Jul 27 -10.8 25.4 a a 

"Not analyzed 

also e n r i c h e d i n 1 3 C b y over 50%) i n the control corral . T h e simplest inter­
pretat ion of this enr ichment is that phytoplankton take u p 1 3 C - l e u c i n e , a l ­
though the enr ichment c o u l d be a result of contaminat ion. T h e potent ia l 
importance of this contamination can be d e t e r m i n e d b y us ing the fo l lowing 
mass-balance arguments. 

T h e enr ichment of algae b y 1 3 C - l e u c i n e might stem from the convers ion 
of added 1 3 C - l e u c i n e to inorganic 1 3 C 0 2 rather than the leucine b e i n g se­
questered as organic carbon i n plankton, and then the algae consume the 
labeled C 0 2 d u r i n g photosynthesis. B u t even i n the u n l i k e l y event that a l l 
of the 1 3 C - l e u c i n e was converted to 1 3 C 0 2 , the m a x i m u m enr ichment of the 
D I C pool available to phytoplankton w o u l d be about 10%. In this case the 
final P O M ô 1 3 C value w o u l d be around - 2 0 % rather than the 5 0 % value 
observed. T h e other potential source of contamination is bacteria (nearly a l l 
are free-living i n both sides of the lake) or microplankton retained o n the 
P O M filters. 

A worst-case scenario might assume that 50% of the 1 3 C - l e u c i n e is i n ­
corporated b y bacteria, 5 0 % of a l l incorporated 1 3 C is re turned to the dis­
solved pool as 1 3 C - l e u c i n e so that it may be taken u p again, and 5 0 % of the 
bacteria are retained on the P O M filters. W i t h the m a x i m u m concentrat ion 
of bacterial carbon observed i n the corrals (6.7 μπιοί of C / L ; 3.4 Χ 1 0 6 cells/ 
m L ) and a m i n i m u m P O M concentration (control corral , 50 μπιοί of C / L ) , 
the final ô 1 3 C value of P O M i n c l u d i n g the bacterial contamination w o u l d be 
about - 1 3 % . A d d i t i o n a l 1 3 C enr ichment from microheterotrophs, whose 
mean carbon concentration for control and fer t i l ized sides i n 1989 was 1.25 
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μπιοί of C / L (ciliates + rotifers + n a u p l i i ; 80), was calculated w i t h the 
assumption that their m a x i m u m 8 1 3 C value was 100%o. There are no direct 
measurements of bacterial or microheterotroph 8 1 3 C values. This value of 
100%) is the enr i chment expected to result f rom the amount of 1 3 C - l e u e i n e 
added to the bags, the range of bacterial product ion reported i n nearby 
Tool ik L a k e (79), and the fact that the microheterotrophs w o u l d have ô 1 3 C 
values s imilar to those of their bacterial food. T h e l e v e l of contaminat ion 
f rom microheterotrophs is s imilar to the l eve l of contamination f rom bacteria, 
and it w o u l d result i n a f inal P O M value of about - 1 6 % . 

E v e n consider ing these m a x i m u m contaminations, it is apparent that 
the uptake of added leucine , and perhaps of dissolved organic matter ( D O M ) 
i n general , must be considered as a source of carbon for phytoplankton and 
subsequently for herbivorous zooplankton, at least i n the control mesocosm. 
Use of D O M b y autotrophs has been previously reported i n marine algae, 
a l though the widespread occurrence, rates of uptake, and ecological signif­
icance of this use is st i l l i n quest ion (97, 98). It is t e m p t i n g to ascribe the 
larger 1 3 C enr ichment of P O M i n the control corral to lower nutr ient or 
labile D O C concentrations relative to the fer t i l ized corral . This assessment 
c o u l d be mis leading, however , because actual rates of bacterial uptake and 
therefore the amount of 1 3 C - l e u c i n e ul t imately available to phytoplankton 
are u n k n o w n . F u r t h e r long- term experiments of this k i n d , c o u p l e d w i t h n e w 
methods designed to measure the isotopic composi t ion of nucle ic and fatty 
acids i n bacteria and phytoplankton, w i l l he lp to clarify the importance of 
D O M uptake b y autotrophs i n ecosystem metabol ism. 

T h e relat ively smaller 1 5 N enrichments of Cyclops compared to phyto­
plankton and the other zooplankton i n the leucine exper iment are consistent 
w i t h the idea that Cyclops feeds on microheterotrophs that are less labeled 
w i t h 1 5 N than the phytoplankton. A s w i t h the 1 5 N , Cyclops was less e n r i c h e d 
i n 1 3 C than phytoplankton. B u t the 1 3 C p r o v e d less useful as a tracer because 
phytoplankton took u p the label and because the actual isotopic composit ions 
of bacteria and microheterotrophs were u n k n o w n . 

A series of feeding experiments us ing f luorescently labeled microspheres 
(2-μπι diameter) conf i rmed that Cyclops can feed on microheterotrophs. I n 
several experiments Daphnia consumed the microspheres al though Cyclops 
and Diaptomus d i d not (Rublee, P. Α.; K l i n g , G . W . ; u n p u b l i s h e d data). 
Microheterotrophs (mainly ciliates) alone were observed to consume the 
microspheres. W h e n Cyclops was added to a sample, the Cyclops became 
fluorescently labeled, c learly through the consumpt ion of labeled ciliates. 
Thus al l feeding experiments and isotope analyses are consistent w i t h the 
idea that Cyclops derives at least part of its nutr i t ion direc t ly through the 
microbia l food w e b . 

Use of D O M and Terrestrial Detritus. T h e importance of ter­
restrial ly d e r i v e d organic matter (dissolved and particulate) to zooplankton 
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nutr i t ion is now w e l l - k n o w n i n many subarctic and boreal forest lakes (70, 
73). A n i m a l s i n lowland arctic lakes on the coastal p l a i n may also der ive 
nutr i t ion f rom inputs of terrestrial peat (62). In comparison, the results f rom 
arctic L a k e N 2 are different i n that a m u c h smaller propor t ion of planktonic 
secondary product iv i ty d e p e n d e d on terrestrial organic matter. It is unclear , 
however , exactly h o w the microbia l food w e b is l i n k e d to dissolved and 
particulate organic matter f rom land. C e r t a i n l y the relative importance of 
allochthonus organic matter to pelagic organisms varies w i t h the magnitude 
of external inputs . This variation is seen f rom considerations of the ratio of 
open water to l a n d - w a t e r interface i n lakes of increasing size (99, 100) and 
of the nature of the coniferous forest soils and peatland catchments sur­
r o u n d i n g boreal or alpine lakes (J01, 102). 

E v e n w i t h i n the subset of boreal lakes there is probably a direct rela­
t ionship between external inputs of organic matter and their importance to 
zooplankton ( M e i l i , M . ; F r y , B . ; K l i n g , G . W . ; u n p u b l i s h e d data). In the 
case of L a k e N 2 and other up land arctic lakes, thermokarst processes and 
active erosion of shoreline peat banks are m u c h less important than they are 
i n coastal p la in lakes (62, 75, 103). In addi t ion , D O C made up less of the 
total organic carbon i n L a k e N 2 than it d i d i n the h u m i c lake s tudied b y 
Hessen (72); the ratio of D I C : D O C : P O C i n L a k e N 2 was 2 5 : 8 : 1 (Table II), 
whereas i n the h u m i c lake the ratio was 1 .6 :21 :1 . T h e lower loading rates 
of particulate carbon and the smaller relative amounts of D O M i n L a k e N 2 
may explain the observation that pelagic product iv i ty d e p e n d e d main ly on 
n e w algal product ion . 

Scal ing the use of terrestrial organic matter i n fresh waters to the mag­
ni tude of inputs is somewhat of an overs impli f icat ion, however . F o r example, 
i n an arctic stream w i t h active bank erosion the carbon and ni trogen budgets 
are dominated b y terrestrial material (92). B u t the reliance of stream insects 
on this material varies w i d e l y w i t h species and feeding mode , and the biomass 
i n f ish is d e r i v e d mostly f rom autochthonus product ion (17, 92). A second 
consideration is the fact that there are seasonal shifts of u p to 4 0 % i n the 
use and significance of l i t toral and terrestrial inputs (76, 104). F i n a l l y , the 
chemica l character or qual i ty of organic matter varies greatly w i t h its or ig in 
and pathways of degradation (73, 100). Trac ing the flow and biogeochemical 
transformation of organic matter w i t h stable isotopes provides a means of 
easily integrating the details of specific processes into patterns of overal l use 
or importance i n an ecosystem. 

Benthie Food Web. I n contrast to the planktonic c o m m u n i t y , there 
was a m u c h smaller enr ichment of 1 5 N i n plants and animals of the benthie 
food w e b . T h e moss Calliergon showed an enr ichment i n 1 5 N u p to about 
10%, w h i c h indicates that these plants are drawing f ixed ni trogen direct ly 
f rom the water c o l u m n (Table I; natural-abundance δ 1 5 Ν values of Calliergon 
are around 1 -2%) . Penphyton scraped from the control side of the curta in 
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d i v i d i n g the lake had δ 1 5 Ν values s imilar to those of the moss, but o n the 
fer t i l ized side the Penphyton was less e n r i c h e d (Table I). This difference 
was probably caused b y the thick mat of Periphyton f rom previous years' 
growth that had accumulated o n the fer t i l ized side. This o lder unlabe led 
material was i n c l u d e d i n the sampl ing and d i l u t e d the 1 5 N signal. 

T h e 1 5 N content of snails, caddis flies, and sculpin increased only sl ightly 
over the s u m m e r i n 1988 (F igure 6). Th is slower response indicates that 
n e w algal product ion is in i t ia l ly unimportant i n the diets of benthos, and 
that there is a lag be tween product ion and consumption. I n spr ing 1989, 10 
months after s topping the 1 5 N additions, most animals had higher 1 5 N con­
tents than at the e n d of the exper iment i n 1988. Thus for most benthie 
organisms there was a t ime lag of at least one growing season i n their i n ­
corporat ion of ni trogen f rom phytoplankton. 

Part of this t ime lag is caused b y the delay i n n e w planktonic product ion 
sett l ing to the bot tom of the lake. This delay was empir i ca l ly d e t e r m i n e d 
b y analyzing the 1 5 N content of material col lected i n sediment traps sus­
p e n d e d near the mean lake d e p t h on both sides. O n August 3, 1988 the 
δ 1 5 Ν value of this material was 12.6 and 1 1 . 4 % i n the control and fer t i l ized 
sides, respect ively. A second col lect ion was made 2 weeks later o n A u g u s t 
16, and the respective δ Ι 5 Ν values had increased to 19.8 and 15 .5%. Because 
the 1 5 N label ing of P O M was roughly l inear over t ime (F igure 4), the average 
sett l ing t ime was calculated b y extrapolating these isotopic values back to 
w h e n P O M i n the water c o l u m n had s imilar values. F o r the first col lect ion 
date the observed sett l ing t ime was 18 days i n both sides. F o r the second 
col lect ion date the t ime was 23 and 27 days i n the control and fer t i l ized 
sides, respectively. T h e longer sett l ing t imes near the e n d of the exper iment 
are expected because of the part ial breakdown of stratification and the as­
sociated increase i n turbulent m i x i n g (Figure 2). 

A n o t h e r part of this t ime lag i n 1 5 N incorporat ion b y the benthos is 
explained b y the d i l u t i o n effect of unlabeled detritus deposi ted i n previous 
years. In a s imilar tracer study us ing 1 4 C i n marine sediments, benthie grazers 
h ighly selective for phytodetr i tus became labeled s imi lar ly to phytoplankton 
w i t h i n 2 months; other, less selective, grazers were labeled at a l e v e l on ly 
10 to 3 0 % of that of phytoplankton after 5 months (105). In L a k e N 2 the 
rates of incorporat ion of n e w product ion were s imilar to those of the less 
selective grazers i n the 1 4 C study. A p p a r e n t l y the benthos i n L a k e N 2 d i d 
not readi ly dis t inguish n e w algal product ion f rom o l d phytodetr i tus or ter­
restrial detritus i n the sediments. 

A n exception to the slow and steady labe l ing of benthie animals d u r i n g 
the first 2 years was the isotopic shifts i n the p i l l c lam Pisidium. Pisidium 
use their siphons to filter phytoplankton f rom the water c o l u m n , and so 
became labeled rapidly w i t h I 5 N d u r i n g the first summer . B y the fo l lowing 
spr ing , however , Pisidium had lost nearly a l l of its 1 5 N label (F igure 6). Th is 
pattern of changing 1 5 N content i n Pisidium was s imilar i n the fer t i l ized and 
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Control 
20 r 

Fertilized 

1988 1989 
Figure 6. Changes in 15N content of benthos and fish in Lake Ν2 from June 

1988 to June 1989. 
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control sides of the lake. Because a l l tissue ni trogen i n the clams must have 
been replaced to account for the loss of 1 5 N , Pisidium must have changed 
its food source over the winter . T h e fo l lowing spr ing the P O M was s t i l l 
enr i ched i n 1 5 N (Figure 7), so even i f the clams remained inactive or frozen 
over the w i n t e r and began to feed again i n early s u m m e r they w o u l d have 
been labeled. A more l ike ly scenario is that d u r i n g w i n t e r these clams b u r r o w 
into the interst i t ial water i n unfrozen sediment and feed on bacteria or fine 
particulates that were unlabe led w i t h 1 5 N . 

Fluxes and Pathways of Ν Flow. I n 1988 the fer t i l ized side of the 
lake showed dist inct increases i n the rates of p r i m a r y p r o d u c t i o n i n the water 

ο I ' '• • • • «Ι I- • • • . 1 « • • 

July Aug July Aug July 

1988 1989 1990 
Figure 7. 15N values of POM taken from 4-m depth in control and fertilized 

sides of Lake N2 from 1988 to 1990. 
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c o l u m n and i n the surface sediments, compared to p r o d u c t i o n i n the control 
side of the lake (83). I n addi t ion , there were increases i n densities of the 
zooplankton except for Cyclops and of the benthos except for ch i ronomids 
and sculpin (83). Thus the overal l response to fert i l izat ion was an increase 
i n the flux of ni trogen through the pelagic and benthie food webs , as has 
been found i n other whole- lake fert i l izat ion studies (18). 

T h e mass of a nutr ient m o v e d through different pools is only part of the 
ecosystem response, and a second quest ion is whether the pathways of 
nutr ient flow or the trophic interactions were altered b y the fert i l izat ion. In 
both sides of L a k e N 2 there were s imilar patterns and rates of 1 5 N enr i chment 
i n pelagic and benthie organisms (Figures 4 -8 ) . A n exception to this was 
the fact that a grayl ing f rom the fer t i l ized treatment was more e n r i c h e d i n 

1 5 N b y the e n d of the s u m m e r than a s imi lar ly s ized grayl ing taken from the 
control side. G r a y l i n g of this size are zooplanktivorous i n these lakes (82), 
and therefore it is u n l i k e l y that the control f ish was less e n r i c h e d i n 1 5 N 
because it fed on benthos (lower i n 1 5 N ) rather than zooplankton (higher i n 

1 5 N ) . A l t h o u g h there is only one sample, it may be that fish growth was 
faster i n the fer t i l ized treatment and thus more of the fish tissue was labe led 
w i t h 1 5 N . O v e r a l l , however , the s imilar rates and patterns of isotopic labe l ing 
suggest that the pathways of ni trogen flow i n the ecosystem were unal tered 
b y fert i l izat ion. 

Nitrogen Retention Time. Discuss ion of the 1 5 N isotope results so 
far has been i n the context of a cont inuous-addit ion exper iment . B u t the 

1 5 N addi t ion i n 1988 can also be v i e w e d as a pulse exper iment w h e n con­
s ider ing longer t ime scales. I n both sides of L a k e N 2 the 1 5 N content of 
P O M was h i g h i n the fo l lowing early s u m m e r of 1989, 10 months after the 
1 5 N addi t ion stopped, and was even sl ightly above background the fo l lowing 
s u m m e r i n 1990 (Figure 7). Several mechanisms of removal contr ibute to 
the decreases i n δ 1 5 Ν values of P O M over t ime . E a r l y i n the s u m m e r the 
most important of these mechanisms is flushing f rom snowmelt and runoff, 
and d i l u t i o n of 1 5 N b y the cont inued addi t ion of unlabe led fer t i l izer (F igure 
7). Throughout the remainder of the growing season the mechanisms of 
biological uptake, sedimentat ion and bur ia l , and chemica l removal through 
denitr i f icat ion may also be important . 

D e t e r m i n i n g nitrogen-retention times for entire ecosystems b y mea­
sur ing standing stocks and fluxes of ni trogen i n a l l important pools is diff icult , 
and the propagation of errors i n such an exercise w o u l d reduce confidence 
i n the final estimate. If, however , phytoplankton integrate the amount of 

1 5 N remain ing and available i n the water c o l u m n , then the calculation of a 
nitrogen-retent ion t ime is m u c h s impler and potential ly more accurate. 

This m e t h o d of establishing retent ion t ime is v a l i d only i f isotopic frac­
t ionation effects d u r i n g ni trogen transformations are unimportant . F o r ex­
ample , nitr i f icat ion results i n a 1 5 N enr ichment of the res idual N H 4

+ p o o l 

 P
ub

lic
at

io
n 

D
at

e:
 M

ay
 5

, 1
99

4 
| d

oi
: 1

0.
10

21
/b

a-
19

94
-0

23
7.

ch
00

4

In Environmental Chemistry of Lakes and Reservoirs; Baker, L.; 
Advances in Chemistry; American Chemical Society: Washington, DC, 1994. 



Fi
gu

re
 

8.
 b

I5
N

 
va

lu
es

 o
f 

or
ga

ni
sm

s 
in

 L
ak

e 
Ν

2 
be

fo
re

 a
nd

 a
ft

er
 

15
N

 a
dd

it
io

ns
. 

In
iti

al
 

bl5
N

 
va

lu
es

 a
re

 g
iv

en
 i

n 
pa

re
nt

he
se

s,
 

an
d 

bo
ld

fa
ce

 
nu

m
be

rs
 a

re
 f

in
al

 v
al

ue
s 

af
te

r 
th

e 
6-

w
ee

k 
ex

pe
ri

m
en

t. 
T

he
 l

ar
ge

st
 i

nc
re

as
es

 i
n 

' W
 

co
nt

en
t 

oc
cu

rr
ed

 
in

 p
hy

to
pl

an
kt

on
 (

P
O

M
) 

an
d 

su
bm

er
ge

d 
m

os
se

s.
 

 P
ub

lic
at

io
n 

D
at

e:
 M

ay
 5

, 1
99

4 
| d

oi
: 1

0.
10

21
/b

a-
19

94
-0

23
7.

ch
00

4

In Environmental Chemistry of Lakes and Reservoirs; Baker, L.; 
Advances in Chemistry; American Chemical Society: Washington, DC, 1994. 



4. K L I N G Use of Stable Isotopes in Fresh Waters 115 

and relocates 1 5 N into a pool of N 0 3 ~ that may be less rapid ly used b y 
phytoplankton. I n L a k e N 2 , both N H 4

+ and N 0 3 " w e r e deple ted to very 
l o w levels by phytoplankton d u r i n g 1988-1990 (83). E v e n i f there were 
isotopic fractionations, the effects o n the f inal δ 1 5 Ν values of P O M w o u l d 
be negl igible . A second potential ly important process is denitr i f icat ion, w h i c h 
leaves a residual p o o l of N 0 3 " enr i ched i n l 5 N . A l t h o u g h ni t rogen is lost 
from the system d u r i n g this process, the retent ion t ime w o u l d be over­
estimated because of the preferential accumulat ion of 1 5 N i n the res idual 
N 0 3 " pool . I n L a k e N 2 , as i n nearby Tool ik L a k e , rates of denitr i f icat ion 
appear to be l o w (83, 106). These fractionation effects, a l though potent ial ly 
important i n this study w h e r e the δ 1 5 Ν value of phytoplankton was increased 
b y only 3 0 % , w o u l d have a negl igible effect i f the phytoplankton enr ichment 
was, for example, 3 0 0 % or an order of magnitude greater than the m a x i m u m 
expected fractionation. 

In early 1989, the year fo l lowing the 1 5 N addi t ion , the in i t ia l δ 1 5 Ν value 
of P O M was greater i n the fer t i l ized side than i n the contro l side of the lake 
(F igure 7). This difference most l ike ly resulted f rom greater inputs of n i t ro­
gen f rom the m a i n lake inlet to the control side d u r i n g spr ing runoff. A d ­
dit ions of ni trogen fert i l izer began o n July 1, and the dramatic decrease i n 
δ 1 5 Ν of P O M i n the fer t i l ized side d u r i n g the first week of Ju ly i n 1989 was 
caused b y this d i l u t i o n w i t h unlabeled ni trogen. B y the t h i r d year after the 

1 5 N addit ion the δ 1 5 Ν values of P O M had r e t u r n e d to near-background levels 
i n bo th sides of the lake (Figure 7). Thus it appears that i n L a k e N 2 the 
nitrogen retention t ime is about 3 years i n both the control and fer t i l ized 
sides of the lake. I n Tool ik L a k e the retent ion t ime of ni trogen is m u c h 
shorter, o n the order of 1 year (84), probably because Tool ik has a m u c h 
greater ratio of watershed area to lake area than does L a k e N 2 (66:1 compared 
to 5 : 1 , respectively). 

T h e calculated retention t ime was very s imilar be tween the control and 
the fer t i l ized treatment. Thus nutr ient enr i chment had l i t t le effect o n the 
retent ion t ime of ni trogen i n this ecosystem. T h e greater de l ivery of n i t rogen 
to the fer t i l ized side must have been ful ly balanced b y compensat ing loss 
mechanisms. Loss f rom flushing w o u l d increase s imply because of the greater 
stock of ni trogen i n the water c o l u m n , and loss f rom sedimentat ion w o u l d 
increase because of the increases i n algal product ion . It is u n k n o w n , h o w ­
ever, what the response t ime of these compensat ing mechanisms is and 
whether this balance was achieved rapidly or only after 3 years of fert i l izat ion. 
A l t h o u g h the amount of ni trogen i n the water c o l u m n and eventual ly i n the 
entire system is ul t imately set by the physica l de l ivery rate, the c o m p e n ­
sating mechanisms that control retent ion t ime appear to be biological . A d ­
dit ional ly , the control l ing effect of these mechanisms seems independent of 
the amount of nutr ient added, at least w i t h i n the range of condit ions en ­
countered i n L a k e N 2 . In general , b iological mechanisms w i l l become more 
important as the physical flushing decreases. 
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Summary 

Value of Isotopic Labeling. T h e experiments descr ibed demonstrate 
the usefulness of stable-isotope additions i n unders tanding t rophic interac­
tions and biogeochemical fluxes i n whole ecosystems. U s i n g stable isotopes 
as chemica l tracers i n natural , undis turbed systems is especially h e l p f u l i n 
interpret ing the results of perturbat ion experiments . 

T h e 1 5 N content of phytoplankton increased rapidly fo l lowing the 1 5 N H 4 

additions to the water c o l u m n of L a k e N 2 , and b y the e n d of the exper iment 
δ 1 5 Ν values of P O M were e n r i c h e d to 25-30°/oo. S imi lar label ing of pelagic 
zooplankton w i t h 1 5 N indicated that these organisms re l i ed main ly o n n e w 
algal product ion as a source of ni trogen and carbon rather than on unlabe led 
terrestrial detri tus. N e w algal product ion is in i t ia l ly unimportant i n the diets 
of benthos; the t ime lag i n v o l v e d results f rom a delay i n the transport of 
P O M to the sediment and the d i l u t i o n of 1 5 N label b y older phytodetr i tus 
and terrestrial detri tus. 

N u t r i e n t enr ichment s t imulated the ni t rogen-cyc l ing rate and thus the 
mass of ni trogen m o v i n g through the ecosystem. H o w e v e r , the trophic path­
ways of ni trogen flow were unal tered b y fert i l izat ion. A ni trogen-retent ion 
t ime i n the ecosystem of about 3 years was calculated b y us ing phytoplankton 
as integrators of the 1 5 N r e m a i n i n g i n the water c o l u m n each spr ing. T h e 
retent ion t ime was s imilar between control and fer t i l ized treatments, a result 
indicat ing that nutr ient enr ichment had l i t t le effect on ni trogen-retent ion 
t ime. 

F e e d i n g experiments c o u p l e d w i t h 1 3 C - l e u c i n e additions indicated that 
the zooplankton Cyclops d e r i v e d some nutr i t ion direct ly f rom the microb ia l 
food w e b . In addit ion, there was indirect evidence of D O M uptake by 
phytoplankton, and the subsequent transfer of that carbon to macrozoo-
plankton. 

Considerations in Stable-Isotope Experiments. Isotopic tracer 
additions should label the specific poo l of interest qu ick ly , before chemica l 
or biological transformations of no interest distr ibute the tracer throughout 
the ecosystem. F o r calculation of transfers of material f rom one pool to 
another the isotope must be w e l l m i x e d w i t h i n the ecosystem i n the c o m ­
p o u n d it is supposed to trace, and the isotopic content between b o t h pools 
should be given t ime to reach e q u i l i b r i u m . 

Smal l enrichments of stable isotopes can be used for detai led studies of 
specific processes such as denitr i f icat ion. If these processes are important 
i n the flux of material i n the ecosystem from an isotopic mass-balance stand­
point , then process rates and associated isotopic fractionations must be mea­
sured independent ly . Al ternat ive ly , sufficient isotope must be added to en­
r i ch the pool of interest to a l e v e l at w h i c h the magnitude of fractionation 
effects is negl igible . F o r example, an enr ichment of a m m o n i u m b y 1 order 
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of magnitude over the m a x i m u m fractionation effect expected d u r i n g n i t r i ­
fication (about 30%o) w o u l d result i n at most a 10% error i n the isotopic 
mass balance i f the entire a m m o n i u m pool were n i t r i f ied d u r i n g the exper­
iment . 
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Effects of Acidification on Chemical 
Composition and Chemical Cycles 
in a Seepage Lake 
Inferences from a Whole-Lake Experiment 

Carolyn J. Sampson1, Patrick L. Brezonik1,*, and Edward P. Weir2 

1Department of Civil and Mineral Engineering, University of Minnesota, 
Minneapolis, MN 55455 

2Minnesota Pollution Control Agency, Rochester, MN 55904 

Responses of the major ion and nutrient chemistry of Little Rock 
Lake, Wisconsin, to experimental acidification are described, and the 
underlying processes affecting the responses are inferred. Total base 
cations increased from 90 to 140 μequiv/L over the pH range of the 
experiment (6.1-4.7). The order of increase was Ca2+ >> Mg2+ > 
K+ > Na+. Loss of exchangeable cations from the upper few centi­
meters of sediment by H+-cation exchange can account for the in­
crease in water-column cations, and evidence indicates that the sur-
ficial sediments became acidified. The necessary reversal of this effect 
will probably slow the recovery of water-column alkalinity. Several 
reactor-based models that describe internal alkalinity-generation 
processes are presented to predict rates of alkalinity recovery in the 
water column. Major impacts on lake nutrient chemistry were not 
observed to pH 4.7, but small differences were found between treat­
ment and reference basins of the lake for summer epilimnetic averages 
of silica and inorganic nitrogen at pH 4.7. Total Ν was lower in the 
treatment basin at pH 5.1 and 4.7. N2-fixation was inhibited in the 
treatment basin at pH 4.7 but, in contrast to observations on other 
acidified lakes, under-ice nitrification was not inhibited. 

*Corresponding author 

0065-2393/94/0237-0121$10.75/0 
© 1994 American Chemical Society 

Pu
bl

is
he

d 
on

 M
ay

 5
, 1

99
4 

on
 h

ttp
://

pu
bs

.a
cs

.o
rg

 | 
do

i: 
10

.1
02

1/
ba

-1
99

4-
02

37
.c

h0
05



122 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

- A C I D I F I C A T I O N C A U S E S A W I D E V A R I E T Y of chemica l and biological changes 
i n lake ecosystems. A n understanding of response mechanisms is n e e d e d to 
correct ly m o d e l the effects of acidification on water chemistry and the t i m e 
to recovery under reduced acid loading. Accurate models prov ide pol i cy­
makers w i t h interpretations of the current situation and h e l p i n evaluation 
of the need for legislated reductions of ac id-producing emissions. 

W e report results of a 6-year acidification exper iment designed to ver i fy 
and quantify the changes resul t ing f rom acidification i n a smal l seepage lake. 
B o t h laboratory and whole- lake experiments w e r e used. E x p e r i m e n t a l m a ­
nipulat ion of whole- lake ecosystems offers several advantages over other 
approaches i n evaluating the effects of acidif ication (J). Whereas data f r o m 
lake surveys are useful i n generating hypotheses, wel l -des igned whole- lake 
manipulat ions can be used to test hypotheses and ver i fy cause-effect re la­
t ionships. In addi t ion , lake manipulat ions prov ide opportunit ies to interpret 
the mechanisms of acidification and develop determinis t ic models . 

Th is chapter summarizes water chemistry changes and effects of ac id i ­
fication on biogeochemical processes. W e focus on major ions and nutr ients , 
discuss internal alkalinity generation and sediment ion-exchange processes, 
and present p r e l i m i n a r y recovery models . Results for trace and m i n o r metals 
and other chemical constituents are presented elsewhere (2-4). 

Background Information 

Site Description. L i t t l e Rock L a k e ( L R L ) is a soft-water o l igotrophic 
seepage lake located i n the N o r t h e r n H i g h l a n d L a k e D i s t r i c t i n north-central 
W i s c o n s i n (Vilas C o u n t y ; 45°59 '55"N, 89°42 '15"W) . P u b l i c access to the site, 
w h i c h is i n the N o r t h e r n H i g h l a n d s State Forest , has been restr icted since 
the study began. 

T h e lake lies i n an uninhabi ted forested watershed (mixed conifers and 
hardwood) w i t h h ighly permeable sandy soil (Sayner R u b i c o n Sand) that 
overlies —40 m of noncalcareous glacial material that was deposi ted d u r i n g 
the last glaciation w h e n most of the lakes i n the region, i n c l u d i n g L R L , w e r e 
formed. This deposit overlies Precambrian i g n e o u s - m e t a m o r p h i c bedrock. 
T h e lake has two main basins that are separated by a narrow constr ict ion 
(F igure 1). T h e two basins are s imilar i n surface area, but the south basin 
has smaller average and m a x i m u m depths than the nor th . Stratification i n 
the south basin is weak and ephemeral , but the deeper nor th basin forms a 
small h y p o l i m n i o n that becomes anoxic b y m i d s u m m e r . 

L R L is a groundwater recharge system (no surface inlets or outlets) and 
receives 9 8 - 1 0 0 % of its water f rom precipi tat ion direc t ly onto the lake sur­
face. G r o u n d w a t e r seepage accounts for about 3 5 % of the water output from 
the lake, and evaporation accounts for the remain ing 65%. Water residence 
t ime, τ ν ν , is about 9 - 1 1 years. M o s t of L R L is situated above the regional 
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60 120 240 m 

Figure 1. Bathymétrie map of Little Rock Lake, WI. Contours are given in 
meters. Treatment-basin surface area was 9.8 ha; mean depth was 3.8 m; and 
maximum depth was 10.3 m. Reference-basin surface area was 8.1 ha; mean 

depth was 3.1 m; and maximum depth was 6.5 m. 

surficial (unconfined) groundwater table, w h i c h slopes d o w n w a r d f rom south­
east to northwest . A s a result , groundwater in f low occurs on ly i n the extreme 
southeast corner of the lake. D u r i n g years w i t h relat ively h i g h prec ipi ta t ion 
(such as 1984-1986) about 2 % of the inf low was contr ibuted b y shal low 
groundwater . D u r i n g the drought i n 1987-1989 the water table d e c l i n e d 
b e l o w the lake l eve l even at the southeast corner ; no groundwater in f low 
occurred, and the lake l eve l dec l ined b y nearly 1 m . N e a r - n o r m a l p r e c i p i ­
tation was not sufficient to raise the water table i n 1990, and the lake con­
t i n u e d to receive a l l of its water direct ly f rom the atmosphere u n t i l 1991. 

T h e chemistry of L R L reflects the provenance of its water; specific 
conductance is very l o w (—12 ^iS/cm), near that of local rainfal l . Total base-
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cation concentration is —91 μequiv/L, alkal inity is —25 μ β ς η ί ν / ί , a n d n u ­
tr ient levels also are low. M a j o r sources of the elements and ions f o u n d i n 
the lake are wet and d r y atmospheric deposi t ion, but l i t terfal l from sur­
r o u n d i n g hardwoods and conifers also provides nutrients and some ions. 
Sinks for chemical constituents inc lude groundwater recharge, sedimenta­
t ion of particulate matter, and diffusion of ions into the sediment , w i t h 
subsequent diagenetic conversion to sol id forms. 

Experimental Design. T h e two basins w e r e m o n i t o r e d d u r i n g 
1983-1985 to establish preacidif icat ion l imnologica l condit ions. I n A u g u s t 
1984 a Dacron-re inforced p o l y v i n y l barr ier was instal led at the narrows 
d i v i d i n g the two basins (F igure 1). Results through M a y 1985 showed that 
the basins were nearly ident ical w i t h respect to chemica l condit ions (5, 6). 
T h e south basin was left as a reference throughout the exper iment . 

Stepwise acidification of the nor th basin began i n M a y 1985: three 2-
year treatments w i t h technical-grade sulfuric ac id l o w e r e d the p H from the 
in i t ia l value of 6.1 to target values of 5.6, 5 .1 , and 4.7. T h e ac id was added 
from a fiberglass boat and m i x e d b y the turbulence of an outboard motor . 
M o n i t o r i n g of ep i l imnet i c p H at numerous locations showed that r a p i d m i x ­
i n g was achieved. T h e basin p H was moni tored at least week ly . A c i d was 
added as necessary d u r i n g the ice-free season to maintain the p H near the 
target l eve l . 

Table I shows the p H values (summer average and the s u m m e r and 
w i n t e r m a x i m u m and m i n i m u m ) for the ac idi f ied basin d u r i n g each treatment 
p e r i o d . Background values (after barr ier installation but before ac id addition) 
are shown for comparison. O n the whole , target values were achieved. T h e 
average s u m m e r p H values are w i t h i n 0.18 of the target values, and s u m m e r 
m i n i m a are not more than 0.21 p H uni t b e l o w the target. Di f ferent biogeo-
chemica l processes may respond p r i m a r i l y to extreme values or to long- term 
values. F o r example, biological processes may be most sensitive to the m i n ­
i m u m p H value, whereas chemical processes such as i o n exchange may be 
more sensitive to the average p H value. To s impl i fy the discussion, w e w i l l 
refer to each treatment p e r i o d b y its target p H . 

Experimental Methods 

Water Chemistry . Sampling and analytical procedures, as wel l as quality 
control and assurance information for chemical and biological parameters, are 
described in detail elsewhere (e.g., 7-9). A brief summary of sampling and 
analytical methods is provided here. Water samples were collected biweekly 
during the ice-free season and every 5 weeks under the ice at depths of 0, 4, 
6, 8, and 9 m in the north basin and 0, 4, and 6 m in the south basin. Water 
was pumped from depth by using a peristaltic pump and Tygon tubing and 
collected i n prewashed polyethylene bottles. Alkal ini ty and p H were measured 
on unfiltered, unpreserved samples. 
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The p H was measured wi th a radiometer ( P H M 84) or Beckman (φ41) closed-
cell p H meter wi th in 4 h of sampling. Acid-neutralizing capacity ( A N C ) , often 
referred to as alkalinity, was calculated from titration data by the Gran procedure. 
Major cations, anions, and inorganic nutrients were measured on samples filtered 
through in-line 0.4-μπι membrane filters (Nuclepore) i n the field. Major cations 
( C a 2 + , M g 2 * , K + , and N a + ) were measured by flame atomic absorption spec­
trophotometry (AAS); anions (CI", SO/" , and F~) were determined by ion chro­
matography. A m m o n i u m was analyzed manually by the indophenol method (JO), 
and nitrate was measured by the automated cadmium reduction method or ion 
chromatography. Total nitrogen was measured by converting all nitrogen forms 
to nitrate by alkaline persulfate oxidation (JI) and subsequent analysis of nitrate 
by the automated cadmium reduction method (12). Soluble reactive phosphate 
was analyzed manually by the ascorbic ac id-molybdenum blue method, and 
total phosphorus was determined similarly after persulfate digestion (12). Soluble 
reactive silica was determined manually by the molybdosilicate heteropoly blue 
method (12). Nitrogenase activity (N 2-fixation) in periphyton and benthie algae 
was estimated by the acetylene reduction assay, as described by Dierberg and 
Brezonik (13) and Flett et al. (14). 

H + - C a t i o n Exchange. Sediment samples used to measure exchangeable 
cations were collected from 5-m sites in both basins of L R L i n October of 1987 
(the first year at p H 5.1). Samples were obtained by a box core, which was 
subcored by using Plexiglas tubes that were subsequently extruded into 2- or 
4-cm sections. A fractionation scheme, based on techniques developed by Tessier 
et al. (15) and Suhr and Ingamells (16), was developed to determine the con­
tribution of organic matter, ion exchange, and mineral phase to the total base-
cation content of the sediments (17). The exchangeable fraction of base cations 
( C a 2 + , M g 2 + , N a + , and K + ) was determined by the ammonium saturation method 
(18). The hydrogen peroxide digestion method of Tessier et al . (15) was used to 
determine the amounts of base cations associated with the organic fraction of 
the sediments. The total base-cation content of the mineral fraction was deter­
mined by l i th ium metaborate ( L M B ) fusion (16), followed by analysis by direct 
current plasma emission spectroscopy. The mineralogy of L R L sediments was 
determined by X-ray diffraction. 

C a 2 + - N H 4
+ Exchange. Sediment samples used to determine the 

C a 2 + - N H 4
+ exchange coefficient were collected by a Ponar dredge at a depth 

of 5 m. Sediment from three collections was mixed manually in a large plastic 
tub to obtain a homogeneous sample. The sediment was transferred to 250-mL 
round bottles and centrifuged at 1500 rpm for 30 m i n , after which the supernatant 
was removed. Prior to the analysis, samples were kept sealed air-tight at 4 °C. 
Portions of unaltered sediment were converted to Ca 2 + -saturated or N H 4

+ - s a t ­
urated forms by repeated washings wi th calcium chloride or ammonium acetate 
after the method of Chapman (J 9). A third portion was washed wi th disti l led 
water for determination of total exchangeable bases by using L i C l (to include 
ammonium as an exchangeable base). 

Exchangeable acidity was determined by the B a C l 2 - T E A (triethanolamine) 
method (20). The equi l ibr ium ca lc ium-ammonium exchange coefficient (Gapon 
coefficient, KQ) was determined on the Ca 2 + -saturated, Ν H 4

+ - sa tura ted portions 
and unaltered sediment by methods described by Baes and Bloom (21). This 
determination was accomplished by allowing exchange solutions with composi­
tions similar to L R L pore waters ( C a 2 + = 6.6-52.9 μequiv/L; N H 4

+ = 8.7-44 
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5. S A M P S O N E T A L . Effects of Acidification in a Seepage Lake 127 

μΘςιπν/Ι^; total cation concentrations = 45.1-62.5 μequiv/L) to equilibrate with 
the treated sediments. A n aliquot of supernatant obtained by centrifugation was 
analyzed for C a 2 + , M g 2 + , N a + , and Κ + by flame atomic absorption spectrometry 
(AAS) and for N H 4

+ by the indophenol method. The p H was measured on the 
sediment samples before and after equilibration to determine the competition 
of Η + for exchange sites. 

Results and Discussion 

W a t e r - C o l u m n R e s p o n s e s . Major Ions. Table II shows average 
concentrations of the major ions for the reference basin and the treatment 
basin for pretreatment and acidification to p H 5.6, 5 .1 , and 4.7. A s expected, 
ca lc ium was the base cation most responsive to acidif ication (5, 6). It i n ­
creased steadily f rom the first treatment p e r i o d ( p H 5.6) u n t i l i t reached an 
average of 82 μequiv/L at p H 4.7, nearly double the reference-basin average. 
C a l c i u m is important biological ly as it may buffer the toxic effects of H + , 
a l u m i n u m , and heavy metals (22, 23). Potassium increased at p H 5.6 and 
5.1 , w h e n it reached an average of 18.3 μequiv/L (—30% higher than i n the 
reference basin), but it d i d not increase further at p H 4.7. M a g n e s i u m d i d 

Table II. Average Concentrations of Major Ions for Each Treatment Period 

Ion Basin 

Reference 
pH 6.1 

1983-1990 

Preacid 
pH 6.1 

1983-1985 
pH 5.6 

4/85-4/86 

Treatment 

pH 5.1 
4/87-4/88 

pH 4.7 
4/89-4/90 

C a 2 + ave 45.5 44.9 48.3 67.7 81.9 
s 7.3 4.6 4.8 14.1 17.0 
η 95 21 12 13 13 

M g 2 + ave 24.8 24.5 23.3 29.4 33.0 
s 5.2 4.1 2.6 6.7 3.5 
η 95 21 12 13 13 

K + ave 14.6 14.3 16.0 18.3 18.2 
s 2.5 1.6 2.3 2.6 6.5 
n 92 21 11 12 13 

N a + ave 7.2 6.6 5.4 8.4 6.8 
s 2.8 1.4 0.7 3.8 1.0 
n 92 21 11 12 13 

so,2- ave 56.0 53.1 74.4 116.2 147.4 
s 10.0 6.0 5.5 12.9 50.4 
n 88 20 12 10 13 

ci- ave 8.4 7.5 6.5 9.0 9.0 
s 3.3 1.1 2.2 2.8 8.4 
n 87 20 12 11 13 

NOTE : All averages are in microequivalents per liter (s is the standard deviation; n is the number 
of data points). Reference (south basin) values are averaged over the entire experiment. Preacid 
(north basin) values are averaged over the prebarrier and pretreatment years; treatment (north 
basin) averages are obtained over the second year at the indicated pH. 

Pu
bl

is
he

d 
on

 M
ay

 5
, 1

99
4 

on
 h

ttp
://

pu
bs

.a
cs

.o
rg

 | 
do

i: 
10

.1
02

1/
ba

-1
99

4-
02

37
.c

h0
05
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not respond at p H 5.6, but increased at p H 5.1 and 4.7; i t reached an average 
of 33 μequiy/L· (~40% higher than i n the reference basin). S o d i u m showed 
no t r e n d d u r i n g the experiment . T h e increase i n water -co lumn base cations 
may contr ibute to the generation of a lkal ini ty . Sources of base cations and 
their role i n internal alkal inity generation are discussed i n more detai l i n 
separate sections later i n this chapter. 

Because sulfuric acid was used to acidify the treatment basin, the i n ­
crease i n S 0 4

2 ~ was expected. H o w e v e r , only about 5 0 % of the sulfate added 
as sulfuric acid remained i n the water c o l u m n of the treatment basin; the 
remainder was lost to outseepage and in- lake processes. F o r example, had 
the added sulfate remained i n the water c o l u m n , [ S 0 4

2 ~ ] at p H 4.7 w o u l d 
have been —257 μequi^ί/L· (versus the measured [ S 0 4

2 ~ ] = 147 pequiv/ 
L ) . T h e loss of sulfate b y reduct ion may contr ibute to the generation of 
alkal ini ty ; this possibi l i ty is discussed i n the Internal A l k a l i n i t y section. C h l o ­
r ide showed no significant t r e n d w i t h decreasing p H . 

Nitrogen. Seasonal patterns of near-surface concentrations of N 0 3 ~ 
and N H 4

+ i n bo th basins d i d not change over the entire study. C o n c e n t r a ­
tions of both ions peaked under the ice d u r i n g late w i n t e r each year and 
d e c l i n e d rapidly after ice-out. N H 4

 + accumulated i n the h y p o l i m n i o n of the 
acidi f ied basin each year. Peaks i n N H 4

+ at 9 m ranged f rom 670 to 960 
μg/L p r i o r to 1988, but d u r i n g 1988-1990 peaks i n N H 4

+ at 9 m reached 
as h i g h as 2000 μg/L. In contrast, the vert ica l patterns i n N 0 3 " were not 
consistent f rom year to year. N o acidification t r e n d was apparent i n the 
seasonal patterns of N 0 3 ~ i n the bot tom water. 

Plots of near-surface s u m m e r averages and w i n t e r maxima show some 
interest ing patterns (F igure 2), but no statistically significant differences 
between basins appear. Reference-basin N 0 3 " and N H 4

+ s u m m e r averages 
both w e r e greater than treatment-basin values u n t i l p H 4.7, w h e n the treat­
ment-basin averages exceeded those of the reference basin. W i n t e r maxima 
for N H 4

+ i n the reference basin increased l inear ly f r o m 1986 (second year 
at p H 5.6) through 1990 (second year at p H 4.7), but there was no corre­
sponding t rend i n the treatment basin. W i n t e r maxima for N 0 3 ~ i n the 
treatment basin var ied l i t t le u n t i l the first year at p H 4.7, w h e n the m a x i m u m 
was less than one- th i rd that of the previous years. T h e reference-basin N 0 3 " 
m a x i m u m also d e c l i n e d (but only b y ~25%) the same winter . T h e " tenta t ive" 
treatment effect was not repeated i n year 2 at p H 4.7, w h e n the treatment 
basin had the highest w i n t e r m a x i m u m i n N 0 3 " observed over the study. 
Total ni trogen (TN) showed smaller intra- and interannual variations than 
inorganic Ν forms, and reference s u m m e r averages were consistently h igher 
than treatment values at p H 5.6 or lower (F igure 3). T h e difference be tween 
basins (almost 100 μg/L) was statistically significant (a < 0.05, W i l c o x o n 
s igned rank test) b e g i n n i n g i n the second year at p H 5 .1 . 

A one-t ime areal survey of acetylene reductase act ivity was made d u r i n g 
the second s u m m e r at p H 4.7. T h e rates of ethylene p r o d u c e d b y acetylene 
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5. S A M P S O N E T A L . Effects of Acidification in a Seepage Lake 129 

Figure 2. Summer averages and winter maxima of inorganic nitrogen species: 
N H / + (a) and N03~ (b). Bars are summer averages: shaded, treatment; and 
unshaded, reference. Squares are winter maxima: black, treatment; and white, 

reference. 

reduct ion are proport ional to the rates of molecular n i t rogen, N 2 , f ixed. 

H C = C H + E N R > E N R — H C = = C H 2 > H 2 C — C H 2 + E N R (1) 

ΝΞΞΞΝ + E N R > E N R — N = N H > E N R — H N — N H 2 > 

E N R + 2NH3 (2) 
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130 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

Figure 3. Total nitrogen (TN) summer averages: shaded bars, treatment; and 
unshaded, reference. 

where E N R is the enzyme dini t rogen reductase. In the reference basin 15 
out of 17 samples showed a strong posit ive response. O n l y two trace re­
sponses were observed out of 28 samples f rom the treatment basin (4). 

R u d d et a l . (24) reported d isrupt ion of several processes i n the ni t rogen 
cycle d u r i n g experimental acidification of Lakes 223 and 302S i n Ontario 's 
E x p e r i m e n t a l Lakes A r e a ( E L A ) . I n particular , they reported the i n h i b i t i o n 
of ni tr i f icat ion. 

N H 4
+ + 2 0 2 > N 0 3 - + H 2 0 + 2 H + (3) 

This i n h i b i t i o n was apparently caused b y the inabi l i ty of n i t r i fy ing bacteria 
to adapt to p H b e l o w 5 .4 -5 .7 . P r i o r to acidification b e l o w 5 .4 -5 .7 , a m ­
m o n i u m showed a slight under- ice accumulat ion and nitrate showed a sub­
stantial increase that peaked just before spr ing thaw. A f t e r acidif ication to 
< 5 . 4 - 5 . 7 , the lake had a large accumulat ion of a m m o n i u m u n d e r ice cover 
and l i t t le increase i n nitrate. 

Garr i son et a l . (25) reported s imilar findings for M a x L a k e (Vilas C o . , 
W I ) , w h i c h is close to L i t t l e Rock L a k e and has s imi lar hydrology and 
geological setting (i .e. , it is a seepage lake that receives —100% of its water 
f rom the atmosphere). M a x L a k e was treated w i t h groundwater i n an ex­
per iment to evaluate the effectiveness of this approach i n mit igat ing the 
effects of atmospheric acid deposi t ion. P r i o r to groundwater addi t ion (at p H 
—5.1), under- ice accumulat ion of a m m o n i u m and l i t t le increase i n nitrate 
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5. S A M P S O N E T A L . Effects of Acidification in a Seepage Lake 131 

were observed. F o l l o w i n g additions of groundwater to p H above 5.3, u n d e r -
iee concentrations of a m m o n i u m were r e d u c e d and nitrate concentrations 
increased. This change suggested the reestablishment of n i t r i fy ing bacteria. 

L R L exhibi ted natural under- ice depressions to p H 5.4 i n the reference 
basin (every year) and i n the treatment basin (through treatment to p H 5.6) 
(4, 17, 26). Thus , d isrupt ion of nitr i f icat ion was not expected to occur at 
least u n t i l the p H 5.1 treatment p e r i o d . I n contrast to the Ε L A and M a x 
L a k e experiments, however , ni tr i f icat ion appears to be unaffected i n L R L 
d o w n to p H 4.7. To explain w h y some acidic systems sustain a popula t ion 
of n i t r i fy ing bacteria, R u d d et a l . (24) suggested that n i t r i f y i n g bacteria find 
refuge i n nonacidi f ied microenvironments . D u r i n g year 2 at p H 5.1 and year 
1 at p H 4.7 i n L R L , vert ical profiles of nitrate suggest that nitr i f iers may 
have existed p r i m a r i l y near the sediments (i .e. , the highest N 0 3 ~ concen­
trations were found at 9 m), but there is no evidence of this configuration 
for other years. In addi t ion , the only k n o w n microenvironments w i t h p H > 
5.1 were w i t h i n the anoxic h y p o l i m n i o n and sediments, w h i c h cannot be 
considered a refuge for obligately aerobic nitr i f iers . A c i d tolerance apparently 
has deve loped to some degree i n the L R L populat ion of n i t r i f y i n g bacteria. 

I n L R L , assimilation b y phytoplankton is the most important uptake 
mechanism for a m m o n i u m and nitrate (27, 28). This importance is e v i d e n c e d 
b y their rap id deple t ion after the ice cover melts. T h e decrease i n T N 
m e n t i o n e d earlier, coupled w i t h an increase i n soluble inorganic forms, may 
indicate an overal l decrease i n biomass and perhaps p r i m a r y product iv i ty ; 
that is, the difference may be attributable to fewer algal cells (particulate 
matter). Thus ni trogen cycle processes were d i s rupted i n at least one way 
(possibly two) i n L R L at p H 4.7: ni trogen fixation was i n h i b i t e d , and plank­
tonic uptake of inorganic Ν ions was sl ightly d i m i n i s h e d , as suggested b y a 
large decrease i n T N and a slight increase i n inorganic Ν (possibly indica t ing 
a general dec l ine i n product ivi ty) . 

Phosphorus. N o obvious differences i n seasonal patterns of near-surface 
concentrations of soluble reactive phosphorus (SRP) or total phosphorus (TP) 
were found i n the surface waters of the two basins d u r i n g the 6 years of 
acidification (F igure 4). H o w e v e r , the w i n t e r maxima and s u m m e r averages 
for S R P show a possible treatment effect at p H 4.7; the treatment averages 
were sl ightly h igher (~20%) and the w i n t e r maxima w e r e m u c h h igher than 
those of the reference basin. N o t r e n d was observed for T P averages a n d 
maxima. S imi lar ly , phosphorus concentrations i n Ε L A lakes 223 and 302S 
(29, 30) were unaffected b y acidification to p H 4.5. 

E a r l y studies of acidif ied lakes often reported lower c h l o r o p h y l l a and 
greater transparency. T h e resul t ing "ol igotrophieat ion hypothes is " (31) 
stated that lower rates of organic-matter decomposi t ion and coverage of 
bot tom sediments b y mats of ac idophi l ic algae or Sphagnum w o u l d reduce 
the c irculat ion of nutrients and thence decrease p r i m a r y product iv i ty . O g -
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132 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

Figure 4. Summer averages and winter maxima of phosphorus species: soluble 
reactive Ρ (SRP) (a) and total Ρ (TP) (b). Bars are summer averages: shaded, 
treatment; and unshaded, reference. Squares are winter maxima: black, treat­

ment; and white, reference. 

b u r n (32) and O g b u r n and B r e z o n i k (33) examined this hypothesis w i t h 
regard to phosphorus cyc l ing for M c C l o u d L a k e , a smal l , acidic ( p H 4 .5-4 .6) , 
o l i g o t r o p h y seepage lake i n nor thern F l o r i d a . T h e y c o n c l u d e d that the only 
factor that was significantly aifected by acidification is the sorption (or de-
sorption) of Ρ to (from) the lake sediments. 

Pu
bl

is
he

d 
on

 M
ay

 5
, 1

99
4 

on
 h

ttp
://

pu
bs

.a
cs

.o
rg

 | 
do

i: 
10

.1
02

1/
ba

-1
99

4-
02

37
.c

h0
05



5. S A M P S O N E T A L . Effects of Acidification in a Seepage Lake 133 

A n o t h e r hypothesis suggests that acidif ication b y H 2 S 0 4 may increase 
the release of inorganic Ρ f rom the sediments (34). T h i s hypothesis states 
that increased S 0 4

2 " (which stimulates S 0 4
2 ~ reduct ion , resul t ing i n i n ­

creased H 2 S ) may increase the precipi tat ion of F e sulfides and thus reduce 
the amount of i r o n prec ipi tat ing as F e (hydr)oxide, w h i c h is k n o w n to co-
precipitate phosphorus (35, 36). H o w e v e r , < 3 % of the inorganic Ρ i n L R L 
sediments is occ luded i n F e (hydr)oxides and about 7 0 % is readi ly exchange­
able (37). Therefore , increased sulfate and resul t ing increased F e sulf ide 
precipi tat ion is not l ike ly to be important i n the Ρ cycle i n L R L . 

Detenbeck (37) and Detenbeck and B r e z o n i k (38, 39) examined the 
effect of p H on phosphorus sorption for L R L sediments. T h e i r results sug­
gested that the flux of inorganic Ρ f rom sediments c o u l d be d i m i n i s h e d b y 
as m u c h as 90% i f the p H of sediments decreased f rom 6.0 to 4.5. H o w e v e r , 
there was no observed treatment effect for T P and an apparent increase 
i n S R P s u m m e r averages at p H 4.7 (F igure 4). Therefore , chemica l 
sorpt ion-desorpt ion processes probably do not control phosphorus levels i n 
L R L . T h e direc t ion of response at lower p H impl ies that the balance be tween 
biot ic uptake, deposit ion to sediments, and release from organic detr i tus b y 
decomposi t ion most l ike ly controls S R P levels i n the water c o l u m n . 

Silica. Seasonal patterns of dissolved reactive s i l ica i n L R L w e r e u n ­
affected b y acidification to p H 4.7. These patterns der ive largely f r o m dia tom 
populat ion dynamics . F o l l o w i n g an increase u n d e r ice cover , s i l ica is rap id ly 
deple ted b y the spr ing diatom b l o o m . A slight increase i n m i d s u m m e r is 
fo l lowed b y deplet ion i n a u t u m n b y a fall b l o o m . A n n u a l average concen­
trations of s i l ica were also not affected at p H 5.6 and 5.1 (F igure 5). H o w e v e r , 
an apparent (but small) treatment effect was observed at p H 4.7 w h e n treat­
ment-basin values were significantly h igher than reference-basin values 
(a < 0.05, W i l c o x o n s igned rank test). T h e greatest difference o c c u r r e d 
d u r i n g F e b r u a r y 1991 ( p H 4.7) w h e n si l ica i n the acidi f ied basin reached 
0.24 m g of S i 0 2 per l i ter but was undetectable i n the reference basin. 

In contrast, d u r i n g exper imental acidif ication of Ε L A L a k e 223 a dec l ine 
i n soluble si l ica to —40% of the long- term mean occurred b e l o w p H 5.6 
(29). Th is dec l ine was at tr ibuted to the appearance i n large numbers of 
Asterionelfa ralfsii, an ac idophi l ic d iatom. P r i o r to acidif icat ion, E L A L a k e 
223 was not dominated b y diatoms. Ac id i f i ca t ion caused a change i n algal 
class, that is, a replacement of acid-sensitive green and blue-green algae 
w i t h acid-tolerant diatoms. T h e more c o m m o n response of ac id i fy ing lakes 
is thought to be a shift i n the diatom c o m m u n i t y f r o m a lka l iphi l i c species 
to ac idophi l i c ones. F o r example, A . ralfsii is one of the indicators of ac id­
if ication f requent ly used i n paleoecological studies (30). 

Possible explanations for the increase i n si l ica i n L R L at p H 4 .7 i n c l u d e 
hydrologie differences, presence of a somewhat acid-tolerant d ia tom c o m ­
m u n i t y , and the inf luence of another s i l i ca -ut i l iz ing c o m m u n i t y . O v e r a l l , 
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Figure 5. Silica summer averages and winter maxima. Bars are summer av­
erages: shaded, treatment; and unshaded, reference. Squares are winter max­

ima: black, treatment; and white, reference. 

the plot of s u m m e r average and winter m a x i m u m sil ica values (F igure 5) 
suggests that hydrologie factors (groundwater inf low, prec ipi ta t ion, and lake 
stage) p layed a m u c h more important role i n def in ing year-to-year variations 
than d i d the acid treatment. 

D u r i n g a drought i n the region (during both years at p H 5.1 and the 
first year at p H 4.7; 1987-1990), no groundwater inf low occurred and lake 
levels d r o p p e d nearly 1.0 m . T h e drought years had the lowest s u m m e r 
averages of dissolved si l ica for both treatment and reference basins. A l t h o u g h 
no groundwater inf low occurred through the e n d of acidif ication, near-normal 
prec ipi tat ion i n s u m m e r 1990 raised lake levels —15 c m b y fall 1990. S i l i ca 
concentrations re turned to predrought values i n both basins i n year 2 at 
p H 4.7. 

I n years w i t h normal water table levels (prior to 1987), measurable 
groundwater inf low (high i n silica) occurred only near the extreme southeast 
shorel ine of L R L , p r o v i d i n g si l ica to the reference basin only . This inf low 
does not account for the s imilar i ty i n treatment and reference basin con­
centrations pr ior to the drought , nor does it readi ly explain the increase 
observed i n both basins i n the second year at p H 4.7. These observations 
suggest that groundwater input per se is not the dominant source of s i l ica 
to L R L , but that other hydrologie factors such as prec ipi tat ion and lake stage 
are more important . 

L R L receives nearly a l l its water i n prec ipi tat ion direc t ly to its surface, 
but prec ipi tat ion is generally very l o w i n si l ica and probably provides l i t t le 
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5 . S A M P S O N E T A L . Effects of Acidification in a Seepage Lake 1 3 5 

sil ica to L R L . Nevertheless , si l ica could be p r o v i d e d to both basins by 
groundwater interflows (events of short durat ion i n w h i c h runoff* flows 
through soils near the shoreline and l i t toral sediments that contain leachable 
silica). Presumably , groundwater interflows w o u l d be more frequent i n years 
w i t h higher precipi tat ion; however , the contr ibut ion of interf lows is diff icult 
to quantify. 

L a k e l eve l c o u l d also inf luence si l ica levels. F o r example, the decl ine 
i n lake l eve l resul ted i n a large loss of surface area and decreased the amount 
of contact between lake water and sandy l i t toral areas that contain weath-
erable silicate minerals . Rates of weather ing are usually enhanced b y ac id­
ification and w o u l d help to explain the interbasin differences observed at 
p H 4.7. H o w e v e r , weather ing rates of L R L sediment are u n k n o w n (see 
Sediment Processes section). In addi t ion , al though the differences be tween 
the basins were significant, they were small (0 .01-0.03 m g of S i 0 2 per liter) 
and may be accounted for b y small differences i n hydrologica l factors. 

A large populat ion of the freshwater sponge, Spongilla lacustra, exists 
i n L R L , and f ie ld observations indicated that the sponge populat ion d e c l i n e d 
somewhat w i t h acidification. This decl ine may have inf luenced si l ica con­
centrations, but the effects are unquant i f ied thus far. Unfortunate ly , only 
l i m i t e d data are available regarding the taxonomic progression of phyto­
plankton i n L R L . H o w e v e r , because the near-surface concentrat ion of si l ica 
i n lakes is usually int imately l i n k e d to diatom populat ion dynamics , it seems 
l ike ly that acid-tolerant species d i d not become more c o m m o n i n L R L d u r i n g 
acidification. 

Internal Alkalinity Generation. Overview. O n e of the major con­
cepts to emerge f rom control led acidification experiments is internal alka­
l in i ty generation ( IAG) . T h e importance of this mechanism i n regulat ing the 
alkal ini ty of some acid-sensitive lakes was first recognized i n the E x p e r i ­
mental Lakes A r e a ( E L A ) of northwestern Ontar io , Canada. It was found 
that a substantial fraction of the sulfuric acid added to lower the lake's p H 
was disappearing and that m u c h more acid was r e q u i r e d to maintain a target 
p H than w o u l d be predic ted f rom the lake's v o l u m e and ini t ia l a lkal ini ty 
(e.g., 40). S imi lar results were obtained f rom acidification experiments con­
ducted i n enclosures and ion balances measured at M c C l o u d L a k e (Florida) 
i n the early 1980s (41, 42). Investigations by E L A researchers (40, 43-45) 
and L R L researchers (17, 27, 28, 46) d u r i n g the 1980s l e d to an i m p r o v e d 
understanding of the mechanisms i n v o l v e d i n I A G , the factors affecting its 
importance, and the development of quantitative models to predic t I A G 
rates by various mechanisms (e.g. 45, 47). 

Several studies have shown that i n some cases in- lake processes can 
generate more alkalinity than watershed processes. B y construct ing a de-
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tai led alkal ini ty budget for L a k e 239, Sch indler et al . (43) showed that I A G 
was 4.5 times more important than terrestrial processes. C o o k et a l . (40) 
used the i n p u t - o u t p u t approach on art i f ic ial ly-acidif ied L a k e 223. T h e i r 
findings were s imilar to those of Schindler et a l . (43) i n that I A G neutra l ized 
6 6 - 8 1 % of the acid additions. In general , I A G is not important i n lakes w i t h 
large watersheds and short hydraul i c retent ion t imes. H o w e v e r , i t can be 
important i n regulat ing alkal inity and p H i n seepage lakes (groundwater 
recharge systems), w h i c h tend to have long water residence t imes and receive 
most of their water as precipi tat ion direct ly o n the lake surface (27, 47). 

A N C (or alkalinity) can be def ined b y the electroneutral i ty condi t ion as 
the difference between the strong base cations and the strong inorganic and 
organic ( R C O O ) acid anions (48): 

A N C = [ C a 2 + ] + [ M g 2 + ] + [ N a + ] + [ K + ] + [ N H 4
+ ] -

[ S 0 4
2 " ] - [CI " ] - [N03-] - [ R C O O - ] (4) 

In addi t ion , a l u m i n u m ions ( A l 3 + , A l O H 2 + , and A l O H 2
+ ) must be con­

s idered i n some acidic lakes. Soluble F e 2 + and M n 2 + forms may contr ibute 
significantly to the ion balance i n anoxic h y p o l i m n i a of some lakes. 

F o u r main processes are i n v o l v e d i n I A G : 

1. sulfate reduct ion , a microb ia l process occurr ing p r i m a r i l y i n 
near-surface sediments b e l o w the ox ic -anoxic boundary ; 

2. cation product ion b y i o n exchange, i n w h i c h H + replaces base 
cations o n exchange sites of organic and m i n e r a l sediments; 

3. cation product ion b y weather ing reactions of minerals , such 
as aluminosil icate clays; and 

4. ni trogen transformations, such as algal assimilation i n the 
water c o l u m n and denitr i f icat ion i n surficial sediments. 

In addi t ion , reduct ive dissolut ion of F e or M n (hydr)oxides at the 
s e d i m e n t - w a t e r interface may be an important but ephemera l (seasonal) 
source of I A G i n the anoxic h y p o l i m n i a of lakes. T h e nature and potent ia l 
importance of each of these processes is descr ibed br ie f ly as follows. 

R e m o v a l of sulfate f rom the water c o l u m n can occur b y ei ther assimi-
latory or dissimilatory reduct ion . Ass imi la tory reduct ion occurs i n the water 
c o l u m n , whereas uptake by plankton results i n the formation of organic S. 

1 0 6 C O 2 + I6NO3- + HPO42- + 1 2 2 H 2 0 + 1 9 H + + 0 . 5 S O 4
2 ~ > 

C106H264O110N16P1S0.5 + 1 3 9 0 2 (5) 
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Diss imi la tory reduct ion b y anaerobic bacteria occurs i n the anoxic h y ­
p o l i m n i o n of stratified lakes and i n sediments just b e l o w the ox ic -anox ic 
boundary. It produces H 2 S , 

S 0 4
2 " + 2 C H 2 0 > H 2 S + 2 H C 0 3 - (6) 

w h i c h is subsequently incorporated into organic matter or metal sulfides. 
T h e rate of reduct ion generally has been found to be proport ional to 

[S0 4
2 ~] i n the water c o l u m n (e.g., 46, 47, 49), even though recent inves­

tigation suggests that the process is compl icated and not solely dif fusion-
control led (50). Sulfate reduct ion and fixation as organic S, meta l sulfides, 
or e lemental S i n near-surface sediments creates a concentrat ion gradient 
that promotes diffusion of S 0 4

2 " f rom lake water into the sediments. Sulfate 
reduct ion produces a net alkal inity gain on ly i f the r e d u c e d sulfur is per ­
manent ly incorporated into the sediment (49, 51, 52). 

T h e processes of cation product ion b y weather ing or i o n exchange cannot 
be differentiated b y ion-budget calculations, but they may be dis t inguished 
on the basis of kinetics . I n early experiments to investigate the role of 
sediments as buffers, sequential additions of sulfuric ac id to w e l l - m i x e d 
sediment slurries p r o d u c e d rap id increases i n soluble C a 2 + that reached 
stable concentrations w i t h i n 24 h (53, 54). T h e r a p i d p r o d u c t i o n of cations 
suggested that the dominant process was i o n exchange 

n H + + M X > Mn+ + n H X (7) 

w h e r e M n + is a cation w i t h a charge of + n and X is the exchanger surface 
of a minera l or organic part icle . M i c r o c o s m and mesocosm acidif ication s tud­
ies (43, 55) also resulted i n increased C a 2 + concentrations that w e r e attr ib­
uted to ion exchange. Laboratory techniques that evaluate soil cat ion-
exchaage capacity (to m o d e l the response of soil to acidic deposi t ion; e .g . , 
56) can be used to quantify the reservoir of exchangeable base cations i n 
surficial lacustrine sediments and m o d e l the response to lake acidif icat ion. 

T h e incongruent dissolut ion of aluminosil icates, such as 

2 N a A l S i 3 0 8 ( s ) + 2 H 2 C 0 3 * + 9 H 2 0 > 

2 N a + + 2 H C 0 3 " + A l 2 S i 2 0 5 ( O H ) 4 ( s ) + 4 S i ( O H ) 4 (8) 

is a relat ively slow process, occurr ing over days to years. Significant advances 
i n the understanding of m i n e r a l weather ing processes and rates have b e e n 
made i n the past decade (e.g. , 57, 58). W e a t h e r i n g is an important source 
of alkal inity and acid neutral izat ion i n terrestrial systems and i n drainage 
lakes w i t h significant watersheds; over l o n g t ime scales i t is the dominant 
mechanism. A l t h o u g h weather ing- induced I A G i n seepage lakes is probably 
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smal l compared w i t h other I A G processes, Sherman (59) showed that several 
feldspar minerals found i n L R L sediments were undersaturated w i t h respect 
to pore water at various sediment depths. H o w e v e r , the contr ibut ion of 
aluminosil icate weather ing to I A G i n L R L has not been quant i f ied. 

C o n g r u e n t dissolution of carbonates, such as 

C a C 0 3 + H + • C a 2 + + H C C V (9) 

occurs rapidly i n the undersaturated, d i lu te waters of acid-sensit ive (low-
A N C ) lakes, but few or no carbonate minerals are found i n the local geology 
of such lakes. H o w e v e r , w i n d - b l o w n dust from farms or prair ie l a n d may 
prov ide a m i n o r source of ca lc ium and bicarbonate. 

N i t r o g e n transformations such as nitrate assimilation, denitr i f icat ion, and 
decomposi t ion (eqs 10-12) contr ibute to alkal inity b y consuming H + . I n 
contrast, bo th a m m o n i u m assimilation and nitr i f icat ion (eqs 13 and 14) con­
sume alkal inity v i a the product ion of H + . 

1 0 6 C O 2 + 1 3 8 H 2 0 + 1 6 N 0 3 " > 

C 1 0 6 H 2 6 0 O 1 0 6 N 1 6 + 1 6 0 H - + 1 3 8 0 2 (10) 

5 C H 2 0 + 4 N 0 3 - + 4 H + > 5 C 0 2 + 2 N 2 + 7 H 2 0 (11) 

C i % H 2 6 0 O 1 0 6 N 1 6 + 1 6 H + + 106O 2 > 

1 0 6 C O 2 + 1 0 6 H 2 O + 1 6 N H 4
+ (12) 

1 0 6 C O 2 + 1 0 6 H 2 O + 1 6 N H 4
+ > 

C 1 0 6 H 2 6 o 0 1 0 6 N 1 6 + 1 6 H + + 1 0 6 O 2 (13) 

N H 4
+ + 2 0 2 > N O , " + H 2 0 + 2 H + (14) 

In regions w h e r e atmospheric deposi t ion of H N 0 3 is h i g h , n i t rogen 
transformations may be important i n the ac id-base chemistry of surface 
waters. W h e n nitrate exceeds the requirements of algae ( N : P > > 
1 0 : 1 - 2 0 : 1 ) , denitr i f icat ion may become more important than nitrate assim­
i lat ion (28, 60). R u d d et a l . (61) and K e l l y et al . (62) proposed that d e n i t r i ­
fication removes nitrate less efficiently than algal assimilation, and that the 
dominance of denitr i f icat ion allows acidification to occur. H o w e v e r , the a l ­
kal in i ty budgets of many l o w - A N C lakes are not strongly affected b y ni trogen 
transformations because the effects of nitrate and a m m o n i u m retent ion 
roughly cancel each other. C h e m i c a l budgets indicate this to be the case i n 
L R L (17) and several other l o w - A N C lakes (27, 28, 40, 63). Seasonal changes 
i n alkal inity may be affected b y Ν transformations, however . F o r example , 
G a r r i s o n et a l . (25) attribute a decrease i n under- ice A N C i n nearby M a x 
L a k e to increased nitr i f icat ion. 

Pu
bl

is
he

d 
on

 M
ay

 5
, 1

99
4 

on
 h

ttp
://

pu
bs

.a
cs

.o
rg

 | 
do

i: 
10

.1
02

1/
ba

-1
99

4-
02

37
.c

h0
05
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Several studies have shown that sulfate reduct ion and cation p r o d u c t i o n 
(the sum of ion-exchange and weather ing processes) together account for 
6 0 - 1 0 0 % of the I A G measured. Reduct ion of S 0 4

2 " accounted for over half 
(53%) of the I A G , and product ion of C a 2 + was the second most important 
mechanism (39%) i n the alkal ini ty budget for L a k e 239 (43). F i n d i n g s for 
art i f ic ial ly-acidif ied L a k e 223 were s imilar (40), but sulfate reduct ion was 
more important because the addit ion of H 2 S 0 4 increased [ S 0 4

2 _ ] and s t im­
ulated the rate of S 0 4

2 " reduct ion . S imi lar ly , L i n et a l . (63) calculated i o n 
balances for Vandercook L a k e , a di lute seepage system close to L R L , and 
found that cation product ion accounted for 46% of the I A G and sulfate 
reduct ion accounted for 54%. 

Little Rock Lake. N e t I A G i n L R L takes place p r i m a r i l y i n or near the 
sediment. It can be evaluated by measurements of pore-water chemistry , 
comparison of hypol imnet i c and ep i l imnet i c chemistry , and calculat ion of 
ion budgets. A n example of each approach follows. 

N u m e r o u s measurements of pore-water chemistry have been made i n 
L R L throughout the experiment (4, 17, 59). Typica l vert ica l pore-water 
profiles (Figure 6) indicate that the sediments are act ing as sinks for sulfate 

Figure 6. Sediment pore-water profiles for various IAG-related parameters in 
treatment basin (T, solid line) and reference basin (R, dashed line), 5-m sites, 

July 1990. 
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and H + from the water c o l u m n (Figures 6a and 6b) and as sources to the 
water c o l u m n for base cations ( C a 2 + , M g 2 + , K + , and N a + ) and a m m o n i u m 
(Figures 6c and 6d). T h e contr ibutions of sediments to the cation content of 
lake water and loss of sulfate f rom the water c o l u m n to the sediments can 
be quanti f ied f rom the pore-water profiles and extrapolated to annual factors 
b y use of F ick ' s law (e.g., 46, 59). 

T h e pore-water profiles also indicate a possible treatment effect. I n the 
treatment basin before acidif ication to p H 4.7, m u c h h igher levels of A N C 
(alkalinity) and higher p H were found i n the pore water just 1 - 2 c m b e l o w 
the s e d i m e n t - w a t e r interface (59). In contrast, pore-water p H profiles ob­
tained i n the same site i n the summers of 1990 and 1991 show p H < 5.0 i n 
the u p p e r 5 - 1 0 c m of sediment. C o r r e s p o n d i n g profiles for a site i n the 
reference basin d i d not show such a depression (F igure 6a; ref. 4). 

Y o u n g et a l . (64) proposed that the exchangeable acidity of sediments 
should be considered w h e n l i m e doses are calculated i n order to adequately 
neutral ize acidic surface waters. A l t h o u g h the exchangeable acidity of L R L 
sediments was not measured, the l o w pore-water p H values suggest that 
acidif ication of sediment exchange sites occurred to a d e p t h of 5 - 1 0 c m i n 
the acidi f ied basin at p H 4.7 (see Sediment Processes section). T h e increase 
i n exchangeable H + i n the surficial sediments w i l l s low the recovery of the 
lake's p H and alkal ini ty after acid loading is s topped, because the exchange 
process w i l l have to be reversed and the released H + neutra l ized b y other 
processes. 

T h e alkal inity generated i n or near the sediments of the treatment basin 
accumulates i n the h y p o l i m n i o n d u r i n g periods of water -co lumn stratification 
(the reference basin only weakly stratifies). Th is accumulat ion results i n a 
substantial increase i n alkal inity and p H i n the bot tom waters of the treatment 
basin each summer . F o r example, i n August 1990 alkal ini ty was nearly 900 
μequiv/L and p H was 6.15 at 9 -m d e p t h (~1 m above the s e d i m e n t - w a t e r 
interface). C o r r e s p o n d i n g near-surface alkal ini ty was - 2 7 μequiv/L, and 
p H was 4.8. Peaks i n 9-m alkalinity increased d u r i n g the acidif ication 
e x p e r i m e n t — f r o m 135 μequiv/L i n 1986, to 490 i n 1988, to - 9 0 0 i n 
1990—primari ly because of an increased rate of sulfate reduct ion w i t h 
increasing [ S 0 4

2 ~ ] . 
T h e charge-balance def ini t ion of alkal ini ty (eq 4) allows us to calculate 

the relative contr ibut ion of each i o n to the h y p o l i m n e t i c a lkal ini ty from the 
difference between the ep i l imnet i c and the h y p o l i m n e t i c v o l u m e - w e i g h t e d 
concentrations. Est imates for A u g u s t 1990 show that alkal ini ty contr ibutions 
fol low the order : F e 2 + > N H 4

+ - S O , 2 " > C a 2 + > M g 2 + - K + -
A l 3 + > N a + — M n 2 + . Ferrous ion and a m m o n i u m c o m p r i s e d most of the 
h y p o l i m n e t i c alkal inity (49 and 18%, respectively). Results for other years 
were s imilar , except that F e 2 + and N H 4

 + contributions w e r e less than S 0 4
2 ~ 

and C a 2 + contributions (4, 17). These results reflect the t r e n d of increasing 
hypol imnet i c N H 4

+ d u r i n g the acidification exper iment and a somewhat 
h igher than usual b u i l d u p i n h y p o l i m n e t i c F e 2 + d u r i n g 1990. 
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5. S A M P S O N E T A L . Effects of Acidification in a Seepage Lake 141 

D u r i n g A u g u s t 1990, vo lume-weighted h y p o l i m n e t i c a lkal ini ty was —350 
μequiv/L. If a l l of this alkal inity were available as net ac id neutral izat ion 
capacity, the resul t ing homogeneous basin alkal ini ty w o u l d be about + 2 . 5 
μβςυίν/Ι^. H o w e v e r , after fall over turn (October 1990) the alkal inity was 
only - 1 5 . 5 μequiv/L (still h igher than the preover turn vo lume-weighted 
ep i l imnet i c alkal inity of - 2 1 μβςυΐν/ί, ) . C l e a r l y , m u c h of hypol imnet i c a l ­
kal in i ty was lost b y reoxidation of reduced compounds fo l lowing destratif i-
cation of the lake and reoxygenation of the bottom waters. F o r example, 
v i r tual ly al l the Fe(II) is reoxidized i n the lake water, even though rates of 
oxidation are slower at lower p H (2, 3 , 35). N e a r l y a l l of the alkal ini ty lost 
be tween August and October can be accounted for b y reoxidation of i r o n . 
T h e extent of r e d u c e d sulfur reoxidation is s t i l l u n k n o w n (49). 

If w e omit the ions contr ibut ing l i t t le or no net gain (i .e. , F e 2 + , N H 4
+ , 

and probably M n 2 + ) to the alkal ini ty generated i n the h y p o l i m n i o n d u r i n g 
August 1990, the decrease i n sulfate be tween the e p i l i m n i o n and h y p o l i m ­
n i o n was responsible for about 5 0 % of the increase i n alkal inity; the increase 
i n C a 2 + was responsible for 30%. Increases i n M g 2 * and K + contr ibuted 7 
and 6%, respectively. T h e increase i n A l 3 + contr ibuted about 5%, but this 
cannot be considered to be mitigative because of the toxicity of a l u m i n u m 
to aquatic biota. T h e relative contributions of each ion to the h y p o l i m n e t i c 
a lkal ini ty are s imilar to the relative contr ibutions to whole-bas in a lkal ini ty 
as d e t e r m i n e d b y i o n budgets. 

Water budgets are as yet incomplete for the the past 3 years of ac id i ­
fication, and ion budgets thus are also incomplete for these years. T h e 
fo l lowing discussion is based on net annual budgets deve loped b y Tacconi 
(65) and W e i r (17) for the pretreatment p e r i o d and the first 3 years of 
acidification. A summary of their budgets for sulfate and alkal inity (Table 
III) shows some interest ing trends. A r e a l sulfate reduct ion rates were c o m ­
parable i n the two basins before acidification began. H o w e v e r , the average 
rate for the treatment basin was twice that of the reference basin for the 
first 3 years of ac id loading because of h igher [S0 4

2 ~ ], w h i c h s t imulated 
reduct ion . S imi lar ly , net areal rates of I A G i n the two basins were nearly 
the same i n the preacidif icat ion p e r i o d . H o w e v e r , I A G nearly d o u b l e d i n 
the treatment basin d u r i n g the first 3 years of acid loading. A decrease i n 
net I A G i n the reference basin d u r i n g the first 3 years of acidification reflects 
problems w i t h budget analysis i n one of the years for the reference basin 
only (the budget d i d not close d u r i n g the 1986-1987 treatment year). 

O n the basis of mass balance calculations through the first 3 years of 
acid additions (17), only 3 3 % of the added acid resulted i n a decrease i n lake 
alkal inity. A second 3 3 % was neutra l ized b y in-lake ( IAG) processes, of w h i c h 
sulfate reduct ion accounted for s l ightly more than half and cation product ion 
for sl ightly less than half. A p p r o x i m a t e l y 3 3 % of the total sulfate load (wet 
and d r y deposi t ion, and ac id additions) was lost v ia outf low. Therefore, about 
half of the added acid remained i n the water c o l u m n ; two thirds of it was 
unreacted and one t h i r d was neutra l ized b y base cations. 
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Table III. Sulfate and Alkalinity Budgets for L R L Basins 

Acid Internal 
Treatment Inputs Outputs Additions Δ Storage Production 

Sulfate Budgets 
1984-1985 (Pretreatment) 
Treatment basin 40 27 0 - 1 4 - 2 7 
Reference basin 37 23 0 - 1 2 - 2 6 

1985-1988 (Average of first three treatment years) 
Treatment basin 41 48 115 55 - 5 3 
Reference basin 37 23 0 - 7 - 2 1 

Alkalinity Budgets 
1984-1985 (Pretreatment) 
Treatment basin - 1 0 15 0 21 46 
Reference basin —11 12 0 22 45 

1985-1988 (Average of first three treatment years) 
Treatment basin —14 4 - 1 1 5 - 4 4 89 
Reference basin —15 17 0 - 1 5 14 

NOTE: All values are in milliequivalents per square meter per year. 

Sediment Processes, Treatment-basin water -co lumn base cations 
C a 2 + , M g 2 + , and K + increased steadily w i t h decreasing p H u n t i l the total 
base-cation concentration at p H 4.7 was about 50 μ β ς υ ΐ ν ^ h igher than 
background. C a 2 + exhib i ted the largest increase of these ions (37 μβςυίν/ 
L ) . In addi t ion , product ion of base cations accounted for about half of the 
I A G measured i n L R L for the first 3 years of ac id additions (17). T h e most 
l ike ly sources of the cations inc lude sediment i o n exchange, enhanced weath­
er ing or decomposi t ion rates, and groundwater inf low. Because groundwater 
flows only into the reference-basin of L R L , it cannot be responsible for the 
increases observed i n the treatment basin. To expand our knowledge of the 
biogeochemical cycle of base cations and to infer the sources of cations, w e 
investigated several attributes of L R L sediments. W e measured the total , 
organically b o u n d , and exchangeable concentrations of base cations con­
ta ined i n the sediments and conducted addit ional analyses to de termine 
whether C a 2 + - N H 4

 + exchange can explain the transient pore-water profiles 
of ca lc ium observed seasonally i n L R L (59). 

M e t h o d s used i n these determinations w e r e descr ibed i n the E x p e r i ­
menta l M e t h o d s section. T h e measurements were made o n sediments c o l ­
lec ted d u r i n g the first year of treatment to p H 5.1 from areas (5-m water-
c o l u m n depth) characterized b y fine-grained, organic-r ich sediments (organic 
content greater than 40%; i . e . , gyttja) w i t h water content greater than 9 0 % 
(17, 59). T h e m i n e r a l fraction consisted of approximately equal portions of 
silt and clay-size particles. T h e silt por t ion was predominant ly quartz (>50%) 
w i t h the remainder plagioclase (21-33%) and alkal i feldspar (11-20%). T h e 
clay por t ion was 2 1 - 3 3 % smectite w i t h 1 1 - 2 0 % each v e r m i c u l i t e , i l l i t e , 
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5 . S A M P S O N E T A L . Effects of Acidification in a Seepage Lake 1 4 3 

kaolinite , quartz, and plagioclase. Some alkal i feldspar (5-10%) and chlor i te 
(<5%) were also detected. Baker et al . (66) est imated that the f ine-grained 
organic sediments, as characterized b y the samples i n this study, cover 
approximately 66% of the lake surface area. 

H+-Cation Exchange. This section summarizes the results of laboratory 
analyses per formed on L R L sediments to measure the total , organical ly 
b o u n d , and exchangeable concentrations of base cations contained there in . 
W e discuss m i n e r a l weather ing and decomposi t ion of organic matter w i t h 
respect to the product ion of cations and estimate the possible contr ibut ion 
of H + - c a t i o n exchange to water -co lumn chemistry and the generation of 
alkal ini ty ( IAG) . O t h e r sediment processes that may inf luence interpretat ion 
of data, such as bioturbat ion, are also discussed. 

T h e total content of sediment base cations ( C a 2 + , M g 2 + , K + , and N a + ) , 
as d e t e r m i n e d b y l i t h i u m metaborate fusion (16), decreased down-core i n 
both basins f rom 190 ± 38 mequiv/100 g i n the 0 - 2 - c m interval to 160 ± 
32 mequiv/100 g i n the 12-14-cm interval (F igure 7a). F o r any d e p t h interval 
the difference between the basins was less than 5%, and the analysis of 
sediments for total base cations was not precise enough to conf i rm the dif­
ferences between basins detected b y other analyses. I n contrast, the analyses 

150 160 170 180 190 200 0 10 20 30 40 50 0 10 20 30 40 50 

Total Organic Exchangeable 
(mequiv/100 g) (mequiv/100 g) (mequlv/100 g) 

Figure 7. Sediment profiles of base cations in treatment basin (shaded bar) 
and reference basin (unshaded bar), 5-m sites, October 1987. Key: a, total; 
b, organic fraction; and c, exchangeable fraction. All are expressed in milli-

equivalents per 100 g of wet sediment. 
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for organically b o u n d and exchangeable cations d i d show interbasin differ­
ences i n near-surface sediments. F o r example, F i g u r e 7b shows the base-
cation content obtained by H 2 0 2 digest ion (15). This por t ion includes cations 
that are both exchangeable and more t ightly b o u n d i n organic matter, but 
for ease of discussion, we w i l l refer to this fraction as the organic fraction. 
T h e 0 - 2 - c m interval of the reference-basin sediments had an organic fraction 
content —15 mequiv/100 g higher than that i n the treatment basin, w h i c h 
was 25 mequiv/100 g. This fraction decreased down-core i n both basins to 
—15 mequiv/100 g i n the 12 -14 -cm interval . 

T h e difference between the treatment and reference organic fraction i n 
the 0 - 2 - c m interval can be accounted for b y the difference i n the exchange­
able fraction d e t e r m i n e d b y the a m m o n i u m saturation m e t h o d (18). T h i s 
fraction represents cations on the exchange sites of m i n e r a l and organic 
particles. T h e exchangeable fraction i n reference-basin sediments decreased 
f rom 25 mequiv/100 g i n the 0 - 2 - c m interval d o w n to 9 mequiv/100 g i n 
the 16 -18 -cm interval (F igure 7c). I n the 0 - 2 - c m interva l of the treatment-
basin sediment this fraction was only 12 mequiv/100 g, resul t ing i n an 
interbasin difference nearly equal to that measured i n the organic fract ion. 
In contrast to reference-basin values, treatment-basin values increased w i t h 
d e p t h to 20 mequiv/100 g i n the 6 - 8 - c m interval and then decreased to 9 
mequiv/100 g i n the 16 -18 -cm interval . Therefore , the observed trends i n 
the exchangeable and organic fractions of base cations i n the near-surface 
sediments of the two basins support the hypothesis that the increased con­
centrations of base cations i n the treatment-basin water c o l u m n were d e r i v e d 
f rom the sediments b y H + - c a t i o n exchange. 

Regarding the other potential explanations for the cation increases i n 
the water c o l u m n , w e are not yet able to p r o v i d e def ini t ive evidence (pro 
or con), but the fo l lowing discourse suggests that they are u n l i k e l y sources 
of the cations. M i n e r a l weather ing (i .e. , the incongruent dissolut ion of a l -
uminosilicates) c o u l d provide cations to the water c o l u m n . T h e m i n e r a l 
content of the sediments contains substantial quantities of weatherable m i n ­
erals. Several studies have shown that the rates of feldspar weather ing are 
accelerated by increasing [ H + ] (58), but this effect general ly occurs at m u c h 
lower p H values ( p H < 3) than occur i n L R L sediments . M o r e o v e r , the 
product ion of cations b y minera l weather ing is accompanied b y the p r o d u c ­
t ion of si l ica. A l t h o u g h treatment-basin S i 0 2 at p H 4.7 was sl ightly h igher 
than reference-basin values (see Nutr ients section), the increase was not 
nearly sufficient to explain the increase i n base cations. T h e contr ibutions 
to water -co lumn concentrations and I A G b y weather ing reactions i n L R L 
sediments, and the effects of acidification on weather ing rates are current ly 
u n d e r investigation. F o r the present, w e assumed that contr ibut ions b y 
weather ing were the same i n both basins. 

D e c o m p o s i t i o n of organic matter also c o u l d p r o v i d e cations to the water 
c o l u m n . I n an in i t ia l attempt to measure decomposi t ion rates, Tacconi (65) 
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5 . S A M P S O N E T A L . Effects of Acidification in a Seepage Lake 1 4 5 

showed that the release of base cations f rom seston occurred most ly i n the 
first 48 h . This r a p i d release suggested that they were exchangeable and not 
fixed i n the organic matrix. T h e decomposi t ion of freshly deposi ted organic 
matter thus is an u n l i k e l y source of the cations; most organically b o u n d 
cations are easily and rapidly lost. T h e rates of organic decomposi t ion were 
assumed for this discussion to be the same i n each basin. 

T h e differences be tween treatment and reference basins observed i n 
the profiles of exchangeable cations c o u l d be explained b y : 

1. differences i n the density and activity of the benthie c o m ­
m u n i t y (i .e . , bioturbation); 

2. differences i n the factors that control the composi t ion and mass 
of fluxes to the sediment, resul t ing i n different deposi t ional 
histories; and 

3. treatment effects, i n w h i c h exchangeable cations are replaced 
b y H + , thus d i m i n i s h i n g the pool of exchangeable cations. 

Regarding the first explanation, the benthie macroinvertebrate communi t ies 
i n the treatment and reference basins of L R L are s imilar i n composi t ion and 
l o w i n density, and treatment caused relat ively m i n o r changes (67, 68). 
A l t h o u g h the effects of benthie activity w e r e not measured at the core sites, 
there is l i t t le reason to bel ieve that b ioturbat ion was important at these 
depths or different between basins. 

It w o u l d be an overs impli f icat ion to suggest that a pair of cores c o u l d 
be considered duplicates or that information f rom a single core c o u l d be 
extrapolated to basin-wide processes. H o w e v e r , carefully chosen core sites 
can prov ide a basis for reasonable estimates and hypothesis formation. B o t h 
basins of L R L have s imilar morphometr i c and edaphic condit ions (F igure 
1), suggesting s imilar deposit ional regimes and histories. C o r e locations were 
chosen near sites where extensive pore-water measurements had b e e n made 
(4, 17, 59) and w h e r e sediment cores had been dated b y 2 1 0 P b . M e a n mass 
accumulat ion rates calculated over the top 4 - 5 c m were comparable be tween 
basins: 105 and 126 g / m 2 per year for the treatment and reference basin, 
respectively (65, 66). 

Because i o n exchange is a rapid process, differences i n deposi t ional 
history cannot be inferred solely f rom profiles of exchangeable cations. T h e 
magnitude of the exchangeable fraction does not indicate propert ies of the 
sol id surface per se. That is to say, it is not a measure of the total n u m b e r 
of exchange sites. It is only a measure of those sites occupied b y base cations. 
If corresponding values of exchangeable acidity or total exchange sites w e r e 
available, more def ini t ive conclusions regarding matrix differences c o u l d be 
made, but these values were not measured i n this invest igation. Nonetheless , 
the percent composi t ion of ca lc ium, magnes ium, potassium, and s o d i u m i n 
the top 4 c m of sediment shows that the sediments are s imi lar (F igure 8). 
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Figure 8. Percent composition of Ca2+ (unshaded), Mg2+ (diagonally hatched), 
K+ (cross-hatched), and Na+ (shaded) in base-cation pools of the top 4 cm of 
treatment-basin sediment (T) and reference-basin sediment (R), 5-m sites, 

October 1987. 

T h e largest interbasin difference i n composi t ion of the exchangeable fraction 
is i n the propor t ion of exchangeable sod i um , w h i c h was 3 times h igher i n 
the treatment-basin sediments than i n the reference basin. T h e apparent 
enr ichment of exchangeable N a + i n the treatment sediments is consistent 
w i t h a deple t ion of exchangeable C a 2 + , M g 2 + , and K + , the cations that 
increased i n the water c o l u m n w i t h decreasing p H . S o d i u m i n the water 
c o l u m n showed no t rend w i t h decreasing p H , suggesting that no H + - N a + 

exchange occurred. 
F i n a l l y , an estimate of the potential increase i n the treatment-basin 

water -co lumn base-cation concentration attributable to i o n exchange was 
obtained b y using the fo l lowing information: 

• E0_N is the exchangeable content of base cations i n the top Ν 
c m of sediment ; 

• D is the density of sediments, 1.02 g w e t / c m 3 ; 

• d r y : w e t is the dry-to-wet ratio of sediments, 0.07 g/g; 

• 0 .66SA is 66% of treatment-basin surface area, 6.47 Χ 10 4 m 2 ; 

• ^basin is the v o l u m e of treatment basin, 3.77 Χ 1 0 5 m 3 . 

T h e exchangeable content of base cations i n the top Ν c m of sediment , -EO-N? 
is the summation over depth of the exchangeable cation fractions presented 
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5 . S A M P S O N E T A L . Effects of Acidification in a Seepage Lake 147 

graphically i n F i g u r e 7c. Values of E0_N are g iven i n Table I V for Ν = 2, 4, 
8, and 12. T h e increase i n the treatment-basin water -co lumn base-cation 
concentration attributable to complete ion exchange of base cations i n the 
0 - N - c m interval , A B C j X , was calculated by using EQ_JV d e t e r m i n e d for both 
the treatment- and reference-basin sediments (Table IV) . T h e addi t ion of 
Δ Β Ο Ι Χ to the water -co lumn base-cation concentration results i n the maxi ­
m u m concentration attainable solely b y ion exchange i n the near-surface 
sediments. A l t h o u g h ion exchange w i l l occur to vary ing degrees at different 
sediment depths, this calculation provides an estimate of the possible con­
t r ibut ion of ion exchange to the water -co lumn chemistry . 

F o r example, the average base-cation concentration i n the water c o l u m n 
of the treatment basin was 124 μequiv/L· i n 1987 w h e n the sediment samples 
were obtained (year 1 at p H 5.1). I f w e consider the situation i n w h i c h a l l 
the cations i n the top 4 c m of treatment-basin sediments (where £ ( ) _ 4 = 27, 
g iv ing A B C I X = 64) were exchanged for Η + ions, then the highest possible 
water -co lumn concentration w o u l d be 188 μοςυΐν/Ι., (124 4- 64). Because 
the treatment-basin sediments apparently had lost base cations before sam­
p l i n g was done, this calculation probably underestimates base-cation con­
tr ibutions to the lake water by ion exchange. A n o t h e r calculation may prov ide 
an estimate of treatment-basin A B C I X for the entire acidif ication phase i f i t 
is assumed that EQ_N of the preacidi f ied (pre-1985) treatment basin was s imi lar 
to E0^N of the reference basin i n 1987; Δ Β Ο Ϊ Χ based o n this premise is g iven 
i n Table IV. P r i o r to acid addit ions, the average base-cation concentration 
of the treatment basin was 90 μequiv/L. I f w e again consider the situation 
i n w h i c h a l l the base cations i n the top 4 c m (where EQ_4 = 40, g i v i n g 
Δ Β Ο , χ = 94) were exchanged for Η + , then the highest possible concentra­
t ion w o u l d be 184 μβςυίν/ί , (90 + 94). This result is s imilar to that obta ined 
b y us ing EQ_4 measured on the 1987 treatment-basin sediments. 

S imi lar ly , the water -co lumn base-cation concentrat ion resul t ing f rom 
complete exchange of the top 2 c m w o u l d be 155 μequiv/1L (124 + 31, 

Table IV. Total Exchangeable Base-Cation Content and Potential Increase 
with Ion Exchange 

Eo_/ (mequiv/100 g) 

Depth 
Interval 
( 0 - N cm) 

Treatment-
Basin 

Sediments 

Reference-
Basin 

Sediments 

àBCIx
h (puequiv/L) 

Based on Based on 
Treatment Reference 

Eo_N an Eo-s cm 

0 - 2 
0 - 4 
0 - 8 
0 - 1 2 

1 2 
2 7 
6 2 
8 6 

2 5 
4 0 
5 9 
7 4 

3 1 
6 4 

146 
2 0 3 

5 9 
9 4 

1 3 9 
174 

"Exchangeable base-cation content of treatment- and reference-basin sediments. 
''Potential increase in treatment-basin water-column base-cation content attributable to ion 
exchange. 

American Chemical 
Society Library 

115516th St.. N.W. 
Washington, O.C. 20036 
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based on treatment E 0 _ 2 ) or 149 μequiv/L (90 + 59, based o n reference 
EQ_2)- T h e actual base-cation content of the treatment-basin water c o l u m n 
was 140 μ β ς υ ί ν / ί at p H 4.7, w h i c h is s l ightly less than the w a t e r - c o l u m n 
concentration obtained from complete exchange of on ly the top 2 c m . T h e 
sediment reservoir of exchangeable base cations thus is more than sufficient 
to account for the observed increase i n cations i n the water c o l u m n . T h i s 
cation-exchange process w i l l have to be reversed and the released Η + n e u ­
tra l ized b y other processes, such as sulfate reduct ion , before complete re­
covery f rom acidification can be achieved. 

Ca2+-NH4
+ Exchange. Measurements were made to de termine the 

C a 2 + - N H 4
+ exchange coefficient to ascertain whether C a 2 + - N H 4

 + ex­
change can explain the large, rap id changes i n pore-water ca lc ium concen­
trations observed b y Sherman (59) i n L R L over short per iods of t ime (~1 
month). These changes i n ca lc ium occurred d u r i n g per iods of a m m o n i u m 
product ion v i a decomposi t ion ( M a y - J u n e ) . T h e magni tude of the 
C a 2 + - N H 4

 + exchange coefficient for L R L sediments w o u l d indicate w h e t h e r 
N H 4

 + is important i n the release of C a 2 + from the sediments . 
A n equation descr ib ing the exchange reaction be tween C a 2 + and N H 4

 + 

is (69): 

where X is an exchanger surface of a sediment part icle . Because this process 
is reversible , i t can be descr ibed i n terms of an e q u i l i b r i u m constant of the 
general form: 

w h e r e parentheses refer to activities. 
Dif f icul t ies associated w i t h measuring the activities of ions o n a sol id 

phase l e d many workers to suggest empir i ca l relationships s imilar to e q 16 
i n an attempt to define the e q u i l i b r i u m constant, K. A relat ionship d e v e l o p e d 
b y Vanselow (70) assumes that surface activity is proport ional to the mole 
fraction of an i o n . F o r exchange between cations M and N , the surface act ivity 
of M is def ined b y 

C a 2 + + 2 N H 4 X > 2 N H 4
+ + C a X (15) 

Κ = 
(CaX) x ( N H 4 + ) 2 

( N H 4 X ) 2 x ( C a 2 + ) 
(16) 

( M X ) = = 
[ M ] 

(17) 
[Μ] + [N] 

w h e r e [ M ] and [N] (in moles p e r kilogram) are the concentrations of M and 
Ν occupying exchange sites. Subst i tut ing this assumption into the general 
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5 . SAMPSON ET A L . Effects of Acidification in a Seepage Lake 149 

form of the equat ion for the exchange constant results i n an exchange con­
stant, Kc: 

K = [Ca] X {[Ca] + [ N H 4 ] } X ( N H 4 + ) 2 

^ [MQ2 X ( C a 2 + ) { } 

Because ion exchange is affected b y surface charge, the exchanging 
cations may be represented i n equivalent rather than molar amounts. T h i s 
convent ion results i n an exchange reaction between c a l c i u m and a m m o n i u m 
expressed as follows: 

J c a 2 + 4- N H 4 X > N H 4
+ + C a 1 / 2 X (19) 

w h e r e C a 1 / 2 X represents the association of one posit ive charge f r o m the C a 2 + 

i o n w i t h one negative surface charge. This convent ion was used b y G a p o n 
(71), w h o assumed that surface activity is proport ional to the equivalent 
fraction of an i o n . That is, surface activity of cation M m + for exchange b e t w e e n 
cations M m + and N n + is def ined b y 

[ M 1 / m ] 
-ά/1/mX " [ M J + [N1/n] 

(20) 

w h e r e [ M 1 / m ] and [Nj/J are the^concentrations of M m + and N n + o c c u p y i n g 
exchange sites and { [ M 1 / m ] + [N 1 / n ] } is the total n u m b e r of sites o n the sol id 
phase, both expressed i n mi l l iequivalents per 100 g of sediment . T h e 
resul t ing exchange constant (Gapon's coefficient, KG) for C a 2 + - N H 4

+ ex­
change is 

^ [NH4
+] X £ C A I ( 2 X 

B o t h the molar and equivalent conventions satisfy the conservation of 
mass and charge requirements , but nei ther convent ion accurately represents 
reality. T h e exchange of molar quantities does not consider charge i n the 
computat ion of surface activity, w h i c h is a serious omission w h e n exchanging 
ions have dif fer ing charges. In the equivalent convent ion , the s y m b o l 
M 1 / m X (m > 1) has no molecular significance (i .e. , there exists no such ent i ty 
as one-half of a ca lc ium ion). H o w e v e r , Sposito (72) showed that the Vanse low 
and G a p o n equations are interrelated b y thermodynamic pr inc ip les . G o u l d -
i n g (73) stated that none of the e m p i r i c a l constants have b e e n found to be 
t ru ly constant over a range of exchange condit ions, but Gapon's constant 
(hereafter referred to as Gapon's coefficient) has p r o v e n useful i n practice. 

Gapon's coefficient, K G , was d e t e r m i n e d o n sediment that was p r e p a r e d 
i n three different ways: C a 2 + - s a t u r a t e d , N H 4

+ - s a t u r a t e d , and untreated. 
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150 ENVIRONMENTAL CHEMISTRY OF L A K E S A N D RESERVOIRS 

Exchange was measured at typical pore-water concentrations of C a 2 + and 
N H 4

 + . F o r the C a 2 + - s a t u r a t e d and N H 4
+ - s a t u r a t e d sediments , K G was cal­

culated b y mass balance from measurements of in i t ia l and final ca lc ium and 
a m m o n i u m concentrations i n solution; the total concentrat ion of exchange 
sites was k n o w n . O n the untreated sediment , KG c o u l d be d e t e r m i n e d only 
after these s impl i fy ing assumptions were made: 

1. C a 2 + and M g 2 + exchange propert ies are s imilar and they may 
be treated as a single i o n ; 

2. N H 4
+ and K + exchange propert ies are s imilar and they may 

be treated as a single i o n ; 

3. N a + concentrations and effects are negl igible . 

T h e l o w value of the exchange coefficient d e t e r m i n e d for C a 2 + - s a t u r a t e d 
sediment, 0.05 ( ± 0 . 0 6 , η = 11), suggested that no replacement of C a 2 + b y 
N H 4

+ w o u l d occur at typical pore-water concentrations of these ions. Th is 
inact ivi ty is not surpr is ing because selectivity is largely a funct ion of ionic 
charge. T h e affinity for monovalent ions over the resident divalent ions is 
m u c h lower . In contrast, s imilar and higher exchange coefficients w e r e de­
t e r m i n e d for N H 4

+ - s a t u r a t e d and untreated sediments: KG = 4.6 ( ± 1 . 6 , 
η = 24) and 5.5 ( ± 1 . 6 , η = 17), respectively. T h e G a p o n coefficients 
d e t e r m i n e d on N H 4

+ - s a t u r a t e d and untreated sediments w e r e thus cons id­
ered to be reasonable and the average of those determinations, KG = 5 .1 , 
used i n subsequent calculations. 

If C a 2 + - N H 4
+ exchange occurr ing i n L R L sediments is descr ibed b y 

the G a p o n relat ionship, the calculated change i n N H 4
+ on exchange sites 

should approximate the change i n measured pore-water C a 2 + . Th is rela­
t ionship was tested for each basin by us ing pore-water profiles of N H 4

+ and 
C a 2 + obtained i n August and October 1988. A range of values of Δ £ ( Ν Η 4

+ ) , 
the vo lume-weighte d change i n N H 4

 + occupying exchange sites be tween 
times tx and t2 (microequivalents per square cent imeter i n the top 12 c m of 
sediment), was calculated f rom the pore-water profiles for these dates and 
the fo l lowing parameters: 

• E ' ( C a 2 + ) is the concentration of C a 2 + occupying exchange sites; 
range of values based on laboratory determinat ion : 7 .7 -10 .0 
mequiv/100 g, assumed to be constant down-core ; 

• KG is Gapon's coefficient, 5 .1 , based on laboratory study; 

• D is density of sediments, 1.02 g w e t / c m 3 ; 

• d r y : w e t = dry-to-wet ratio of sediments, 0.07 g/g. 

T h e measured change i n reference-basin pore-water C a 2 + ( A C a 2 + = 
0.5 μequiv/em 2 for the top 12 cm) compares w e l l w i t h the calculated change 
i n N H 4

+ occupying exchange sites ( Δ £ ( Ν Η 4
+ ) = 0 .5 -0 .64 μequiv/cm 2 ) . 

Pu
bl

is
he

d 
on

 M
ay

 5
, 1

99
4 

on
 h

ttp
://

pu
bs

.a
cs

.o
rg

 | 
do

i: 
10

.1
02

1/
ba

-1
99

4-
02

37
.c

h0
05
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H o w e v e r , A C a 2 + measured for the acidif ied basin (0.24 μ β ς υ ΐ ν / α η 2 for the 
top 12 cm) does not agree w i t h the corresponding value of Δ Ε ( Ν Η 4

+ ) (-1.2 
to - 1 . 6 μ β ς υ ΐ ν / α η 2 for the top 12 cm). This result suggests that a process 
other than C a 2 + - N H 4

 + exchange controls pore-water C a 2 + i n the treatment 
basin. F o r example, the effects of C a 2 + - H + exchange may o v e r w h e l m the 
effects of C a 2 + - N H 4

+ exchange u n d e r the increased H + loads present i n 
the treatment basin. 

A l t h o u g h selectivity of the sediments favors ca lc ium, the results of this 
study give some support to the idea that N H 4

+ is an active counter ion for 
C a 2 + i n sediment pore waters u n d e r condit ions w h e r e b y C a 2 + - H + exchange 
is not a dominant process. T h e G a p o n coefficient for C a 2 + - N H 4

+ exchange 
can explain the ca lc ium pore-water profi le i n the reference basin and may 
be used to estimate the flux of cations f rom sediments d u r i n g periods of h i g h 
a m m o n i u m generation. H o w e v e r , i t cannot be used for the same purpose 
i n the treatment basin. 

Recovery Predictions. C h e m i c a l budgets a l low us to gain an u n ­
derstanding of the processes responsible for generating alkal ini ty and to 
determine the response of each to acid loadings. In t u r n , this informat ion 
allows us to predic t lake response after acid loading stops, that is, to develop 
recovery models based on the i n p u t - o u t p u t concepts of V o l l e n w e i d e r (74). 
A l t h o u g h in-lake alkal inity generation has been k n o w n for decades (e.g. , 75, 
76), early lake acidification models considered watershed processes only ; the 
t r i ck le -down m o d e l (77) i n c l u d e d a zero-order t e r m for I A G . W h o l e - l a k e 
experiments reemphasized the importance of I A G i n the regulat ion of a l ­
kal in i ty and p r o m p t e d further investigation of biological (e.g. , 40, 44, 78) 
and sediment contributions to I A G (e.g., 45, 53). This research p r o v i d e d 
the basis for determinis t ic I A G - b a s e d ac idi f i ca t ion-recovery models (27, 
47, 79). 

F o u r forms of the basic I A G m o d e l (27, 46) are descr ibed here to predic t 
rates of recovery of L R L alkal inity. T h e models are descr ibed i n order of 
increasing complexi ty and real ism, ref lect ing the inc lus ion of I A G contr i ­
butions f rom more biogeochemical processes (4,17). A s previous ly discussed, 
chemica l budgets f rom the first 3 years of acidification indicated that the 
main processes control l ing I A G are sulfate reduct ion and cation p r o d u c t i o n 
b y i o n exchange (in order of importance). Effects of nitrate and a m m o n i u m 
retent ion roughly cancel each other (in terms of net alkal ini ty product ion) 
(17). 

T h e simplest m o d e l , M o d e l 1, was based on the assumption that I A G 
i n the treatment basin after acid additions w i l l be constant ( i .e . , I A G is a 
zero-order term) and approximately equal to that measured i n the reference 
basin. T h e equation for M o d e l 1 is 

= £ { J * - S„[ALK] + A (IAG)} (22) 

Pu
bl

is
he

d 
on

 M
ay

 5
, 1

99
4 

on
 h

ttp
://

pu
bs

.a
cs

.o
rg

 | 
do

i: 
10

.1
02

1/
ba

-1
99

4-
02

37
.c

h0
05



152 ENVIRONMENTAL CHEMISTRY OF L A K E S A N D RESERVOIRS 

w h e r e [ A L K ] is lake alkal ini ty (mequiv/m 3 ) ; [ A L K ] 0 is - 2 6 m e q u i v / m 3 ; V 
is lake v o l u m e (3.6 Χ 1 0 5 m 3 ) ; / d k is a lkal ini ty loading (-1.4 Χ 1 0 6 mequiv/ 
year); S 0 is outf low rate (4.758 Χ 1 0 4 m 3 /year) ; A is lake area (9.33 Χ 1 0 4 

m 2 ) ; I A G is reference-basin internal a lkal ini ty generation, average of 4 years 
(21 m e q u i v / m 2 per year) (17); and £ is 0 at the e n d of the last s u m m e r of 
acid addit ions. Th is m o d e l underestimates treatment-basin response because 
it does not account for the increased rate of S 0 4

2 " reduct ion resul t ing from 
higher [ S 0 4

2 ~ ] i n that basin. 
M o d e l 2 was based on the assumption that sulfate reduct ion is the on ly 

important I A G process and that the rate is proport ional to [ S 0 4
2 ~ ] i n the 

treatment basin. D e p l e t i o n of sulfate is direct ly correlated to alkal inity p r o ­
duct ion ; the rate of I A G decreases w i t h t ime as [ S 0 4

2 ~ ] decreases. T h e 
sulfate loss coefficient (kso) was est imated to be 0.46 m/year for L R L (17, 
47) p r i o r to acid additions, but i t may change w i t h severe per turbat ion . F o r 
example, sulfate-reducing bacteria may be i n h i b i t e d at l o w p H . N o change 
i n kSo4 was evident through the first year at p H 5.1 . W h e n the ion budgets 
at p H 4 .7 are complete they w i l l reveal w h e t h e r a change i n kSOi occurred . 
M o d e l 2 is descr ibed b y the fo l lowing c o u p l e d equations: 

[ A L K ] = [ A L K ] 0 - A [ S 0 4
2 " ] (23) 

= ^{/so 4 " S 0 [ S 0 4
2 " ] - fcso^[S04

2"]} (24) 

w h e r e [ S 0 4
2 ~ ] is lake sulfate concentration (mequiv/m 3 ) ; [ S 0 4

2 ~ ] 0 is 147 
m e q u i v / m 3 ; / S Q 4 is sulfate loading (4.0 Χ 1 0 6 mequiv/year) ; and kSo4 is the 
first-order loss coefficient for sulfate (0.46 m/year). I f other I A G processes 
are important , M o d e l 2 w i l l not y i e l d accurate estimates of the t ime r e q u i r e d 
for alkal ini ty recovery. In addi t ion , it may underest imate the t ime r e q u i r e d 
for recovery i n L R L because it does not inc lude loss of alkal ini ty (and sulfate) 
b y groundwater outf low, an important factor i n a seepage system. 

M o d e l 3 includes S 0 4
2 ~ reduct ion , cation p r o d u c t i o n , and i o n losses b y 

outf low. T h e apparent cat ion-product ion t e r m ( C P ' ) , was calculated o n the 
basis of the observed increase i n water -co lumn base cations. It inc ludes 
product ion v ia both weather ing and ion exchange, and was treated as a zero-
order (constant) t e r m because a more accurate funct ional relat ionship is not 
available. M o d e l 3 is descr ibed b y the fo l lowing c o u p l e d equations: 

= £ { 7 a , " S J A L K ] + fcSOjA[S04
2-] + A ( C P ' ) } (25) 

= £ {/so, - S „ [ S ( V - ] - fcso^tSO/-]} (26) 

w h e r e C P ' is treatment-basin cation product ion (32 m e q u i v / m 2 per year). 
M o d e l 3 is a more reasonable representation of the north-basin response. 
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5 . SAMPSON ET A L . Effects of Acidification in a Seepage Lake 1 5 3 

It is not yet a complete recovery m o d e l , however , and it was d e v e l o p e d 
before w e observed that the surficial sediments had become acidi f ied. B e ­
cause the surface sediments of L R L have become acidi f ied, the cation-ex­
change process w i l l need to be reversed and the released H + neutra l ized 
b y other processes. 

A parameter ized m o d e l that includes the reversal of cation exchange 
and subsequent neutral izat ion of released H + is u n d e r development , but 
an estimate of the effects of sediment acidification (sediment cation or a l ­
kal ini ty deficit) on rate of recovery can be made b y us ing the equations i n 
M o d e l 3 i f the fo l lowing assumptions are made. 

1. Preacidif icat ion values of alkal ini ty and total base cations rep­
resent a long- term steady-state condi t ion to w h i c h the lake 
w i l l eventual ly re turn . 

2. T h e in i t ia l sediment alkal inity deficit (at the e n d of acidif icat ion 
or the b e g i n n i n g of recovery) is equal to the difference be­
tween the preacidif ication base-cation content of the water 
c o l u m n and that measured at the e n d of acidif ication. T h i s 
deficit can be treated as i f it were a component of the water-
c o l u m n alkal inity. In other words , total a lkal ini ty at the be­
g inning of recovery, [ A L K ] T 0 , is equal to the s u m of water-
c o l u m n alkal inity at that t ime, [ A L K ] 0 , and the difference 
between preacidif icat ion base-cation concentrat ion and that at 
the b e g i n n i n g of recovery (t — 0). 

3. T h e alkal inity p r o d u c e d at the s e d i m e n t - w a t e r interface b y 
sulfate reduct ion w i l l be d is t r ibuted be tween the water c o l ­
u m n and sediment compartments i n propor t ion to the ir a l ­
kal in i ty deficit . A t the e n d of acidif ication i n L R L , both the 
water c o l u m n and the sediments (expressed i n terms of excess 
cations i n the water) had in i t ia l a lkal ini ty deficits of —50 m e ­
q u i v / m 3 , and therefore generated alkal ini ty was assumed to 
be d is t r ibuted equally. In other words , for every 2 m e q u i v of 
alkal inity produced , 1 m e q u i v contributes to w a t e r - c o l u m n 
alkal inity and 1 m e q u i v to sediment alkal ini ty . 

4. A p p a r e n t cation product ion , C P ' , remains constant and rep­
resents contributions b y m i n e r a l weather ing or hydrologie i n ­
put . T h e m o d e l resul t ing f rom these assumptions, M o d e l 4, 
is descr ibed b y the fo l lowing equations: 

^ 3 l - ^ { / * - S j A L K l r + 

feso/[S04
2-] + A(CP')} (27) 
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^ = > 4 - S J S O / - ] -

* S O i A [ S 0 4
2 - ] } 

[ A L K ] = [ A L K ] 0 -

(28) 

(29) 

where [ A L K ] T is total alkal inity as previous ly def ined (mequiv/ 
m 3 ) and [ A L K ] X 0 is - 7 6 m e q u i v / m 3 . 

Results of the four models (F igure 9a) i l lustrate the effect on p r e d i c t e d 
recovery rates of i n c l u d i n g various alkal inity-generat ing processes. M o d e l s 
1 and 2 probably y i e l d upper and lower l imits of the t ime r e q u i r e d to recover 
to the preacidif icat ion alkal ini ty l eve l . M o d e l 3 probably yields an under ­
estimate of recovery t ime, i n that it does not consider the need to neutral ize 
acidif ied surficial sediments (and restore base cations o n sediment-exchange 
sites that have been lost d u r i n g the last years of ac id loading). M o d e l 4 
probably yields the most accurate estimate of recovery t ime, but it does not 
provide a functional relat ionship for the cat ion-product ion t e r m . Based on 
M o d e l 4, the nor th basin w i l l reach 50% of the preexper imenta l a lkal ini ty 
concentrations i n 3 - 5 years and 9 0 % i n ~ 8 years. C o m p l e t e recovery is 
pred ic ted to occur i n 12 .5-15 years. 

10 15 20 
Time (years) 

25 -20 0 20 40 
Alkalinity (mequiv/m3) 

Figure 9. Recovery predictions. Part a: Model 1, reference-basin IAG only; 
Model 2, sulfate reduction only; Model 3, sulfate reduction, cation production, 
and outflow; and Model 4, sulfate reduction, cation production, outflow, 
and sediment neutralization. Part b, Autumn pH-alkalinity correlation: 

r 2 = 0.959. 
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A l k a l i n i t y and p H measurements made i n L R L d u r i n g fall turnover show 
that a reasonable correlat ion exists between alkal inity and p H (Figure 9b). 
Calcula t ion of lake-water partial pressure of C 0 2 , Pco2> based on turnover 
values of p H and alkal inity, y i e l d e d an average value of 10 3 3 atm (assuming 
al l but 5 μ β ς υ ΐ ν ^ of the measured alkal ini ty was H C 0 3 " ) . Th is result 
indicates that the lake is i n e q u i l i b r i u m w i t h atmospheric C O £ d u r i n g the 
fall sampling periods. This relat ionship allows us to predic t the north-basin 
p H d u r i n g recovery (Figure 9a, r ight Y-axis). Based on M o d e l 4 and the 
p H - a l k a l i n i t y relat ionship, the north-basin e q u i l i b r i u m p H w i l l recover to 
5.5 i n —3.5 years and to 6.1 i n 12 .5-15 years. 

O f course, the accuracy of these predict ions depends on the accuracy 
of the m o d e l assumptions. F o r more accurate estimates of recovery t ime , a 
sediment base-cation recovery component must be added to the m o d e l . 
Some efforts along these l ines have been achieved i n studies of long- term 
lake responses to l i m i n g . F o r example, D e P i n t o et al . (79) descr ibed a m o d e l 
( A L a R M , the acid lake reacidification model) that i n c l u d e d a component 
encompassing sediment transformations and transport. F u r t h e r explorat ion 
of the functional relat ionship for the cat ion-product ion t e r m is n e e d e d to 
m o d e l responses to acid loadings. This investigation is b e i n g under taken 
d u r i n g the study of the recovery of L R L f rom acidif ication. 

Summary and Conclusions 

T h e incremental acidification of L R L over a 6-year p e r i o d resul ted i n a 
gradual change i n the l a k e s major ion chemistry such that the composi t ion 
at p H 4.7 was substantially different f rom the p H 6.1 condit ions. Sulfate 
increased b y a factor of —2.8 and replaced bicarbonate as the major anion. 
Base cations increased i n the water c o l u m n at each treatment p H such that 
at p H 4.7 total base-cation concentration increased 56% over preacidif icat ion 
values. Increases i n C a 2 + accounted for about 75% of the increase i n total 
base-cation concentration. 

Mass-balance calculations for the first 3 years of acid additions indicate 
that the p r i n c i p a l I A G processes are sulfate reduct ion and cation product ion . 
Specif ically, one- th i rd of the total sulfate input (added acid and deposition) 
was neutra l ized b y in-lake processes. Increased sulfate reduct ion consumed 
sl ightly more than one-sixth and product ion of cations neutra l ized somewhat 
less than one-sixth of the acid added. O f the r e m a i n i n g sulfate, one- th i rd 
was lost b y outflow, and one- th i rd decreased lake alkal ini ty . Laboratory 
determinations suggest that sediment-exchange processes occurr ing i n only 
the top 2 c m of surficial sediments can account for the observed increase i n 
water -co lumn cations. Acidi f i ca t ion of the near-surface sediments (with par­
t ial loss of exchangeable cations) w i l l s low recovery because of the n e e d to 
exchange the sediment -bound H + and neutral ize it b y other processes. 
Reactor-based models that inc lude the p r i m a r y I A G processes predic t that 
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the nor th basin w i l l achieve 5 0 % recovery i n 3 - 5 years and 9 0 % i n ~ 8 years; 
complete recovery is predic ted to occur i n 12 .5-15 years. 

T h e results of the L R L experiment suggest that broad generalizations 
cannot be made regarding the effects of acidif ication on lacustrine nutr ient 
cycles. Such effects are site-specific and dependent o n resident lake biota 
and seasonal factors such as under- ice p H depressions. M i n o r d i s rupt ion of 
the ni trogen cycle i n L R L was found, but this d i d not inc lude the cessation 
of ni tr i f icat ion, as reported for other ac idi f ied lakes; n i t rogen fixation was 
i n h i b i t e d , and total ni trogen decreased. Effects of acidif ication o n si l ica cy­
c l i n g i n L R L differed from those observed i n other exper imenta l acidif ica­
tions. S i l i ca concentrations increased sl ightly relative to the reference d u r i n g 
treatment to p H 4.7. This change suggested that the diatom populat ion was 
somewhat i n h i b i t e d b y the l o w p H . In spite of laboratory experiments that 
showed that the release of inorganic Ρ f rom L R L sediments c o u l d be r e d u c e d 
b y as m u c h as 9 0 % as p H decreased from 6.0 to 4.5, phosphorus c y c l i n g 
was largely unaffected i n L R L . These trends i n Ρ agree general ly w i t h the 
findings of other exper imental acidif ication studies repor ted i n the l i terature. 

T h e L R L experimental acidification ver i f i ed many of the predict ions w e 
made at the outset of the study (5, 6), but some responses of the lake w e r e 
unantic ipated. F o r example, the increases i n base cations occurred as pre ­
dic ted , and the relative importance of in-lake processes i n the neutral izat ion 
of added H 2 S 0 4 was predic ted fairly closely. I n contrast, the decrease i n 
total Ν was contrary to our expectations and the decrease i n N 2 fixation was 
not expected. T h e combinat ion of field, mesocosm, and laboratory studies 
at L R L elucidated several b iogeochemical processes and enabled us to make 
mechanist ic interpretations of the observed changes. 
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Organic Phosphorus in the Hydrosphere 
Characterization via 31P Fourier Transform Nuclear 
Magnetic Resonance Spectroscopy 

M a r k A . Nanny and Roger A . Minear 

Institute for Environmental Studies, University of Illinois at U r b a n a -
Champaign, Urbana, I L 61801 

Phosphorus-31 Fourier transform nuclear magnetic resonance (31P 
FT-NMR) spectra of dissolved organic phosphorus (DOP) species, 
collected from the epilimnion of a small lake from September 1990 
to May 1991, were used to identify and characterize soluble Ρ com­
pounds in lake water. Ultrafiltration and reverse osmosis concentra­
tion techniques were used to achieve a 2000-fold DOP concentration 
factor. The sensitivity of the NMR was further enhanced by the use 
of the spin-lattice relaxation agent iron ethylenediaminetetraacetate 
(FeEDTA). These techniques are briefly discussed, in addition to the 
effects of pH, ionic strength, concentrated humic matrix, and Fe­
EDTA on the 31Ρ FT-NMR spectra. Individual DOP species in lake 
water have not been conclusively identified with 31P FT-NMR spec­
troscopy. The 31P FT-NMR spectra indicate the presence of mono­
-and diester phosphates, and the presence of DNA is strongly sug­
gested. 31P FT-NMR spectra show seasonal changes that correlate to 
seasonal changes in the lake. Varying the sample pH and collecting 
the subsequent 31P FT-NMR spectra illustrates that not all of the DOP 
species's signal positions are pH-dependent. This independence in­
dicates possible DOP aggregate or micelle formation. 

T H E D I S S O L V E D P H O S P H O R U S F R A C T I O N is the most important aquatic 
phosphorus compartment i n terms of biological growth i n an aquatic system 
because it provides the major source of available phosphorus to phytoplank­
ton. To be biological ly useful the dissolved phosphorus compounds must 

0065-2393/94/0237-0161$08.75/0 
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162 ENVIRONMENTAL CHEMISTRY OF L A K E S A N D RESERVOIRS 

first be converted into orthophosphate. Therefore , to fu l ly understand the 
aquatic phosphorus cycle, the ident i ty and the chemica l and physica l be­
havior of the dissolved organic phosphorus ( D O P ) must be k n o w n . T h e 
removal rates and behavior of D O P i n the presence of other dissolved and 
col loidal material such as h u m i c and fulv ic acids; clay col lo idal material ; and 
various ions such as C a 2 + , M g 2 + , and F e 2 + or F e 3 + must also be addressed. 

F o r these reasons, numerous attempts have been made to ident i fy and 
characterize D O P , but w i t h l i t t le success because it is usually present i n 
very l o w concentrations. T y p i c a l values i n lake waters range f rom 5 to 100 
μg of P / L i n ol igotrophic to eutrophic systems. C o l o r i m e t r i c methods have 
been used extensively to detect and differentiate be tween soluble reactive 
phosphorus (SRP) and soluble unreactive phosphorus (SUP) at concentrations 
as l o w as 10 μg of P / L (I). S R P is generally considered to consist of only 
orthophosphate compounds , whereas S U P is composed of a l l other phos­
phorus species, p r i m a r i l y organic phosphorus compounds . T h e sum of S R P 
and S U P is equal to the total soluble phosphorus (TSP). These methods were 
used to study the dynamics of b u l k phosphorus fractionation between the 
sediments, suspended particulate matter, the biota, and the dissolved frac­
t ion (2). Despi te these studies, very l i t t le is k n o w n regarding the ident i ty 
and characteristics of the D O P i n the hydrosphere . 

At tempts to ident i fy and characterize the D O P fraction have r e l i e d on 
gel chromatography (Sephadex) (3-8), 3 2 P and ^ P tracer studies (3-11), 
bioassays (9-12), enzyme bioassays (13, 14), and high-performance l i q u i d 
chromatography ( H P L C ) w i t h a post -column reactor (15, 16). A consistent 
feature i n the gel chromatography studies is the appearance of a h i g h - m o ­
lecular-weight ( H M W ) fraction (>30,000-5000 daltons, d e p e n d i n g o n the 
exclusion l i m i t of the gel employed) , always at the u p p e r l i m i t of the size-
exclusion gel used, and a low-molecular-weight fraction that coelutes w i t h 
orthophosphate. B e t w e e n the h i g h - and low-molecular -weight fraction 
peaks, w h i c h are dist inct and prominent , a c o n t i n u u m of an intermediate-
molecular-weight fraction is often present i n l o w concentrations. Sometimes 
this fraction also is represented b y a shoulder i n the low-molecular -weight 
e lut ion region. These studies also indicate that S R P is sometimes present 
i n the H M W fraction. 

Incubat ion of lake water w i t h 3 2 P or 3 3 P as tracers and subsequent gel 
chromatography reveals that a major pathway exists be tween dissolved or­
thophosphate and the particulate phase (3, 5 -7 ) . L o w - m o l e c u l a r - w e i g h t 
phosphorus forms i n the presence of bacteria and algae. S U P is present i n 
the low-molecular -weight fraction and is classified as i n d i v i d u a l D O P c o m ­
pounds unassociated w i t h particulate or col lo idal material . T h e H M W frac­
t ion found in gel chromatography studies is characterized as a co l lo id that 
contains phosphorus compounds or incorporates orthophosphate. T h e c o l ­
lo idal material then releases orthophosphate, rep len ish ing the dissolved 
phosphorus cycle . In some eutrophic lakes the H M W S R P fraction can make 
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6. N A N N Y & M I N E A R Organic Phosphorus in the Hydrosphere 1 6 3 

u p to 80% of the total soluble phosphorus (6). Studies b y Koenings and 
H o o p e r (17) and by F r a n k o and H e a t h (18) demonstrated the b i n d i n g of 
orthophosphate b y h u m i c material i n the presence of ferric ions. Th is h u m i e -
P 0 4

3 ~ - F e ( I I I ) complex shows up i n the H M W fraction w h e n analyzed w i t h 
gel chromatography. U p o n irradiat ion w i t h ultraviolet l ight , the phosphate 
is released and the ferric ions are reduced to ferrous ions. 

O t h e r methods used to characterize and identi fy D O P involve bioassays 
w i t h Chlorella to study the biological availabil i ty and biouptake of the H M W 
S R P fraction (4, 6). These bioassays indicate that the algal growth responds 
s imi lar ly to H M W S R P and to P O ^ 3 " . A preference for P 0 4

, 3 ~ was detected, 
and not al l of the reactive H M W fraction was used. E n z y m a t i c assays used 
by H e r b e s et a l . (13) tentatively ident i f ied inositol hexaphosphate as part of 
the D O P U s i n g an anion-exchange H P L C system w i t h a phosphorus-specif ic 
post -column reactor, M i n e a r and co-workers (15,16) possibly have detected 
inositol hexaphosphate, D N A , and nucleot ide fragments i n lake waters. 

O n l y a few D O P species have been conclusively ident i f ied i n natural 
fresh waters. These species are D N A b y M i n e a r (19) and D e F l a u n et a l . 
(20), R N A and D N A by K a r l and Bai l i f f (21), and 3 ' , 5 ' - cyc l i c adenosine 
monophosphate b y F r a n k o and W e t z e l (22). Jefferey (23) detected the pres­
ence of phosphol ipids i n sea water. Others have p r o v i d e d c ircumstant ia l 
evidence for inositol hexaphosphate i n lake water (24-27) and i n aquatic 
sediments (13). 

Despi te the variety of analytical methods used and the amount of effort 
e m p l o y e d , the paucity of information regarding D O P and its importance i n 
aquatic ecosystems indicates a need for n e w tools i f the knowledge con­
cern ing D O P is to be expanded. F o u r i e r transform nuclear magnetic reso­
nance ( F T - N M R ) spectroscopy holds promise , for it is already b e c o m i n g a 
h igh ly beneficial tool i n the area of environmenta l analysis. 1 3 C F T - N M R 
spectroscopy has been used since 1976 (28) to examine h u m i c and fulv ic 
acids. 2 9 S i F T - N M R spectroscopy was recently a p p l i e d i n the detect ion of 
polyorganosiloxanes i n the environment (29). 3 1 Ρ F T - N M R spectroscopy was 
recently appl ied to the characterization of organic phosphorus present i n 
the envi ronment b y examining organic phosphorus i n soils (30-34) and h u m i c 
material f rom soils (35, 36), marine sediments (37), and wastewater-treat-
ment-plant activated sludge (38-41). M o n o - and diester and inorganic po ly­
phosphates and occasionally phosphonates were detected i n these samples. 

Because the applicat ion of N M R spectroscopy to envi ronmenta l samples 
is relat ively new, w e focused our studies on the identi f icat ion and charac­
terizat ion of D O P by 3 1 P F T - N M R spectroscopy. Ul traf i l t rat ion and reverse 
osmosis concentration techniques were e m p l o y e d to increase the dissolved 
organic phosphorus concentrations to the detect ion leve l of 3 1 Ρ F T - N M R 
techniques (approximately 1 0 - 2 0 m g of P / L ) . W i t h these concentrat ion 
methods a D O P concentration factor of u p to 2000 is obtainable. Th is chapter 
reports the use of 3 1 Ρ F T - N M R spectroscopy i n the analysis of D O P . In 
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164 ENVIRONMENTAL CHEMISTRY OF L A K E S A N D RESERVOIRS 

contrast to soil and sediment 3 1 P F T - N M R studies, w e avoided the use of 
strong base extraction techniques to mainta in D O P integri ty . I n d i v i d u a l 
D O P compounds have not yet been conclusively ident i f ied , but w e have 
detected D O P as mono- and diester phosphates i n an engineered lake i n 
C h a m p a i g n C o u n t y , I l l inois . W e also observed temporal changes i n the 3 1 Ρ 
N M R spectra over the p e r i o d of September through M a y . F r o m these re­
sults, w e conc luded that 3 1 P F T - N M R spectroscopy is a viable technique 
w i t h potential to identi fy and characterize the D O P i n v o l v e d i n the aquatic 
phosphorus cycle . 

Background NMR Theory 

T h e basic p r i n c i p l e of N M R spectroscopy is that a signal arises from the 
magnetic d ipole of nuc le i undergoing a transit ion be tween energy levels . A 
magnetic d ipole is created b y the intr ins ic sp inning m o t i o n of the nucleus 
and the electrical charges of its protons (42). T h e nuclear sp in can be de­
scr ibed b y the spin quantum n u m b e r , I, w h i c h must be equal to or greater 
than ¥2 for a magnetic d ipole to be present. I n addi t ion , the nucleus must 
have an unpai red spin aris ing from ei ther an o d d n u m b e r of protons or an 
o d d n u m b e r of neutrons w i t h an even n u m b e r of protons present. M a n y of 
the most c o m m o n nuc le i examined (such as * H , 1 3 C , and 3 1 P ) have sp in 
quantum numbers equal to ¥2. 

In the presence of an external magnetic field, H 0 , the magnetic d ipo le 
of the nucleus orients itself i n discrete positions relative to H(), corresponding 
to specific energy levels. T h e energy difference be tween these levels is g iven 
b y e q 1 

AE = (1) 

w h e r e Δ Ε is the energy difference between each pair of levels , μ is the 
magnetic moment of the nucleus expressed as nuclear magnetons, Β is the 
nuclear magneton constant (5.049 Χ 10" 2 4 erg/G), and HQ is the a p p l i e d 
external field. A s can be seen f rom e q 1, the appl ied external magnetic field 
and the energy difference between the posit ional levels are d irec t ly p r o ­
port ional . In the absence of H0, there is no difference be tween the energy 
levels . F o r a nucleus w i t h a spin q u a n t u m n u m b e r of I = ¥2 i n an a p p l i e d 
external magnetic field, the magnetic d ipole has only two discrete posit ions: 
it can be al igned w i t h or against HQ. 

W h e n energy equivalent to the difference between the energy levels is 
appl ied to the system, a transition f rom the lower to the h igher energy l e v e l 
occurs. I n N M R spectroscopy, the a p p l i e d energy that allows this nuclear 
magnetic d ipole transit ion to occur is a radio-frequency magnetic field, Hu 

w h i c h is appl ied perpendicular ly to H0. 
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6. N A N N Y & M I N E A R Organic Phosphorus in the Hydrosphere 1 6 5 

T h e intensity of the signal p r o d u c e d b y this transit ion is proport ional to 
the n u m b e r of nuc le i (n) that change f rom the lower to the h igher energy 
state. A t e q u i l i b r i u m , the populat ion difference between these energy states 
can be descr ibed b y the B o l t z m a n n equation 

where k is the B o l t z m a n n constant and Τ is the absolute temperature . A t 
room temperature i n an H 0 typical of m o d e r n N M R spectrometers, this 
populat ion difference is very smal l . Because the populat ion difference varies 
w i t h the strength of H 0 , larger and larger magnets are b e i n g deve loped . 
H o w e v e r , this development is very diff icult and expensive. T h u s N M R spec­
troscopy is l i m i t e d to concentrated samples, or it requires numerous re­
peated acquisitions to provide a viable spectrum. 

A t a specif ied H 0 , the frequency of the HY that induces transitions is an 
intr insic property of the nucleus. T h e Hx magnetic f i e ld can be al tered b y 
the electron density surrounding the nucleus. Thus , even though Hx may 
be at the proper frequency to induce nuclear magnetic d ipole transitions, 
the nucleus may be rece iv ing a magnetic field that is s l ightly greater or 
smaller than H x as a result of the electron shie lding. Because of this sh ie ld ing , 
each nucleus of a given e lement w i l l be excited at a s imi lar but discrete 
frequency. Thus numerous signals w i l l be present i n the spectrum, w i t h 
posit ional differences dependent u p o n the electron density s u r r o u n d i n g the 
nucleus b e i n g examined. T h e signal posi t ion, reported as the chemica l shift, 
is g iven i n parts per m i l l i o n (ppm) and def ined as 

T h e observed shift is the difference be tween the observed signal and a 
reference signal. 3 1 P N M R spectroscopy often uses the signal p r o d u c e d b y 
8 5 % H 3 P 0 4 as the reference signal and assigns it the chemica l shift of 0.00 
p p m . 

C o u p l i n g is a p h e n o m e n o n that affects the signal pattern (singlet, d o u b ­
let, tr iplet , etc.). This c o u p l i n g is caused b y the interact ion between the 
magnetic fields f rom the examined nucleus and electrons s u r r o u n d i n g other 
nearby nuc le i . F o r example, the phosphorus n u c l e i f rom mono- and diester 
phosphates can couple w i t h the protons present i n the phosphate group, 
g iv ing rise to complex signal patterns. To s impl i fy the 3 1 P F T - N M R spectrum, 
N M R experiments are r u n decoupled (i .e. , the protons are subjected to a 
separate radio-frequency f i e ld that matches the frequency of the proton's 
resonance). Th is treatment el iminates the proton's contr ibut ion to c o u p l i n g 
so that the phosphorus N M R signals are not split , but appear as a single 
peak. 

(2) 

chemical shift = 
observed shift (Hz) Χ 10 6 

(3) 
spectrometer f requency (Hz) 

Pu
bl

is
he

d 
on

 M
ay

 5
, 1

99
4 

on
 h

ttp
://

pu
bs

.a
cs

.o
rg

 | 
do

i: 
10

.1
02

1/
ba

-1
99

4-
02

37
.c

h0
06



166 ENVIRONMENTAL CHEMISTRY OF L A K E S A N D RESERVOIRS 

In a continuous-wave N M R ( C W N M R ) exper iment the Η γ f requency 
is s lowly scanned and each nucleus resonates at its specific f requency, w h i c h 
is a funct ion of the examined nucleus and the electron densi ty that surrounds 
it . This exper iment can be long and tedious because i f h i g h resolut ion is 
des ired, the frequencies must be swept very slowly. If the concentrat ion of 
the examined nucleus is low, a large n u m b e r of repeated sweeps may be 
needed to obtain a detectable signal. 

F o u r i e r transform N M R spectroscopy, o n the other h a n d , permits r a p i d 
scanning of the sample so that the N M R spectrum can be obtained w i t h i n 
a few seconds. F T - N M R experiments are per formed b y subject ing the sam­
ple to a very intense, broad-band, Hl pulse that causes a l l of the examined 
n u c l e i to undergo transitions. A s the excited n u c l e i relax to their e q u i l i b r i u m 
state, their relaxation-decay pattern is recorded. A F o u r i e r transform is 
per formed u p o n this relaxation-decay pattern to provide the N M R spectra. 
T h e relaxation-decay pattern, w h i c h is i n the t ime d o m a i n , is transformed 
into the typical N M R spectrum, the frequency domain . T h e t ime r e q u i r e d 
to apply the Hl pulse , a l low the nuc le i to re turn to e q u i l i b r i u m , and have 
the computer per form the F o u r i e r transforms on the relaxation-decay pattern 
often is only a few seconds. Thus , compared to a C W N M R exper iment , 
the t ime can be reduced by a factor of 1000-fold or more b y us ing the F T -
N M R technique. 

T h e major advantage of this dramatic t ime reduct ion lies i n the abi l i ty 
to scan the sample repeatedly, combine the relaxation-decay patterns c o l ­
lected f rom each scan, and then per form a F o u r i e r transform u p o n the f inal 
composite relaxation-decay pattern. This technique, i n essence, increases 
the spectral sensit ivity by a l lowing the N M R signals acquired f rom each scan 
to be construct ively added to each other w h i l e the noise cancels itself de-
construed vely . This approach greatly increases the sensit ivity of the ins t ru­
ment and allows N M R experiments to be per formed on samples that have 
l o w concentrations of the des ired nucleus (i .e. , for 3 1 P , 20 m g of P / L is a 
feasible concentration w i t h instrument t ime of hours to a few days). 

It is very important that there be sufficient t ime between pulses i n F T -
N M R experiments so that the n u c l e i can re turn to the or ig ina l e q u i l i b r i u m 
state. If the e q u i l i b r i u m state has not been reached before the next H t pulse , 
the st i l l -excited nuc le i w i l l not participate i n the transit ion and thus w i l l 
produce a decreased signal intensity relative to the previous signal. A s the 
exper iment proceeds and more pulses are a p p l i e d , more n u c l e i w i l l r e m a i n 
i n the exited state u n t i l eventually none of the nuc le i w i l l be i n the lower 
energy state w h e n pulsed . A t this point the sample is saturated and w i l l not 
produce a signal. T h e length of t ime r e q u i r e d for the n u c l e i to relax is ca l led 
the spin-lattice or Tl relaxation t ime . 

To reduce the nuclei 's Τλ relaxation t ime, relaxation agents are used. 
Relaxation agents are usually transit ion metal complexes, p r i m a r i l y ferr ic 
ethylenediaminetetraacetate or c h r o m i u m acetylacetonate. Transfer of en-

Pu
bl

is
he

d 
on

 M
ay

 5
, 1

99
4 

on
 h

ttp
://

pu
bs

.a
cs

.o
rg

 | 
do

i: 
10

.1
02

1/
ba

-1
99

4-
02

37
.c

h0
06



6. N A N N Y & M I N E A R Organic Phosphorus in the Hydrosphere 167 

ergy f rom the excited nucleus to the metal i o n s lone pair of electrons pro­
vides a relaxation pathway and allows the examined nucleus to relax at a 
m u c h greater rate, thus p e r m i t t i n g more scans per uni t t ime . T h e relaxation 
agent must be selected carefully. If the relaxation rate is increased too m u c h , 
signal l ine broadening w i l l occur, even to the extent that the signal becomes 
undetectable, because the signal w i d t h is inversely proport ional to the re­
laxation t ime. 

T h e chemical shift associated w i t h * H nuc le i indicates the type of func­
t ional group containing the proton (e.g., alkane, alkene, carboxylic ac id , 
phenol ic , and alcohol). E v i d e n c e of c o u p l i n g w i t h nearby protons also pro­
vides information about the n u m b e r of adjacent protons and their ident i ty . 

1 3 C N M R spectroscopy provides information regarding the type of carbon 
atoms present (e.g., al iphatic, aromatic, or carboxylic) , as shown b y the 
chemica l shift. 3 1 P N M R spectroscopy provides the same informat ion as 1 3 C 
N M R spectroscopy. H o w e v e r , most of the phosphorus i n envi ronmenta l 
samples is l ike ly to be i n the forms of orthophosphate or its mono- and 
diesters. Therefore, i n the 3 1 P N M R experiment , the effect of the n u m b e r 
and type of R groups present i n 0 - P O ( O R ) ; 3 _ x on the phosphorus nucleus 
w i l l determine the signal's posi t ion. Orthophosphate and monoester phos­
phate 3 1 P N M R signals appear i n the 0 - 1 0 - p p m region, d e p e n d i n g u p o n 
the sample p H . Dies ter phosphate signals appear i n the 0- to - 5 - p p m region, 
whereas triester phosphates are not l ike ly to be detected i n the env i ronment 
because of concentration l imitat ions related to c o m p o u n d solubi l i ty . P o l y ­
phosphates appear i n the region of - 5 to - 1 0 p p m ; phosphonates, w h i c h are 
characterized by the C - P b o n d between the phosphate phosphorus atom 
and an R group, have signals appearing at 2 0 - 2 5 p p m . A l l of these chemica l 
shifts are relative to 85% phosphoric ac id . 

Methodology 

To achieve 3 1 Ρ N M R spectra of D O P , ultrafi l trat ion ( U F ) and reverse osmosis 
(RO) membrane concentration techniques and Tx relaxation agents were 
e m p l o y e d . Concentrat ion factors of 2000 or more are needed to reach the 
N M R detection threshold for phosphorus, and use of a relaxation agent 
permits more scans per unit t ime. 3 1 P F T - N M R studies of soil and sediment 
do not require such h i g h concentration factors because soil and sediment 
phosphorus concentrations are m u c h higher and extraction techniques are 
easily e m p l o y e d . A caveat w i t h soil and sediment extraction methods is that 
a strong base is r e q u i r e d ; thus only base-soluble organic phosphorus is iso­
lated. Potential hydrolysis of the organic phosphorus b y the strong base is 
an even greater p r o b l e m w i t h these extraction methods. 

T h e use of U F and R O membranes as a concentrat ion procedure (com­
pared to other concentration techniques for D O P such as freeze-concentra-
t ion , f reeze-drying-reconst i tut ion , anion-exchange-smal l -volume elutions, 
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168 ENVIRONMENTAL CHEMISTRY OF L A K E S A N D RESERVOIRS 

and lanthanide prec ip i ta t ion-sequent ia l dissolution) is preferred. It sepa­
rates D O P according to molecular size, d e p e n d i n g on the n o m i n a l molecular-
weight cutoff (i .e. , pore size) of the membrane used. O u r samples are 
fractionated into a H M W fraction (30,000 daltons), an intermediate- to l o w -
molecular-weight fraction (1000 daltons), and a low-molecular -weight frac­
t ion (approximately 300 daltons) (F igure 1). T h e y are purposeful ly fraction­
ated so as to isolate and concentrate the various D O P fractions observed i n 

Water Sample 
250 - 500 L 

0.2 um tangential 
flow membrane 

Cation exchange 
Sodium form 

30 Κ retentate 
Final vol. 1 L 

Ι Κ retentate 
Final vol. 1 L 

R,0, retentate 
Final vol. 1.8 L 

30 Κ Dalton tangential 
flow membrane 

1 Κ Dalton tangential 
flow membrane 

Reverse Osmosis 
Bench top unit 

To Batch 
Pressure 
Ultrafiltration 
units 

Figure 1. Ultrafiltration and reverse osmosis concentration system. 
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6. N A N N Y & M I N E A R Organic Phosphorus in the Hydrosphere 169 

studies using gel chromatography. A t present, only the retentate f r o m the 
1000-dalton, tangential-flow U F membrane has a h i g h enough D O P con­
centration to facilitate 3 1 P F T - N M R spectroscopy. A n addit ional benefi t of 
ultrafi l tration and reverse osmosis concentration methods is that the sample 
does not undergo drastic physical or chemica l transformations and thus m a i n ­
tains its integrity. 

T h e ΤΊ relaxation agent increased the sensit ivity of the N M R ins t rument 
b y decreasing several of the mono- and diester phosphate relaxation t imes 
b y factors of 2 - 5 . I n this way the delay t ime between scans was decreased 
(43). Th is change permits an increase i n the n u m b e r of scans observed per 
uni t t ime. A l t h o u g h the presence of ferr ic ions creates the potential for 
precipi tat ion of p h o s p h o r u s - i r o n complexes, the addi t ion of a large molar 
excess of ethylenediaminetetraacetate ( E D T A ) relative to ferr ic ions pre ­
vented prec ipi tat ion, even over a large p H region (44). 

Experimental Section 

Sample Col lect ion. Pelagic lake-water samples were collected at Crystal 
Lake, an engineered mesotrophic lake in Champaign County, Illinois. It has an 
average depth of 10 feet wi th a maximum depth of 13 feet and is fed by ground­
water from a 200-foot-deep wel l . For each sample 250-500 L of water was filtered 
with a plankton net and stored in 55-L polyethylene (Nalgene) containers unt i l 
processed in the laboratory approximately 30 min later. 

Concentration. Samples were concentrated by using ultrafiltration and 
reverse osmosis membranes (Figures 1 and 2). The water was first filtered wi th 
a 0.2-μιη tangential flow filter to remove algal cells, bacteria, and colloidal and 
suspended solids. The water then passed through a N a + cation-exchange column 
containing 6.2 d m 3 of 50-100-mesh resin (Dowex 50 X 8) i n the sodium form to 
remove C a 2 + and M g 2 + and then onto a second tangential-flow filtration unit 
consisting of either a 30,000-dalton polysulfone or a 1000-dalton cellulose acetate 
membrane. The retentate was continuously recycled to the second tangential-
flow filter while the filtrate passed to a reverse osmosis bench-top spiral-wound 
membrane unit (Mill ipore), in which various membranes were installed. The 
membranes used were 50% and 80% N a C l rejection reverse osmosis cellulose 
acetate membranes, a 99% N a C l rejection reverse osmosis polyamide membrane, 
and a 1000-dalton cellulose acetate ultrafiltration membrane. The retentate from 
this filtration was recycled back to the spiral-wound membrane. The final volume 
of the second tangential-flow unit retentate was usually 0.8 L , and for the spiral-
wound reverse osmosis unit the final volume was usually 1.5 L . The spiral-wound 
reverse osmosis retentate was passed through a second smaller cation-exchange 
column containing the same resin type as the first cation-exchange unit to remove 
any remaining C a 2 + and M g 2 + . Samples were further concentrated to a final 
volume of 8 m L with a sequence of decreasing-volume batch pressure ultrafil­
tration units (Amicon) containing cellulose acetate filters. Effective pore sizes of 
500 or 1000 daltons were used for the low- and intermediate-molecular-weight 
fractions; 5000- and 10,000-dalton membranes were employed wi th the H M W 
fraction. 
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1 7 0 ENVIRONMENTAL CHEMISTRY OF L A K E S A N D RESERVOIRS 

25 mm dla. 

C Concentrated Sample 

Figure 2. Pressure filtration batch concentration system. 

Sample Preparat ion. Samples for 3 1 P F T - N M R analysis were prepared by 
adding sodium azide to form a 0 . 1 % solution and to prevent microbial growth, 
and an appropriate amount of ferric E D T A to provide a phosphorus : i ron mo­
lecular ratio of 1 . 5 : 2 . 0 . Control studies have shown that the addition of sodium 
azide has no effect upon the 3 1 P F T - N M R spectra. The 0 . 0 1 0 3 M ferric E D T A 
relaxation agent solution had an E D T A : i r o n ratio of approximately 3 0 and was 
made from ferric nitrate (Fischer) and tetrasodium ethylenediaminetetraacetate 
( E D T A , Sigma) dissolved in deionized water. Total soluble phosphorus and sol­
uble reactive phosphorus concentration measurements were done by the phos­
phate molybdate test with the oxidation step achieved via potassium persulfate 
oxidation (J). Samples for p H and ionic strength studies were prepared by making 
solutions of 1 5 0 mg of P / L of each model compound. The model compounds 
chosen were mi/o-inositol hexaphosphate (IHP, Sigma), inositol monophosphate 
( IMP, Sigma), D N A from degraded herring sperm (Sigma), choline phosphate 
(Sigma), serine phosphate (Sigma), and potassium dihydrogen orthophosphate 
(J. T. Baker). F o r the p H studies, the sample p H was modified wi th either dilute 
H C 1 or N a O H . The ionic strength was modified by the addition of N a C l . In the 
ionic strength studies, the p H was held fairly constant by the use of either an 
acetic ac id-sodium acetate buffer or a sodium carbonate-sodium bicarbonate 
buffer. The contribution of the buffers to the ionic strength was taken into 
consideration. 
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Concentrated natural humic matrix was obtained from o ld , concentrated 
natural water samples i n which the dissolved phosphorus concentration was 
either too low to be measured or in which it had all hydrolyzed to orthophosphate. 

N M R Spectroscopy. A l l 3 1 P F T - N M R spectra were collected on one of 
two instruments ( G N 300 narrow bore or G N 300 wide bore) at the University 
of Illinois, School of Chemical Sciences Molecular Spectroscopy Laboratory. A l l 
p H , ionic strength, concentrated humic matrix, and relaxation agent spectra 
were obtained wi th the G N 300 narrow-bore spectrometer. Crystal Lake samples 
were scanned for 24-48 h wi th the G N 300 wide-bore instrument or over several 
12-h periods with the G N 300 narrow-bore N M R , compil ing the individual free 
induction decay patterns (FID) into a single F I D . A Fourier transformation was 
then performed with the composite F I D to obtain the final spectrum. The 3 1 P 
F T - N M R spectra, obtained at 121.648 M H z , were generated by a pulse width 
of 20-24 μς with a pulse delay of 3 - 6 s, depending upon the sample. A l l spectra 
were proton decoupled, and a spectral width of 10,000 H z was used. Magnetic 
shimming and signal phasing were done by computer, and all chemical-shift 
measurements were measured relative to 85% H 3 P 0 4 . Samples were placed in 
10-mm glass N M R tubes (Wilmad Corporation) with inserts containing deute­
rium oxide (Sigma). Longitudinal (T{) relaxation measurements were obtained 
by using the inversion recovery method (i.e., a 180° - f -90° pulse sequence. 

Results and Discussion 

M a t r i x E f f e c t s . pH. N u m e r o u s factors such as sample p H , ionic 
strength, h u m i c substances, and relaxation agents can modify the N M R 
spectrum. F o r example, monoester phosphate chemica l shifts are ρ H - d e ­
pendent (44-46), and we showed (44) for several monoester phosphates that 
as the sample p H is increased, their chemica l shifts also increase (F igure 3). 
This behavior is caused by the abi l i ty of monoester phosphates to undergo 
protonat ion-deprotonat ion . Because the monoester phosphate chemica l shift 
is p H - d e p e n d e n t , the curves resul t ing f rom plot t ing p H versus chemica l 
shift are analogous to a t itration curve . Thus , monoester phosphate p K a values 
can be measured from these p H - c h e m i c a l shift curves (44-46). 

A c c o r d i n g to the theory of L e t c h e r and V a n W a z e r (47), changes i n the 
chemical-shift posi t ion d e p e n d on three factors: the difference i n the elec­
tronegativity of the P - X b o n d , the change i n the electron orbi ta l overlap, 
and the change i n b o n d angles between the atoms attached to phosphorus . 
U p o n deprotonation of a monoester phosphate molecule , the electron densi ty 
on the deprotonated phosphate oxygen atom changes. Af ter deprotonat ion, 
the oxygen atom contains a negative charge, increasing the electron density 
surrounding the oxygen nucleus. This increase i n t u r n decreases the e lectron 
density of the phosphorus nucleus. T h e phosphorus nucleus, w i t h less elec­
tron shie lding from the external magnetic f i e ld H0 than it prev ious ly had 
w h i l e the oxygen was protonated, resonates at a greater frequency, and its 
signal appears at a higher chemical-shift value. T h e other two factors affecting 
the chemical-shift posit ion are considered to be m i n o r relative to that caused 
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β 
Pu 
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/ / * Ο-ο Inositol monophosphate 

• - • Adenosine monophosphate 
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PH 

Figure 3. Effect of pH on the chemical shift of several monoester phosphate 
compounds. Serine phosphate and inositol monophosphate are in a pure water 
matrix, and adenosine monophosphate is in a concentrated humic-FeEDTA 

matrix. 

by the changes i n the P - X bond's electronegativity. T h e d e p r o t o n a t i o n -
protonation of a monoester phosphate probably does not greatly inf luence 
the TT-electron orbi ta l density of the P = 0 b o n d , and changes i n the b o n d 
angles are be l ieved to have only very small effects u p o n the signal posi t ion. 

A n o t h e r p H - i n d u c e d effect is change i n the signal pattern of compounds 
containing m u l t i p l e monoester phosphate groups. A n example of this is 
inositol hexaphosphate ( IHP) . A t l o w p H values (2-5) the 3 I P N M R spectrum 
of I H P exhibits four i n d i v i d u a l singlets. T h e intensity of the two inner peaks 
is twice the intensity of each of the two outer peaks (F igure 4). Increasing 
the p H causes this signal pattern to undergo dramatic changes u n t i l the 
or iginal four-peak pattern returns w h e n p H 12 is reached. I n the p H 2 - 5 
region the I H P molecule maintains the chair configuration i n w h i c h the 
phosphate groups 2,6 and 3,5 (F igure 5), a l l i n the axial posi t ion, are i n v o l v e d 
i n hydrogen bonding . These two sets give rise to the two large central peaks; 
phosphate groups 1 and 4 give rise to the two smaller outer signals (F igure 
4). Deprotonat ion of I H P disrupts the chair configuration because of steric 
repuls ion between the lone electron pairs f rom the n e w l y deprotonated 
phosphate groups and the protonated phosphate groups. Changes i n the 
molecular configuration and the chemical shift w i l l cont inue u n t i l a l l of the 
phosphorus groups have lost an equivalent n u m b e r of protons so the m o l ­
ecule can re turn to the chair configuration. 
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6. N A N N Y & M I N E A R Organic Phosphorus in the Hydrosphere 173 

I—ι ι ι I ι ι ι—ι—ι—ι—ι—|—ι—ι—ι—ι—r—i—r— 
8 6 4 £ 0 -2 PPM 

Figure 4. Effect of pH on the 31Ρ FT-NMR spectrum of inositol hexaphosphate 
in a concentrated humic-FeEDTA matrix. 

Ionic Strength. T h e sample's ionic strength also influences the chemica l 
shift and signal pattern of the N M R spectra. Increasing the N a C l con­
centration of the solution causes the N M R signals to shift s l ightly downf ie ld 
(F igure 6). D o w n f i e l d shifts of the signal are caused b y a decrease i n electron 
charge of the phosphorus nucleus. I n t u r n , the decrease is probably caused 
b y the large n u m b e r of posit ive cations c luster ing around the oxygen atom, 
a l lowing it to contain a greater electron density. Increasing the N a C l con­
centration also affects the signal pattern of compounds containing m u l t i p l e 
monoester phosphate groups. A t p H 9.8, I H P displays a 3 1 P N M R spectrum 
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PO(OH) 

2 

Figure 5. Chair configuration of myo-inositol hexaphosphate, illustrating hy­
drogen bonding between phosphate groups 2 and 6. Hydrogen bonding be­

tween groups 3 and 5 is not shown for clarity. 

consist ing of an intense singlet at approximately 4.1 p p m w i t h a large broad 
shoulder upf ie ld f rom it (F igure 7). A s the N a C l concentrat ion is increased, 
this broad shoulder narrows, increasing i n intensity, u n t i l i t becomes a peak. 
A t 1.00 M N a C l the spectrum displays three separate peaks w i t h an emerg ing 
fourth peak. These signal pattern changes result f rom the c luster ing of cations 
around the oxygen atoms, protonated and deprotonated. T h e electrostatic 
radius is decreased such that steric h indrance between the phosphate groups 
is reduced and the I H P molecule can begin to re turn to the chair conf igu­
ration. 

Humic Matrix and T 2 Relaxation Agent. T h e effects of the concentrated 
h u m i c matrix and the ferric relaxation agent on the 3 1 P N M R spectrum are 
s imilar to that of increasing ionic strength. W h e n orthophosphate is dissolved 
i n a concentrated h u m i c matrix, its signal posi t ion is shifted sl ightly d o w n f i e l d 
relative to a pure water matrix at an equivalent p H (Figure 8). T h e addi t ion 
of F e E D T A to the concentrated h u m i c matrix causes this d o w n f i e l d shift to 
be even more pronounced . T h e increase i n the d o w n f i e l d shift of signals 
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l.OOOE-4 0.001 0.010 0.100 1.000 10.000 

NaCl Molarity 

Figure 6. Effect of ionic strength on the chemical shift of inositol monophos­
phate (IMP), inositol hexaphosphate (IHP), choline phosphate, and DNA at 
various pH values. Key: 1, IMP, pH 9.9; 2, choline phosphate, pH 10.8; 3, 

IMP, pH 4.7; 4, IHP, pH 5.0; 5, DNA, pH 9.8; and 6, DNA, pH 4.4. 

due to the presence of concentrated h u m i c matrix or the relaxation agent 
occurs w i t h monoester phosphates such as chol ine phosphate (F igure 9). 
T h e reason for this behavior lies i n the ionic -s trength- induced d o w n f i e l d 
shifts. I n a concentrated h u m i c matrix, possible intramolecular hydrogen 
b o n d i n g occurs between h y d r o x y l and carboxylic groups and the phosphates. 
T h e ferric relaxation agent, F e E D T A , has been proposed b y E l g a v i s h and 
Granot (48) to form a p h o s p h a t e - F e - E D T A complex. If this is the case, 
there is l i t t le doubt that the phosphate oxygen atoms are i n v o l v e d i n c o m -
plex ing w i t h F e E D T A , shift ing electron density f rom the phosphorus n u ­
cleus. 

Lake-Water Samples. T e n lake-water samples were col lected f rom 
September 1990 to M a y 1991. T h e total soluble phosphorus concentrat ion 
for the concentrated samples ranged f rom 23.8 to 60.8 m g of P / L , and the 
soluble reactive phosphorus concentrations ranged from 1.0 to 18.1 m g of 
P / L (Table I). D i s s o l v e d organic carbon concentration values for the con­
centrated samples ranged f rom 5000 to 20,000 m g of C / L . T h e signal-to-
noise ratios from 12-14-h runs achieved for the N M R spectra range f rom 
3.0 to 7.0. T h e p H of the concentrated samples after the addi t ion of F e E D T A 
fel l be tween the values of 7.00 and 8.00. A d d i t i o n of the F e E D T A increased 
the p H b y only a few tenths of a p H unit . 
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1 7 6 ENVIRONMENTAL CHEMISTRY OF L A K E S A N D RESERVOIRS 

η—ι—ι—j—j—j—ι—ι—j—ι—ι—ι—j—r~T—ι—j—Î— 
8 6 4 2 0 ppm 

Figure 7. Effect of ionic strength on the 31Ρ FT-NMR spectrum of inositol 
hexaphosphate at pH 9.8. 

C o m p a r i s o n of the 3 1 P N M R spectra reveals several s imilarit ies (F igure 
10). A l l spectra contain prominent signals i n the monoester region (0 .00 -
5.00 ppm) and less dist inct signals between 0.00 and - 2 . 0 0 p p m , the diester 
phosphate region. Phosphonates and polyphosphates were not detected i n 
any samples. 

A typical spectral pattern of D O P usually consists of four basic c o m ­
ponents: 

• a small broad envelope spanning f rom approximately 4 . 0 0 - 5 . 0 0 
p p m . 

• an intense single peak i n the region f rom 2.50 to 4.00 p p m . 

• a large, intense, broad envelope spanning 0 . 0 0 - 2 . 0 0 p p m ; 
often appearing to consist of two or more over lapping peaks. 

• several smaller, sometimes over lapping , signals i n the region 
from - 2 . 0 0 to 0.00 p p m . 
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·-· Pure water 

O-o FeEDTA/Conc. Humics 

o-o Cone. Humics 

10 11 12 13 14 

Figure 8. Effect of pH on orthophosj>hate's chemical shift in various matrices. 
The sample concentration was 150 mg of P IL. Pure water data are taken from 

reference 46. 

5 

0-1 1 h5—I 1 1 1 1 1 1 1 1 1 
0 1 2 3 4 5 6 7 8 9 10 11 12 

pH 
Figure 9. Effect of pH on choline phosphate's chemical shift in various matrices. 

The sample concentration was 150 mg of P/L. 
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178 ENVIRONMENTAL CHEMISTRY OF L A K E S A N D RESERVOIRS 

Table I. Summary of Crystal Lake 3 1 P F T - N M R Spectra 

Sample Date S:Na pH 
S R P 

(mgP/L) 
T S P 

(mgP/L) 

Ab 9/5/90 3 . 2 c 1.0 2 3 . 8 
Bb 9/12/90 3 . 0 c 2 . 4 2 5 . 6 
Cd 9/26/90 3 . 8 c 3 . 0 4 6 . 0 
D R F 10/24/90 2 . 4 c 5 . 2 4 8 . 6 
Ed 11/9/90 2 . 6 7 . 9 0 6 . 0 2 5 . 0 

1/16/91 5 . 6 7 . 9 2 1 8 . 1 6 0 . 8 
Gd 2/11/91 4 . 6 7 . 2 8 3 . 4 5 0 . 0 
H C 3/11/91 4 . 0 7 . 5 3 2 . 8 2 3 . 5 
Ρ 4/3/91 3 . 7 7 . 7 2 2 . 5 2 9 . 3 

r 5/2/91 4 . 9 7 . 6 8 1 .8 3 6 . 7 

"Signal-to-noise ratio. 
'The membrane used was 80% NaCl rejection reverse osmosis cel­
lulose acetate. 

cNo data were collected. 
rfThe membrane used was 99% NaCl rejection reverse osmosis 
polyamide. 

The membrane used was 1000-dalton, tangential-flow polysulfone. 

Studies of several m o d e l monoester phosphate compounds (44), each of 
w h i c h are potential ly present i n lake water, w e r e per formed b y examining 
signal posi t ion, and signal pattern i f appropriate , over a p H range to obtain 
an idea of w h i c h compounds c o u l d be present i n the sample. A l l m o d e l 
compounds were dissolved i n a concentrated h u m i c matrix w i t h F e E D T A 
present. These studies indicate that the signal envelope f rom 4.00 to 5.00 
p p m c o u l d result f rom 3'-adenosine monophosphate, inosi tol monophos­
phate, serine phosphate, or chol ine phosphate (Figures 3 and 9) because 3 1 P 
N M R signals for a l l o f these compounds appear i n this region at p H 7. 

T h e intense singlet that appears be tween 2.50 and 4.00 p p m is ortho-
phosphate. Corre la t ion of the sample p H and signal posi t ion w i t h that of the 
p H - d e p e n d e n t chemical-shift curve of orthophosphate i n a concentrated 
h u m i c matrix w i t h F e E D T A (Figure 8) confirms this peak's ident i ty . 

T h e ident i ty of the large broad peak spanning f rom 0.00 to 2.00 p p m is 
an enigma. 3 1 P N M R spectra obtained at p H 7 .00 -8 .00 suggest that this 
envelope c o u l d be at tr ibuted to inositol hexaphosphate. H o w e v e r , spectra 
obtained at other p H values (which w i l l be descr ibed i n detai l later) show 
that this envelope has drastically different p H behavior than inositol hexa­
phosphate. G l y c e r o p h o s p h o r y l chol ine and glycerophosphoryl ethanol-
amine, even though they are diester phosphates, have been shown b y other 
researchers (49) to produce signals i n this region at this p H . B o t h are deg­
radation products of structural components of cel lular membranes (50) and 
thus w o u l d be expected to be fairly ubiqui tous i n the aquatic environment . 
B u t these species are susceptible to further hydrolysis and attack b y l i p o -
phosphatases, to y i e l d chol ine phosphate, ethanolamine phosphate, and glyc-
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I I ι ι » ; ι ι ι ι I ι ι ι ι I ι ι ι ι I ι ι ι ι I I 1 1 ι ; I I « » ! I n ι 
15 tO S 0 - 5 - 1 0 - I S - 2 0 15 10 S 0 - 5 - 1 0 - 1 5 - 2 0 

Ε 11/9/90 F 1/16/91 

Figure 10. 31P FT-NMR spectra of Crystal Lake samples. Letters correspond 
to sample designations in Table I. (Continued on next page.) 

ero l phosphate. Thus it w o u l d seem highly u n l i k e l y to detect large amounts 
of these glycerophosphoryl compounds. 3 1 P F T - N M R spectra of soils and 
sediments (31-38), no signals are present be tween 1.50 and 0.00 p p m . 

T h e final region from - 2 . 0 0 to 0.00 p p m is at tr ibuted to diester phos­
phates such as R N A , D N A , nucleot ide fragments, and phosphat idyl c o m ­
pounds. Signals occur i n this region for bo th D N A and phosphat idyl chol ine 
i n a concentrated h u m i c matrix w i t h F e E D T A present (F igure 11). 3 I P F T -
N M R evidence support ing the presence of D N A is p r o v i d e d b y the spectrum 
of a sample that has been oxidized by alkaline brominat ion (F igure 12). 
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< ' 1 " 1 " • ' I " " I " " t ' 1 » U ' ' " I ' " • I ' ' " < ' ' ' ' > ' ' ' ' I ' ' ' ' I ' ' ' * 1 ' ' ' ' I ' ' 1 ' I ' 1 ' ' > 
20 1S 10 5 0 - 3 - 1 0 - I S - 2 0 2 0 IS 10 S O —S - 1 0 - I S - 2 0 

I 4/3/91 J 5/2/91 

Figure 10. Continued. 

A l k a l i n e brominat ion oxidizes organic phosphorus, except for I H P (51) and 
D N A (52), to orthophosphate. Af ter alkaline brominat ion , three dist inct 
signals are present. T h e signal at 6.5 p p m is presumably caused b y ortho-
phosphate, even though at the sample p H of 10.3 orthophosphate w o u l d be 
expected to appear between 3.0 and 4.0 p p m . T h e second signal at 1.5 p p m 
is probably remain ing unoxid ized D O P that or iginal ly gave rise to the large 
signal envelope. T h e t h i r d signal, i n the diester phosphate region, is at 
- 1 . 5 p p m and is probably from D N A . 

pH Studies. In further attempts to characterize and better def ine the 
structure of the signal envelopes, the p H of the samples obtained i n A p r i l 
and M a y was var ied and 3 1 P N M R spectra were obtained (F igure 13). T h e 
p H behavior was s imilar for both samples. T h e 4 . 0 0 - 5 . 0 0 - p p m envelope 
behaved as a typical monoester phosphate; at p H > 7 it was present be tween 
4.00 and 5.00 p p m , but at lower p H values it m o v e d u p f i e l d and m e r g e d 
into the large 0 . 0 0 - 2 . 0 0 - p p m envelope. T h e large singlet, w h i c h appears 
be tween 4.00 and 2.50 p p m and is a t tr ibuted to orthophosphate, was not 
detected i n these samples. 
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6. N A N N Y & M I N E A R Organic Phosphorus in the Hydrosphere 181 

• - · DNA in pure water matrix 

• - A Phosphatidyl choline in cone, humic / FeEDTA 

• A — • 

6 7 8 
P H 

10 11 12 

Figure 11. Effect of pH on the chemical-shift position of DNA and phosphatidyl 
choline. DNA is in a pure water matrixy and phosphatidyl choline is in a 

concentrated humic-FeEDTA matrix. 

The posit ion of the large, broad envelope between 0.00 and 2.00 p p m 
is only sl ightly affected b y p H changes. This behavior indicates that this 
signal envelope is not caused by I H P , for i f I H P w e r e present two large 
singlets w o u l d appear at 2.3 and 3.0 p p m at p H 9, and at p H 10 the two 
peaks w o u l d be shifted to 4.2 and 3.2 p p m (Figure 4). N o n e of these peaks 
appear w h e n the sample p H is increased; i n fact, no signals are v is ib le i n 
the region between 2.00 and 4.00 p p m . W h e n the p H is decreased to 4, 
the typica l four-peak pattern of inositol hexaphosphate (rather than the broad 
envelope) w o u l d be expected from the 3 1 P F T - N M R spectra of I H P spiked 
into a concentrated h u m i c matrix w i t h F e E D T A present. O n the basis of 
the sample's l o w - p H data ( p H <4) alone, though, I H P cannot be dismissed; 
I H P signals may be broad and over lapping because of interactions w i t h the 
concentrated h u m i c matrix, the relaxation agent, or other cations present. 
G l y c e r o p h o s p h o r y l chol ine and glycerophosphoryl ethanolamine 3 1 Ρ N M R 
signals have been reported to appear at 1 . 5 - 0 . 5 p p m (relative to 8 5 % H 3 P 0 4 ) 
and not to be p H - d e p e n d e n t . It seems highly u n l i k e l y that these compounds 
w o u l d be present; as ment ioned previously , they are fairly unstable i n an 
aqueous environment . 

T h e envelope of signals be low 0.00 p p m , al though not sufficiently intense 
to identi fy any i n d i v i d u a l peaks, does not exhibit any p H - d e p e n d e n t be­
havior. This pattern is expected i f these signals result f rom diester phos-

Pu
bl

is
he

d 
on

 M
ay

 5
, 1

99
4 

on
 h

ttp
://

pu
bs

.a
cs

.o
rg

 | 
do

i: 
10

.1
02

1/
ba

-1
99

4-
02

37
.c

h0
06



182 ENVIRONMENTAL CHEMISTRY OF L A K E S A N D RESERVOIRS 

( t ι ι » j » « ι I I I I I I I I—I I I ( I M I I I M I [ I I Μ ι ι 1 M 

20 15 10 5 0 - 5 - 1 0 - 1 5 -20 PPM 

j I I I I j I I 1 ι I I I I I [ ι ι ι ι I ι ι ι ι I ι ι ι ι I I I I I [ I I I I 

20 15 10 5 0 -5 - 1 0 - 1 5 -20 

Figure 12. 31P FT-NMR spectrum of Crystal Lake sample G , 1000-dalton mem­
brane retentate fraction, before and after alkaline bromination. The total 

soluble phosphorus concentration was 50 mg of PIL. 
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l ' 1 ' 1 I ' ' 1 ' I ' ' ' ' I ' ' ' ' 1 ' ' ' ' I 1 ' ' ' I ' ' ' ' 1 ' ' • ' 
2 0 t S 10 S 0 - S - 1 0 - 1 5 - 2 0 P P M 

Figure 13. pH behavior of Crystal Lake sample J. 
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184 ENVIRONMENTAL CHEMISTRY OF L A K E S A N D RESERVOIRS 

phates, because the m o d e l compounds , D N A and phosphat idyl chol ine , show 
similar p H - i n d e p e n d e n t behavior (F igure 11). 

O n e hypothesis can be formulated about the ident i ty of the large, broad, 
2 . 0 0 - 0 . 0 0 - p p m envelope. Instead of a u n i q u e , i n d i v i d u a l c o m p o u n d , it p r o b ­
ably results f rom an aggregate or mice l le composed of dissolved organic 
phosphorus compounds or concentrated h u m i c material . T h e aggregate c o u l d 
possibly arise naturally f rom the species present i n the sample. O n e such 
specie is polyethylene glycol , a nonionic surfactant that has been i m p l i e d i n 
these samples based on 1 3 C N M R . These materials and phosphat idyl c o m ­
pounds, w h i c h may also be present, have cr i t ical mice l le concentrations on 
the order of 10~8 to 10" 1 0 M . Aggregate or mice l le formation c o u l d also be 
enhanced or caused b y the extensive concentration procedures e m p l o y e d . 
These aggregates or micel les c o u l d incorporate dissolved organic phosphorus 
into their structures. This configuration w o u l d shie ld the phosphorus c o m ­
pounds from p H changes i n the surrounding solution and account for the 
lack of p H - d e p e n d e n t behavior. I f several D O P species are present at once 
i n these aggregates, the lack of i n d i v i d u a l , separate signals c o u l d result f rom 
signal broadening, w h i c h c o u l d occur i f the D O P is adsorbed to the aggregate 
surface or incorporated into the micelle 's m e m b r a n e or i n n e r v o l u m e . 

To test i f D O P was b e i n g incorporated into an aggregate structure, 
C r y s t a l L a k e sample I was sp iked w i t h 15 m g of P / L of phosphat idyl chol ine 
(F igure 14). A t this concentration, the signal intensity f rom phosphat idyl 
chol ine should be comparable to the intensi ty of the 0 . 0 0 - 2 . 0 0 - p p m signal 
envelope. Instead of the phosphat idyl chol ine peak appear ing at approxi ­
mately - 0 . 3 p p m , the intensity of the broad envelope (with its m a x i m u m at 
0.64 ppm) increased its signal-to-noise ratio f rom 2.5 to 4.6. T h e further 
addi t ion of 15 m g of P / L of 3 ' -adenosine monophosphate , w h i c h at p H 6.59 
is expected to appear at approximately 4 .7 p p m , only increased the intensi ty 
of the broad envelope, so that the signal-to-noise ratio became 12.3. Th is 
signal is not attributable to orthophosphate, for the sample's S R P concen­
tration was only 5.3 m g of P / L , m u c h too l o w to produce a signal of such 
magnitude. A d d i t i o n a l l y , orthophosphate w i l l appear at 2.2 p p m i n a con­
centrated h u m i c matrix w i t h F e E D T A present. This p r e d i c t i o n is based o n 
3 1 P F T - N M R spectra of orthophosphate spiked into concentrated h u m i c 
matrix w i t h F e E D T A present (Figure 8). I n this f inal spec t rum, a smal l 
i n d i v i d u a l peak appeared w i t h a m a x i m u m at 4.0 p p m . It probably arose 
f rom free adenosine monophosphate ( A M P ) . A n o t h e r broad signal, of u n ­
k n o w n or ig in , began to appear at approximately - 1 5 . 0 0 p p m . 

Incorporation of phosphat idyl chol ine and A M P signals into the large, 
broad envelope was unexpected because it had not been observed before 
w i t h studies i n v o l v i n g m o d e l compounds i n a concentrated h u m i c matrix 
w i t h F e E D T A present (44). H o w e v e r , these m o d e l c o m p o u n d studies w e r e 
conducted at a phosphorus concentration of 150 m g of P / L , a concentrat ion 
10 t imes greater than the amount that was spiked into sample I. Th is fact, 
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Crystal Lake sample "Γ, 
spiked with IS mg P/L 
of phosphatidyl choline 
and 15 mg P/L of 
adenosine monophosphate 

S/N = 123 

Crystal Lake sample "Γ, 
spiked with 15 mg P/L 
of phosphatidyl choline 

S/N = 4.6 

Crystal Lake sample Τ 
S/N = 2.5 
pH = 6.59 
TSP = 293 mg P/L 

\ ι » 1 « \ ' < Ί ' | ' « ι » ι I 1 I \ J I 1 1 1 j < 1 ι ι y I I I I j 1 I I t 

20 15 10 5 0 -5 -10 - 1 5 -20 PPM 
Figure 14. 31P FT-NMR spectra of Crystal Lake sample i , spiked with phos­

phatidyl choline and adenosine monophosphate. 
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186 ENVIRONMENTAL CHEMISTRY OF L A K E S A N D RESERVOIRS 

c o u p l e d w i t h the appearance of a small A M P peak at 4 .0 p p m i n sample I, 
suggests that fractionation may exist be tween the free dissolved form and 
the aggregated form, w i t h the aggregat ion-mice l le fraction able to incor­
porate only a l i m i t e d amount of phosphorus and the r e m a i n i n g phosphorus 
exist ing independent ly i n the dissolved fraction. 

Seasonal Behavior. A seasonal t rend appeared i n a comparison of the 
relative intensity of the 4 . 0 0 - 5 . 0 0 - p p m envelope w i t h that of the 0 .00 -2 .00 -
p p m envelope over the 10-month sampl ing p e r i o d (F igure 15). F r o m early 
September to mid-January the 4 . 0 0 - 5 . 0 0 - p p m envelope intensity was ap­
proximately three-fourths the intensity of the larger 0 . 0 0 - 2 . 0 0 - p p m enve­
lope. In m i d - F e b r u a r y the large 0 . 0 0 - 2 . 0 0 - p p m signal envelope intensi ty 
dramatical ly increased to 3 t imes greater than that of the 4 . 0 0 - 5 . 0 0 - p p m 
signal intensity. This increase indicated a l ike ly change i n the D O P species, 
presumably because of early spr ing algal growth. In early January to m i d -
F e b r u a r y the thick ice cover ing had broken u p and the water color changed 
f rom a drab o l ive -brown to a br ight green that indicated n e w algal growth . 
O n e possible D O P species contr ibut ing to the enhanced 0 . 0 0 - 2 . 0 0 - p p m 
signal envelope c o u l d be phosphol ipids incorporated into micel les . Increased 
concentrations of phosphol ipids w i t h increased algal growth w o u l d be 
expected because phosphol ipids are a major cel lular membrane c o m ­
ponent (50). 

1.200 

1.000 + 
10/24/90 

0.200 + 2/11/91 

0.000 
Time (9/5/90 - 5/27/91) 

Figure 15. Seasonal changes in dissolved organic phosphorus detected by UP 
FT-NMR spectroscopy. The peak height ratio was 4.0-5.0 ppm:0.0-2.0 ppm. 
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Future Research 

3 1 P F T - N M R spectroscopy holds promise of h e l p i n g to characterize dissolved 
organic phosphorus, but considerable addit ional work needs to be done to 
obtain better sensit ivity and resolution. T h e methods presented i n this chap­
ter describe ultrafi ltration and reverse osmosis membrane concentration 
methods w i t h subsequent 3 1 Ρ F T - N M R analysis. W i t h these methods m u c h 
progress has been made, but further ref inement is des i red to y i e l d better 
spectra. O n e opt ion is to use N M R spectrometers w i t h stronger magnets, 
but access to these instruments is often l i m i t e d and they are expensive. 
A n o t h e r route pursued extensively by researchers us ing 1 3 C N M R spec­
troscopy i n s tudying h u m i c and fulvic acids, coal, and hydrocarbon products 
is solid-state N M R spectroscopy, usually e m p l o y i n g the technique of cross 
polar izat ion-magic-angle spinning. This may be a potential opt ion i n the 
future, but at present its promise seems d i m because of the signal broadening 
that occurs in solid-state N M R experiments . W i t h the 1 3 C N M R technique 
signals are often well-separated and appear over a w i d e spectral range be­
cause of the many different types of carbon atoms present (e.g., carboxylic , 
aromatic, and aliphatic) and slight broadening of the signals w i l l not appre­
ciably decrease resolution. In contrast, w i t h D O P samples, mono- and dies-
ter phosphates are presently the only detectable species, and their signals 
appear only i n a very narrow spectral range. Thus any l ine broadening w i l l 
cause signal overlap and loss of resolution. 

O t h e r pathways to better resolution and enhanced sensit ivity may i n ­
volve methods used i n N M R studies of ce l lular phosphorus dynamics and 
h u m i c and fulvic materials of water, soi l , and sediments. These techniques 
inc lude a variety of extractions, ion-pair ing reagents, adsorption techniques, 
and lanthanide-shift reagents. F o r example, an extraction technique that has 
greatly enhanced the resolution and sensit ivity of 3 1 P F T - N M R spectra of 
E h r l i c h ascites tumor cells (53) and H e L a cells (54) is the addi t ion of 3 5 % 
perchlor ic acid and removal of acid-insoluble material , fo l lowed by f i l trat ion 
and neutral izat ion w i t h K 2 C O ; 3 or N a O H . 

Organic solvent extractions may also prove beneficial to enhancing spec­
tral qual i ty. E v e n though the D O P may not be exclusively isolated, part ial 
removal of the h u m i c matrix, w h i c h is potential ly responsible for signal 
broadening, may result. Advantages of isolating D O P into an organic solvent, 
such as d i m e t h y l sulfoxide, inc lude the reduct ion and e l iminat ion of intra-
and intermolecular interactions, w h i c h inf luence signal shape and w i d t h . 
Organic solvents w o u l d also a l low the use of a w i d e range of Tx relaxation 
agents and lanthanide-shift reagents that are not soluble i n an aqueous so­
lut ion . To enhance D O P isolation by solvent extraction, it may be necessary 
to employ ion-pair ing reagents such as te t rabuty lammonium b r o m i d e . B e ­
sides their abi l i ty to increase D O P solubi l i ty i n nonaqueous solvents, i o n -
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188 ENVIRONMENTAL CHEMISTRY OF L A K E S A N D RESERVOIRS 

pai r ing reagents can also reduce intra- and intermolecular interactions i n 
aqueous and nonaqueous solvents. A n o t h e r route w o u l d be to freeze-dry 
the sample and then per form a strong base-s t rong acid extraction, such as 
i n the 3 1 P F T - N M R soil and sediment studies. T h e major disadvantages w i t h 
this procedure are the isolation of only base- and acid-soluble mater ia l and 
the possible hydrolysis of D O P to orthophosphate. 

O t h e r potential D O P isolation methods are based on sorpt ion us ing 
anion-exchange resins or nonionic resins. Extens ive research i n concentrat­
i n g h u m i c material has e m p l o y e d these methods (55). F o r isolation and 
concentration of D O P , these techniques have several disadvantages, such 
as possible i rrevers ible sorption onto the resins and the concentrat ion of a l l 
anionic species present i n the sample. A n o t h e r major drawback is the n e e d 
to use a strong base to remove the sorbed material f rom the res in . F o r 
sorption to occur w i t h nonionic resins requires the protonation of a l l weak 
acids, thus exposing the sample to l o w p H . 

T h e use of lanthanide-shift reagents (LSRs) might h e l p to resolve over­
lapping or closely posi t ioned signals i n 3 1 P N M R spectra, such as D O P 
samples that consist of mono- and diester phosphates. M a n y L S R s are ef­
fective w i t h phosphate esters, phosphonates (56-59), and p h o s p h o l i p i d m i ­
celles (60-63). L S R s w i t h p h o s p h o l i p i d micel les have been used to separate 
the signals of the outer-surface phosphate groups f rom those of the i n n e r 
phosphate group. T h e outer phosphate groups w i l l be the only phosphorus 
atoms affected by the presence of an L S R and therefore their signal posi t ion 
w i l l change w h i l e the inner phosphate group signal posi t ion remains con­
stant. C r i t i c a l mice l le constants ( C M C ) of pure phosphol ipids have been 
measured by moni tor ing changes i n the 3 1 P F T - N M R signals versus the 
p h o s p h o l i p i d concentration. Because the C M C is a funct ion of the nonpolar 
tai l of the p h o s p h o l i p i d , the length (number of carbons present on the tail) 
can be de termined . If the large signal envelope (0 .00-2 .00 ppm) of the 3 1 P 
F T - N M R spectrum of the concentrated lake-water samples is a t tr ibuted to 
the formation of a mice l le or aggregate composed of several different D O P 
species, L S R s w o u l d a id i n the identif icat ion of the D O P that was o n the 
mice l le surface. Prec ipi tat ion of the L S R and the concentrated h u m i c matrix 
possibly may be avoided by the use of macrocycl ic l igands, w h i c h w o u l d 
have a h i g h enough complexat ion constant to prevent complexat ion of the 
lanthanide i o n b y the h u m i c material , but s t i l l a l low interact ion be tween 
the lanthanide i o n and the phosphate group (64-68). 

These techniques may further enhance the abi l i ty of 3 1 P F T - N M R spec­
troscopy to be used for the identif icat ion of hydrosphere D O P . W e have 
demonstrated already that 3 1 P N M R spectroscopy is a v iable technique for 
D O P identif icat ion and characterization. 3 I P N M R spectroscopy may even­
tual ly be useful through several of the techniques m e n t i o n e d i n this chapter 
for s tudying interactions of D O P w i t h dissolved h u m i c substances, col loids , 
and seston and particulate adsorption. H e n c e , 3 1 P F T - N M R spectroscopy 
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6. N A N N Y & M I N E A R Organic Phosphorus in the Hydrosphere 189 

could be appl ied to s tudying the fractionation of phosphorus among the 
aquatic environment 's many different components . 3 1 Ρ F T - N M R spectros­
copy, coupled w i t h other analytical techniques such as Η P L C , gel chro­
matography, bioassays, and enzyme bioassays, has potential to enhance the 
understanding of the ident i ty and behavior of D O P i n aquatic systems. 

Summary 

Because N M R spectroscopy is a nuclei-specif ic technique and has the abi l i ty 
to dis t inguish between s imilar compounds , it is an excellent m e t h o d for 
ident i fy ing s imilar species i n complex matrices. Thus , 3 1 P F T - N M R spec­
troscopy is ideal for the identif icat ion and characterization of the hydrosphere 
D O P . E v e n so, N M R spectroscopy is fairly insensit ive and requires h i g h 
sample concentrations. L o w D O P concentrations are increased to 3 1 P F T -
N M R detection l imits by us ing ultrafi l tration and reverse osmosis m e m ­
branes. N o t only is the D O P concentrated, but it is fractionated according 
to its molecular size. C o m p a r e d to other concentrat ion and molecular size 
fractionation techniques for D O P , ultrafi l tration and reverse osmosis are 
relat ively rap id and easy. 

M u c h of the information regarding the ident i ty and the characteristics 
of D O P i n lake water has been learned b y us ing 3 1 P F T - N M R spectroscopy. 
A l t h o u g h the D O P species have not yet been conclusively ident i f ied , 3 1 P 
F T - N M R spectroscopy shows that the D O P is composed of mono- and diester 
phosphates. T h e presence of D N A is strongly suggested b y alkaline bro-
minat ion experiments . 3 1 P F T - N M R spectroscopy also indicates that concen­
trated D O P species form aggregates or micel les , isolating the incorporated 
D O P f rom changes i n solution p H . These aggregates or micel les are able to 
incorporate addit ional organic phosphorus that has been added to the sample. 
It is s t i l l unclear whether the aggregat ion-mice l le p h e n o m e n a is an artifact 
of the concentration procedure or is representative of the D O P present i n 
the lake water. 

D O P seasonal variations are observed between the relative heights of 
the monoester phosphate signals. T h e increase i n height of the 0 . 0 - 2 . 0 - p p m 
signal correlates w i t h the breakup of the w i n t e r ice and n e w algal growth. 
This correlat ion illustrates that 3 1 P F T - N M R spectroscopy can detect changes 
i n the D O P resul t ing f rom temporal changes i n the lake. 
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Chemistry of Dissolved Organic Matter 
in Rivers, Lakes, and Reservoirs 

J . A . Leenheer 

U.S. Geological Survey, Water Resources Division, Denver, C O 80225 

Recent investigations provide new insight on the structural chemistry 
of dissolved organic matter (DOM) in freshwater environments and 
the role of these structures in contaminant binding. Molecular models 
of DOM derived from allochthonous and autochthonous sources show 
that short-chain, branched, and alicyclic structures are terminated 
by carboxyl or methyl groups in DOM from both sources. Alloch­
thonous DOM, however, had aromatic structures indicative of tannin 
and lignin residues, whereas the autochthonous DOM was charac­
terized by aliphatic alicyclic structures indicative of lipid hydrocar­
bons as the source. DOM isolated from different morphoclimatic 
regions had minor structural differences. 

JL H E GEOCHEMISTRY OF DISSOLVED ORGANIC MATTER (DOM) i n natural 

waters was recently r e v i e w e d i n a textbook by T h u r m a n (I). In the extensive 
body of l i terature he rev iewed, average dissolved organic carbon ( D O C ) 
concentrations var ied as follows: 0.7 m g / L for groundwater , 1.0 m g / L for 
precipi tat ion, 2.0 m g / L for ol igotrophic lakes, 5.0 m g / L for r ivers , 10.0 mg/ 
L for eutrophic lakes, 15 m g / L for marshes, and 30 m g / L for bogs. T h e 
various sources and relative abundance of D O C i n natural waters are de­
pic ted i n F i g u r e 1. 

O n l y about 20% of the D O M i n natural waters consists of identi f iable 
compounds that inc lude carbohydrates, carboxylic acids, amino acids, and 
hydrocarbons (I). T h e remain ing 80% of D O M (generally def ined as h u m i c 
substances) consists of complex, environmenta l ly al tered residue of plant, 
bacterial , and fungal or ig in , of moderate molecular weight (500-5000 da l -
tons). This predominant ly acidic undef ined D O M has been classified b y 

This chapter not subject to U.S . copyright 
Published 1994 American Chemical Society 
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7. L E E N H E E R Dissolved Organic Matter in Rivers, Lakes, and Reservoirs 1 9 7 

adsorption chromatography (2) into h y d r o p h o b i c and h y d r o p h i l i c fractions. 
H y d r o p h o b i c acids f rom natural waters have been operationally def ined as 
dissolved h u m i c substances (3). Ac idi f i ca t ion of the h y d r o p h o b i c ac id fraction 
of D O M precipitates h u m i c ac id, w i t h fu lv ic ac id r e m a i n i n g i n the solut ion 
phase. In natural waters about 4 0 % of the D O M is fu lv ic ac id and 10% is 
h u m i c acid (I). H y d r o p h i l i c acids, w h i c h account for about 3 0 % of the D O M , 
are a mixture of undegraded biopolymers and h igh ly degraded h u m i c sub­
stances. 

Studies of the chemistry of D O M i n natural waters are greatly l i m i t e d 
by the fact that most of the chemica l structures i n v o l v e d are undef ined . T h e 
complexi ty of the D O M mixture and the substantial size of the molecules 
have defeated attempts to characterize about 8 0 % of D O M at the molecular 
l eve l . Significant information, however , has been obtained on the structural 
chemistry of D O M since the publ icat ion of the book by T h u r m a n (I). Th is 
chapter presents both recently p u b l i s h e d and previously u n p u b l i s h e d i n ­
formation about the structural chemistry of D O M i n various freshwater 
environments . 

T h e experimental approach used was applicat ion of quantitat ive organic 
analytical information to der ive an average structural m o d e l of certain D O M 
fractions i n a manner analogous to the der ivat ion of the structure of a p u r e 
c o m p o u n d . Heterogenei ty was m i n i m i z e d for purposes of m o d e l synthesis 
and interpretat ion b y separating D O M into more homogeneous fractions 
d u r i n g the isolation procedure and b y studies of samples d e r i v e d f rom certain 
" e n d - m e m b e r " environments where inputs and diagenetic processes that 
create and transform D O M are l i m i t e d . F i n a l l y , the structural informat ion 
obtained f rom e n d - m e m b e r environments was a p p l i e d to studies of D O M 
i n the integrat ing environment of the M i s s i s s i p p i R i v e r and its associated 
reservoirs and tributaries. 

Analytical Constraints 

T h e complexi ty of the molecular mixture i n various environments has se­
vere ly l i m i t e d analytical efforts to resolve D O M into its constituent mole ­
cules for structural determinat ion (4). D O M consists of thousands to mi l l ions 
of compounds m i x e d as solutes i n vary ing aqueous systems. E v e n i f the 
structures c o u l d be d e t e r m i n e d at the molecular l e v e l , D O M chemistry 
c o u l d not be descr ibed as the sum of the characteristics of the i n d i v i d u a l 
components because of molecular interactions both w i t h i n the D O M and 
w i t h other aqueous species that modify component characteristics (4, 5). 

A n o t h e r analytical constraint is the def in i t ion of dissolved organic matter. 
F i l ters i n the 0 . 1 - 1 . 0 - μ ι η size range pass colloids that are not t ru ly dissolved. 
Studies discussed i n this chapter w i l l be l i m i t e d to natural organic solutes 
that are ei ther isolated by adsorption chromatography or ul traf i l tered through 
0 .005-μιη filters. A l t h o u g h nei ther of these techniques w i l l absolutely ex-
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198 ENVIRONMENTAL CHEMISTRY OF L A K E S A N D RESERVOIRS 

elude col lo idal matter, their operational classification represents D O M better 
than conventional filtration methods do. 

In spite of these difficulties w i t h D O M chemistry , env i ronmenta l c h e m ­
ists are frequent ly asked what molecular structures w i t h i n the mixture are 
responsible for contaminant b i n d i n g , haloform product ion , l ight attenuation, 
protonation characteristics, and other problems of envi ronmenta l relevance. 
T h e chemist usually hypothesizes that D O M features such as aromatici ty, 
polari ty , functional-group content and configuration, molecular interactions, 
and molecular size can explain the observed phenomena. H o w e v e r , models 
of D O M (or D O M - f r a c t i o n ) structures must be based on average-mixture 
analyses to support these hypotheses. Such models represent average p r o p ­
erties of thousands to mil l ions of m i x e d compounds . 

M i x t u r e complexi ty must be m i n i m i z e d before structural studies can 
begin . O n e approach is fractionation of the mixture to concentrate and isolate 
the proper ty of interest (5-7). A n alternative is to study D O M found i n 
environmenta l e n d - m e m b e r systems. E n d - m e m b e r environments are water 
bodies for w h i c h inputs of organic matter (allochthonous versus autochtho­
nous) and cl imate (polar versus tropic) are homogeneous compared to those 
of most water bodies . T h e fo l lowing research presents a fractionation of D O M 
isolated f rom e n d - m e m b e r systems; moderately def ini t ive molecular models 
were d e r i v e d . 

Fulvic Acid Structures from End-Member Environments 

Correlation of Structure with Source. A l l o c h t h o n o u s - d e r i v e d 
D O M (8) was isolated from the Suwannee R i v e r at its or ig in i n the Okefe-
nokee Swamp i n southern Georg ia . T h e fulvic acid fraction, w h i c h is respon­
sible for the black coloration of the water, was extensively characterized (9). 
Several average molecular models based on quantitative analytical data were 
presented i n that report (JO) to denote the mixture characteristics of fu lv ic 
acid. O n e m o d e l , m o d i f i e d to depict b iochemica l sources and based on 
quantitat ive analytical data (JO), is presented i n Structure 1. O t h e r models 
of Suwannee R i v e r fu lv ic ac id (based o n l ignins , terpenoids, tannins, and 
f lavonoid sources) were previous ly proposed (JJ). 

T h e aromaticity of the m o d e l i n Structure 1 reveals the t a n n i n - l i g n i n 
or ig in of the Suwannee R i v e r fu lv ic ac id . A l i p h a t i c structures, general ly 
short-chain and branched, are c o m m o n l y terminated b y carboxyl groups. 
A l i p h a t i c al icycl ic structures f rom carbohydrate and l i p i d residues are also 
present. Es ter l inkages, both cyc l ic and l inear, are indicated b y a hydrolys is 
study (12). H y d r o g e n saturation and d r y i n g of the fulv ic ac id u p o n isolation 
probably created lactone ester linkages. Carbohydrate residues appear to be 
ox id ized and j o i n e d to the remainder of the structure so that few alcoholic 
h y d r o x y l groups remain . A r o m a t i c ketonic groups appear to be points of 
attachment between aliphatic groups and the aromatic core (13). T h e b io -
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7. L E E N H E E R Dissolved Organic Matter in Rivers, Lakes, and Reservoirs 1 9 9 

Carbohydrate | 
Residue 

Lignin 
Residue 

Lipid 
Residue 

Structure 1. One of several average structural models of fulvic acid from the 
Suwannee River, Georgia. 

chemicals f rom w h i c h fulvic ac id is d e r i v e d appear to be extensively degraded 
through biological oxidation (14). T h e y are coupled b y oxidative radical m e c h ­
anisms i n v o l v i n g oxygen, oxygen functional groups such as phenols and 
carbonyl groups, and unsubst i tuted positions of carbon double bonds (15). 

D O M is d e r i v e d from autochthonous sources such as phytoplankton and 
photosynthetic bacteria (16) at B i g Soda L a k e near F a l l o n , N e v a d a . This lake 
is alkaline ( p H 9.7) and chemical ly stratified. It contains D O C concentrations 
as h i g h as 60 m g / L and dissolved salt concentrations as h i g h as 88,000 mg/ 
L (17). T h e D O M i n this lake is colorless. T h e fulvic acid fraction was isolated 
by adsorption chromatography (Amberl i te X A D - 8 resin) (18) and by zeo-
trophic dist i l lat ion of water f rom N, IV-dimethyl formamide (19). Average mo­
lecular mode l synthesis was achieved in a manner s imilar to that used for 
fulvic acid f rom the Suwannee R i v e r . T h e characterization data are presented 
i n Table I and the structural m o d e l is presented i n Structure 2. 

This m o d e l of fulvic ac id d e r i v e d f rom an autochthonous source is notable 
for its al iphatic al icycl ic character. T h e m o d e l was generally d e r i v e d f rom 
the marine l i p i d m o d e l of H a r v e y et al . (20), i n w h i c h polyunsaturated l ip ids 
f rom phytoplankton are oxidatively coupled and cross- l inked by free radicals 
at unsaturated sites to produce an al iphatic al icycl ic structure. A l l open , 
straight-chain hydrocarbon structures i n this m o d e l were degraded (presum­
ably by biological β-oxidation) to carboxyl groups on al iphatic a l icycl ic rings. 
T h e resistance of aliphatic al icycl ic structures to biological oxidation is w e l l 
documented (14). T h e absence of chromophor ic structures i n the m o d e l 
confers resistance to degradation b y ultraviolet radiat ion. 

Structure 2 precisely adheres to the analytical constraints of Table I, but 
a w i d e variety of aliphatic a l icycl ic terpenoids, steroids, and porphyr ins may 
serve as its precursors. T h e H a r v e y et a l . (20) precursor m o d e l was favored 
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202 ENVIRONMENTAL CHEMISTRY OF L A K E S A N D RESERVOIRS 

Structure 2. One of several average structural modeh of fulvic acid from Big 
Soda Lake, Nevada. 

over terpenoid and steroid precursors because quaternary carbon linkages, 
w h i c h are present i n terpenoids and steroids, were not detected i n the 
attached proton test 1 3 C N M R spectra. L i k e w i s e m e t h y l groups, attached 
to these quaternary carbons, were not abundant i n the * H N M R spectrum 
of fulvic acid f rom B i g Soda L a k e . 

F u l v i c acid was isolated i n B i g Soda L a k e above and b e l o w the c h e m -
ocl ine, w h i c h occurs at 34-m depth . Water near the lake surface has moderate 
salinity and is oxygenated, whereas water b e l o w the chemocl ine is h y p e r -
saline and anoxic (17). In spite of these environmenta l differences the c h e m ­
ical character of the fulvic acid f rom above or b e l o w the chemocl ine d i d not 
vary, as d e t e r m i n e d by elemental analyses and N M R spectrometry. 

T h e 1 4 C age determinat ion of the fulv ic ac id isolated from water near 
the lake surface was 2300 years before the present, whereas the 1 4 C age was 
4900 years before the present for the fulvic acid isolated f rom water b e l o w 
the chemocl ine . These o l d ages for both fulvic acids f rom B i g Soda L a k e are 
i n m a r k e d contrast to that reported for fulvic ac id f rom the Suwannee R i v e r , 
less than 30 years before the present (II) . T h e refractory nature of this type 
of fu lv ic acid d e r i v e d f rom phytoplankton and photosynthet ic bacteria is 
significant for carbon-cycl ing studies. 

Methods of Structural Analysis. T h e most significant differences 
be tween structural models 1 and 2 are the prominent aromatic carbon con­
tent i n m o d e l 1 and the aliphatic al icycl ic r i n g content i n m o d e l 2. D e t e r ­
minations of aromatic carbon content and r i n g content of fulvic acid might 
be useful for ident i fy ing sources and processes of degradation and fract ion­
ation. H o w e v e r , nei ther of these procedures is s imple and straightforward. 

A r o m a t i c carbon content cannot be direct ly d e t e r m i n e d f rom 1 3 C N M R 
spectrometry because it overlaps w i t h olefinic carbon. A r o m a t i c and olef inic 
hydrogens can be resolved i n * H N M R spectrometry, but the chemica l shifts 
of methine hydrogens on esters of secondary alcohols overlap w i t h chemica l 
shifts of olefinic hydrogen i n the ' H N M R spectra of fu lv ic acids. T h e r i n g 
content (Θ) is a difference determinat ion be tween the index of hydrogen 
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7. L E E N H E E R Dissolved Organic Matter in Rivers, Lakes, and Reservoirs 203 

defic iency (φ) minus the carbonyl carbon content minus 0.5 (aromatic plus 
olef inic carbon content). 

θ = φ — carbonyl C — 0.5 (aromatic plus olef inic C) 

A s shown by the data and methods presented i n Table I, the analytical 
requirements for d e t e r m i n i n g structural models are prohib i t ive for geo-
chemica l studies that survey many different environments . 

A method was devised for est imating aromatic plus olef inic carbon con­
tent and total r i n g content. * H N M R spectral data are used to estimate 
aromatic plus olefinic carbon content, and 1 3 C N M R and Ή N M R spectral 
data are c o m b i n e d w i t h e lemental carbon, hydrogen , and ash analyses to 
determine r i n g content. 

F i rs t , peak heights are measured at five points i n the lH N M R spectra 
(F igure 2). A l l * H N M R spectra of fulvic acids descr ibed i n this study w e r e 
d e t e r m i n e d as the sodium salt i n D 2 0 at p H 8 (21). Peak heights were used 
rather than peak areas to m i n i m i z e over lapping spectral contr ibutions f rom 
various proton structures. F r o m structural -model considerations, peak 1 
appears to be a combinat ion of methylene and methine protons i n al iphatic 
al icycl ic rings and branched m e t h y l groups located beta to carbonyl groups 
of a carboxylic acid, ester, or ketone. T h e structural m o d e l rules out m e t h -

HDO 

I 1 1 1 1 1 1 1 1 1 1 

10 9 8 7 6 5 4 3 2 1 0 
CHEMICAL SHIFT, IN PARTS PER MILLION 

Figure 2. lH NMR spectrum of fulvic acid from the Suwannee River, Georgia. 
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204 ENVIRONMENTAL CHEMISTRY OF L A K E S A N D RESERVOIRS 

ylene protons i n open-chain hydrocarbons as significant contributors to this 
peak. Peak 2 represents m e t h y l , methylene , and methine protons o n carbons 
attached to aromatic rings or on adjacent carbonyl carbons. Peak 3 represents 
methylene and methine protons o n carbons singly b o n d e d to oxygen i n 
alcohol , and ether functional groups. Peak 4 represents protons on aromatic 
carbons i n the or tho-r ing posi t ion to p h e n o l or phenol ic ether or ester m o i ­
eties; these aromatic protons c o m m o n l y occur i n tannin and l i g n i n structures. 
Therefore , peak 4 is a surrogate indicator of tannin and l i g n i n content. Peak 
5 indicates protons o n aromatic rings that are m i n i m a l l y substi tuted w i t h 
e lectron-donating or e lec t ron-withdrawing substituents. 

Peak 5 is the best surrogate indicator of aromatic carbon content because 
of its strong peak intensity i n the aromatic proton region. I n investigations 
of fulvic acids from a n u m b e r of e n d - m e m b e r environments , peak 5 was 
m u c h more conservative than peak 4 to changes resul t ing f rom degradation 
and fractionation processes. S imi lar ly , peak 1 was d e t e r m i n e d to be m u c h 
more conservative to degradation and fractionation processes than peaks 2 
and 3. Therefore , the conservative nature of protons i n peaks 5 and 1 makes 
their peak-height ratio a surrogate indicator of the percentage of aromatic 
plus olef inic carbon i n fu lv ic acids f rom diverse environments . This a p p l i ­
cation assumes that the relative proport ions of protons to aromatic, olef inic , 
and aliphatic carbon i n peaks 1 and 5 are constant. T h e peak-height ratios 
of peaks 2, 3, and 4 to peak 1 can be used to obtain information about 
degradation and fractionation processes i n v o l v i n g structural moieties i n these 
peaks. 

F u l v i c acid f rom the Suwannee R i v e r was used to calibrate peak-height 
ratios for aromatic carbon content. T h e appl icat ion of this m e t h o d to fu lv ic 
acid samples w i t h k n o w n aromatic plus olef inic carbon content f rom various 
environments is shown i n Table II. A r o m a t i c plus olefinic carbon percentages 
calculated by the peak-height ratio m e t h o d us ing X H N M R data closely agree 
w i t h these percentages computed f rom 1 3 C N M R data, w i t h the exception 
of the B i g Soda L a k e samples. 

F u l v i c acid f rom B i g Soda L a k e apparently has a greater percentage of 
olef inic carbons than fulvic acids f rom the Suwannee R i v e r , Calcas ieu R i v e r , 
and M i s s i s s i p p i R i v e r , as shown b y differences i n molecular models 1 and 
2. Therefore, the * H N M R peak-height ratio m e t h o d underestimates the 
aromatic plus olef inic carbon content of the fulvic acid f rom B i g Soda L a k e . 
T h e fu lv ic acid sample f rom the Calcasieu R i v e r , w h i c h appears to be of 
allochthonous or ig in because of its aromatic plus olefinic carbon content, 
had nearly the same r i n g content as the B i g Soda L a k e sample, w h i c h is of 
autochthonous or ig in . Therefore, r i n g content does not appear to be a useful 
t e rm i n dis t inguishing allochthonous from autothonous sources for fu lv ic 
acids. 

T h e lower ring content of fulvic acid f rom the M i s s i s s i p p i R i v e r might 
be related to h i g h concentrations of suspended sediment i n the r iver . T h e 

Pu
bl

is
he

d 
on

 M
ay

 5
, 1

99
4 

on
 h

ttp
://

pu
bs

.a
cs

.o
rg

 | 
do

i: 
10

.1
02

1/
ba

-1
99

4-
02

37
.c

h0
07



T
ab

le
 I

I. 
D

at
a 

U
se

d 
To

 D
et

er
m

in
e 

A
ro

m
at

ic
 P

lu
s 

O
le

fi
ni

c 
C

ar
bo

n 
P

er
ce

n
ta

ge
 a

nd
 R

in
g 

C
on

te
nt

 o
f 

Fu
lv

ic
 A

ci
ds

 

Su
w

an
ne

e 
R

iv
er

 
Bi

g 
So

da
 L

ak
e 

C
al

ca
si

eu
 

R
iv

er
 

M
is

si
ss

ip
pi

 
R

iv
er

 n
ea

r 
D

et
er

m
in

at
io

n 
M

et
ho

d 
ab

ov
e 

Fa
rg

o,
 

G
 A

 
ne

ar
 F

al
lo

n,
 

N
V

 
ne

ar
 K

in
de

r,
 

LA
 

St
. 

Fr
an

ci
sv

ill
e, 

LA
 

A
lip

ha
ti

c 
Q

ua
nt

it
at

iv
e 

1
3
C

-N
M

R 
27

.0
 

52
.3

 
26

.5
 

38
.4

 
ca

rb
on

 
(%

) 
sp

ec
tr

om
et

ry
 

C
ar

bo
hy

dr
at

e,
 e

th
er

, 
1

3
C

-N
M

R 
17

.5
 

14
.1

 
18

.9
 

15
.4

 
al

co
ho

l 
ca

rb
on

 
(%

) 
A

ro
m

at
ic

 p
lu

s 
ol

ef
in

ic
 

1
3
C

-N
M

R 
30

.5
 

11
.7

 
32

.9
 

25
.1

 
ca

rb
on

 
(%

) 
C

ar
bo

xy
l, 

es
te

r,
 

l
3
C

-N
M

R 
19

.0
 

19
.7

 
14

.6
 

17
.1

 
am

id
e 

ca
rb

on
 

(%
) 

K
et

on
ic

 c
ar

bo
n 

(%
) 

1
3
C

-N
M

R 
6.

0 
1.

8 
6.

1 
2.

8 
Pe

ak
 5

:1
 

ra
tio

 
Pe

ak
 h

ei
gh

t 
at

 7
.4

 p
pm

 
di

vi
de

d 
by

 p
ea

k 
he

ig
ht

 
at

 1
.2

 p
pm

 i
n 

Ή
-N

M
R 

sp
ec

tr
um

 

0.
16

0 
0.

02
0 

0.
16

2 
0.

13
2 

A
ro

m
at

ic
 p

lu
s 

ol
ef

in
ic

 
Pe

ak
 5

:1
 

ra
tio

 
30

.5
 

3.
8 

30
.9

 
25

.1
 

ca
rb

on
 c

al
cu

la
te

d 
fr

om
 

tim
es

 1
90

.6
" 

'H
-N

M
R 

da
ta

 
(%

) 
N

um
be

r 
of

 c
ar

bo
ns

 
Pe

rc
en

ta
ge

 o
f 

ca
rb

on
 

45
.0

 
46

.6
 

47
.2

 
46

.0
 

pe
r 

10
00

-d
al

to
n 

(a
sh

 f
re

e)
 t

im
es

 
10

 
m

ol
ec

ul
e 

N
um

be
r 

of
 h

yd
ro

ge
ns

 
Pe

rc
en

ta
ge

 o
f h

yd
ro

ge
n 

43
.3

 
57

.0
 

46
.9

 
54

.9
 

pe
r 

10
00

-d
al

to
n 

(a
sh

 f
re

e)
 t

im
es

 0
.8

33
 

m
ol

ec
ul

e 
In

de
x 

of
 H

 d
ef

ic
ie

nc
y 

φ 
= 

[(2
C

 
+ 

2)
 

- 
H

]/
2 

24
.4

 
19

.1
 

24
.8

 
19

.6
 

(φ
) 

pe
r 

10
00

-d
al

to
n 

m
ol

ec
ul

e 
N

um
be

r 
of

 r
in

gs
 (

Θ
) 

θ 
= 

φ 
- 

ca
rb

on
yl

 C
 

- 
0.

5 
6.

3 
7.

2 
7.

3 
4.

7 
pe

r 
10

00
-d

al
to

n 
(a

ro
m

at
ic

 p
lu

s 
ol

ef
in

ic
 

m
ol

ec
ul

e 
ca

rb
on

) 

" 
19

0.6
 

is
 d

er
iv

ed
 f

ro
m

 a
ro

m
at

ic
-c

ar
bo

n
 p

er
ce

nt
ag

e 
di

vi
de

d 
by

 p
ea

k 
5:

1 
ra

ti
o 

of
 f

ul
vi

c 
ac

id
 f

ro
m

 t
he

 
Su

w
an

ne
e 

R
iv

er
. 

Pu
bl

is
he

d 
on

 M
ay

 5
, 1

99
4 

on
 h

ttp
://

pu
bs

.a
cs

.o
rg

 | 
do

i: 
10

.1
02

1/
ba

-1
99

4-
02

37
.c

h0
07



206 ENVIRONMENTAL CHEMISTRY OF L A K E S A N D RESERVOIRS 

sediment might fractionate fulvic ac id by adsorbing components conta ining 
rings and associated functional groups. T h e most useful means of source 
identif ication is aromatic plus olefinic carbon content. lH N M R data and the 
peak-height ratio m e t h o d to determine aromatic plus olef inic carbon content 
produce results w i t h errors that are not significant for broad interpret ive 
purposes. 

Variation among Sampling Sites. D i s s o l v e d h u m i c substance sam­
ples f rom seven e n d - m e m b e r environments were isolated for study. A u ­
tochthonous inputs to D O M were expected to dominate i n B i g Soda L a k e 
and i n Island L a k e , w h i c h is a groundwater-sustained eutrophic lake i n the 
sandhills of western Nebraska. Al lochthonous inputs to D O M from a swamp 
environment predominate i n the Suwannee R i v e r . T h e y also dominate i n 
the Calcasieu R i v e r i n western Louis iana , but the propor t ion of swampland 
is m u c h lower there. T h e T e m i R i v e r is a tropical blackwater tr ibutary of 
the O r i n o c o R i v e r i n Venezuela , where allochthonous inputs dominate . T h e 
entire Sagavanirktok R i v e r basin is located nor th of the tree l ine on the 
N o r t h Slope of Alaska; a mixture of allochthonous and autochthonous inputs 
was expected for the various rivers and lakes i n this basin. Las t ly , H i d d e n 
L a k e C r e e k , w h i c h is the outlet of H i d d e n L a k e on the K e n a i Pen insu la of 
Alaska, was sampled to determine i f nutr ient inputs f rom decaying salmon 
were contr ibut ing to p r i m a r y product ion and autochthonous inputs to D O M . 

! H N M R data f rom these seven sites are presented b y spectral peak-
height ratios i n Table III . T h e sites were l is ted i n order of increasing aromatic 
plus olefinic carbon percentages. F u l v i c acids f rom al l the lake samples are 
m u c h lower i n aromatic plus olefinic carbon content than those f rom r iver 
samples. These results conf i rm the hypothesis that autothonous inputs result 
i n dissolved h u m i c substances that have a l o w aromatic plus olef inic carbon 
content. T h e lake samples also are lower i n the ratios of peak 2 (carboxylated 
chains and aliphatic ketones), peak 3 (carbohydrates), and peak 4 (phenolic 
tannins and lignins) to peak 1 (branched m e t h y l groups and al icycl ic a l i -
phatics) than are the r iver samples. 

F u l v i c acid isolated from Island L a k e p r o v i d e d direct spectral evidence 
of protons attached to aliphatic al icycl ic rings. T h e ' H N M R spectrum of 
this sample (F igure 3) has a broad medium- intens i ty peak near 1.8 p p m . 
T h e chemical shifts of protons on aliphatic a l icycl ic rings are c o m m o n l y split 
into two broad peaks centered at 1.1 and 1.8 p p m because of their variable 
boat and chair configurations (23). 

T h e Sagavanirktok R i v e r is intermediate i n aromatic carbon content. 
This r iver drains the bogs on the A r c t i c tundra (allochthonous inputs) and 
several lakes (autochthonous inputs). Samples f rom the Suwannee and C a l ­
casieu rivers are very s imilar i n peak-height ratios w i t h the exception of peak 
2 :1 ratio, w h i c h is m u c h lower for the Calcasieu R i v e r sample. T h e data i n 
Table II indicate that the Calcasieu R i v e r fulvic ac id has a greater r i n g content 
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208 ENVIRONMENTAL CHEMISTRY OF L A K E S A N D RESERVOIRS 

HDO 

10 9 8 7 6 5 4 3 2 1 0 
CHEMICAL SHIFT, IN PARTS PER MILLION 

Figure 3. lH NMR spectrum of fulvic acid from Island Lake, Nebraska. 

than that f rom the Suwannee R i v e r . A n oxidative degradation reaction 
of a terpenoid hydrocarbon that might explain these results is shown i n 
reaction 1. 

A l i p h a t i c s ide-chain oxidation (reaction 1) w o u l d result i n an increase of 
carboxyl groups at points of chain branching on al icycl ic r ings. This degra­
dation w o u l d result i n a 50% decrease i n peak 2 and an increase i n the r i n g 
content. T h e branched m e t h y l group located beta to the carboxyl group 
w o u l d give the observed peak at 1.1 p p m for peak 1 along w i t h some of the 
al icycl ic methylene protons. 

T h e Suwannee R i v e r was sampled at its or ig in at the outlet of the 
Okefenokee Swamp. This fulvic ac id , therefore, is l ike ly to be less degraded 
than a sample f rom the Calcasieu R i v e r that was taken near its m o u t h on 
the estuary d u r i n g a w a r m , low-f low p e r i o d i n early summer . M e t a l - i o n 
solubi l i ty controls and sorption on minera l surfaces i n u p l a n d soils also might 
fractionate the fulv ic ac id i n the Calcasieu R i v e r . In contrast, the Suwannee 
R i v e r m i n e r a l - s o i l solubi l i ty controls are less significant. 
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7. L E E N H E E R Dissolved Organic Matter in Rivers, Lakes, and Reservoirs 2 0 9 

T h e T e m i R i v e r samples had the largest aromatic carbon content because 
of inc lus ion of the h u m i c acid fraction. Tropica l blackwater r ivers are k n o w n 
to contain large percentages (as m u c h as 30%) of h u m i c ac id D O M because 
of the low-conduct iv i ty waters and lack of solubi l i ty controls associated w i t h 
the sandy podzols i n the tropical rain forest (24, 25). 

Fulvic Acid Structures from Integrating Environments 

M o s t aquatic environments integrate organic inputs f rom allochthonous and 
autochthonous sources and process them through various degradations and 
fractionations. D O M i n the integrat ing envi ronment of the lower M i s s i s s i p p i 
R i v e r was s tudied f rom July 1987 to June 1991. Seven sampl ing cruises were 
made d u r i n g this t ime i n w h i c h parcels of water were sampled i n Lagrangian 
manner at 15 -17 sites be tween St. L o u i s , M i s s o u r i , and N e w Orleans , 
Louis iana . F i g u r e 4 shows a map of the lower M i s s i s s i p p i R i v e r and its major 
tr ibutaries. 

T h e first three cruises were made d u r i n g low-discharge condit ions i n 
m i d s u m m e r , late fal l , and late spr ing. T h e next four cruises were made 
d u r i n g a mixture of l o w - and high-discharge condit ions i n different reaches 
of the r iver system. 

Preparation of Samples. D u r i n g the first two sampl ing cruises, 
about 100 L of depth- and flow-weighted representative samples were 
screened to remove sand. T h e n the samples were passed through a 
continuous-f low centrifuge to remove suspended silt larger than to 0.3 μιη , 
a tangential f low ultrafi l ter (30,000-dalton porosity, ce l lu lose-membrane f i l ­
ter) to remove col loids, and a 10-L m e t h y l methaerylate res in c o l u m n ( A m -
berl i te X A D - 8 ) to isolate organic solutes (26). These operations were carr ied 
out on the research vessel " A c a d i a n a " . 

D u r i n g sampl ing cruises 3 - 5 , 20 L of sample f rom the ultrafi l ter was 
preserved w i t h chloroform, sh ipped back to an analytical laboratory, and 
vacuum-evaporated to 500 m L before b e i n g passed through a 5 0 0 - m L c o l u m n 
of X A D - 8 resin (27). This revised procedure should have increased the 
recovery of D O M because of a 10-fold increase i n the res in :water ratio. I n 
addi t ion , h y d r o p h i l i c organic solutes that d i d not adsorb on the X A D - 8 res in 
were isolated b y a vacuum-evaporat ion procedure w h e r e b y water is d i s t i l l ed 
f rom acetic acid and inorganic salts precipitate i n the acetic acid (28). Re ­
coveries of D O C by the two procedures are presented i n Table IV. 

Recoveries of D O C were variable among sampl ing sites; most of this 
var iabi l i ty was apparently caused b y losses d u r i n g the laboratory isolation 
procedure . T h e many steps i n the isolation procedure for dissolved h y d r o ­
p h i l i c substances might have resulted i n loss of as m u c h as 50% of 
that fraction. T h e procedure used to concentrate D O C i n the dissolved-
humic-substanees fraction increased recovery, but about one - th i rd of it s t i l l 

Pu
bl

is
he

d 
on

 M
ay

 5
, 1

99
4 

on
 h

ttp
://

pu
bs

.a
cs

.o
rg

 | 
do

i: 
10

.1
02

1/
ba

-1
99

4-
02

37
.c

h0
07



210 ENVIRONMENTAL CHEMISTRY OF L A K E S A N D RESERVOIRS 

0 100 2 0 0 Miles 

0 100 2 0 0 Kilometers 

Figure 4. Map of the lower Mississippi River and major tributaries. 

passed through the resin c o l u m n even w i t h a 1:1 resin : water ratio. A discrete 
break between nonpolar and polar propert ies appears to dis t inguish be tween 
h u m i c and h y d r o p h i l i c substances dissolved i n water. 

C h a r a c t e r i z a t i o n o f S a m p l e s . F i f ty- f ive samples of dissolved h u m i c 
substances were isolated and characterized d u r i n g the first f ive sampl ing 
cruises. Characterizations of samples obtained d u r i n g the first two sampl ing 
cruises i n c l u d e d elemental analyses, molecular-weight dis tr ibut ions , 
ac id-base t i t r imetry , solution-density determinations, stable-carbon-isotope 
determinations, and determinations of 1 3 C N M R and lH N M R spectra. T h e 
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7. L E E N H E E R Dissolved Organic Matter in Rivers, Lakes, and Reservoirs 211 

Table IV. D O C Yields (%) in Humic and Hydrophilic Isolates 

Fraction Cruise 2, Cruise 3, 
Sampling Site (Dissolved) Nov-Dec 1987 May-June 1988 

Illinois River Humic 59.2 75.8 
downstream from substances 
M credosia, Illinois Hydrophilic 

substances 
N D " 7.1 

Mississippi River Humic 50.1 61.1 
downstream from substances 
Hickman, Kentucky Hydrophilic 

substances 
N D 12.4 

Mississippi River Humic 47.8 69.5 
at Helena, Arkansas substances 

Hydrophilic N D 12.7 
substances 

Mississippi River Humic 84 58.4 
downstream from substances 
Vicksburg, Hydrophilic N D 9.1 
Mississippi substances 

"Not determined. 

stable-carbon-isotope data were relatively invariant be tween sampl ing sites; 
overlap of isotopic ratios between phytoplanktonic and terrestrial plant inputs 
i n freshwater systems was documented (29). Af ter the first two sampl ing 
cruises it became apparent that ΐ N M R spectrometry was the most useful 
characterization technique for chemical and geochemical studies, and the 
other characterizations were discont inued. 

T h e first sampl ing cruise ( J u l y - A u g u s t 1987) was made d u r i n g l o w -
discharge conditions on the Miss i s s ippi R i v e r and its tr ibutaries; a l l water-
temperature measurements were about 30 °C. D O C concentrations, D O C 
loads, and water discharge for the J u l y - A u g u s t 1987 sampl ing cruise are 
presented i n Table V. This first sampling cruise was the only cruise i n w h i c h 
evidence for instream loss of h u m i c substances was d o c u m e n t e d b y fo l lowing 
the d o w n r i v e r movement of water. M a x i m u m loads were detected i n the 
M i s s i s s i p p i R i v e r upstream from its junc t ion w i t h the O h i o R i v e r . D O C 
loads d i d not increase d o w n r i v e r w i t h D O C - l o a d inputs f rom tr ibutaries , 
al though r iver discharge nearly d o u b l e d . D O C concentrations that were 
typical ly 3 - 4 m g / L near St. L o u i s decreased to 1 -2 m g / L downstream f rom 
the junc t ion w i t h the O h i o R iver . 

*H N M R spectral data p r o v i d e d addit ional evidence that dissolved h u m i c 
substances were exceptionally degraded d u r i n g the first sampl ing cruise as 
a result of h igh temperatures and l o w discharges (F igure 5). T h e polyethylene 
glycol indicated by a peak i n F i g u r e 5 was a n e w r iver contaminant that was 
isolated along w i t h the dissolved h u m i c substances (27), and formate was a 
reagent used i n the isolation procedure . 

A l t h o u g h the peak 5 :1 ratio indicat ing aromatic plus olef inic carbon 
content appeared typical , the peak 2 :1 and 4 : 5 ratios were the lowest for 
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212 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

Table V. D O C Concentrations, D O C Loads, and River Discharge 

DOC DOC Load River 
Concentration (metric Discharge0 

Sampling Site (mg/L) tons/day) (m3/s) 

Mississippi River near 4.2 500 1,370 
Winfield, Missouri 

Mississippi River at 3.2 420 150 
Hartford, Illinois 

Missouri River at 3.8 860 2,600 
Hermann, Missouri 

Mississippi River at 3.7 1,250 3,900 
St. Louis, Missouri 

Mississippi River at 3.9 1,440 4,300 
Chester, Illinois 

Ohio River at 1.7 300 2,100 
Olmsted, Illinois 

Mississippi River 1.9 1,030 6,300 
downstream from 
Hickman, Kentucky 

Mississippi River at 2.0 1,190 6,900 
Helena, Arkansas 

White River at 1.1 30 330 
river mile 11.5 

Arkansas River at 1.0 70 790 
river mile 55.9 

Mississippi River 1.9 1,250 7,600 
upstream from 
Arkansas City, Arkansas 

O l d River Outflow 3.1 550 2,100 
Channel near Knox 
Landing, Louisiana 

Mississippi River near 2.3 1,230 6,200 
St. Francisville, 
Louisiana 

Mississippi River below 1.7 NOb N D 
Belle Chasse, Louisiana 

note: Values were obtained during July-August 1987 sampling cruise. 
"As reported by Moody and Meade, ref. 30. 
' 'nd is not determined. 

samples obtained on this first cruise. T h e most extreme case was the sample 
f rom the O h i o R i v e r at O l m s t e d , I l l inois . Discharge data indicated that 72% 
of the discharge at this site originated i n the Tennessee and C u m b e r l a n d 
r ivers , w h i c h enter the O h i o R i v e r upstream f rom O l m s t e d , I l l inois . T h e r e ­
fore, the D O M at this site represented discharges f rom the reservoirs of the 
Tennessee Val ley A u t h o r i t y (TVA) system w h e r e l o n g residence t imes, h i g h 
water temperatures, and autochthonous inputs al tered the nature of dis­
solved h u m i c substances. T h e l o w peak 2 :1 ratio, indicat ive of carboxylated 
aliphatic chains and aliphatic ketones, d i d not result i n a l o w carboxylic acid 
content (4.9 mmol/g for the sample f rom the O h i o River) . Degradat ion of 
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7. L E E N H E E R Dissolved Organic Matter in Rivers, Lakes, and Reservoirs 2 1 3 

Ι Γ I I 1 1 1 1 1 1 1 

10 9 8 7 6 5 4 3 2 1 0 
CHEMICAL SHIFT, IN PARTS PER MILLION 

Figure 5. j H NMR spectra of dissolved humic substances (A) from the Ohio 
River at Olmsted, Illinois; and (B) from the Mississippi River near St. Fran-

cisville, Louisiana; sampled July-August 1987. 

aliphatic chains as hypothes ized i n reaction 1 probably caused the l o w peak 
2 :1 ratio. 

T h e fifth cruise (June 1989) sampled low-discharge condit ions i n the 
M i s s i s s i p p i R i v e r and its tributaries i n the St. L o u i s , M i s s o u r i , area and 
moderate to h i g h discharges w i t h rising stages of the O h i o , W h i t e , Arkansas, 
Yazoo, and lower M i s s i s s i p p i r ivers . T h e m a r k e d effect of discharge c o n d i ­
tions o n the nature of dissolved h u m i c substances is shown b y the three ! H 
N M R spectra i n F i g u r e 6. Input of al lochthonous dissolved organic sub­
stances increased the ratios of peak 2 (carboxylated chains and al iphatic 
ketones), peak 3 (carbohydrates), peak 4 (phenolic aromatics i n tannins and 
lignins), and peak 5 (aromatic protons) to peak 1 i n spectra Β and C as 
compared to spectrum A . 

D u r i n g the first f ive sampl ing cruises on the M i s s i s s i p p i R i v e r near its 
m o u t h b e l o w Be l le Chasse, Louis iana , the correlations among peak spectral 
ratios, discharge, and suspended sediment concentrations were measured 
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H DO 1 

I 1 1 1 1 1 1 1 1 1 1 

10 9 8 7 6 5 4 3 2 1 0 
CHEMICAL SHIFT, IN PARTS PER MILLION 

Figure 6. lH NMR spectra of dissolved humic substances from (A) the Illinois 
River at Hardin, Illinois; (B) the Arkansas River at Pendleton, Arkansas; and 
(C) the Mississippi River downstream from Belle Chasse, Louisiana; sampled 

June 1989. 

as shown i n Table V I . T h e greatest correlations w i t h discharge were seen 
between peaks 3 and 1 (carbohydrate content) and peaks 4 and 5 (tannin 
and l i g n i n residues). A " f lush ing effect" ( i .e. , increasing D O C concentrations 
w i t h increasing discharge) has been measured by a n u m b e r of research 
studies (31). 

T h e nature of dissolved h y d r o p h i l i c substances i n the three samples 
whose spectra are shown i n F i g u r e 6 is indicated b y lH N M R spectral 
patterns i n F i g u r e 7. T h e major peak at 3.8 p p m i n F i g u r e 7 indicates that 
carbohydrates are the major component of a l l three spectra. T h e addit ional 
peaks at 4.2 p p m and the broad 7 . 4 - 8 . 2 - p p m peak i n the sample f rom the 
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7. L E E N H E E R Dissolved Organic Matter in Rivers, Lakes, and Reservoirs 2 1 5 

Table V I . Correlations (r2) of Peak Spectral Ratio, 
Discharge, and Suspended Sediment Concentrations 

*H-NMR Peak 
Spectral Ratio Discharge (τ2) 

Sediment 
Concentration (r2) 

Peak 2 :1 0 . 3 5 6 0 . 3 3 9 
Peak 3 :1 0 . 7 5 8 0 . 7 1 4 
Peak 4 : 1 0 . 7 9 7 0 . 6 7 6 
Peak 5 :1 0 . 8 2 2 0 . 6 0 0 
Peak 4 : 5 0 . 7 1 0 0 . 6 2 2 

Η DO 

I ι 1 1 1 1 1 ι 1 1 1 
10 9 8 7 6 5 4 3 2 1 0 

CHEMICAL SHIFT, IN PARTS PER MILLION 
Figure 7. lH NMR spectra of hydrophilic substances isolated from (A) the 
Illinois River at Hardin, Illinois; (B) the Arkansas River at Pendleton, Arkan­
sas; and (C) the Mississippi River downstream from Belle Chasse, Louisiana; 

sampled June 1989. 
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216 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

I l l inois R i v e r indicate the oxidative degradations shown i n reactions 2 
and 3. 

CHoOH COOH 
I I 

H C - O - A r H C - O - A r 
I I 

HC-OFV H C - O H 

Biological (6.6) H N ^ ^ ^ H (6.6) Biological 

" 0 C H 3
 d e 9 r a d a t i o n ( 6 . 8 ) H ^ Y ^ O H g r a d a t i o n 

OR OH 

Lignin unit Dissolved humic substance 

COOH 

(7.6)ΗγΛγΗ(7.5) Biological 

degradation V — • Biomass + C 0 2 (2) 

C OH 

Dissolved hydrophilic substance 

Biological 

degradation 

COOH 
I 

(4.2) H C - O H 
I 

H O - C H (3.8) 
! 

(3.8) H C - O H 
I 

Biological 

degradation 

Cellulose 

(3.8) H C - O H 
I 

(3.8) H 2 C - O H 

Aldonic and uronic acids 

Biomass + C 0 2 (3) 

COOH 
I 

(4.2) H C - O H 

H O - C H (3.8) Biological 

(3.8) H C - O H degradation 

(4.2) H C - O H 
I 

COOH 

Aldaric acids 

In reactions 2 and 3, the numbers i n parentheses denote * H N M R chemica l 
shifts i n parts per m i l l i o n . 
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7. L E E N H E E R Dissolved Organic Matter in Rivers, Lakes, and Reservoirs 2 1 7 

In reaction 2 l i g n i n is demethylated, fragmented, and ox id ized to dis­
solved h u m i c substances (32). These substances are further ox id ized to ar­
omatic phenol ic acids (hydrophi l ic acids) that are complete ly degraded to 
biomass and carbon dioxide. T h e successive changes i n * H N M R chemica l 
shifts of aromatic hydrogens on h u m i c - and hydrophi l ic -substance isolates 
are consistent w i t h the sequence shown i n reaction 2. S imi lar ly , carbohy­
drates (such as cellulose) degrade through the sequence shown i n reaction 
3 (33). In the F i g u r e 7 spectra, the h y d r o p h i l i c fractions f rom the three 
samples appear to be a mixture of carbohydrate acids, w i t h aldaric acids 
predominat ing i n the sample f rom the I l l inois R i v e r . 

D u r i n g high-discharge condit ions, w h i c h preva i led d u r i n g the sixth sam­
p l i n g cruise ( F e b r u a r y - M arch 1990), D O C concentrations were 1 .5 -2 .0 
times those measured d u r i n g low-discharge condit ions. D O C concentra­
tions, D O C loads, and r iver discharges for the sixth sampl ing cruise are 
presented i n Table V I I . T h e conservative nature of D O C transport u n d e r 
high-discharge conditions is indicated b y the fact that the D O C loads were 
addit ive for the O h i o R i v e r at O l m s t e d , I l l inois (with inputs f rom the u p p e r 
O h i o , Wabash, C u m b e r l a n d , and Tennessee rivers) and for the M i s s i s s i p p i 
R i v e r downstream from H i c k m a n , K e n t u c k y (with inputs f rom the u p p e r 
M i s s i s s i p p i and O h i o rivers). Inputs of D O C f rom the Arkansas R i v e r (not 
sampled) are detected b y the D O C - l o a d increase at the sampl ing site u p ­
stream from Arkansas C i t y , Arkansas. E v e n d u r i n g high-discharge c o n d i ­
tions, the effect of T V A reservoirs can be seen i n the small D O C concen­
trations i n the C u m b e r l a n d and Tennessee r ivers . T h e D O C load l i s ted i n 
Table V I I for the lower M i s s i s s i p p i R i v e r downstream f rom V i c k s b u r g , M i s ­
sissippi is an order of magnitude greater than that d e t e r m i n e d d u r i n g l o w -
flow conditions (Table V ) . 

Summary and Conclusions 

D a t a i n this and other reports indicate three sources for dissolved organic 
substances i n r ivers , lakes, and reservoirs: l ignins , carbohydrates, and l ip ids . 
Th is study and others using degradative approaches (24) c learly established 
l i g n i n as a precursor for dissolved h u m i c substances. S imi lar ly , carbohydrates 
are k n o w n to be a component of dissolved organic substances i n natural 
waters (I). 

T h e aliphatic a l icycl ic hydrocarbon precursor is not w e l l recognized as 
the major al iphatic component i n dissolved h u m i c substances, a l though it 
was previously postulated to occur (JJ). This precursor might arise f rom 
terpenoid hydrocarbon l ip ids , but the data presented i n this chapter favor 
polyunsaturated l i p i d precursors that are oxidatively c o u p l e d and c y c l i z e d 
b y free-radical mechanisms (20). Degradat ive studies have not ident i f ied this 
al iphatic component i n recognizable fragments. T h e quantitat ive, s tructural-
m o d e l approach presented here combines the results of 1 3 C N M R , ΐ N M R , 
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2 1 8 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

Table VII . D O C Concentrations, D O C Loads, and River Discharge 

D O C DOC Load River 
Concentration (metric Discharge0 

(m3/s) Sampling Site (mg/L) tons/day) 
Discharge0 

(m3/s) 

Ohio River at 3 . 3 1 , 8 9 0 6 , 6 2 0 
Union town, Kentucky 

Wabash River near 5 . 0 1 , 0 1 0 2 , 3 4 0 
New Haven, Illinois 

Cumberland River near 2 . 9 5 4 0 2 , 1 7 0 
Smithland, Kentucky 

Tennessee River near 2 . 5 1 , 4 2 0 6 , 5 7 0 
Calvert City, Kentucky 

Ohio River at 3 . 4 4 , 7 3 0 1 6 , 1 0 0 
Olmsted, Illinois 

Mississippi River near 5 . 3 2 , 0 8 0 4 , 5 4 0 
Cache, Illinois 

Mississippi River 3 . 6 6 , 5 3 0 2 0 , 9 9 0 
downstream from 
Hickman, Kentucky 

Mississippi River 3 . 7 7 , 2 9 0 2 2 , 8 1 0 
downstream from 
Fulton, Tennessee 

Mississippi River at 3 . 7 7 , 4 6 0 2 3 , 3 4 0 
Helena, Arkansas 

Mississippi River 4 . 2 1 2 , 0 0 0 3 3 , 0 0 0 
upstream from 
Arkansas City, Arkansas 

Mississippi River 4 . 2 1 2 , 4 0 0 3 4 , 1 2 0 
downstream from 
Vicksburg, Mississippi 

Mississippi River near 4 . 1 9 , 3 2 0 2 6 , 3 2 0 
St. Francisville, 
Louisiana 

Mississippi River 3 . 8 8 , 7 8 0 2 6 , 7 3 0 
downstream from 
Belle Chasse, Louisiana 

NOTE : Values were obtained during February-March 1 9 9 0 sampling cruise. 
"As reported by Moody and Meade, ref. 3 4 . 

elemental analysis, and functional-group analysis to quantify the r i n g content. 
T h e n u m b e r of rings i n dissolved h u m i c substance structure (disregarding 
aromatic r i n g structures) rules out the possibi l i ty of significant open-chain 
aliphatic hydrocarbon content. F r o m a b iochemica l standpoint, the accu­
mulat ion of r ing-carboxylated, al iphatic a l icycl ic structures (reaction 1) i n 
dissolved h u m i c substances is a logical consequence of the relative resistance 
of these structures to biodégradation (14). 

T h e clear differentiation of allochthonous from autochthonous sources 
of D O M i n integrat ing freshwater environments is not present ly possible . 
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7. L E E N H E E R Dissolved Organic Matter in Rivers, Lakes, and Reservoirs 219 

M i n i m u m levels of terrigenous organic components can be quant i f ied by 
aromatic plus olefinic carbon content or as l i g n i n oxidation products . H o w ­
ever, the al iphatic al icycl ic component can originate f rom ei ther source, and 
aliphatic al icycl ic h u m i c substances that appear to be of autochthonous or ig in 
may be of allochthonous or ig in w i t h the aromatic component r e m o v e d b y 
fractionation or degradation processes. F o r differentiation of sources, stable 
carbon isotope ratios do not work as w e l l for freshwater systems as for marine 
systems because of over lapping isotopic ratios be tween phytoplanktonic and 
terrestrial plant inputs (29). Perhaps organic ni trogen content and ni trogen 
isotope ratios c o u l d be used to define sources better. 

In conclusion, D O M i n water is a complex mixture of degraded m o d ­
erate-sized biomolecules . A s degradation proceeds i n the aquatic e n v i r o n ­
ment , carbohydrates and l i g n i n degradation products disappear w i t h i n days 
to a few years. O n l y the carboxylated al iphatic*al icycl ic component persists 
for thousands of years in the marine environment (35) or i n isolated lake 
environments l ike B i g Soda L a k e , N e v a d a . 
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Long-Term Changes in Watershed 
Retention of Nitrogen 
Its Causes and Aquatic Consequences 

John L. Stoddard 

ManTech Environmental Technology, Inc., U . S . Environmental Protection 
Agency, Environmental Research Laboratory, Corvallis, O R 97333 

Nitrogen saturation occurs when the supply of nitrogenous com­
pounds from the atmosphere exceeds the demand for these compounds 
on the part of watershed plants and soil microbes. Several factors 
predispose forested watersheds to Ν saturation, including chronically 
high rates of Ν deposition, advanced stand age, and large pools of 
soil N. Many watersheds in the eastern United States exhibit symp­
toms of Ν saturation. A sequence of recognizable stages produces 
characteristic long-term and seasonal patterns of lake-water and 
stream-water NO3- concentrations that reflect the changes in rates 
and relative importance of Ν transformations as these watersheds 
become more Ν sufficient. The early stages of Ν saturation are marked 
by increases in the severity and frequency of NO3- episodes. The 
later stages of Ν saturation are marked by elevated baseflow con­
centrations of NO3- from groundwater. The most advanced symptoms 
of Ν saturation usually occur in regions with the most elevated rates 
of Ν deposition. Long-term increases in surface-water NO3- have 
important implications for surface-water acidification, but probably 
will not lead to freshwater eutrophication. 

H I S T O R I C A L L Y , N I T R O G E N D E P O S I T I O N has not been considered a serious 
threat to the integrity of aquatic systems. M o s t terrestrial systems have been 
assumed to retain Ν strongly. In such cases there is a small probabi l i ty that 
deposi ted Ν w o u l d make its way to the surface waters that dra in these 
terrestrial systems. N i t r o g e n w i t h i n aquatic ecosystems can arise f rom a 

0065-2393/94/0237-0223$15.30/0 
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variety of sources, i n c l u d i n g point-source and non-point-source p o l l u t i o n , 
biological fixation of gaseous N , and deposi t ion of n i t rogen oxides and a m ­
m o n i u m . W h e n Ν was k n o w n to be affecting aquatic systems, some source 
other than deposi t ion was assumed to be responsible. T h e amounts of Ν 
s u p p l i e d to aquatic systems b y these other sources often outweigh b y a large 
margin the amount of Ν potential ly s u p p l i e d b y atmospheric deposi t ion . 
D u r i n g the past decade, however , our unders tanding of the transformations 
that Ν undergoes w i t h i n watersheds has increased greatly. In areas of the 
U n i t e d States where nonatmospheric sources of Ν are smal l , w e can beg in 
to infer cases i n w h i c h Ν deposi t ion is hav ing an impact o n aquatic systems. 

This chapter w i l l establish h o w watersheds and surface waters are l i k e l y 
to change as the impacts of Ν deposit ion become more severe. A b e r et a l . 
(I) descr ibed the changes that the terrestrial components of u n d i s t u r b e d 
watersheds undergo as the effects of Ν deposi t ion increase. I w i l l present 
the aquatic equivalents of the stages descr ibed b y A b e r et a l . (I) and out l ine 
the key characteristics of these stages as they inf luence seasonal and long-
t e r m aquatic Ν dynamics . T h e second purpose of this chapter is to present 
accumulated evidence, p r i m a r i l y f rom the eastern U n i t e d States, that 
o therwise-undis turbed watersheds show impacts f rom elevated Ν deposi t ion 
and that the severity of these impacts corresponds to the historical levels of 
Ν deposit ion that the various sites have exper ienced. T h e focus o n w a ­
tersheds that are undis turbed , other than b y elevated rates of deposi t ion, 
is important . O t h e r disturbances (especially tree harvesting) can have sig­
nificant and long- l ived effects on Ν cyc l ing . E l i m i n a t i o n of other potent ia l 
sources of d i s rupt ion to the Ν cycle allows us to narrow the f i e ld of stresses 
that might be contr ibut ing to the effects w e observe. 

E s t i m a t i o n of the effects of Ν deposi t ion on aquatic systems is made 
diff icult b y the large variety of forms of Ν found i n air, deposi t ion, w a ­
tersheds, and surface waters, as w e l l as b y the m y r i a d pathways through 
w h i c h Ν can be cyc led i n terrestrial and aquatic ecosystems. These c o m ­
plexities separate Ν deposit ion f rom its effects and reduce our abi l i ty to 
attribute k n o w n aquatic effects to k n o w n rates of Ν deposi t ion. T h e orga­
nizat ion of this chapter reflects this complexi ty . Because an unders tanding 
of the ways that Ν is cyc led through watersheds is cr i t ica l to o u r under ­
standing of Ν effects, I begin w i t h a br ie f descr ipt ion of the Ν cycle and of 
the transformations of Ν that may occur i n watersheds. I then discuss the 
two most l ike ly effects of Ν deposit ion (acidification and eutrophication). 

Nitrogen Inputs 

Watersheds are generally several orders of magnitude larger than the surface 
waters that dra in t h e m . Thus most of the atmospheric deposi t ion that may 
potential ly enter aquatic systems falls first o n some por t ion of the watershed. 
N i t r o g e n may be deposi ted to the watershed or d irec t ly to water surfaces 
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8. S T O D D A R D Long-Term Changes in Watershed Retention of Nitrogen 2 2 5 

i n a variety of forms, i n c l u d i n g N 0 3 ~ , N H 4
 + , and organic Ν i n wet and d r y 

deposi t ion. In addi t ion , plants may absorb gaseous Ν (as N O , N 0 2 , or n i t r ic 
acid vapor) (2, 3). Ν thus absorbed may subsequently enter the watershed 
Ν budget as l i t terfal l through the death of plant biomass (4, 5). 

Concentrat ions of N 0 3 " and N H 4
 + i n prec ipi ta t ion vary w i d e l y through­

out N o r t h A m e r i c a ; they d e p e n d largely on the p r o x i m i t y of sampl ing sites 
to sources of emissions. Ga l loway et a l . (6) report mean concentrations of 
2.4 μequiv/L for N 0 3 ~ and 2.8 μequiv/L for N H 4

+ for a site i n central 
Alaska sampled i n 1980-1981. In the Sierra N e v a d a M o u n t a i n s of Ca l i forn ia , 
mean concentrations of N 0 3 ~ and N H 4

+ for the p e r i o d 1985-1987 w e r e 5.0 
and 5.4 μequiv/L, respectively (7). In a comparison of Ν deposi t ion at lake 
and watershed moni tor ing sites i n nor thern U n i t e d States and southern 
Canada, L i n s e y et a l . (8) found N 0 3 " concentrations ranging f rom 15 to 40 
μequiv/L and N H 4

+ concentrations f rom 10 to 50 μequiv/L for 1970-1982 
i n an area that was considered remote but may be in f luenced b y prair ie dust 
and long-range acidic deposi t ion; nei ther i o n dominated over the other. I n 
some areas closer to anthropogenic Ν sources (e.g. , i n the northeastern 
U n i t e d States and southeastern Canada) v o l u m e - w e i g h t e d mean N 0 3 ~ con­
centrations range f rom 30 μequiv/L (e.g. , i n the A d i r o n d a c k and C a t s k i l l 
mountains of N e w York) to 50 μequiv/L (e.g. , i n the eastern Great Lakes 
region). M e a n N H 4

+ concentrations range f rom 10 to 20 μequiv/L i n the 
same areas (9). A m m o n i u m concentrations are highest (—40 μequiv/L) i n 
the agricultural areas of midwestern U n i t e d States. 

Some uncertainty exists i n a l l estimates of N H 4
+ deposi t ion d e r i v e d 

f rom measurements made i n the Nat ional A t m o s p h e r i c D e p o s i t i o n Program/ 
Nat ional Trends N e t w o r k ( N A D P / N T N ) because of the m e t h o d of sample 
col lect ion used b y cooperators i n this program. Samples are col lected w e e k l y 
f rom buckets that are covered at a l l t imes except d u r i n g active prec ip i ta t ion . 
Precipi tat ion that falls early i n the week may sit for several days before b e i n g 
col lected and f i l tered for analysis. A h i g h probabi l i ty exists that some N H 4

 + 

col lected i n N A D P collectors w i l l be biological ly assimilated (transformed 
into organic forms of N) before samples are f i l tered. It is not current ly k n o w n 
what the magnitude of this p r o b l e m may be . 

D e p o s i t i o n of Ν depends o n its concentration i n prec ipi ta t ion , the v o l ­
u m e of water fa l l ing as prec ipi tat ion, and the amount of Ν i n d r y deposi t ion 
(2). T h e last of these values (dry deposition) is diff icult to measure and is 
often est imated as a fraction (e.g., 30-40%) of wet deposi t ion (10). Sisterson 
et a l . (11) discussed direct measurements of d r y deposi t ion at regional ly 
representative sites. T h e y conc luded that deposi t ion of Ν species ranges 
f rom 4 0 - 5 0 % of wet deposit ion i n the northeast to —80% of wet deposi t ion 
i n the southeastern U n i t e d States. G i v e n the range of concentrations pre ­
viously ment ioned and the volumes of prec ipi tat ion fa l l ing i n different re­
gions of N o r t h A m e r i c a , estimates of Ν deposi t ion rates range f rom less than 
12 equiv/ha per year i n Alaska to more than 800 equiv/ha per year i n 
northeastern U n i t e d States (Table I). 
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Table I. Rates of Nitrogen Deposition in Several Areas of North America 

Area N03- NH4
+ Total Source 

Alaska" 6 . 9 4 . 8 1 1 . 7 6 
(Poker Flat) 

Sierra Nevada, CAh 7 9 8 5 1 6 4 7 
(Emerald Lake) 

Ontario, Canada c 1 2 5 1 4 0 2 6 5 8 
(Experimental Lakes Area) 

British Columbia, Canada c 2 6 0 1 3 0 3 9 0 1 4 
Upper Midwest d 3 0 0 2 1 0 5 1 0 1 5 5 
Southeastern U.S. 1 ' 5 4 0 1 8 0 7 2 0 2 

(Walker Branch, TN) 
New Hampshire c 4 6 4 2 0 0 6 6 4 1 5 4 
Catskills" 5 8 0 2 9 2 8 7 4 7 9 
Adirondacks r / 5 9 0 1 9 0 7 8 0 1 5 5 

NOTE : All deposition values are in microequivalents per liter. 
"Dry deposition was estimated as 35% of total deposition. 
foDry deposition was sampled as part of snowpack; no correction was made for dry deposition. 
'Bulk precipitation measurements; no correction was made for dry deposition. 
''Values were corrected for dry deposition based on ratios of Hicks (201). 
'Includes estimates for dry deposition and gaseous uptake of N. 

Genera l ly , N 0 3
_ dominates over N H 4

 + at sites close to emission sources 
(8,12). D i s s o l v e d organic ni trogen ( D O N ) concentrations are h ighly variable 
i n prec ipi ta t ion but often amount to 2 5 - 5 0 % of inorganic Ν deposi t ion (8, 
12-14). In some areas, D O N can occur i n greater concentrations than the 
inorganic species (15). 

I n addi t ion to wet and d r y deposi t ion, many high-elevat ion sites may 
receive substantial inputs of Ν f rom clouds or fog (15-17). F e w quantitat ive 
estimates of c l o u d deposi t ion are available, but results f rom one site o n 
Whiteface M o u n t a i n i n the Adirondacks indicate that c louds and fog can 
contr ibute u p to 4 0 % of total deposi t ion (18). Rates of wet and d r y deposi t ion 
at Whiteface M o u n t a i n were comparable to the A d i r o n d a c k values g iven i n 
Table I (—740 equiv/ha), but total deposi t ion rates ( inc luding c l o u d and fog 
deposition) averaged 1170 equiv/ha. 

The Nitrogen Cycle 

A t m o s p h e r i c Ν can enter aquatic systems ei ther as direct deposi t ion to water 
surfaces or as Ν deposi t ion to the terrestrial portions of a watershed. N i t r o g e n 
deposi ted to the watershed is routed and transformed b y watershed pro­
cesses. It may eventual ly reach aquatic systems i n forms only indi rec t ly 
related to the or iginal deposi t ion. T h e transformations that Ν undergoes 
w i t h i n the watershed (e.g., i n soils, b y microb ia l action, and i n plants) play 
a major role i n d e t e r m i n i n g what forms and amounts of Ν eventual ly reach 
surface waters. M u c h of the challenge of d e t e r m i n i n g w h e n Ν deposi t ion is 

 P
ub

lic
at

io
n 

D
at

e:
 M

ay
 5

, 1
99

4 
| d

oi
: 1

0.
10

21
/b

a-
19

94
-0

23
7.

ch
00

8

In Environmental Chemistry of Lakes and Reservoirs; Baker, L.; 
Advances in Chemistry; American Chemical Society: Washington, DC, 1994. 



8. S T O D D A R D Long-Term Changes in Watershed Retention of Nitrogen 227 

affecting aquatic systems depends on our abi l i ty to ident i fy w h i c h Ν trans­
formations are occurr ing and w h i c h are not. A large part of the fo l lowing 
discussion is therefore focused on terrestrial processes that alter the forms 
and rates of Ν supply. M o s t of these processes also occur w i t h i n lakes and 
streams, and their strengths can determine w h e t h e r the effects of Ν depo­
sit ion w i l l be felt immediate ly (e.g., through the eutrophicat ion of headwater 
lakes) or downstream (e.g., i n estuaries and coastal waters). In a very real 
sense Ν c y c l i n g w i t h i n the terrestrial ecosystems controls whether Ν de­
posit ion w i l l reach aquatic systems (and i n what concentrations), whereas Ν 
cyc l ing w i t h i n lakes and streams controls whether the Ν w i l l have any mea­
surable effect. N i t r o g e n assimilation, mineral izat ion, ni tr i f icat ion, d e n i t r i -
fication, and ni trogen fixation are important processes that affect the fate of 
Ν f rom atmospheric deposi t ion. 

Nitrogen Assimilation. N i t r o g e n assimilation is the uptake and meta­
bol ic use of Ν b y plants and soil microbes (F igure 1). Ass imi la t ion b y the 
terrestrial ecosystem controls the form of Ν eventual ly released into surface 
waters, as w e l l as affecting the ac id-base status of soi l and surface waters. 

Figure 1. A simplified watershed nitrogen cycle, with major pathways (arrows) 
and their effects on the watershed hydrogen budget (numbers in circles) shown. 
Circled numbers represent the number of hydrogen ions transferred to the 
soil solution or surface water ( + 2) or from the soil solution or surface water 
(-1) for every molecule of Ν Of or NH4

+ that follows a given pathway. For 
example, nitrification follows the pathway for NH4

 + assimilation into microbial 
biomass ( + 1) and is leached out as N03~ ( + 1), for a total hydrogen ion 

production of +2 for every molecule ofN03~ produced. 
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Terrestr ia l assimilation is a major form of Ν removal i n watersheds and may 
be sufficient to prevent a l l atmospherical ly d e r i v e d Ν f rom reaching surface 
waters (19). 

N i t r o g e n is the most c o m m o n l y l i m i t i n g nutr ient i n N o r t h A m e r i c a n 
forest ecosystems (20, 21). T h e form of Ν used b y terrestr ial ecosystems 
strongly affects the ac idi fying potential of Ν deposi t ion (F igure 1). A m m o ­
n i u m uptake is an ac idi fying process (i .e. , uptake of N H 4

+ releases 1 mole 
of Η per mole of Ν assimilated). 

N H 4
+ + R O H > R N H 2 + H 2 0 + H + (1) 

T h e biological uptake of N 0 3 " , o n the other hand, is an a lka l in iz ing 
process (i .e. , uptake of N 0 3 ~ consumes 1 mole of Η per mole of Ν assimi­
lated). 

R O H + N 0 3 - + H + > R * N H 2 + 2 0 2 (2) 

M o s t forested watersheds undergo a dormant p e r i o d , or at least a p e r i o d 
of m u c h reduced growth, d u r i n g the winter months. Because assimilation 
of Ν is also reduced d u r i n g this season, watersheds have a m u c h lower abi l i ty 
to retain Ν d u r i n g the w i n t e r and early spring. This seasonality is responsible 
for the c o m m o n l y observed pattern of h igher surface-water N 0 3 ~ concen­
trations i n w i n t e r and spr ing than i n s u m m e r and fal l (discussed u n d e r Stage 
0 Ν loss). If spr ing snowmelt occurs before substantial forest growth begins 
i n the spring, snowmelt N O i 3 " concentrations can be substantial, even i n 
areas of moderate Ν deposi t ion. Concentrat ions of N H 4

+ i n surface waters, 
on the other hand, are rarely elevated at any season because soil cation 
exchange; low mobi l i ty ; and compet i t ion among vegetation, m y c o r r h i z a l 
roots, and nitrif iers a l l contr ibute to watershed N H 4

+ retent ion. 
M u l l e r and B o r m a n n (22) proposed that spr ing ephemera l plants i n the 

understories of forested watersheds may act as " v e r n a l d a m s " contro l l ing 
the loss of Ν from watersheds d u r i n g the spr ing. S p r i n g ephemera l plants 
may exploit the l ight , water, and nutrients available before forest growth 
and canopy closure make conditions less opt imal i n later spr ing and s u m m e r . 
Zak et al . (23) used radioactive Ν tracers to corroborate that spr ing ephemera l 
communi t ies are associated w i t h Ν retent ion d u r i n g spr ing . H o w e v e r , they 
found that most of the retention was attributable to assimilation b y soi l 
microbes , not plants. T h e r e has been a tendency to th ink of Ν assimilation 
as p r i m a r i l y a plant-mediated process, but assimilation b y microbes may be 
a very important mechanism m i n i m i z i n g Ν losses f rom watersheds through­
out the growing season. M o s t forest soils are characterized b y a very large, 
relat ively inert , poo l of organic Ν (24), w h i c h suggests that microbia l uptake 
and i m m o b i l i z a t i o n of Ν are the dominant processes i n most watersheds. 
Before watershed Ν d e m a n d (from both forest and soils) can be met or 
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exceeded, uptake requirements of both vegetation and soi l microb ia l c o m ­
munit ies must be met. If one accepts the c o m m o n w i s d o m that forest veg­
etation is a superior long-term competi tor for Ν (24, 25), then the evolut ion 
of a N-suff ic ient watershed can be seen to consist of two stages: fu l f i l lment 
of vegetation Ν d e m a n d , fo l lowed b y ful f i l lment of soi l microb ia l d e m a n d . 

Ass imi la t ion b y aquatic plants, a key process i n the potent ia l e u t r o p h i -
cation of surface waters by N , may also play a role i n the ir ac id-base status. 
Uptake of N 0 3 ~ i n lakes is an a lkal in iz ing process (F igure 1) that may be 
stoichiometrical ly important i n some lakes (26). Aquat i c plants general ly 
favor the uptake of N H 4

+ over the uptake of N 0 3 ~ ; N H 4
+ uptake is ener­

getically favorable because N 0 3 ~ must first be r e d u c e d before it is phys io­
logical ly available to algae (27). M c C a r t h y (28) s u m m a r i z e d several studies 
that consistently show that potential (saturated) N H 4

+ uptake rates are 
greatly enhanced i n N-def ic ient cells . Th is relat ionship is n o w used, a long 
w i t h various other indices , as a basis for ident i fy ing the degree of Ν l imi ta t ion 
i n phytoplankton (29, 30). 

A crucia l difference between aquatic and terrestrial ecosystems is that 
Ν additions do not c o m m o n l y stimulate growth i n aquatic systems, as seems 
to be the case i n many terrestrial systems. Ν l imi ta t ion may be the exception 
i n aquatic systems rather than the rule . T h e quest ion of w h e t h e r Ν l imi ta t ion 
is a c o m m o n occurrence i n surface waters w i l l p lay a large role i n d e t e r m i n i n g 
whether Ν deposi t ion affects the t rophic state of aquatic ecosystems. 

T h e effects of Ν supply on uptake and growth rates i n phytoplankton 
and per iphyton are the subject of volumes of l i terature, a summary of w h i c h 
is b e y o n d the scope of this chapter. H o w e v e r , certain aspects of the l imi ta t ion 
of algal growth b y the supply of Ν and other nutrients w i l l be discussed later 
i n the section on eutrophicat ion b y Ν deposi t ion. O t h e r details on algal 
nutr i t ion can be found i n reviews b y G o l d m a n and G i l b e r t (31), B u t t o n (32), 
K i l h a m and H e c k y (33), and H e c k y and K i l h a m (34). 

Mineralization. M i n e r a l i z a t i o n is the bacterial decomposi t ion of or­
ganic matter; it releases N H 4

+ that can subsequently be n i t r i f i ed to N 0 3 " . 
M i n e r a l i z a t i o n is an important process i n watersheds, as it recycles Ν that 
w o u l d otherwise be t ied u p i n soil organic matter fo l lowing the death of 
plants, or as leaflitter (F igure 1). I n a comparative study of minera l izat ion 
i n soils, Nadelhoffer et al . (35) found Ν mineral izat ion rates ranging f rom 
6000 to 9600 equiv/ha per year under deciduous tree species and from 2800 
to 5800 equiv/ha p e r year u n d e r coniferous species. These rates should be 
compared to Ν deposit ion rates of 600-900 equiv/ha p e r year for h i g h -
deposi t ion areas of the northeast (Table I). Nadelhoffer et a l . (35) also re­
por ted estimated rates of Ν uptake that were 5 - 2 0 % higher than rates of 
mineral izat ion. These rates suggest that internal c y c l i n g sources of Ν far 
outweigh external sources such as deposi t ion under most condit ions. 
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T h e effect of mineral izat ion on the ac id-base status of d r a i n i n g waters 
depends on the form of Ν p r o d u c e d . T h e conversion of organic Ν (e.g. , f rom 
leaflitter) to N H 4

+ consumes 1 mole of Η per mole of Ν p r o d u c e d (F igure 
1); i t can be thought of as the reverse of the reaction i n e q 1. Organic Ν 
that is minera l ized and subsequently ox id ized (nitrified) to N 0 3 ~ (eq 3) 
produces a net of 1 mole of Η per mole of N 0 3 ~ p r o d u c e d . Because the 
product ion of organic Ν (i .e. , assimilation) can ei ther produce or consume 
hydrogen (depending on whether N 0 3 " or N H 4

+ is assimilated), the net 
(ecosystem) effect of mineral izat ion depends on both the species enter ing 
the watershed and the species leaving the watershed (F igure 1). 

M i n e r a l i z a t i o n often has the in i t ia l effect (e.g. , immedia te ly after leaffall) 
of i m m o b i l i z i n g Ν (36). I n ecosystems w h e r e plant growth is l i m i t e d b y the 
availabil i ty of N , mineral izat ion is also l i m i t e d b y Ν i n the sense that addi t ion 
of Ν to the leaflitter speeds decay and increases the rate at w h i c h Ν is 
i m m o b i l i z e d b y decomposers (37, 38). This in i t ia l i m m o b i l i z a t i o n p e r i o d is 
m a r k e d b y a net increase i n the Ν content of leaflitter. N i t r o g e n l imi ta t ion 
of decomposi t ion follows i n part f rom the l o w Ν content typica l of l i t ter , 
w h i c h arises f rom the translocation of Ν out of leaves d u r i n g senescence. 
T h e i m m o b i l i z a t i o n phase of mineral izat ion is fo l lowed b y a p e r i o d of s low 
release of inorganic Ν f rom the soil microb ia l pool (36). 

Nitrification. Ni t r i f i ca t ion , the oxidation of N H 4
+ to N 0 3 ~ , is me­

diated b y bacteria and fungi i n both the terrestrial and aquatic port ions of 
watersheds. It is an important process i n contro l l ing the form of Ν released 
to surface waters b y watersheds, as w e l l as i n contro l l ing the ac id-base status 
of surface waters (F igure 1). Ni t r i f i ca t ion is a strongly ac idi fy ing process, 
p r o d u c i n g 2 moles of Η for each mole of Ν ( N H 4

+ ) n i t r i f i ed . 

N H 4
+ + 2 0 2 > N O , " + 2 H + + H 2 0 (3) 

Because nitr i f icat ion i n forest soils transforms N H 4
+ into N 0 3 " , the 

ac idi fying potential of deposi t ion (attributable to N) is often def ined as the 
sum of N H 4

 + and N 0 3 ~ on the assumption that a l l Ν w i l l leave the watershed 
as N 0 3 " (39). Unless N 0 3 " leaving the watershed is accompanied b y base 
cations (e.g. , C a 2 + ) , i t w i l l acidify lakes and streams b y l o w e r i n g the i r ac id-
neutra l iz ing capacity ( A N C ) . 

Ni t r i f i ca t ion is l i m i t e d i n most soils b y the supply rate of N H 4
+ (40, 

41). C o m p e t i t i o n exists between nitrif iers and vegetation, w h i c h may both 
be l i m i t e d b y the availabil i ty of N H 4

 + . This microb ia l d e m a n d for N H 4
 + , 

coupled w i t h the h i g h cation-exchange capacity of most temperate forest 
soils, leads to surface-water N H 4

+ concentrations that are usually unde­
tectable. Ni t r i f i ca t ion rates may also be l i m i t e d b y inadequate microb ia l 
populat ions, lack of water, al lelopathic effects (toxic effects p r o d u c e d b y 
inhibi tors manufactured b y vegetation), or b y l o w soil p H . 
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A m o n g these potential l i m i t i n g factors, soi l p H plays an obviously v i ta l 
role i n any discussion of the acidification of surface waters b y Ν deposi t ion. 
Ni t r i f i ca t ion has tradit ional ly been thought of as an acid-sensit ive process 
(1, 42), but h i g h rates of nitr i f icat ion have been reported recently f rom very 
acid soils (i .e. , p H < 4.0) i n the northeastern U n i t e d States (41, 43, 44) and 
i n E u r o p e (45, 46). In the southeastern U n i t e d States, M o n t a g n i n i et a l . (47) 
were unable to f i n d any ρ H effect on nitr i f icat ion or to stimulate ni tr i f icat ion 
by buffering ac id soils. In a survey of sites across the northeastern U n i t e d 
States, M c N u l t y et al . (48) found no correlat ion between nitr i f icat ion rates 
and soil p H , but a strong association ( r 2 = 0.77) w i t h rates of Ν deposi t ion. 
T h e weight of evidence suggests that nitr i f icat ion w i l l occur at l o w soi l p H 
values as long as the supply of N H 4

 + is sufficient and that any i n h i b i t i o n of 
nitr i f icat ion b y l o w soil p H can be overcome b y excess Ν availabi l i ty. 

Rates of nitr i f icat ion i n lakes and streams may also be l i m i t e d b y l o w 
concentrations of N H 4

 + . S u p p l y rates of N H 4
+ f rom watersheds are often 

l o w (except i n cases of point-source pol lut ion) , and n i t r i fy ing organisms have 
l i t t le substrate w i t h w h i c h to work . T w o exceptions to this general i ty are 
cases i n w h i c h N H 4

+ deposi t ion is extremely h i g h (such as near agricul tural 
areas) and i n w h i c h N H 4

+ is p r o d u c e d w i t h i n the aquatic system. E x p e r i ­
ments on whole lakes and i n mesocosms have conf i rmed the ac idi fy ing po­
tential of a m m o n i u m additions f rom deposi t ion to surface waters (49, 50). 
A m m o n i u m deposi t ion is especially deceptive because i n the atmosphere it 
can combine as a neutral salt w i t h S 0 4

2 ~ to produce prec ipi ta t ion w i t h near-
neutral p H values, as seen i n the Nether lands (51). O n c e deposi ted, h o w ­
ever, the a m m o n i u m can be assimilated (leaving an equivalent amount of 
hydrogen) or n i t r i f ied (leaving twice the amount of hydrogen) . C a n a d i a n 
whole- lake experiments generated conf l ic t ing evidence that ni tr i f icat ion i n 
lakes is an acid-sensitive process. R u d d et a l . (52) presented data indicat ing 
that nitr i f icat ion was b locked at p H values less than 5.4 i n an exper imenta l ly 
acidi f ied lake and that this situation l e d to a progressive accumulat ion of 
N H 4

+ i n the water c o l u m n . Schindler et a l . (49) reported ni tr i f icat ion i n an 
experimental ly fer t i l ized lake at p H 4.6. R u d d et a l . (52) hypothes ized that 
nitr i f icat ion w i l l occur i n l o w - p H lakes only w h e n w i n t e r p H values are 
sufficiently h i g h ( p H > 5.4) to al low nitrif iers to become w e l l established 
before the l o w p H values resul t ing f rom nitr i f icat ion develop. This situation 
existed i n the experimental lake descr ibed b y Schindler et a l . (49). 

H i g h N H 4
+ concentrations may also result through decomposi t ion i n 

lakes whose deeper waters become anoxic d u r i n g periods of stratification 
(usually late w i n t e r or late summer) . Ni t r i f i ca t ion of this N H 4

+ occurs w h e n 
lakes mix d u r i n g spr ing or fal l . T h e m i x i n g process supplies the oxygen 
necessary for n i t r i fy ing organisms to survive and metabol ize (53). I n this 
case, the m a i n inf luence of nitr i f icat ion is to recycle Ν w i t h i n the system 
and to supply N 0 3 " e i ther to denitri f iers or to N-def i c ient algae. 
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D e n i t r i f i c a t i o n . Deni t r i f i ca t ion is the biological reduct ion of N 0 3 ~ 
to produce gaseous forms of reduced nitrogen ( N 2 , N O , or N 2 0 ) (54). It is 
an anaerobic process (i .e. , it occurs only i n environments where oxygen is 
absent) whose e n d product is lost to the atmosphere (F igure 1). In terrestrial 
ecosystems, denitr i f icat ion occurs i n anaerobic soils, especially boggy, poor ly 
dra ined soils, or i n anaerobic microsites. It has tradit ional ly been considered 
a relat ively unimportant process outside o f wetlands (55). H o w e v e r , d e n i ­
trif ication could be an episodic process occurr ing after such events as spr ing 
snowmelt and heavy rainstorms, w h e n soil oxygen tension is r e d u c e d (56). 
N o single equation can describe the denitr i f icat ion reaction because several 
e n d products are possible. H o w e v e r , denitr i f icat ion is always an a lka l in iz ing 
process that consumes 1 mole of H for every mole of Ν deni t r i f i ed 
(F igure 1). 

Deni t r i f i ca t ion can be i n v o l v e d i n the product ion or consumpt ion of 
N 2 0 , a product that may have considerable significance as a greenhouse gas 
(57, 58). I n a r e v i e w of the effects of acidic deposi t ion on denitr i f icat ion i n 
forest soils, K lemedtsson and Svensson (59) c o n c l u d e d that denitr i f icat ion 
rates are often l i m i t e d by the availabil i ty of oxygen and may therefore be 
relat ively insensit ive to increases i n Ν deposi t ion. Ac id i f i ca t ion of soils has 
an uncertain effect on overal l rates of denitr i f icat ion, but it strongly affects 
the e n d product of denitr i f icat ion and favors the product ion of N 2 0 over N 2 

(56, 60). E v e n under extreme condit ions, denitr i f icat ion is u n l i k e l y to be a 
significant sink for watershed N . Nonetheless , it may be significant i n the 
global atmospheric budget of N 2 0 (60, 61). 

Deni t r i f i ca t ion plays a m u c h larger role i n Ν dynamics i n aquatic eco­
systems than it does i n terrestrial ones. I n streams, r ivers , and lakes, bot tom 
sediments are the main sites for denitr i f icat ion (62), a l though open-water 
denitr i f icat ion has also been reported (63). I n lake and stream sediments 
N 0 3 ~ is potential ly available f rom the water c o l u m n , but it is p r o d u c e d 
main ly w h e n organic matter is b r o k e n d o w n w i t h i n the sediments and the 
resul t ing N H 4

 + is subsequently ox id ized (62). Deni t r i f i ca t ion is an especial ly 
important process i n large r ivers , for w h i c h Sei tzinger (62) repor ted d e n i ­
trif ication rates that were 7 - 3 5 % of total Ν inputs . Deni t r i f i ca t ion i n aquatic 
ecosystems is an a lka l in iz ing process, consuming 1 mole of Η for every mole 
of N 0 3 ~ deni t r i f ied . 

Est imates of denitr i f icat ion rates range f rom 54 to 345 μιηοΐ/m 2 

per hour i n streams w i t h h i g h rates of organic matter deposi t ion, 12 to 56 
μΐΏθΙ/m 2 per hour i n nutr ient-poor ol igotrophic lakes, and 42 to 171 
μηιοΐ/m 2 per hour i n eutrophic lakes (62). R u d d et a l . (64) r epor ted 
an increase i n the rate of denitr i f icat ion f rom less than 0.1 to over 20 
μηιοΐ/m 2 per hour i n an ol igotrophic lake w h e n ni tr ic ac id was added i n a 
whole- lake exper imental acidif ication. This result suggests that freshwater 
denitr i f icat ion may be l i m i t e d b y N 0 3 " availabil i ty. I n deep muds of s low-
flowing streams, the process can effectively reduce N 0 3 " concentrations i n 
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the water c o l u m n b y as m u c h as 200 μβςυΐν/ί . over a 2 - k m length of stream 
(65, 66). This deple t ion amounts to 75% of the dai ly N 0 3 ~ i n p u t d u r i n g a 
growing season. Thus denitr i f icat ion can be considered as a m e t h o d for N 0 3 ~ 
removal i n the management of some s low-moving streams w i t h a deep or­
ganic substrate (67). 

Nitrogen Fixation. Gaseous atmospheric ni trogen ( N 2 ) can be fixed 
to produce N H 4

 + by a w i d e range of s ingle-cel led organisms, i n c l u d i n g b l u e -
green algae (Cyanobacteria), and various aerobic and anaerobic bacteria. 
Symbiot ic ni trogen-f ixing nodules are present on the roots of some early 
successional forest species (68). In headwater streams, nodules on root ing 
structures of r iparian vegetation (e.g., Alnus sp.) can also be important Ν 
fixers (69). O r d i n a r i l y , Ν fixation has no direct effect on the ac id-base status 
of soil or surface waters. 

N 2 + H 2 0 + 2 R - O H > 2 R N H 2 + § 0 2 (4) 

N i t r o g e n fixation i n excess of biological d e m a n d , however , can lead to 
nitr i f icat ion or mineral izat ion of organic Ν and ul t imately to acidif ication of 
soil or surface waters (70, 71). 

N i t r o g e n fixation counteracts denitr i f icat ion losses of Ν f rom surface 
waters and is fundamental to replenishing f ixed forms of Ν i n a l l aquatic 
ecosystems. It is thought to be the main process responsible for mainta in ing 
surplus inorganic Ν i n lakes and streams. It is therefore basic to the concept 
that pr imary product ion i n most lakes and streams is l i m i t e d by phosphorus 
(72). 

Rates of Ν fixation are general ly related to t rophic status i n fresh water. 
H o w a r t h et a l . (73) showed that fixation i n low- , m e d i u m - and h igh-nutr ient 
lakes is generally <0.02, 0 .9 -6 .7 , and 14.3-656.9 m m o l / m 2 of Ν per year, 
respectively. F ixat ion is also closely correlated w i t h the abundance of b l u e -
green algae (53). This relat ionship suggests that the algae, rather than bac­
teria, dominate Ν fixation i n lakes. A l t h o u g h Ν fixation does occur i n sed­
iments , that source is of m i n o r importance compared to Ν fixation i n the 
water c o l u m n . O n l y i n very nutr ient-poor lakes, w h e r e Ν loading f rom al l 
other sources is smal l , is Ν fixation i n sediments of overal l significance (e.g., 
32 and 6% of total inputs i n L a k e Tahoe and M i r r o r L a k e , respectively) (73). 

Nitrogen Saturation 

M u c h of the debate over whether aquatic systems are b e i n g affected b y Ν 
deposit ion centers on the concept of ni trogen saturation of forested w a ­
tersheds. N i t r o g e n saturation can be def ined as a situation i n w h i c h the 
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supply of nitrogenous compounds from the atmosphere exceeds the d e m a n d 
for these compounds on the part of watershed plants and microbes (J , 74). 
U n d e r condit ions of Ν saturation, forested watersheds that prev ious ly re­
tained nearly a l l of Ν inputs due to a h i g h d e m a n d for Ν b y plants and 
microbes begin to have higher loss rates of N . These losses may be i n the 
form of leaching to surface waters or to the atmosphere through den i t r i f i ­
cation. These two potential loss pathways have profoundly different impacts 
on the ac id-base status of watersheds and surface waters (see fo l lowing 
discussion). T h e i r relative importance i n advanced stages of Ν saturation 
w i l l be a decisive characteristic d e t e r m i n i n g the severity of the impact of Ν 
saturation. 

Progressive Stages. A b e r et al . (I) proposed a hypothet ica l t ime 
course for a watershed response to chronic Ν additions (F igure 2), descr ib ing 
both the changes i n Ν cyc l ing that are proposed to occur and the plant 
responses to changing levels of Ν availabil i ty. A b e r et a l . inc lude i n the ir 
hypothet ica l t ime course a trajectory for the loss of Ν to surface-water runoff, 
w h i c h suggests a s imple response ( N leaching) i n the later stages of Ν sat­
urat ion. This chapter seeks to establish whether stages equivalent to those 
shown i n F i g u r e 2 can be descr ibed for surface waters and to determine 
whether the response of surface waters to advanced stages of Ν saturation 
is as s imple as is suggested i n F i g u r e 2. 

Stage 0 of the A b e r et a l . (I) conceptual m o d e l is the pretreatment 
condi t ion ; inputs of Ν from deposi t ion are at background levels and w a ­
tershed losses of Ν are negl igible (F igure 2). Increased deposi t ion occurs i n 
Stage 1, but effects on the terrestrial ecosystem are not evident . F o r a 
l i m i t i n g nutr ient such as N , a fert i l izat ion effect might result i n increased 
ecosystem product ion and tree vigor at Stage 1. Retent ion of Ν is very 
efficient and l i t t le or no Ν w o u l d be lost annual ly to surface waters that dra in 
Stage 1 watersheds. M a n y forested watersheds i n the U n i t e d States w o u l d 
be considered to exist at this stage. 

Negat ive effects occur i n Stage 2 of the A b e r et al . (J) hypothet ica l t ime 
course. H o w e v e r , these effects are subtle, nonvisual , and require l o n g t ime 
scales for detect ion. O n l y i n Stage 3 do the effects on the forests become 
vis ib le and result i n major envi ronmenta l impacts . A b e r et a l . (J) emphasize 
that different species and environmenta l condit ions c o u l d alter the t i m i n g 
of the effects i l lustrated i n F i g u r e 2. 

A n u m b e r of factors may contr ibute to a watershed's progression through 
the stages of Ν loss, i n c l u d i n g elevated Ν deposi t ion, stand age, and h i g h 
s o i l - N pools. H i g h rates of Ν deposi t ion play a clear role , as the abi l i ty of 
forest biomass to accumulate Ν must be f inite . A t very h i g h long- term rates 
of Ν deposi t ion, the abi l i ty of forests and soils to accumulate Ν w i l l be 
exceeded. T h e only remain ing pathway for loss of Ν (other than runoff) is 
denitr i f icat ion. A l t h o u g h h i g h rates of Ν deposi t ion may favor increased rates 
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Figure 2. Hypothetical time course of forest ecosystem response to chronic 
nitrogen additions. Top: relative changes in rates of nitrogen cycling and 
nitrogen loss. Bottom: relative changes in plant condition (e.g., foliar biomass 
and nitrogen content, fine root biomass) and function (e.g, net primary pro­
ductivity and nitrate assimilation) in response to changing levels of nitrogen 
availability. (Redrawn with permission from reference 1. Copynght 1989 

American Institute of Biological Sciences.) 

 P
ub

lic
at

io
n 

D
at

e:
 M

ay
 5

, 1
99

4 
| d

oi
: 1

0.
10

21
/b

a-
19

94
-0

23
7.

ch
00

8

In Environmental Chemistry of Lakes and Reservoirs; Baker, L.; 
Advances in Chemistry; American Chemical Society: Washington, DC, 1994. 



236 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

of denitr i f icat ion, many watersheds lack the condit ions necessary for sub­
stantial denitr i f icat ion (e.g., l o w oxygen tension, h i g h soil moisture , and 
temperature) . A n o t h e r important factor i n Ν loss f rom watersheds is the age 
of the forest stands. A loss i n the abi l i ty to retain Ν is a natural outcome of 
forest maturat ion, as d e m a n d for Ν on the part of more s lowly growing tree 
species may plateau i n later stages of forest deve lopment or dec l ine as forests 
achieve a "shift ing-mosaic steady state" (75). Uptake rates of Ν into vege­
tation are generally maximal around the t ime of canopy closure for conifers 
and somewhat later (at h igher rates) i n deciduous forests because of the 
annual replacement of canopy foliage i n these ecosystems (76). 

F i n a l l y , s o i l - N status may also affect Ν loss rates. W h e r e large s o i l - N 
pools exist, they i m p l y that soil microb ia l processes that are ordinar i ly l i m i t e d 
b y the availabil i ty of Ν are instead l i m i t e d b y some other factor (e.g., avai l ­
abi l i ty of labile organic carbon) and contr ibute to the l i k e l i h o o d that w a ­
tersheds w i l l leach N 0 3 ~ (24, 77). Ν saturation occurs i n a sequence beg in­
n i n g w i t h the ful f i l lment of vegetation Ν d e m a n d , w h i c h is fo l lowed b y the 
ful f i l lment of soil microbia l Ν demand. T h e existence of large s o i l - N pools 
suggests that the second of these requirements may be easily met . T h e 
possible importance of a l l three factors (deposition, stand age, and soil N) 
i n shift ing watersheds f rom one stage of Ν loss to another w i l l be discussed 
later i n the context of surface water evidence of watershed Ν saturation. 

Watershed Nitrogen Saturation. T h e loss of Ν from watersheds 
occurs i n stages that correspond to the stages of terrestr ial Ν saturation 
descr ibed b y A b e r et a l . (I). T h e most obvious characteristics of these stages 
of Ν loss are changes i n the seasonal and long- term patterns of surface-water 
N 0 3 ~ concentrations, w h i c h reflect the changes i n Ν c y c l i n g that are oc­
c u r r i n g i n the watershed. T h e Ν cycle at Stage 0 is dominated b y forest and 
microbia l uptake, and the d e m a n d for Ν has a strong inf luence o n the seasonal 
N 0 3 ~ pattern of rece iv ing waters (F igure 3). T h e n o r m a l seasonal N 0 3 " 
pattern i n a stream dra in ing a watershed at Stage 0 w o u l d inc lude v e r y l o w , 
or immeasurable , concentrations d u r i n g most of the year and measurable 
concentrations only d u r i n g snowmelt (in areas where snowpacks accumulate 
over the w i n t e r months) or d u r i n g spr ing rainstorms. T h e smal l loss of N 0 3 ~ 
d u r i n g the dormant season is a transient p h e n o m e n o n . It results because 
snowmelt and spr ing rains c o m m o n l y occur i n these environments before 
substantial forest and microbia l growth beg in i n the spr ing . (Winter m i n e r ­
alization of soil organic Ν may be an exception to this inact ivi ty ; see ref. 78.) 
Thus some of the Ν stored i n soils and snowpack may pass through the 
watershed d u r i n g extreme hydrologica l events and generate a pulse of e l ­
evated N 0 3 " concentrat ion (F igure 3b). T h e key surface-water characteristics 
of Stage 0 watersheds are very l o w N 0 3 ~ concentrations d u r i n g most of the 
year and m a x i m u m spr ing N 0 3 " concentrations that are smaller than the 
concentrations typica l of deposi t ion. 
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Figure 3. Top panel: Schematic representation of nitrogen cycle in watershed 
at Stage 0 of watershed nitrogen loss. Sizes of arrows indicate the magnitude 
of process or transformation. Differences between winter-spring and sum­
mer-fall seasons are shown on opposite sides. At Stage 0, nitrogen transfor­
mations are dominated by plant and microbial assimilation (uptake), with little 
or no N03~ leakage from the watershed during the growing season. Bottom 
panel: Small amounts of N03~ may run off during snowmelt, producing the 
typical Stage 0 seasonal N03~ pattern. Data in lower panel are from Black 

Pond, Adirondack Mountains. (Data are taken from reference 157.) 

A t Stage 1 the seasonal pattern typical of Stage 0 watersheds is ampl i f i ed . 
This amplif icat ion of the seasonal N 0 3 " signal may be the first sign that 
watersheds are proceeding toward the chronic stages (i .e. , Stages 2 and 3 
i n F i g u r e 2) of Ν saturation (42, 79). This suggestion is consistent w i t h the 
changes i n Ν cyc l ing that are thought to occur at Stage 1. A conceptual 
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understanding of these changes derives f rom the most c o m m o n def in i t ion 
of nutr ient l imi ta t ion . Impl ic i t i n the def in i t ion of nutr ient l imi ta t ion is the 
idea that " the current supply rate [of a nutrient] prevents the vegetation 
f rom achieving m a x i m u m growth rates attainable within other environmental 
constraints" (ref. 80; emphasis added). D u r i n g the c o l d season these e n v i ­
ronmental constraints can be severe, and m a x i m u m attainable growth rates 
are clearly m u c h lower than i n the w a r m months. A l t h o u g h m u c h of this 
discussion is couched i n terms of forest trees, the same arguments apply to 
soil microbia l communit ies (e.g., decomposers, nitrifiers) that may be as 
important as vegetation i n control l ing Ν loss f rom watersheds (80). 

O v e r a l l l imi ta t ion of forest growth i n the early stages of Ν saturation is 
characterized b y a seasonal cycle of l imi ta t ion b y physica l factors (e.g., co ld 
and d i m i n i s h e d light) d u r i n g late fall and w i n t e r and b y nutrients (pr imari ly 
N) d u r i n g the growing season. T h e effect of increasing the Ν supply (e.g. , 
f rom deposition) is to postpone the seasonal switch f rom physica l to nutr ient 
l imi ta t ion d u r i n g the breaking of dormancy i n the spr ing (F igure 4) and to 
pro long the seasonal Ν saturation that is characteristic of watersheds at this 
stage. A t Stage 1, this switch is delayed enough that substantial N 0 3 ~ may 
leave the watershed d u r i n g extreme hydrologica l events i n the spr ing. W a ­
tershed loss of Ν at Stage 1 is s t i l l a seasonal p h e n o m e n o n , and the annual 
Ν cycle is st i l l dominated b y uptake (F igure 5), but N 0 3 ~ leaching is less 
transient than at Stage 0. T h e key characteristics of Stage 1 watersheds are 
episodes of surface-water N 0 3 ~ that exceed concentrations typical of depo­
sit ion (F igure 5b). E l e v a t e d N 0 3 ~ d u r i n g these episodes may result f rom 
preferential e lut ion of anions f rom m e l t i n g snow (81, 82) or f rom the con­
t r ibut ion of Ν mineral izat ion to the soil poo l of N 0 3 ~ that may be f lushed 
d u r i n g high-f low periods (43, 83). 

In Stage 2 of watershed Ν loss the seasonal onset of Ν l imi ta t ion is even 
further delayed. As a consequence, biological d e m a n d exerts no control over 
w i n t e r and spr ing Ν concentrations, and the p e r i o d of Ν l imi ta t ion d u r i n g 
the growing season is m u c h reduced (Figure 6). T h e annual Ν cycle , w h i c h 
was dominated b y uptake at Stages 0 and 1, is instead dominated b y Ν loss 
through leaching and denitr i f icat ion at Stage 2; sources of Ν (deposition and 
mineralization) outweigh Ν sinks (uptake). T h e same mechanisms that p r o ­
duce episodes of h i g h N 0 3 ~ d u r i n g extreme hydrologica l events at Stage 1 
also operate at Stage 2. B u t more important ly , N 0 3 " leaching can also occur 
at Stage 2 d u r i n g periods w h e n the hydrological cycle is characterized b y 
deeper percolat ion (F igure 6). I f biological d e m a n d is sufficiently depressed 
d u r i n g the growing season, Ν begins to percolate b e l o w the root ing zone 
and elevated groundwater N 0 3 ~ concentrations result. Ni t r i f i ca t ion becomes 
an important process at Stage 2 (Figure 2; also see réf. 1). L o w e r e d biological 
d e m a n d leads to a b u i l d u p of N H 4

+ i n soils and nitr i f icat ion may be s t im­
ulated. This change is pivotal i n the Ν cycle because nitr i f icat ion is such a 
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H i g h ] » 

J F M A M J J A S O N D 

Month 
Figure 4. Conceptual model of mechanism responsible for increased incidence 
and severity of N03~ episodes in watersheds in early stage of nitrogen satu­
ration (Stage 1 ). Solid line is potential growth rate of forest if all nutrients 
are sufficient and only environmental variables (e.g., temperature, light, and 
water) limit growth. Dashed line is potential growth rate if environmental 
variables are optimal, but Ν is in short supply. Points where dashed and solid 
lines cross are transitions from N-unlimited to N-limited growth and vice versa. 
Dotted line is potential growth rate if environmental variables are optimal and 
Ν supply is moderate. Shift in onset of Ν limitation in spring will result from 
increase in nitrogen supply and is likely to coincide with timing of snowmelt 

in northern forested watersheds. 

strongly ac idi fying process (F igure 1). T h e key characteristics of Stage 2 
watersheds are elevated baseflow concentrations of N 0 3 ~ , w h i c h result f rom 
h i g h groundwater concentrations (F igure 6b). E p i s o d i c N 0 3 ~ concentrations 
are as h i g h as Stage 1, but the seasonal pattern at Stage 2 is d a m p e d b y an 
increase i n baseflow concentrations to levels as h i g h as those found i n de­
posit ion. 

In Stage 3 the watershed becomes a net source of Ν rather than a sink 
(F igure 7). Ni t rogen-re tent ion mechanisms (e.g. , uptake b y vegetation and 
microbes) are m u c h reduced . M i n e r a l i z a t i o n of stored Ν may add substan­
tial ly to Ν leaving the watershed through leaching or i n gaseous forms. A s 
i n Stage 2, nitr i f icat ion rates are substantial. T h e c o m b i n e d inputs of Ν f rom 
deposi t ion, mineral izat ion, and nitr i f icat ion can produce concentrations of 
N 0 3 " i n surface waters that exceed inputs f rom deposi t ion alone. T h e key 
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Figure 5. Top panel: Schematic representation of nitrogen cycle in watershed 
at Stage 1 of watershed nitrogen loss. Size of arrows indicates the magnitude 
of process or transformation. Differences between winter-spring and sum­
mer-fall seasons are shown on opposite sides. As in Stage 0, uptake dominates 
the nitrogen cycle during the growing season at Stage 1 and little or no N03~ 
leaks from the watershed during the summer and fall. The primary difference 
between Stage 0 and Stage 1 is the delay in the onset of Ν limitation during 
the spring season (see text and Figure 4). Bottom panel: Large runoff events 
(e.g., snowinelt or rainstorms) during the dormant season can produce episodic 
puhes of high N03~ concentrations, as shown in the typical Stage 1 seasonal 
N03~ cycle. Data in bottom panel are from Constable Pond in the Adirondack 

Mountains. (Data are taken from reference 157.) 
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Figure 6. Top panel: Schematic representation of nitrogen cycle in watershed 
at Stage 2 of watershed nitrogen loss. Size of arrows indicates the magnitude 
of process or transformation. Differences between winter-spring and 
summer-fall seasons are shown on opposite sides. Uptake of nitrogen by forest 
plants and microbes is much reduced at Stage 2, resulting in loss of N03~ to 
streams during winter and spring and to groundwater during the growing 
season. Loss of gaseous forms of nitrogen through denitrification may also be 
elevated at Stage 2 if conditions necessary for denitrification are present (see 
text). Although episodes of higher N03~ concentrations continue to occur dur­
ing high-flow events such as spring snowmelt, the primary difference between 
Stage 1 and Stage 2 is the presence of elevated N03~ concentrations in ground­
water. Bottom panel: The typical seasonal N03~ pattern at Stage 2 includes 
both high episodic concentrations and high base-flow concentrations. Data in 
bottom panel are from Fernow Experimental Forest, Control Watershed No. 

4, West Virginia. 
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Figure 7. Top panel: Schematic representation of nitrogen cycle in watershed 
at Stage 3 of watershed nitrogen loss. Size of arrows indicates the magnitude 
of process or transformation. Differences between winter-spring and sum­
mer-fall seasons are shown on opposite sides. At Stage 3 no sinks for nitrogen 
exist in the watershed and all inputs, as well as mineralized nitrogen, are lost 
from the system either through denitrification or in runoff water. Because 
mineralization supplies nitrogen in excess of deposition, concentrations of Ν Of 
in runoff may exceed those in deposition. Bottom panel: Typical seasonal Ν Of 
pattern at Stage 3 includes concentrations at all seasons in excess of concen­
trations attributable to deposition and évapotranspiration, as at Dicke Bramke 

in Germany; data are from reference 190. 
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characteristics of Stage 3 watersheds are these extremely h i g h N 0 3 ~ con­
centrations and the lack of any coherent seasonal pattern i n N 0 3 ~ concen­
trations (Figure 7b). 

Conceptual ly , the stages of watershed Ν loss can be thought of as oc­
c u r r i n g sequential ly, as a single watershed progresses f r o m b e i n g strongly 
Ν deficient to strongly Ν sufficient. This sequence is consistent w i t h the 
conceptual m o d e l presented b y A b e r et a l . (J; also F i g u r e 2) and can be 
supported by two lines of evidence that are presented i n the fo l lowing 
sections of this chapter. T h e first l ine of evidence comes f r o m space-for-time 
substitutions (84), where the occurrence of various stages across a gradient 
of current Ν deposi t ion is used as a surrogate for the tempora l sequence 
that a single site might undergo i f it were exposed to chronical ly elevated 
levels of Ν deposi t ion. This technique is c o m m o n l y a p p l i e d to current e n ­
vironmenta l problems for w h i c h a good historical record is not available (85). 
T h e second l ine of evidence comes f rom long- term tempora l trends at single 
sites, where increases i n Ν efflux f rom watersheds (observable as increasing 
trends i n N 0 3 ~ concentration) and changes i n the seasonal pattern of N 0 3 ~ 
concentration can be direct ly at tr ibuted to the c o m b i n e d effects of chronic 
Ν deposi t ion and other factors (e.g. , forest maturation). T h e few cases i n 
w h i c h i n d i v i d u a l sites have progressed f rom Stage 0 to Stage 1 or Stage 2 
of watershed Ν loss are especially useful i n establishing that Ν saturation 
occurs as a temporal sequence i n areas of h i g h Ν deposi t ion. These l ines of 
evidence are discussed i n the fo l lowing sections. 

The Consequences of Nitrogen Loss from Watersheds 

T w o possible consequences of watershed Ν loss are surface-water ac idi f i ­
cation and eutrophicat ion. T h e acidification processes i n lakes and streams 
are conventional ly separated into chronic (long-term) and episodic (event-
based) effects. Surface waters are generally considered acidic i f their ac id-
neutra l iz ing capacity ( A N C ) is less than zero. T h e A N C of a lake or stream 
is a measure of the water's capacity to buffer acidic inputs . It results f rom 
the presence of carbonate or bicarbonate (i .e. , alkalinity) , a l u m i n u m , and 
organic acids i n the water (86). In the past decade a great deal of emphasis 
was placed on chronic acidification i n general , and on chronic acidif ication 
b y S 0 4

2 ~ i n part icular (87, 88). This emphasis on S 0 4
2 _ has resul ted largely 

because sulfur deposit ion rates are often h igher than those for N (S deposi t ion 
rates are approximately twice the Ν deposi t ion rates i n the Northeast ; ref. 
9) and because N 0 3 " appears to be of negl igible importance i n surface waters 
sampled d u r i n g s u m m e r and fall index periods (89). A s m e n t i o n e d p r e v i ­
ously, s u m m e r and fal l are seasons w h e n watershed d e m a n d for Ν is normal ly 
very h i g h . This t i m i n g creates a l o w probabi l i ty that N , i n any form, w i l l be 
leached into soil and surface waters unless the watersheds are i n stages 2 
and 3 of Ν loss. U n d e r the usual condit ions (i .e . , i n Stages 0 and 1), Ν 
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leaking f rom terrestrial ecosystems is more l i k e l y to be a transient (or sea­
sonal) p h e n o m e n o n than a chronic one. 

E u t r o p h y general ly refers to a state of nutr ient e n r i c h m e n t (53), but the 
t e r m is c o m m o n l y used to refer to condit ions of increased algal biomass and 
product iv i ty , the presence of nuisance algal populat ions, and a decrease i n 
oxygen availabil i ty for heterotrophic organisms. E u t r o p h i c a t i o n is the process 
w h e r e b y lakes, estuaries, and marine systems progress toward a state of 
eutrophy. I n lakes, eutrophicat ion is often considered a natural process, 
progressing gradually over their long- term evolut ion . T h e process can be 
significantly accelerated b y the addit ional i n p u t of nutr ients f rom anthro­
pogenic sources. T h e subject of eutrophicat ion was extensively r e v i e w e d b y 
H u t c h i n s o n (90), the Nat iona l A c a d e m y of Sciences (91), and L i k e n s (92). 

Chronic Acidification. T h e most comprehensive assessment of 
chronic acidification of lakes and streams i n the U n i t e d States comes f rom 
the Nat ional Surface Water Survey ( N S W S ) . It was conducted as part of the 
Nat iona l A c i d Precipi tat ion Assessment Program ( N A P A P ) . T h e N S W S sur­
v e y e d the ac id-base chemistry of bo th lakes and streams b y us ing an index 
p e r i o d concept. T h e goal of the index p e r i o d concept was to ident i fy a single 
season of the year that exhibi ted l o w tempora l and spatial var iabi l i ty and 
that, w h e n sampled, w o u l d a l low the general condi t ion of surface waters to 
be assessed (89). F o r lakes, the index p e r i o d selected was a u t u m n o v e r t u r n , 
the p e r i o d w h e n most lakes are m i x e d u n i f o r m l y f rom top to bot tom. F o r 
streams the chosen index p e r i o d was spr ing baseflow, the p e r i o d after spr ing 
snowmelt and before leafout (93). Because of the strong seasonality of the 
Ν cycle i n forested watersheds (described earlier), the choice of index p e r i o d 
plays a very large role i n the assessment of whether Ν is an important 
component of chronic acidification. 

T h e Eastern L a k e Survey (89) was based on a probabi l i ty sampl ing of 
lakes d u r i n g fall over turn , and the Nat iona l Stream Survey (NSS ; ref. 94) 
was based on a probabi l i ty sampl ing of streams d u r i n g a spr ing baseflow 
p e r i o d . T h e results suggest that Ν compounds make only a smal l contr ibut ion 
to chronic acidification i n N o r t h A m e r i c a . H e n r i k s e n (95) proposed that the 
ratio of N 0 3 ~ : ( N 0 3 ~ + S0 4

2 ~) i n surface waters be used as an index of the 
inf luence of N 0 3 " o n chronic acidification status. Th is index assesses the 
importance of N 0 3 ~ relative to the importance of S 0 4

2 ~ , w h i c h is usual ly 
considered more important i n chronic acidif ication. A value greater than 0.5 
indicates that N 0 3 ~ has a greater inf luence o n the chronic ac id-base status 
of surface waters than does S 0 4

2 ~ 
M e d i a n values of N 0 3 " : ( N 0 3 ~ + S0 4

2 ~) ratios for acid-sensit ive regions 
of the U n i t e d States sampled i n the N S W S are shown i n Table II . D a t a are 
taken main ly f rom refs. 89 and 96, w i t h data f rom addit ional regional surveys 
i n c l u d e d i n Table II for comparison (97-99). I n a l l regions the m e d i a n values 
of N 0 3 ~ : ( N < V + S 0 4

2 _ ) are a l l less than 0.5, and most are less than 0.2. 
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These values suggest that N 0 3 ~ does not contr ibute significantly to chronic 
acidification i n most regions of the U n i t e d States. Several southeastern re­
gions exhibit ratios i n the 0 .2 -0 .4 range, p r i m a r i l y because their current 
S O / " concentrations are relat ively low. T h e Southern B l u e R i d g e , i n par­
t icular, has the lowest S 0 4

2 ~ concentrations found i n the N S S , and the r e l ­
atively h i g h N 0 3 ~ : ( N 0 3 ~ + S0 4

2~) ratios i n this region c o u l d be considered 
mis leading. Taken i n total, regional survey data suggest that the Catski l l s , 
N o r t h e r n Appalachians, Val ley and Ridge Province , and Southern A p p a l a ­
chians al l show some potential for chronic acidif ication attributable to N 0 3 " . 
H o w e v e r , i n al l of the regions shown i n Table II chronic acidif ication is more 
closely t ied to S O / " than to N 0 3 ~ . 

T h e highest N 0 3 " : ( N 0 3 ~ + S 0 4
2 ) ratios and the highest mean N 0 3 ~ 

concentrations were recorded i n streams of the Great Smoky M o u n t a i n s , 
where baseflow N 0 3 ~ concentrations were as h i g h as, or i n some cases h igher 
than, baseflow S 0 4

2 ~ concentrations (99). C o o k et al . (99) stressed that this 
study i n c l u d e d a small n u m b e r of streams, that the region is k n o w n for 
geological sources of S 0 4

2 ~ (the Anakeesta geological formation), and that 
h i g h S 0 4

2 ~ and N 0 3 " concentrations tend to occur s imultaneously. T h e results 
are ent ire ly consistent, however , w i t h soil lys imeter studies carr ied out i n 
the Great S m o k y Mounta ins . A c c o r d i n g to these studies, N 0 3 " concentra­
tions i n deep soil lysimeters are h igher than i n p u t concentrations f rom d e p ­
osit ion and throughfal l (172). Because deep soil-water concentrations can be 
assumed to approximate groundwater and baseflow stream-water concen­
trations, these streams and watersheds i n the Great S m o k y M o u n t a i n s are 
the only k n o w n examples i n the U n i t e d States of watersheds at Stage 3 of 
watershed Ν loss, as descr ibed earlier. 

C h r o n i c acidification resul t ing f rom Ν deposi t ion is m u c h more c o m m o n 
i n E u r o p e than i n N o r t h A m e r i c a (39). M a n y E u r o p e a n sites show chronic 
increases i n Ν export f rom their watersheds (101, 102), and at sites w i t h the 
highest stream-water N 0 3 ~ concentrations (i .e. , Lange B r a m k e and D i c k e 
B r a m k e i n West Germany) N 0 3 ~ concentrations no longer show the sea­
sonality that is expected f rom normal watershed processes (39). H e n r i k s e n 
and Brakke (101) reported regional chronic increases i n surface-water N 0 3 " 
i n Scandinavia i n the past decade. These increases i n N 0 3 " concentrat ion 
are associated w i t h increasing concentrations of a l u m i n u m , w h i c h is toxic to 
many fish species (103, 104). Some evidence (105) suggests that N 0 3 " has a 
greater abi l i ty to mobi l ize toxic a l u m i n u m f rom soils than does S 0 4

2 " . C h r o n i c 
acidification attributable to a m m o n i u m deposi t ion has also been d e m o n ­
strated i n the Nether lands (51, 106). A s descr ibed earl ier , a m m o n i u m i n 
deposi t ion can be n i t r i f ied to produce both N 0 3 " and h y d r o g e n ions, w h i c h 
are subsequently leaked into surface waters. Rates of N 0 3 ~ and N H 4

+ d e p ­
osit ion are m u c h higher i n E u r o p e (in some places deposi t ion is >2000 
equiv/ha per year; ref. 107) than i n the U n i t e d States (Table I). C h r o n i c Ν 
acidification may be more evident i n E u r o p e than i n N o r t h A m e r i c a because 
Ν saturation is further deve loped i n E u r o p e . 
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E p i s o d i c A c i d i f i c a t i o n . Except i n extreme cases, Ν loss f rom w a ­
tersheds is more l ike ly to be an episodic or seasonal process than a chronic 
one. Therefore, data used to assess the contr ibut ion of N 0 3 ~ to acidif ication 
must be col lected on an intensive schedule so short- term effects of N 0 3 ~ 
increases can be characterized. This situation places severe l imitat ions o n 
the type of data that can be used i n this assessment. D a t a f rom regional 
surveys, although they provide excellent spatial coverage, are h a m p e r e d by 
the need to collect samples d u r i n g a stable index p e r i o d . In most areas the 
spr ing p e r i o d w h e n N 0 3 ~ effects are most l ike ly to be observable w o u l d not 
meet the requirements descr ibed earl ier for a stable index p e r i o d . A s a result 
the regional importance and severity of episodic acidif ication have not been 
quanti f ied; that is, the regional information o n chronic acidif ication that was 
gained f rom the N S W S has no paral le l i n episodic acidif ication, and a l l 
conclusions must be based on site-specific data. E v e n w i t h i n a g iven area, 
such as the A d i r o n d a c k Mounta ins , major differences can be evident i n the 
occurrence, nature, location (lakes or streams), and t i m i n g of episodes at 
different sites. 

It has been estimated that 1 .4-7 .4 t imes as many streams i n the eastern 
U n i t e d States undergo episodic acidification than are chronica l ly acidic (108). 
Simi lar ly , the n u m b e r of episodical ly acidic A d i r o n d a c k lakes is est imated 
to be 3 t imes h igher than the n u m b e r of chronical ly acidic lakes (J 08). 
W i g i n g t o n et al . (J09) reported that acidic episodes occur i n a w i d e range 
of geographic locations i n the northeastern, southeastern, and western 
U n i t e d States, as w e l l as i n Scandinavia, E u r o p e , and Canada . 

A n u m b e r of processes contribute to the t i m i n g and severity of acidic 
episodes (42). D u r i n g high-discharge periods the most important of these 
processes are 

• d i l u t i o n of base cations (110); 

« increases i n organic acid concentrations (111); 

• increases i n S 0 4
2 _ concentrations (112); and 

• increases i n N 0 3 " concentrations (110, 113, 114). 

In addi t ion to these factors, w h i c h produce the chemica l condit ions char­
acteristic of episodic events, the l i k e l i h o o d of an acidic episode is also i n f l u ­
enced by the chemical conditions preva i l ing before the episode begins. 
Episodes are more l ike ly to be acidic, for example, i f the baseflow A N C of 
the stream or lake is low. In this way, acidic anions, especial ly S 0 4

2 , can 
contr ibute to the severity of an acidic episode b y l o w e r i n g the baseflow A N C 
of the stream or lake, even though they do not increase d u r i n g the event 
(97). 

In many cases al l of these processes w i l l contr ibute to episodes i n a 
single aquatic system. D i l u t i o n , for example, probably plays a role i n a l l 
episodic decreases i n A N C and p H i n a l l regions of the U n i t e d States (109). 

American Chemical 
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D i l u t i o n results f rom the increased rate of runoff and the channel ing of 
runoff through shallower soil layers that occurs d u r i n g storms or snowmelt . 
T h e shorter contact t ime produces runoff w i t h a chemica l composi t ion closer 
to that of atmospheric deposi t ion than is typica l of baseflow condit ions 
(115-117). Because prec ipi ta t ion is usually more di lute than stream or lake 
water, s torm runoff produces surface waters that are more di lute than d u r i n g 
nonrunoff periods. I n a sense, d i l u t i o n sets the baseline condi t ion to w h i c h 
is added the effects of organic acids and atmospherical ly d e r i v e d S 0 4

2 " and 
NO3-. 

L i t t l e information exists about the effects of changes i n organic acids 
d u r i n g episodes. D r i s c o l l et a l . (118) and E s h l e m a n and H e m o n d (119) 
conc luded that organic acids d i d not contr ibute to snowmelt episodes i n the 
Adirondacks or i n Massachusetts, respect ively. A t H a r p L a k e i n Canada , 
organic acidity is be l i eved to remain constant (120) or decrease (121) d u r i n g 
snowmelt episodes. Haines (122) and M c A v o y (123) d o c u m e n t e d increases 
i n organic acidity d u r i n g rain-caused episodes i n coastal M a i n e and i n M a s ­
sachusetts. 

Storage of S 0 4
2 ~ i n watersheds and its subsequent release 4

2 ~ d u r i n g 
episodic events are w e l l d o c u m e n t e d i n many parts of E u r o p e (109), but the 
process has not been found c o m m o n l y i n the U n i t e d States. Sulfate episodes 
have been descr ibed for the L e a d i n g R idge area of Pennsylvania (124) and 
at F i l s e n C r e e k i n M i n n e s o t a (125), but they are not widespread . Sulfate 
does contr ibute to episodic acidity, however , i n the sense that concentrations 
may remain h i g h d u r i n g events and contr ibute to a lower baseline A N C . 
T h e effects of other factors, such as increased N 0 3 ~ , are supplementa l to 
any constant effect of S 0 4

2 _ i n lower ing the baseline A N C (97). 
In the discussion of the contr ibut ion of N 0 3 " to chronic acidif ication, 

the importance of N 0 3 " was related to the importance of S 0 4
2 ~ , the p r i m a r y 

acidic anion i n anthropogenical ly ac idi f ied lakes and streams. F o r episodic 
acidif ication, the importance of short- term increases i n N 0 3 ~ concentrat ion 
must be assessed i n relat ion to the other processes that contr ibute to acidic 
episodes. In the Adirondacks , for example, strong N 0 3 " pulses i n both lakes 
(110, 113) and streams (118) are apparently the p r i m a r y factor contr ibut ing 
to depressed A N C and p H d u r i n g snowmelt . Schaefer et a l . (126) examined 
intensive moni tor ing data f rom 11 A d i r o n d a c k lakes and c o n c l u d e d that the 
magnitude of the episodes experienced b y lakes depends strongly on their 
base-cation concentration. T h e y conc luded that lakes w i t h h i g h base-cation 
concentrations (and therefore h i g h A N C values) undergo episodes that are 
largely the result of d i l u t i o n b y snowmelt . L o w - A N C lakes, on the other 
hand, undergo episodes that result largely f rom increases i n N 0 3 " concen­
trations. A t intermediate A N C levels, lakes are affected b y both base-cation 
d i l u t i o n and N 0 3 ~ increases. Therefore these lakes may undergo the greatest 
increases i n acidity d u r i n g snowmelt episodes (F igure 8). M u r d o c h and 
Stoddard (127) reported s imilar results for streams i n the C a t s k i l l M o u n t a i n s , 
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Q 
Ο 0 J , , , 1 
< - 5 0 0 5 0 1 0 0 1 5 0 2 0 0 2 5 0 

Baseline ANC (^eq-L ) 

- 5 0 0 5 0 1 0 0 1 5 0 2 0 0 2 5 0 

Baseline ANC (^eq.L ') 

Figure 8. Effect of baseline acid-neutralizing capacity (ANC) and episodic 
conditions in Adirondack lakes, a, Relationship between baseline ANC and the 
springtime depression in ANC (baseline ANC—minimum ANC) for 11 lakes 
sampled in 1986 and 1987. b, The relative contributions of base cations (CB) 
and nitrate (NO,3~) to the springtime ANC depressions in Adirondack lakes. 
Lakes at intermediate ANC values undergo the largest springtime depressions 
in ANC. Lakes with lower baseline ANC are affected more by N03~ pulses, 
and lakes with higher baseline ANC are affected more by base-cation dilution. 
Solid lines represent best-fit relationships. (Redrawn with permission from 

reference 126. Copyright 1990 American Geophysical Union.) 

 P
ub

lic
at

io
n 

D
at

e:
 M

ay
 5

, 1
99

4 
| d

oi
: 1

0.
10

21
/b

a-
19

94
-0

23
7.

ch
00

8

In Environmental Chemistry of Lakes and Reservoirs; Baker, L.; 
Advances in Chemistry; American Chemical Society: Washington, DC, 1994. 



250 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

where N 0 3 ~ increases were the p r i m a r y determinant of acidic episodes i n 
low- to m o d e r a t e - A N C streams d u r i n g the spr ing. B o t h base-cation d i l u t i o n 
and organic acidity contr ibuted significantly to episodes i n the fal l . 

Eutrophication. Thus far Ν has been discussed i n terms of its p r o m ­
inence as an acidic anion (i .e. , as N 0 3 " ) . A s i n terrestr ial ecosystems, i n ­
organic forms of Ν also act as nutrients i n aquatic systems, and a possible 
consequence of chronic Ν loss f rom watersheds is the fert i l izat ion of lakes 
and streams. Es tab l i sh ing a l ink be tween Ν deposi t ion and the e u t r o p h i ­
cation of aquatic systems depends on a determinat ion that the product iv i ty 
of the system is l i m i t e d b y Ν availabil i ty and that Ν deposi t ion is a major 
source of Ν to the system. I n many cases the supply of Ν f rom deposi t ion 
is m i n o r w h e n compared to other anthropogenic sources, such as p o l l u t i o n 
f rom ei ther point or nonpoint sources. 

T h e product iv i ty of fresh waters is generally l i m i t e d b y the avai labi l i ty 
of phosphorus, rather than Ν (reviewed i n ref. 34). A l t h o u g h condit ions of 
Ν l imi ta t ion occur i n freshwater systems, they are often e i ther transitory or 
the result of h i g h inputs of Ρ f rom anthropogenic sources such as sewage. 
Ν l imi ta t ion is often a short - l ived p h e n o m e n o n because Ν-deficient c o n d i ­
tions favor the growth of b lue-green algae (128), many of w h i c h are capable 
of Ν fixation. In lakes Ν fixation may be considered a natural mechanism 
that has contr ibuted to the long- term evolut ion and u b i q u i t y of Ρ l imi ta t ion 
by ensur ing an adequate supply of Ν (72). 

N i t r o g e n l imi ta t ion can occur natural ly (i .e. , i n the absence of anthro­
pogenic Ρ inputs) i n lakes w i t h very l o w concentrations of both Ν and P ; 
such low-nutr ient lakes are c o m m o n i n the West and Northeast (30). Suttle 
and H a r r i s o n (30) and Stockner and Shortreed (129) suggested that Ρ con­
centrations i n these systems are too l o w to al low blue-green algae to thr ive ; 
b lue-green algae are poor competitors for Ρ at very l o w concentrations (128, 
130). In these systems the two nutrients are often closely c o u p l e d , and 
constant shifts between Ν and Ρ deficiency may occur wi thout obvious 
changes i n c o m m u n i t y structure. A d d i t i o n a l loading of Ν f r o m atmospheric 
deposi t ion is l ike ly to have only a small effect on p r i m a r y product iv i ty because 
the system quick ly becomes P - l i m i t e d . I n a l i terature survey of 62 separate 
nutr ient - l imi ta t ion studies i n lakes, E l s e r et al . (13J) found that s imultaneous 
additions of Ν and Ρ p r o d u c e d the largest growth response i n 82% of the 
experiments . These results under l ine the l i k e l i h o o d that a lake l i m i t e d b y 
one nutr ient may q u i c k l y become l i m i t e d b y another i f the lake becomes 
enr i ched w i t h the or ig inal l i m i t i n g nutr ient . 

Est imat ions of nutr ient l imi ta t ion i n lake ecosystems fo l low three major 
l ines of reasoning: 

1. evidence f rom ambient nutr ient concentrations and the n u ­
tr i t ional needs of algae, 
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2. evidence f rom bioassay experiments at various scales, and 

3. evidence f rom nutr ient dynamics and i n p u t - o u t p u t studies 
(34, 132). 

Bioassay experiments provide the most direct evidence of nutr ient l imi ta t ion 
because they involve the experimental addi t ion of selected nutrients (singly 
or i n combination) to assemblages of algae u n d e r control led condit ions. A n a l ­
yses of ambient nutr ient conditions are less direct indicators of l imi ta t ion 
because the biot ic response (i .e. , biostimulation) is not measured, but is 
instead inferred f rom geochemical pr inc ip les . In this sense the nutr ient ratio 
approach measures potential nutr ient l imi ta t ion rather than actual l imi ta t ion , 
but it often shows results consistent w i t h bioassay results. T h e ambient 
nutr ient ratio approach has been cr i t i c ized w i d e l y because it ignores several 
factors k n o w n to be important to algal growth. T h e use of on ly inorganic 
nutr ient species i n the ratios, for example, has been cr i t i c ized because many 
algal species are k n o w n to make use of organic forms, especial ly of Ρ (132). 
A l g a l growth may also be more dependent on the supply rates of nutrients 
than on their ambient concentrations (31, 133). M a n y species of algae may 
therefore not be l i m i t e d b y nutrients whose ambient concentrations are so 
l o w as to be undetectable. 

M u c h of the acceptance of the idea that freshwater lakes are p r i m a r i l y 
P - l i m i t e d stems f rom the close correlations between Ρ concentrations and 
lake product iv i ty or algal biomass (usually measured as c h l o r o p h y l l concen­
tration) that have been observed i n a large n u m b e r of lake studies ( reviewed 
i n refs. 27 and 134). M o r e recently, researchers have begun to quest ion the 
u b i q u i t y of the phosphorus : c h l o r o p h y l l relat ionship and to ident i fy some of 
the factors that lead to the large variabi l i ty observed i n this relat ionship i n 
nature (128, 135-138). Recent reexaminations of the data suggest that the 
phosphorus : c h l o r o p h y l l relat ionship is best descr ibed as s igmoidal (139) and 
that the slope of the relat ionship is significantly affected b y Ν concentrations, 
part icular ly at h i g h concentrations of Ρ (>1 μηιοΙ/L) that are l i k e l y to be 
caused b y anthropogenic inputs . M c C a u l e y et a l . (139) found that Ν had 
l i t t le effect on the phosphorus : c h l o r o p h y l l relat ionship at l o w concentrations 
of P. This effect is expected i n nutr ient-poor lakes where the p r i m a r y effect 
of Ν additions w o u l d be to p u s h lakes into a phosphorus-defic ient condi t ion . 

Ambient Nutrient Ratios. A r g u m e n t s based on ambient nutr ient con­
centrations stem from the early work of R e d f i e l d (140), w h o examined par­
ticulate concentrations of nutrients f rom samples of nutrient-suff ic ient algae 
taken from marine systems w o r l d w i d e and found surpr is ingly consistent 
results for the ratios of C : N : P concentrations (106:16:1) . Deviat ions f rom 
these ratios are considered evidence that one nutr ient or another is l i m i t i n g 
to algal growth (e.g., N : P ratio values b e l o w 16 :1 suggest Ν l imi ta t ion ; 
values above 16 :1 suggest Ρ l imitation). Because the relative supply rates 
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of Ρ and Ν determine whether one or the other nutr ient is i n short supply , 
various researchers have extended the interpretat ion of the R e d f i e l d ratio 
to inc lude ambient nutr ient concentrations i n water (Redfield's or ig inal w o r k 
was w i t h intracel lular concentrations) and a p p l i e d the nutr ient ratio cr i ter ia 
to lakes to predict their l ike ly l i m i t i n g condit ions (135, 238,141). Th is m e t h o d 
has the potential to il lustrate regional patterns and has gained some support 
f rom the results of bioassay experiments . This idea has been ref ined to 
exclude f rom the ratio those forms of Ν and Ρ that are not biological ly 
available, especially organic forms of N . A s a result , good predict ions of 
nutr ient l imi ta t ion can n o w be made f rom ratios of total dissolved inorganic 
ni trogen ( D I N ) to total phosphorus (TP) (142). 

M o r r i s and L e w i s (142) conducted nutr ient -addi t ion bioassays on natural 
assemblages of phytoplankton f rom many lakes and compared their results 
to D I N : T P values measured i n the lakes at the same t ime as the experiments 
were conducted. T h e y found that lakes w i t h D I N : T P values less than 9 
(using molar concentrations) c o u l d be l i m i t e d b y ei ther Ν or P ; often addit ions 
of both nutrients were r e q u i r e d to stimulate growth. Lakes w i t h D I N : T P 
values less than 2 were always l i m i t e d b y N . T h e discrepancy be tween the 
16 :1 R e d f i e l d ratio and the 2 : 1 ratio suggested b y M o r r i s and L e w i s (142) 
results f rom a n u m b e r of differences be tween the R e d f i e l d measurements 
and the method used here. F i r s t and foremost, the D I N : T P ratio compares 
dissolved concentrations of inorganic Ν to total concentrations of Ρ i n ambient 
water; the R e d f i e l d ratio is based on cel lular or particulate organic concen­
trations. A large amount of variabi l i ty also results f rom the range of threshold 
Ν : Ρ ratios for i n d i v i d u a l algal species. Suttle and H a r r i s o n (30), for example, 
reported Ν l imita t ion at ratios ranging f rom 7 :1 to 4 5 : 1 for single species. 
Such a w i d e range for single species suggests that cr i t ica l ratios may also be 
quite variable i n nature. F i n a l l y , the 2 : 1 ratio is a conservative estimate of 
the nutr ient - l imi ta t ion threshold, i n the sense that i t marks the boundary 
b e y o n d w h i c h a l l exper imental results indicate Ν l imi ta t ion (142). 

If a D I N : T P value of 2 is used as the threshold b e l o w w h i c h lakes are 
considered to be N - l i m i t e d and is a p p l i e d to lake data f r o m the N S W S (89, 
143), it is possible to estimate the n u m b e r of N - l i m i t e d lakes i n most of the 
mountainous regions of the U n i t e d States (Table III). T h e N S W S was de­
signed to survey the ac id-base chemistry of lakes b y us ing a probabi l i ty 
design. Because the selection of lakes is a stratified r a n d o m sample of the 
lakes i n each region, results can be extrapolated to the target populat ion of 
lakes i n each region. As an acidification survey, the N S W S excludes many 
lakes i n h ighly d is turbed areas (e.g., urban and agricultural areas). T h e 
results i n Table III should therefore be interpreted i n the context of the 
target populat ion they represent: nonurban, nonindustr ia l , nonagricul tural 
lakes above a certain size i n each region (size cutoffs were > 4 ha i n the 
Eas tern L a k e Survey and > 1 ha i n the Western L a k e Survey). Lakes w i t h 
total Ρ concentrations greater than 0.65 μπιοΙ/L (20 μg/L) have been ex-
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e luded f rom this analysis because many of t h e m may have exper ienced 
anthropogenic inputs of Ρ (53, 144). This test is therefore conservative for 
Ν l imi ta t ion , both because the D I N : T P value chosen (<2) is a conservative 
measure of Ν l imi ta t ion (142) and because some lakes w i t h natural ly h i g h 
concentrations of Ρ may be exc luded. These lakes are more l i k e l y to be 
N - l i m i t e d than lakes w i t h l o w Ρ concentrations. 

Nitrogen Limitation by Region. T h e proport ions of lakes that can be 
considered N - l i m i t e d vary w i d e l y f rom region to region, w i t h the greatest 
n u m b e r b e i n g found, as expected, i n the West . T h e highest proport ions 
were found i n the Rocky Mounta ins (40% of lakes i n the area exhib i ted l o w 
D I N : T P ratios), but al l subregions of the West contained substantial n u m ­
bers (>20%) of potential ly N - l i m i t e d lakes. T h e smallest proport ions of 
N - l i m i t e d lakes were found i n the Northeast and Southeast (9 and 10%, 
respectively, of the lakes i n these regions exhib i ted l o w D I N : T P ratios). 
O n e surprise i n this analysis is the n u m b e r of lakes i n the u p p e r M i d w e s t 
that appear to be N - l i m i t e d . Taken as a w h o l e , 28% of this region's lakes 
had D I N : T P ratios less than 2. 

A more direct indicat ion of nutr ient l imi ta t ion than is available f r o m 
nutr ient ratios can be gained f rom bioassay experiments . I n this procedure 
a small v o l u m e of natural lake water is enclosed and various k n o w n concen­
trations of potential ly l i m i t i n g nutrients are added (145-147). A growth 
response (usually measured as an increase i n biomass) i n treatments con­
ta ining an added nutr ient constitutes evidence of l imi ta t ion b y that nutr ient . 
T h e results of such experiments are available for only a few selected nutr ient -
poor lakes, however . T h e y indicate a variety of responses, i n c l u d i n g strong 
Ρ l imi ta t ion (148), l imi ta t ion b y Ρ and i r o n (247), s imultaneous Ν and Ρ 
l imi ta t ion i n w h i c h the two nutrients are so closely balanced that addi t ion 
of one alone s imply leads to l imi ta t ion b y the other (247), and l imi ta t ion 
p r i m a r i l y by Ν (142, 149). N o clear pattern of Ν or Ρ l imi ta t ion develops 
f rom an examination of these few studies. 

T h e potential for Ν deposi t ion to contr ibute to the eutrophicat ion of 
freshwater lakes is probably qui te l i m i t e d . E u t r o p h i c a t i o n b y atmospheric 
inputs of Ν is a concern only i n lakes that are chronical ly N - l i m i t e d . Th is 
condi t ion occurs i n some lakes that receive substantial inputs of anthropo­
genic Ρ and i n many lakes w h e r e both Ρ and Ν are found i n l o w concentrations 
(e.g., Table III). In the former case the p r i m a r y dysfunct ion of the lakes is 
an excess supply of P, and contro l l ing Ν deposi t ion w o u l d be an ineffective 
m e t h o d of water-qual i ty improvement . In the latter case the potent ia l for 
eutrophicat ion b y Ν addi t ion (e.g., f rom deposition) is l i m i t e d b y l o w 
Ρ concentrations; additions of Ν to these systems w o u l d soon lead to 
N-suff lc ient , and phosphorus-defic ient , condit ions. T h e results of the N S W S 
shown i n Table III , for example, can be used to calculate the increase i n Ν 
concentration that w o u l d be r e q u i r e d to p u s h N - l i m i t e d lakes into Ρ l i m i ­
tation (assuming total Ρ concentrations do not change). A n increase of on ly 
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0.5 μπιοί/L i n Ν concentration w o u l d be sufficient to induce Ρ l imi ta t ion 
i n hal f of the N - l i m i t e d lakes i n the N S W S target popula t ion . In the eastern 
U n i t e d States the largest Ν increases (0.7 μπιοί/L) w o u l d be r e q u i r e d i n 
F l o r i d a and Southern N e w E n g l a n d , where anthropogenic inputs of Ρ are 
most l ike ly . T h e largest increases of al l (1 μπιοί/L) w o u l d be r e q u i r e d i n 
the Southern Rocky Mounta ins , w h i c h has the highest Ρ concentrations of 
any of the western subregions (median = 0.26 μπιοΙ/L). Th is Ρ concentrat ion 
probably results f rom natural sources of Ρ (e.g. , volcanic bedrock) . Increases 
i n Ν deposit ion to some of the regions i n Table III w o u l d probably lead to 
measurable increases i n algal biomass i n those lakes w i t h l o w D I N : T P ratios 
and substantial total Ρ concentrations, but the n u m b e r of lakes that meet 
these cr i ter ia is l ike ly to be quite small . 

Regional Analysis of the Stages of Watershed Nitrogen Loss 

If e levated rates of Ν deposit ion contr ibute to watershed Ν loss, then patterns 
of Ν loss might be expected to m i m i c patterns of Ν deposi t ion. I n the 
fo l lowing discussion, the d is t r ibut ion of m o n i t o r i n g sites i n the eastern 
U n i t e d States w i t h N 0 3 ~ patterns suggestive of the v a r y i n g stages of w a ­
tershed Ν loss is presented as occurr ing across a gradient i n Ν deposi t ion 
f rom relat ively l o w to very h i g h . This space-for-time subst i tut ion is a useful 
tool i n assessing whether Ν saturation is progressing i n h igh-depos i t ion areas. 
A l t h o u g h important exceptions do occur (e.g. , see discussion of Pennsylvania 
streams i n the next section), lakes and streams w i t h Stage 0 patterns t e n d 
to occur i n low- to moderate-deposit ion areas; sites w i t h N 0 3 ~ patterns 
typica l of later stages of Ν loss tend to occur i n h igh-depos i t ion areas. Results 
are presented as a series of maps, and the discussion progresses f rom rela­
t ively low-deposi t ion areas i n the northeastern corner of the country (Maine) 
to h igher deposi t ion areas i n western N e w E n g l a n d and N e w York, and 
moves south into the very-high-deposi t ion areas of southern Pennsylvania 
and West V i r g i n i a . A d d i t i o n a l l y , results f rom the few m o n i t o r i n g sites i n the 
western U n i t e d States, where deposit ion rates are u n i f o r m l y low, are pre ­
sented separately. 

In general , sites are i n c l u d e d i n this analysis i f p u b l i s h e d data of more 
than 2 years' durat ion i n the 1980s are available and i f at least a seasonal 
sampl ing schedule was used to collect the data. E a c h site has been assigned 
to one of six classes. In addi t ion to four classes represent ing the four stages 
of watershed Ν loss, many of the Stage 1 and Stage 2 sites have data of l o n g 
enough durat ion to determine whether they are exper ienc ing u p w a r d trends 
i n N 0 3 ~ concentrations; Stage 1 and Stage 2 sites w i t h u p w a r d N 0 3 " trends 
are i n c l u d e d as separate classes on the maps for the fo l lowing sections. A s 
ment ioned earlier, temporal trends i n N 0 3 ~ provide important veri f icat ion 
that the stages of Ν loss occur as a sequence i n sites exper ienc ing chronical ly 
elevated rates of Ν deposit ion. 
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The Northeastern United States. F o r approximately 100 sites i n 
the Northeast , the data are intensive enough to determine their status w i t h 
respect to watershed Ν loss (Figure 9). F r o m the standpoint of N , the 
Northeast is the most data-intensive region of N o r t h A m e r i c a . Seasonal data 
are available f rom a spatially extensive network of sites, so that geographic 
patterns i n watershed Ν loss can be inferred. Important ly , these geographic 
patterns i n watershed Ν loss fo l low the geographic pattern i n Ν deposi t ion, 
w i t h the most severe effects observable i n the A d i r o n d a c k and C a t s k i l l m o u n ­
tains, where deposi t ion rates are h igh , and l i t t le Ν loss i n M a i n e , w h e r e 
rates of Ν deposit ion are roughly 50% lower (42). 

Figure 9. Location of acid-sensitive lakes and streams in the northeastern 
United States where the importance of N03~ to seasonal water chemistry can 
be determined. Only data from undisturbed watersheds are included. (Data 
are from references 109, 114, 118, 119, 151b, 154, 156-159, 162, 164, 

191-194.) 
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Data f rom sites i n M a i n e , Vermont , and the A d i r o n d a c k and C a t s k i l l 
mountains are available f rom the U . S . E n v i r o n m e n t a l Protect ion Agency 's 
( E P A ) L o n g - T e r m M o n i t o r i n g ( L T M ) Project (150). In most cases the records 
from these sites are sufficiently long (7-10 years) to detect trends w h e r e 
they are present. M o s t of the other sites i n F i g u r e 9 have data of shorter 
durat ion, and it is not k n o w n whether they exhibit long- term trends. 

A l l of the sites i n the state of M a i n e show some seasonality i n N 0 3 ~ 
concentrations, w i t h peak concentrations of less than 20 μ ε ς υ ί ν / ί d u r i n g 
spr ing snowmelt and negl igible concentrations d u r i n g a l l other seasons; the 
concentrations suggest typical Stage 0 N 0 3 patterns. D a t a f rom five L T M 
lakes i n M a i n e exhibit no long-term trends i n N 0 3 " concentrations (151a). 

Seasonal data are available f rom two sites i n N e w H a m p s h i r e , w h e r e 
deposi t ion rates are sl ightly higher than i n M a i n e . B a i r d et al . (151b) s tudied 
episodic acidification d u r i n g snowmelt at C o n e P o n d , N e w H a m p s h i r e , and 
were unable to detect any N 0 3

_ i n inlet water. Researchers at the H u b b a r d 
Brook E x p e r i m e n t a l Forest i n N e w H a m p s h i r e have been s tudying the 
watershed processes and their effects on stream-water chemistry since 1963 
(J52). In reference Watershed N o . 6, stream-water N 0 3 " concentrations 
undergo strong seasonal cycles w i t h peak concentrations as h i g h as 85 
μequiv/L d u r i n g snowmelt , s imilar to Stage 1 watershed Ν loss. B o t h 
N 0 3 " and hydrogen ion concentrations increase d u r i n g snowmelt at H u b b a r d 
Brook, although S 0 4

2 ~ concentrations decrease sl ightly (153, 154). N o long-
te rm t rend i n stream-water N O i 3 ~ concentration is detectable for the 23-year 
p e r i o d of record at H u b b a r d Brook (155). 

In the state of Vermont , 6 of 24 L T M lakes exhibit strong seasonal N 0 3 " 
cycles, and i n these lakes seasonal N 0 3 " increases are the most important 
mechanism contr ibut ing to spr ing A N C m i n i m a (256). These six watersheds 
exhibit the characteristics of Stage 1 of Ν loss, and the r e m a i n i n g 18 lakes 
exhibit Stage 0 patterns. N o n e of the sites exhibi t trends i n N 0 3 " concen­
trations for the p e r i o d 1981-1989. 

D r i s c o l l and V a n Dreason (257) reported data f rom 16 A d i r o n d a c k L T M 
lakes col lected between 1982 and 1990. T h e patterns i n ac id-base chemis try 
at Constable P o n d (Figure 10), one of the A d i r o n d a c k L T M lakes, can be 
considered typical of surface waters i n the Northeast w i t h episodical ly ele­
vated concentrations of N 0 3 ~ (e.g., at Stages 1 and 2). Constable P o n d 
becomes acidic only d u r i n g seasons of h i g h runoff, as a result of base-cation 
d i l u t i o n and episodic N 0 3 " increases. Sulfate concentrations are relat ively 
invariant . In Constable P o n d , as i n other A d i r o n d a c k lakes and streams, 
short-term changes i n N 0 3 " were h ighly correlated, and chemical ly con­
sistent, w i t h changes i n the concentrations of acidic cations (hydrogen and 
a luminum) (255). A s ment ioned earlier, a l though d i l u t i o n of base cations and 
increases i n N 0 3 ~ appear to be the p r i m a r y causes of episodic acidif ication 
i n Constable P o n d , these episodes are excursions f rom an already l o w base­
l ine A N C , w h i c h can be at tr ibuted largely to h i g h S 0 4

2 ~ concentrations. 
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Figure 10. Temporal patterns in lake-water N03~, acid-neutralizing capacity 
(ANC), base cations (Ca^+ + M g 2 + + Na+ + K + ) , SO/" , and inorganic 
monomeric aluminum (Ah) at Constable Pond, a long-term monitoring site in 
the Adirondack Mountains. Trend lines are shown for variables with significant 
trends (p < 0.10 in seasonal Kendall tau test). Seasonal pattern is typical of 
Adirondack lakes, with seasonal minima in ANC coincident with seasonal 
maxima in N03~ and Alh Many Adirondack lakes exhibited upward trends in 
N03~ in the 1980s; the primary increase was in episodic NOf concentrations. 

(Data are from reference 157.) 
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T h e p e r i o d of record is long enough for the A d i r o n d a c k L T M lakes that 
long- term trends i n N 0 3 " concentrations can be est imated (Table I V ; ref. 
157). N i n e out of sixteen A d i r o n d a c k lakes exhib i ted significant increases i n 
N 0 3 ~ concentrations, w i t h typical slopes of trends b e i n g + 1 μ β ς υ ί ν ^ per 
year. D a t a from the seven remain ing lakes a l l suggested u p w a r d trends i n 
N 0 3 ~ that were not significant (Table IV) . A d d i t i o n a l l y , plots of t empora l 
N 0 3 " patterns indicate that the p r i m a r y change i n these lakes is i n the ir 
spr ing values (F igure 10) and that baseflow N 0 3 ~ concentrations are re la­
t ively unchanged. This analysis suggests that these lakes are i n Stage 1 of 
watershed Ν loss and that their condi t ion is worsening . 

In l o w - A N C streams of the Catski l ls increases i n N 0 3 " , base-cation 
d i l u t i o n , and high-baseline S 0 4

2 " concentrations a l l contr ibute to acidic ep­
isodes (97). In Biscui t Brook, an intensively s tudied headwater stream 
i n the Catski l ls , concentrations of N 0 3 " approach or exceed those of 
S 0 4

2 ~ d u r i n g episodes (F igure 11; ref. 127). Values for the ratio of 
N 0 3 " : ( N 0 3 " + S 0 4

2 ~ ) , as presented i n Table II , i l lustrate bo th the general 
importance of N 0 3 ~ to the ac id-base dynamics of this stream and the increase 
i n importance of N 0 3 " d u r i n g high-f low events (F igure 11). Ni t ra te concen-

Table IV. Trends in N 0 3 " Concentrations for Adirondack 
Long-Term Monitoring Lakes 

Lake Name n f l 

Change in N03~b 

(pjequwlL per year) Ρ 

Arbutus Lake 90 + 1.06 <0.01 
Big Moose Lake 98 + 0.92 0.20 
Black Lake 99 + 0.00 0.60 
Bubb Lake 99 + 0.32 0.43 
Cascade Lake 98 + 0.15 0.65 
Clear Pond 97 + 0.48 0.02 
Constable Pond 99 + 1.65 0.03 
Dart Lake 99 + 0.90 0.08 
Heart Lake 98 + 0.83 0.01 
Lake Rondaxe 99 + 0.72 0.09 
Little Echo Pond 97 + 0.00 0.23 
Moss Lake 99 + 0.42 0.30 
Otter Pond 94 + 1.33 0.02 
Squash Pond 93 + 1.80 0.03 
West Pond 99 + 0.41 0.07 
Windfall Lake 99 + 0.46 0.40 

N O T E : Slopes are calculated from seasonal Kendall tau test (204, 
205). Trends with slopes significantly different from 0 (p < 0.10) 
are shown in bold print. 
"Number of individual observations; the period of record for most 
sites is from June 1982 to December 1990. 

hSlopes are medians of the differences between all possible pairs 
of sequential observations within the same month (204). 

S O U R C E : Data are taken from reference 157. 
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« · • • ' 

Figure 11. Temporal patterns in stream-water pH, SO/", N03~, ratio of 
NOf : (NOf + SO/'), and stream discharge at Biscuit Brook in the Catskill 
Mountains, 1983-1990. All chemical variables undergo strong seasonality, with 
strong dependence on stream discharge. As in Adirondack lakes, minima in 
ANC are coincident with maxima in Ν Of. Values for the ratio of NOf : (NOf 
+ SO/~) approach or exceed 0.5 during episodes and indicate that NOf can 
have as important an acidifying influence as S O / - during high-flow events. 
Significant increases (p < 0.05 in seasonal Kendall tau trend test) in NOf 
concentration ( + 2 \LequivlL per year) and NOf .(NOf + SO/~) ( + 0.014) 
were recorded during the 1980s, indicating the increasing importance of NOf 
both in absolute terms and in comparison to S04

2~. (Reproduced with per­
mission from reference 127. Copyright 1992 American Geophysical Union.) 

trations remain elevated (>20 ^eqniviV) throughout al l seasons, except for 
a short p e r i o d d u r i n g the autumn. This seasonal pattern has two important 
implicat ions. F i rs t , it suggests that the watershed of this headwater stream 
(as w e l l as those of seven other headwater L T M streams; 158) has reached 
Stage 2 of watershed Ν loss, as indicated by elevated groundwater and stream 
baseflow N 0 3 ~ concentrations. Second, it suggests that the Ν d e m a n d on 
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the part of the watershed exceeds the Ν supply only d u r i n g a short p e r i o d 
immedia te ly fo l lowing leaffall i n the a u t u m n , w h e n the major d e m a n d for 
Ν is on the part of decomposers rather than plants (127). 

His tor i ca l data are available f rom 19 large streams ( third and fourth 
order) i n the C a t s k i l l Mounta ins , some of w h i c h have b e e n m o n i t o r e d since 
early i n this century (79, 97). T r e n d analyses indicate that N 0 3 ~ concentra­
tions have increased i n al l of the streams (Table V ) , w i t h most of the increase 
occurr ing i n the past 2 decades (97,127). These increases are not attributable 
to watershed anthropogenic sources of Ν (i .e. , point and nonpoint sources 
of pollution) and are s imilar to trends observed i n eight headwater streams 
moni tored i n the 1980s as part of the U . S . E P A L T M project (Table V) (97, 
127, 158). 

H o w e v e r , the seasonal N 0 3 ~ pattern of the large streams differs f rom 
that of Biscui t Brook and the L T M streams. In the large streams, the p r i m a r y 
change i n N 0 3 " has been i n episodic concentrations. A t four historical Cats-
k i l l sites where stream discharge data are available, for example, the rela­
tionships between N 0 3 ~ concentration and discharge w e r e steeper i n the 
1980s than i n the past (F igure 12). M o s t of the increase i n N 0 3 ~ has occurred 
at h i g h flows. A p p a r e n t l y these streams have progressed f rom Stage 0 i n the 
early part of the record to Stage 1 i n the 1970s and 1980s. Thus far only 
small increases i n baseflow N 0 3 " concentrations have occurred . If these 
increases continue, however , as they apparently have at B iscui t Brook and 
the C a t s k i l l L T M streams, then important documentat ion of the progression 
f rom Stage 0 to Stage 1 to Stage 2 w o u l d exist; further m o n i t o r i n g should 
veri fy whether such a sequence is taking place. Taken i n a l l , m o n i t o r i n g data 
f rom C a t s k i l l streams suggest that the region current ly contains a mixture 
of Stage 1 and Stage 2 watersheds, and that Ν loss f rom al l watersheds is 
increasing w i t h t ime. 

A d d i t i o n a l evidence indicates increasing N 0 3 ~ concentrations i n the 
Northeast . K r a m e r et al . (159) reported on N 0 3 ~ trends for four northeastern 
streams i n the U . S . Geologica l Survey ( U S G S ) B e n c h - M a r k Stream network. 
E x c l u d i n g data f rom one stream that drains a d i s turbed watershed, two 
of the three streams (Esopus C r e e k i n the C a t s k i l l M o u n t a i n s and Y o u n g 
Woman's C r e e k i n Pennsylvania) exhibit increasing trends of about + 1 
μequiv/L of N 0 3 " per year for the p e r i o d 1967 to 1985. S m i t h et a l . (160) 
examined trends i n N 0 3 ~ data f rom 383 stream locations i n the U n i t e d States 
col lected between 1974 and 1981. T h e y reported increases at 167 sites, 
especially east of the 100th m e r i d i a n . M a n y of the increasing trends could 
be at tr ibuted to increased use of ferti l izers i n agricultural areas, part icular ly 
i n the M i d w e s t . I n addit ion to agricultural runoff, S m i t h et a l . ident i f ied 
atmospheric deposit ion as a major source of N 0 3 ~ i n surface waters, part ic­
ular ly i n forested basins of the East (e.g., N e w E n g l a n d and the mid-At lant ic ) 
and U p p e r M i d w e s t . Desp i te widespread use of fert i l izers i n most of the 
regions covered b y the S m i t h et al . study, they found a h i g h degree of 
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Table V. Changes in N 0 3 " Concentration in Historical Monitoring Streams and 
U . S . E P A Long-Term Monitoring Streams in the Catskill Mountains of New York 

Site Before 1945 1945-1970 After 1970 

Historical sites 
Batavia K i l l " + 0.24 + 0.21 + 0.28 
Bear K i l l above Grand Gorge h — — + 0.70 
Bear K i l l above Hardenbergh Falls + 0.34 — — 
Beaver K i l l " + 0.05 + 0.10 + 1.76 
Birch Creek above Pine H i l l — + 0.60 + 2.68 
Birch Creek at Pine H i l l - 0 . 0 1 + 0.68 + 0.73 
Biscuit Brook 
Bush K i l l + 0.11 + 0.00 + 2.28 
Bushnellville Creek" + 0.04 + 0.25 + 1.57 
East Branch Neversink, Headwaters 
East Branch Neversink, Midlength 
Esopus Creek above Big Indian + 0.08 — — Esopus Creek below Big Indian - 0 . 1 6 - 0 . 0 1 + 1.98 
Esopus Creek at Coldbrook + 0.24 - 0 . 0 8 + 2.00 
High Falls Brook 
Hollow Tree Brook 
Little Beaver K i l l " + 0.00 + 0.01 + 0.85 
Manor K i l l - 0 . 1 2 - 0 . 5 5 + 0.97 
Neversink River — + 0.33 + 1.28 
Rondout Creek — + 0.00 + 1.79 
Schoharie Creek at Prattsville + 0.64 - 0 . 1 3 + 1.93 
Stony Clove Creek" - 0 . 0 0 + 0.08 + 3.77 
West K i l l + 0.19 — — Woodland Creek" + 0.02 + 0.08 + 3.95 

Long-term monitoring sites (current) Since 1983 
Beaver K i l l n.s. 
Biscuit Brook + 2.03 
East Branch Neversink, Headwaters n.s. 
East Branch Neversink, Midlength + 1.28 
High Falls Brook + 1.90 
Hollow Tree Brook + 2.20 
Rondout Creek + 2.93 
Woodland Creek n.s. 

N O T E : — indicates insufficient data for analysis; n.s. indicates trend is not significant, 
"Data for these sites are available only for periods before 1 9 4 5 and from 1 9 7 7 to 1979 . Trends 
reported for the periods of missing data are based on regression lines for the entire data set; 
median values cannot be listed. 

''Data are available for fewer than 2 years in one or more time periods at this site. Trends were 
not calculated during these time periods at this site, but median values and sample sizes are 
listed. 

S O U R C E : Reproduced from reference 127 . Copyright 1 9 9 2 American Geophysical Union. 

correlat ion between stream basin y i e l d of N 0 3 " and rates of Ν deposi t ion. 
T h e significance of this correlat ion should be strongly quest ioned, however , 
given the o v e r w h e l m i n g importance of fert i l izer use i n this study. 

A cautionary note i n the interpretat ion of long- term Ν trends is intro­
d u c e d b y examination of long-term data f rom streams at the H u b b a r d Brook 
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E x p e r i m e n t a l Forest ( H B E F ) . D a t a f rom control Watershed N o . 6 for 
1963-1977 suggested a strongly increasing t r e n d i n N 0 3 ~ (161). These data 
have been used to suggest that the H B E F watersheds are undergo ing Ν 
saturation (25). Examinat ion of the entire 23-year record (1965-1983) f rom 
Watershed N o . 6, however , shows no long- term t r e n d (154,155). This result 
emphasizes the importance of examining Ν processes i n a t ru ly long- term 
context. A l t h o u g h some of the data reported here for the C a t s k i l l M o u n t a i n s 
can be considered t ruly long-term (up to 65 years of record), data for the 
A d i r o n d a c k Mounta ins (157) and other areas of the U n i t e d States (160) span 
only 1 - 2 decades and should be interpreted w i t h caution. 

F i n a l l y , no significant effect of N 0 3 ~ on episodic acidif ication has been 
observed i n some areas of the Northeast . M o r g a n and G o o d (162) repor ted 
data on 10 streams i n the N e w Jersey P i n e Barrens and found mean annual 
N 0 3 " greater than 1 μequiv/L only i n residential and agricultural w a ­
tersheds. Important ly , Swistock et a l . (163) and Sharpe et al . (164-166) 
reported data o n episodic acidification of several streams i n the L a u r e l H i l l 
area of southwestern Pennsylvania . T h e y found that N 0 3 ^ p l a y e d only a 
m i n o r role i n stream acidification and fish k i l l s . Rates of Ν deposi t ion i n this 
region of Pennsylvania are among the highest i n the U n i t e d States, yet these 
watersheds appear to remain at Stage 0 of watershed Ν loss. A s m e n t i o n e d 
earlier, the three characteristics that predispose watersheds to Ν saturation 
are elevated Ν deposi t ion, advanced stand age, and h i g h s o i l - N pools. I m ­
portant information could be gained f rom an examination of the latter two 
factors at these seemingly anomalous sites i n southwestern Pennsylvania . 

The Southeastern United States. There are far fewer sites w i t h 
sufficiently intensive data to determine their watershed Ν loss status i n the 
Southeast than i n the Northeast (F igure 13). T h e spatial coverage of sites i n 
the Southeast w i t h seasonal data is poor, and few sites have the long- term 
data needed to detect trends i n N 0 3 " concentrations. 

O n e important exception is C o n t r o l Watershed N o . 4 at the F e r n o w 
E x p e r i m e n t a l Watershed near Parsons, West V i r g i n i a . E d w a r d s and H e l v e y 
(167) reported data on stream chemistry i n Watershed N o . 4 for 1971-1987. 
T h e i r data indicate that there has been a substantial increase i n the loss of 
N 0 3 ~ f rom this watershed over the past 2 decades (F igure 14b) and that 
mean annual N 0 3 ~ concentrations have increased at the rate of approximately 
+ 3 μ β ς υ ί ν ^ per year. T h e apparent decrease i n mean annual N O > 3 " i n the 
late 1980s is not significant and is p r i m a r i l y d r i v e n b y hydrologica l changes. 
Important analytical changes occurred d u r i n g the p e r i o d of record at this 
site [ N 0 3 ~ concentrations were measured b y the H a c h m e t h o d (168) p r i o r 
to 1981 and b y ion chromatography thereafter (167)], however , and the t r e n d 
data should be interpreted w i t h caution. Nonetheless , intensive data mea­
sured w i t h consistent methods d u r i n g the 1980s suggest that baseflow N 0 3 ~ 
concentrations are current ly as h i g h as or sl ightly h igher than those i n de­
posi t ion and that episodic concentrations are somewhat h igher yet (F igure 
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Figure 12. Nitrate concentration as a function of stream discharge in four 
Catskill streams during 4 decades of data collection, 1950-1989: a, Schoharie 
Creek at Prattsville; h, Neversink River at Claryville. Regression lines for each 
decade are from least-squares regression of concentration on the log of stream 
discharge. All slopes are significantly different from 0 (p < 0.01) except for 
Rondout Creek in the 1960s. All sites indicate that N03~ concentrations at high 
discharges were higher in the 1970s and 1980s than in previous decades. Little 
change is evident in baseflow NOf concentrations. The stability suggests that 
these sites are at Stage 1 of watershed Ν loss but that episodic conditions are 
worsening. (Reproduced with permission from reference 127. Copyright 1992 

American Geophysical Union.) 

 P
ub

lic
at

io
n 

D
at

e:
 M

ay
 5

, 1
99

4 
| d

oi
: 1

0.
10

21
/b

a-
19

94
-0

23
7.

ch
00

8

In Environmental Chemistry of Lakes and Reservoirs; Baker, L.; 
Advances in Chemistry; American Chemical Society: Washington, DC, 1994. 



8. S T O D D A R D Long-Term Changes in Watershed Retention of Nitrogen 265 

Figure 12. Continued, c, Esopus Creek at Coldbrook; and d, Rondout Creek 
at Lowes Corners. 
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+ STAGE 0 N03~ PATTERN 

ο STAGE 1 N03~ PATTERN 

• STAGE 1 NO3- PATTERN 
AND INCREASING TREND IN NO3"" 

& STAGE 2 N03" PATTERN 

* STAGE 2 N03~ PATTERN 
AND INCREASING TREND IN NO3" 

Figure 13. Location of acid-sensitive lakes and streams in the southeastern 
United States where the importance of N03~ to seasonal water chemistry can 
be determined. Only data from undisturbed watersheds are included. (Data 

are from references 99, 109, 159, 167, 170-172, 174-176, 195, 196.) 
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Figure 14. Stream-water chemistry for control watershed No. 4 at the Fernow 
Experimental Forest in West Virginia, a, Seasonal pattern in N03~ indicates 
both elevated baseflow concentrations and episodic increases during high-flow 
events in the spring and thus suggests that this watershed has reached 
Stage 2 of watershed Ν loss, b, The long-term trend suggests that substantial 
changes in N03~ export have occurred over the past 2 decades. (Data are from 

reference 167.) 

14a). T h e F e r n o w site may be the best available example of a watershed at 
Stage 2 of watershed Ν loss. This suggestion is strengthened b y the results 
of fert i l izer experiments that were carr ied out i n the 1970s at a nearby 
F e r n o w watershed. E d w a r d s et al . (J 69) reported that an appl icat ion of 
a m m o n i u m nitrate (at 336 kg/ha of N) resul ted i n large increases i n stream-
water exports, but that the largest por t ion of Ν loss was measured i n deep 
seepage. This exper imental result confirms that groundwater Ν losses can 
be substantial i n Stage 2 watersheds. 

T h e highest recorded N 0 3 ~ concentrations i n streams d r a i n i n g undis ­
t u r b e d watersheds i n the U n i t e d States come f rom the Grea t S m o k y M o u n ­
tains i n Tennessee and N o r t h C a r o l i n a . Ni t ra te concentrations i n R a v e n F o r k 
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(170) and several other high-elevat ion streams (99, 171) range from 50 to 
100 μequiv/L·. In al l cases they are comparable to, or h igher than, S 0 4

2 ~ 
concentrations (see also Table II). In a survey of stream chemistry at a large 
n u m b e r of sites i n the Great Smoky M o u n t a i n s , Silsbee and Larson (172) 
reported baseflow N 0 3 ~ concentrations ranging f rom 0.2 to 90 μ β ς υ ί ν / ί . 
N 0 3 ~ concentrations were highest at h igher elevations and i n areas of o l d -
growth s p r u c e - f i r forest that have never been logged. I n many cases N 0 3 " 
concentrations i n streams of the Great Smoky Mounta ins are higher than Ν 
concentrations i n deposi t ion. This comparison impl ies both that rates of 
biological Ν uptake are l o w and that mineral izat ion rates are h i g h (173). Th is 
pattern also indicates watersheds that have reached Stage 3 of watershed Ν 
loss. A t this point watersheds may become sources, rather than sinks, for 
N . A s ment ioned earlier, the suggestion that watersheds i n this area are at 
Stage 3 is supported by results f rom soi l lys imeter studies, i n w h i c h N 0 3 ~ 
fluxes i n deep soil lysimeters were h igher than Ν inputs f rom deposi t ion 
and throughfall (100). Unfortunately , few data are available to suggest the 
or iginal source of the Ν n o w be ing minera l ized i n this region. T h e data of 
Silsbee and L a r s o n (172) suggest strongly that forest maturat ion is l i n k e d to 
the process of N 0 3 ~ leakage f rom Great Smoky M o u n t a i n watersheds. M i n ­
eral ization of soil Ν appears to be h i g h only i n o ld-growth forests (171). 

Smal l increases i n N 0 3 ~ concentrations d u r i n g hydrologica l events have 
been recorded at sites i n a few other areas of the Southeast, i n c l u d i n g 
northeastern Georg ia (174), where m a x i m u m concentrations were —12 
^equiv/h. C o s b y et al . (175) examined 7 years' w o r t h of data f rom two 
streams i n V i r g i n i a and found no evidence of N 0 3 ~ episodes; N 0 3 ~ concen­
trations are always less than 15 μ β ς υ ί ν ^ i n these streams. Swank and W a i d e 
(176) reported data f rom seven undis turbed watersheds at the C o w e e t a 
H y d r o l o g i e Laboratory i n N o r t h Caro l ina , w h e r e the v o l u m e - w e i g h t e d mean 
concentrations of N 0 3 " were less than 1.5 μequiv/L. In a l l of these cases, 
undis turbed watersheds exhibit Stage 0 patterns of watershed Ν loss. 

T h e W e s t e r n U n i t e d S ta tes . Several studies have reported the 
existence of N 0 3 ~ episodes i n western U n i t e d States, i n c l u d i n g the N o r t h 
Cascades (177, 178) and Sierra N e v a d a Mounta ins (179) (F igure 15). I n 
general , the m a x i m u m N 0 3 ~ concentrations observed i n the West are less 
than 15 μequiv/L·, substantially lower than i n most of the eastern U n i t e d 
States. Lakes i n the mountainous West , however , tend to be m u c h more 
di lute and therefore more sensitive to acidic deposi t ion than lakes i n the 
East . O f lakes i n the Sierra N e v a d a M o u n t a i n s , for example, 3 9 % have A N C 
values less than 50 μ β ς ώ ν / ί , as do 26% of the lakes i n the O r e g o n Cascades 
and 17% of the lakes i n the N o r t h Cascades (143). 

Rates of Ν deposi t ion are also m u c h lower i n the West (Table I), and 
episodic N 0 3 ~ concentrations of 15 μequiv/L· should be placed i n the context 
of mean concentrations of N 0 3 ~ and N H 4 * i n deposi t ion of 5.0 and 5.4 
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Figure 15. Location of acid-sensitive lakes and streams in the western United 
States where the importance of N03~ to seasonal water chemistry can he 
determined. Only data from undisturbed watersheds are included. (Data are 

from references 109, 117, 159, 177, 179, 197-199.) 

μβςιιΐν/ί,, respectively (7). C o m b i n e d w i t h base-cation d i l u t i o n and smal l 
concentrations of S 0 4

2 ~ , the N 0 3 ~ increases observed d u r i n g episodes at 
E m e r a l d L a k e i n the Sierra N e v a d a Mounta ins have been sufficient to dr ive 
A N C to 0 on two occasions i n the past decade (7,180). D a t a f rom the outf low 
at E m e r a l d L a k e i n 1986 and 1987 (Figure 16) indicate that m i n i m u m A N C 
values are coincident w i t h m a x i m u m concentrations of N 0 3 ~ and d i l u t e d 
base-cation concentrations result ing f rom h i g h discharge. H o w e v e r , at no 
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~ 12J 

1986 1987 
Figure 16. Outflow chemistry from two snowmelt seasons (1986 and 1987) at 
Emerald Lake, a high-elevation lake in the Sierra Nevada Mountains of Cal­
ifornia. Maximum N03~ concentrations are coincident with ANC minima dur­
ing the early stages of snowmelt in 1986 and with a rain-on-snow event in 
1987. Nitrate episodes are smaller in magnitude than at sites in the eastern 
United States, but western lakes may be more susceptible to episodic acidifi­
cation because they have a lower baseline acid-neutralizing capacity than most 
eastern lakes. (Reproduced with permission from reference 180. Copyright 

1991 American Geophysical Union.) 
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t ime has the p H of E m e r a l d L a k e fallen b e l o w 5.5, a l e v e l c o m m o n l y con­
s idered the threshold for in jury to f ish populations. A N C values of 0 can be 
caused b y base-cation d i l u t i o n alone (a natural process). 

T h e state of episodic acidification i n the Sierra N e v a d a M o u n t a i n s (and 
the rest of the West) therefore remains uncerta in because few data exist 
and the data that are available indicate A N C depressions to a value of 0 
μequiv/L·, but not be low. F o r the t ime be ing , most western sites w o u l d be 
classified as Stage 0 watersheds. H o w e v e r , i n systems as acid-sensit ive as 
those at h i g h elevations i n the West , episodic acidif ication resul t ing f rom 
N 0 3 " m a y be possible i n the watersheds that are only seasonally N-saturated. 

Links Between Nitrogen Loss and Nitrogen Deposition 

T h e presence of elevated N 0 3 ~ concentrations i n streams d r a i n i n g undis ­
t u r b e d forested watersheds does not necessarily impl icate Ν deposi t ion as 
the source of the Ν be ing exported. C u r r e n t l y , l i t t le direct evidence l inks 
Ν deposit ion w i t h ei ther elevated baseflow N 0 3 " concentrations or elevated 
episodic N 0 3 " concentrations and acidic episodes. Th is lack of evidence 
stems at least part ial ly f rom a lack of appropriate data to l i n k deposi t ion to 
stream-water N 0 3 " concentrations. H i g h concentrations of N 0 3 ~ d u r i n g 
snowmelt , for example, may result w h e n N 0 3 " stored i n the snowpack d u r i n g 
the w i n t e r months is released w h i l e the forest is s t i l l dormant . T h e r e d u c e d 
biological activity typical of the w i n t e r months creates less d e m a n d for N , 
and snowpack N 0 3 " may s imply r u n off wi thout enter ing the Ν cycle of the 
forest or watershed. Several mechanisms, however , ampl i fy the signal pro ­
d u c e d b y atmospheric deposi t ion of Ν to snowpacks. These mechanisms, 
w h i c h w i l l be discussed i n more detai l , inc lude 

• preferential e lut ion of N 0 3 " d u r i n g the early stages of snow­
melt ; 

• nitr i f icat ion of N H 4
+ to N 0 3 ~ w i t h i n soils or the snowpack; 

• d r y deposi t ion of Ν to the snowpack before m e l t i n g ; and 

• mineral izat ion of s o i l - N pools over the winter . 

I n areas w i t h large snowpacks (e.g., m u c h of the Northeast and a l l of 
the mountainous West), ions have been shown to dra in f rom the pack i n the 
early stages of snowmelt . This process leads to concentrations that are m u c h 
higher than the average concentration of the snowpack itself (82). Di f ferent ia l 
e lut ion of acid anions (like N 0 3 " ) d u r i n g the in i t ia l stages of snowmelt has 
been shown to be responsible for the elevated N 0 3 " concentrations observed 
i n parts of Scandinavia (81), Canada (82), the A d i r o n d a c k M o u n t a i n s (181), 
the M i d w e s t (182), and the Sierra N e v a d a Mounta ins (180). A m m o n i u m 
deposited to the snowpack (either wet or d r y deposition) can subsequently 
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be ni t r i f ied to N 0 3 " i n soils or w h i l e st i l l i n the snowpack. This reaction 
w o u l d produce N 0 3 ~ concentrations elevated over those calculated f rom 
N 0 3 ~ deposi t ion alone (83, 110, 114, 183). D r y deposi t ion of Ν compounds 
to the snowpack may also be an important source of N 0 3 ~ i n snowmelt water 
(110, 183). Jeffries (82) presented a rev iew of snowpack storage and release 
of pollutants d u r i n g snowmelt . 

Some evidence does exist that mechanisms other than atmospheric de­
posi t ion contr ibute to N 0 3 " episodes, at least o n a small scale. Rascher et a l . 
(43), for example, showed that mineral izat ion of organic matter i n the soi l 
d u r i n g the w i n t e r months and subsequent nitr i f icat ion contr ibute substan­
tial ly to snowmelt N 0 3 ~ concentrations at one site i n the Adirondacks . Schae-
fer and D r i s c o l l (83) suggested that a s imilar p h e n o m e n o n contributes to 
N 0 3 ~ pulses d u r i n g snowmelt at 11 A d i r o n d a c k lakes and that the contr i ­
but ion f rom mineral izat ion is greater i n l o w - A N C and acidic lakes. M u r d o c h 
and Stoddard (127) presented s imilar results for streams i n the C a t s k i l l 
M o u n t a i n s . Stott lemyer and Toczydlowski (184) also reported that m i n e r ­
alization contributes to snowmelt N 0 3 " at a site on the u p p e r peninsula of 
M i c h i g a n . It is not current ly k n o w n h o w widespread this p h e n o m e n o n is. 

Some quest ion remains of whether Ν p r o d u c e d f rom minera l izat ion is 
indirec t ly suppl ied b y atmospheric deposi t ion. M i n e r a l i z a t i o n recycles Ν 
f rom leaflitter, a por t ion of w h i c h undoubtedly originates as atmospheric 
deposi t ion. F r i e d l a n d et al . (18) calculated that roughly 3 0 % of the annual 
Ν d e m a n d of s p r u c e - f i r forests i n the A d i r o n d a c k M o u n t a i n s can be met by 
deposi t ion alone, setting an u p p e r l i m i t to the propor t ion of m i n e r a l i z e d Ν 
that may come indirec t ly f rom deposi t ion on an annual basis. In addi t ion , 
chronic Ν deposit ion may also inf luence the loss of m i n e r a l i z e d Ν by a l ter ing 
the t i m i n g of Ν cycle and p r o v i d i n g an opportuni ty for Ν to leave the 
watershed d u r i n g snowmelt (see discussion of Stage 1), b y contr ibut ing to 
the pool of organic Ν (through fertil ization) available for mineral izat ion , or 
by increasing the rate of mineral izat ion through fert i l izat ion (the so-called 
" p r i m i n g effect"; 185). 

M a n y of these data suggest that N 0 3 ~ episodes are more severe n o w 
than they were i n the past, and i n some cases that baseflow N 0 3 " concen­
trations have increased. These surface-water Ν increases have occurred at 
a t ime w h e n Ν deposi t ion has been relat ively unchanged i n the eastern 
U n i t e d States (186-188). I f w e accept the idea that increases i n lake and 
stream-water N 0 3 ~ concentrations are evidence that Ν saturation of w a ­
tersheds is progressing, then current data suggest that present levels of Ν 
deposi t ion (350-700 equiv/ha per year) are sufficient to dr ive this progression 
i n the A d i r o n d a c k Mounta ins , the C a t s k i l l M o u n t a i n s , the mountains of West 
V i r g i n i a , and the Great Smoky Mounta ins . D a t a f rom the Nat ional Stream 
Survey (96) suggest a strong correlat ion between concentrations of stream-
water Ν ( N 0 3 " + N H 4

+ ) at spr ing baseflow and levels of wet Ν deposi t ion 
( N 0 3 ~ + N H 4

+ ) i n each of the N S S regions (Figure 17a). T h e only exception 
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0 100 200 300 400 500 

Wet N03"+NH4
+ Deposition (eq/ha/yr) 

Figure 17a. Relationship between median wet deposition of Ν (NO3 + NH4
+) 

and median surface-water Ν (N03 + NH4
+) concentrations for physiograph-

ical districts within the National Stream Survey that have minimal agricultural 
activity. [Subregions are Poconos-Catskills (ID), Southern Blue Ridge Prov­
ince (2As), Valley and Ridge Province (2Bn), Northern Appalachians (2Cn), 
Ozarks-Ouachitas (2D), Southern Appalachians (2X), Piedmont (3A), mid-
Atlantic Coastal Plain (3B), and Florida (3C)]. (Panel a is reproduced with 
permission from reference 96. Copyright 1991 American Geophysical Union.) 

to this relat ionship is the P o c o n o - C a t s k i l l region, w h e r e Ν deposi t ion is 
highest (450 equiv/ha per year) but where stream-water Ν concentrations 
fall b e l o w what is expected on the basis of results f rom the other regions. 
T h e median stream-water N 0 3 " value for the Catski l ls alone (Table II) is 29 
μequiv/L (79). This value fits the usual relat ionship m u c h more closely, 
suggesting that watersheds i n the southern por t ion of this region (the P o -
conos) are reta ining Ν more strongly than the nor thern por t ion . This inter­
pretat ion is also consistent w i t h the l o w loss rates of Ν f r o m watersheds i n 
southwestern Pennsylvania that were discussed earlier. 

D r i s c o l l et a l . (155) summar ized the relat ionship between Ν export and 
Ν deposit ion that is indicated by i n p u t - o u t p u t budget data f rom a large 
n u m b e r of watersheds i n the U n i t e d States and Canada ; these data are 
augmented i n F i g u r e 17b w i t h results f rom recently p u b l i s h e d reports. D r i s ­
co l l et al . (155) stressed that the data i l lustrated i n F i g u r e 17b were col lected 
by us ing w i d e l y differing methods and various t ime scales (from 1 year to 
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Figure 17b. Relationship between wet deposition of Ν (N03~ + NH4
+) and 

rate of Ν export for watershed studies throughout North America. Sites with 
significant internal sources of Ν (e.g., from alder trees) have been excluded. 
(Original data in panel b are from reference 155; additional data are from 

references 117, 119, 127, 164, 167, 171, 174, 175, 179, 192, 193, 195.) 

several decades). H o w e v e r , both relationships i l lustrated i n F i g u r e 17 i n ­
dicate that watersheds i n many regions of N o r t h A m e r i c a are reta ining less 
than 75% of the Ν that enters them and that the amount of Ν b e i n g leaked 
f rom these watersheds is higher i n areas w h e r e Ν deposi t ion is highest. Th is 
pattern is consistent w i t h what we w o u l d expect i f large areas of the eastern 
U n i t e d States were exper ienc ing the early stages of Ν saturation, but is not 
proof of this situation. B o t h analyses suggest a threshold value of wet de­
posit ion of Ν (~300 equiv/ha per year), above w h i c h substantial watershed 
losses of Ν might begin to occur. Because d r y deposit ion is not i n c l u d e d i n 
these analyses, w e can only speculate that threshold values for total depo­
sit ion (wet + dry) w o u l d be substantially higher . 

Conclusions 

Considerable evidence indicates that h i g h rates of Ν deposi t ion are contr ib­
ut ing to the degradation of water qual i ty i n several regions of the U n i t e d 
States. T h e p r i m a r y effect of deposit ion appears to be the episodic ac idi f i -

 P
ub

lic
at

io
n 

D
at

e:
 M

ay
 5

, 1
99

4 
| d

oi
: 1

0.
10

21
/b

a-
19

94
-0

23
7.

ch
00

8

In Environmental Chemistry of Lakes and Reservoirs; Baker, L.; 
Advances in Chemistry; American Chemical Society: Washington, DC, 1994. 



8. S T O D D A R D Long-Term Changes in Watershed Retention of Nitrogen 2 7 5 

cation of surface waters. There is no hard evidence of chronic acidif ication 
b y N 0 3 " i n the U n i t e d States (streams i n the Great S m o k y M o u n t a i n s may 
be an exception, but few high-qual i ty data have been p u b l i s h e d for this 
area), and no conceptual mechanism exists for deposi t ion to contr ibute to 
the long- term eutrophicat ion of lakes. 

W h e n seasonal data on stream and lake chemistry are available, i t is 
possible to place sites into a progressive scheme of watershed Ν loss ac­
cording to the stages of Ν saturation descr ibed for terrestr ial ecosystems b y 
A b e r et a l . (J). Sites that w o u l d be classified at later stages of watershed Ν 
loss tend to occur i n areas of h i g h Ν deposi t ion, but substantial var iabi l i ty 
exists. A p p a r e n t l y h i g h rates of Ν deposi t ion are necessary, but not sufficient, 
condit ions leading to h i g h rates of watershed Ν loss. Stand age may also 
contr ibute to long- term changes i n the abi l i ty of watersheds to retain N ; 
watersheds w i t h o ld-growth forests leak more N 0 3 ~ i n both the Northeast 
(19) and Southeast (171). A n o t h e r possible source is h i g h levels of soil Ν 
(but few data are available). 

Sites f rom three subregions discussed i n detai l i n this chapter bear 
further examination w i t h respect to stand age and soil Ν status. M a n y lakes 
i n the A d i r o n d a c k Mounta ins exhibit Stage 1 patterns of watershed Ν loss 
(i .e. , F igures 5 and 10); forests i n the same area were last harvested i n the 
early 1900s (189). Streams i n the C a t s k i l l region exhibit both Stage 1 and 
Stage 2 patterns (Figures 11 and 12); forests i n the C a t s k i l l Mounta ins were 
also last harvested i n the early 1900s. C o n t r o l watershed N o . 4 at F e r n o w , 
West V i r g i n i a , exhibits the dramatical ly elevated baseflow N 0 3 ~ concentra­
tions typical of Stage 2 watersheds (F igure 14); forests at F e r n o w were 
selectively logged at the t u r n of the century (167). T h e forests i n the w a ­
tersheds of a l l these sites were last harvested at more or less the same t ime , 
roughly 90 years ago. Yet the streams and lakes that dra in t h e m exhibi t 
different stages of watershed Ν loss. 

T h e dominant spatial t rend evident i n this analysis is for sites further 
south, and sites w i t h higher deposit ion rates, to exhibit more advanced stages 
of watershed Ν loss. T h e F e r n o w site may be closer to forest maturat ion 
because it experiences a longer growing season than sites to the nor th ; it 
also is i n the region of the country that receives the highest rates of Ν 
deposit ion. Forests at the A d i r o n d a c k sites might be expected to take longer 
to reach maturation because of their shorter growing seasons, and they also 
receive lower rates of Ν deposi t ion (Table I). D e t a i l e d examination of these 
three sites suggests that bo th Ν deposi t ion and stand age play roles i n 
d e t e r m i n i n g what stage of watershed Ν loss a site has reached. This analysis, 
however , ignores information f rom sites i n southwestern Pennsylvania w h e r e 
forests are roughly the same age as i n these three subregions, but w h e r e 
streams exhibi t Stage 0 patterns of seasonal N 0 3 ~ concentrations despite 
very h i g h rates of Ν deposi t ion. F u r t h e r examination of these apparently 
anomalous sites, especially w i t h regard to their s o i l - N status, might y i e l d 
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important information about the long- term abi l i ty of forested watersheds to 
retain atmospheric N . 

F i n a l l y , the most convinc ing evidence for U n i t e d States watersheds 
showing signs of Ν saturation comes f rom sites where long- term trends and 
changes i n the seasonal patterns of N 0 3 " concentrations can be ident i f ied . 
D a t a f rom numerous site-specific studies i n the A d i r o n d a c k , C a t s k i l l , and 
m i d - A p p a l a c h i a n mountains show both that long- term increases i n Ν loss 
f rom forested watersheds have occurred (primari ly i n the past 2 decades) 
and that sites progress through stages l ike those descr ibed here . E a r l y signs 
of watershed Ν loss are episodic increases i n N 0 3 ~ , especial ly d u r i n g the 
snowmelt season. La ter stages of watershed Ν loss are characterized 
b y increases i n groundwater N 0 3 ~ concentrations, w h i c h create elevated 
concentrations i n streams at baseflow and d a m p e d seasonal fluctuations i n 
NO3-. 
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Mass Fluxes and Recycling 
of Phosphorus in Lake Michigan 
Role of Major Particle Phases in Regulating 
the Annual Cycle 

Martin M. Shafer and David E. Armstrong 

Water Chemistry Program, Water Science and Engineering Laboratory, 
University of Wisconsin, Madison, WI 53706 

Biogeochemical cycling of phosphorus in a water column in southern 
Lake Michigan was examined, and the significance of major particle 
phases to the annual mass flux and recycling of phosphorus was 
assessed. Comparison of 1982-1983 total Ρ and total filtrable Ρ con­
centrations with data from 1990-1991 and other published data 
showed little change. The measured annual primary flux of Ρ to the 
sediment surface reflected rapid sedimentation of both allochthonous 
particles and spring diatom production. Diatoms were the dominant 
vector of Ρ to the sediment surface. Terrigenous phases and autoch­
thonous calcite were also significant. More than half of the mixed­
-period diatom Ρ demand was provided by colloidal and particulate 
P, nearly 60% of diatom-associated Ρ was recycled within the water 
column, and 55-58% of total primary Ρ flux was recycled at the 
sediment surface. Ultimately 2.2% of C and 2.7% of Ρ became in­
corporated into recent sediments. The amount of Ρ supplied by re­
suspension was relatively small compared with water-column stand­
ing pools and major flux vectors. With its relatively long residence, 
the response time for Ρ changes with respect to loading should be on 
the order of 5-15 years. 

T H E P H O S P H O R U S S T A T U S O F T H E G R E A T L A K E S is a cont inu ing concern 

because of the linkages between P, p r i m a r y product ion , and water qual i ty 

0065-2393/94/0237-0285$10.50/0 
© 1994 American Chemical Society 

 P
ub

lic
at

io
n 

D
at

e:
 M

ay
 5

, 1
99

4 
| d

oi
: 1

0.
10

21
/b

a-
19

94
-0

23
7.

ch
00

9

In Environmental Chemistry of Lakes and Reservoirs; Baker, L.; 
Advances in Chemistry; American Chemical Society: Washington, DC, 1994. 



286 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

(1-4). E x t e r n a l loading plays a major role i n regulat ing Ρ concentrations (1, 
5, 6). H o w e v e r , Ρ status and p r i m a r y product ion are also contro l led b y the 
recyc l ing of Ρ w i t h i n the lake (7, 8). I n p u t - o u t p u t models p r o v i d e a basis 
for assessing relations between external loading and in-lake Ρ concentrations 
(J, 5, 6). H o w e v e r , quantitative evaluation of Ρ recyc l ing by mass-balance 
models is l i m i t e d b y the complexi ty and lake-specific nature of internal 
recyc l ing processes. Consequent ly , the importance of internal recyc l ing i n 
contro l l ing the Ρ status of L a k e M i c h i g a n is uncerta in . 

Internal recyc l ing of Ρ w i t h i n the water c o l u m n is l i n k e d to p r o d u c t i o n , 
removal , and recyc l ing of P-containing natural particles (9,10). Incorporat ion 
of Ρ into natural particles through p r i m a r y and secondary product ion and 
chemica l adsorption results i n a d o w n w a r d flux of Ρ associated w i t h sett l ing 
particles. Al lochthonous inputs and sediment resuspension also contr ibute 
particulate Ρ to the water c o l u m n . Phosphorus recyc l ing f rom particulate to 
dissolved forms occurs through particle d i s so lu t ion-decompos i t ion and Ρ 
desorpt ion. Thus , recyc l ing of Ρ can be assessed b y d e t e r m i n i n g the i n p u t 
and fate of natural particles m o v i n g through the water c o l u m n . W e used this 
approach to evaluate the role of part ic le-mediated processes i n regulat ing 
the concentration of Ρ i n L a k e M i c h i g a n . 

Materials and Methods 

Location. T h e station investigated was located at (42° 40 ' N , 87° 00 ' 
W ) , approximately i n the center of the southern basin of L a k e M i c h i g a n , at 
a water -co lumn d e p t h of 160 m . T h e location was selected as representative 
of midlake condit ions i n the southern basin. D a t a f rom an intensive 1-year 
sampl ing program (1982-1983; average sampl ing interval 3 weeks) and ad­
di t ional data sets f rom cruises i n 1978-1980 and 1989-1991 p r o v i d e d the 
foundation for this chapter. 

Field Procedures. Sedimenting Έ articles. A sediment trap array, 
m o o r e d at the sampl ing station, was re t r ieved and r e d e p l o y e d 15 times over 
the course of the m a i n study p e r i o d (early A p r i l 1982 to late M a r c h 1983). 
D e p l o y m e n t intervals averaged 3 weeks. T h e cy l indr i ca l acryl ic traps e m ­
p l o y e d were s imilar i n design to those descr ibed by W a h l g r e n and N e l s o n 
(11). T h e standard trap used had an aspect ratio of 4.0 (16-cm diameter) and 
an open area of 162 c m 2 w i t h a baffle and 198 c m 2 wi thout a baffle. 

P a i r e d traps (one poisoned w i t h sodium azide, the other unpoisoned) 
were deployed at eight depths on a 3/4-inch polyester bra ided l ine . Traps 
(upper surface) were located at 4.2, 7.3, 13.0, 20.5, 49.4, 87.7, 116.7, and 
131.1 m above the bot tom. T h e upper trap (28.9 m b e l o w the water surface) 
was be low the d e p t h of the s u m m e r thermocl ine . 

Retr ieval was accomplished w i t h an acoustic release ( H e l l e Engineer ing) 
located between the bottom trap and a concrete anchor. A l l trap surfaces 
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were acid-washed and thoroughly r insed before use. T r a p p e d particles, i n ­
c l u d i n g those retained on the trap funnel , were kept at 4 °C i n the dark for 
transport to the laboratory for processing. 

Standing-Crop Particles. Standing-crop, noncol lo idal , particulate mat­
ter was sampled by using two techniques: 1, n i s k i n casts fo l lowed by f i l trat ion 
onto track-etched filters and 2, serial sieve fractionation i n - l i n e w i t h cont in ­
uous-f low centrifugation, w h i c h enabled the col lect ion of gram quantit ies of 
suspended particles. 

1. A Teflon-coated sampler (General Oceanics , 10-L G o - F l o ) on 
a stainless steel h y d r o w i r e was used to obtain whole-water 
samples and samples for f i l trat ion f rom 16 points i n the water 
c o l u m n on each cruise. Samples were pressure filtered o n ­
board ship, w i t h i n a Class-100 laminar f low enclosure, i n an 
al l -Teflon c o l u m n - f i l t e r holder (Savilex) through tared 0 .4-μηι 
track-etched filters (Nuclepore) . Samples, both total Ρ and 
total filtrable P, were acidif ied w i t h h i g h - p u r i t y H C 1 (Ultrex) 
and immediate ly frozen. 

2. T h e in - l ine -s iev ing continuous-f low centrifugation system con­
sisted of a deck-mounted p u m p i n g system c o u p l e d to a plastic 
serial-sieving unit , w h i c h i n t u r n was coupled to two h i g h -
capacity continuous-f low tubular b o w l centrifuges (Sharpies 
M o d e l A S - 1 2 V ) . T h e s ieving uni t isolated four size fractions 
of larger particles (>508, 508-212, 212-114, and 111-63 μηι) , 
and the centrifuges retained particles be tween 63 and 1 μηι. 
A l l centrifuge surfaces that came into contact w i t h lake water 
were ei ther l i n e d w i t h or manufactured of poly(v inyl idene 
fluoride) (Kynar) to reduce the possibi l i ty of contaminat ion. 
A n acid-leached polyethylene terephthalate (Mylar) sheet was 
placed inside the c ircumference of the centrifuge b o w l to en­
able rap id recovery of t rapped particles. Particles and lake 
water (4 L ) , retained i n the centrifuge b o w l after the self-
sealing device isolated the b o w l , were recovered and kept at 
4 °C for transport to the laboratory. T i m e delay from the 
col lect ion to laboratory processing var ied f rom 24 to 36 h . A t 
typical lake-water particle concentrations of 1 m g / L , more 
than 0.5 g of suspended particles c o u l d be col lected i n 1 h . 
On-stat ion t ime l i m i t e d the n u m b e r of large-volume depths 
sampled per cruise to six or seven. T h e depths chosen were 
selected to be representative of dist inct layers of the water 
c o l u m n and also to correspond to depths at w h i c h sediment 
traps were deployed . 
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S a m p l i n g and processing techniques designed to isolate and concentrate 
submicrometer -s ized (colloidal) particles and associated elements were e m ­
p l o y e d on 1989-1991 cruises. Three dist inct approaches were exploi ted. 

1. F i l t ra t ion (12) of whole lake water f rom nisk in casts and een-
trifugate f rom continuous-f low centrifuges was accompl ished 
w i t h track-etched filters (Nuclepore) of various pore sizes. F o r 
P, the fractionation protocol e m p l o y e d filters rated at 1.0, 0.4, 
0.05, and 0.03 μιτι. A d d i t i o n a l 0.2- and 0.1-μιτι filters were 
added for co l lo id mass-s ize d is t r ibut ion measurements. 

2. F o r continuous-f low ultracentrifugation, large volumes (200-
250 L ) of centrifugate f rom the ship-based centrifuges were 
col lected and transported to the laboratory. There a subsample 
(—175 L ) was processed through a continuous-f low ultracen­
trifuge operat ing at 104,000 X g. T h e efficiency of the ship-
based centrifuges is 4 0 - 6 0 % for l -μηι particles and nearly 
100% for 3-μιη particles. T h e ultracentrifuge efficiently co l ­
lects particles larger then 30 n m (density-dependent) . There ­
fore, the material isolated by the ultracentrifuge spans an 
approximate size range of 30 n m to 3 μηι. 

3. Tangential-f low ultrafi l tration was used w i t h approximately 
150-L samples of centrifugate f rom the ship-based centrifuges. 
These samples were processed through a large tangential-f low 
ce l l (regenerated cellulose membrane , M i l l i p o r e Pel l icon) 
w h i l e on station. 

Particles i n the ultraconcentrates were examined ei ther i n suspension or 
after removal of solution by fi l tration. 

Sediment Core. Three replicate subcores were taken f rom a 10- X 
10- X 4 - inch box core re tr ieved f rom the 160-m station. E a c h subcore was 
sectioned at 0 .5-cm intervals f rom 0.0 to 3.0 c m and at 1.0-cm intervals f rom 
3 to 15 c m . Sect ioned sediment samples for chemical analyses were i m ­
mediate ly frozen and later f reeze-dr ied before acid digest ion. 

Laboratory Procedures. Size Fractionation. Particles col lected i n 
the centrifuge (<63 μιτι) were further size-fractionated i n the laboratory b y 
serial f i l tration of the suspension through 8- inch-diameter plastic sieves w i t h 
19- and 8 .2 -μιη mesh openings. Part icle loading was kept l o w (<15 m g per 
sieve) to avoid clogging, and filtered centrifuge water was used w h e n needed 
to a id in the processing. Particles that passed the 8.2-μπι sieves, w h i c h i n 
most samples was > 4 0 % of the total sample mass, were ei ther col lected on 
a variety of tared filters or isolated by centrifugation. F o r mass détermina-
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tions, 1.0- and 0 .4-μηι N u c l e p o r e filters were e m p l o y e d . L o a d i n g on one of 
the 1.0-μηι filters was kept l o w (<0.3 mg) to estimate the fraction of mass 
between 0 .4 -1 .0 and 1 .0-8 .2 μηι. F r o z e n samples and controls were d r i e d 
b y lyophi l iza t ion . F i l te rs were reweighed on a microbalance ( P e r k i n - E l m e r 
A D - 2 ) and vials on an analytical balance (Met t ler H 5 1 A R ) . Af ter d r y i n g the 
samples were stored at - 1 0 °C i n desiccators. 

Trap particles were size-fractionated i n the laboratory i n a manner s imilar 
to that descr ibed for the standing-crop particles. F o u r addit ional mesh sizes 
corresponding to those used i n the pumping-sys tem sieve uni t were used 
to give complete correspondence w i t h standing-crop size fractions. 

In summary, for each trap or standing-crop sampl ing point , eight par­
ticle-size fractions were created w i t h nomina l cutoffs of 508, 212, 114, 63, 
19, 8.2, 1.0, and 0.4 μηι. T h e 600 standing-crop and 1000 trap-mass fractions 
were chemical ly analyzed for phosphorus and major and trace e lemental 
composi t ion. Ma jor particle types were ident i f ied and enumerated by optical 
microscopy. 

Chemical Analyses. Subsamples (<20 mg) of s tanding-crop- t rap par­
ticulate matter were so lubi l ized by acid digest ion i n sealed al l -Teflon bombs 
(Bombco Inc.) i n a procedure modi f ied from E g g i m a n and Betzer (13). N a ­
tional Institute of Standards and Technology (NIST) standard reference ma­
terials R i v e r Sediment ( S R M 1645), U r b a n Particulate M a t t e r ( S R M 1648), 
and mixed-e lement l i q u i d spikes were used to check b o m b performance. 

Analysis of major elements (except Si) and total phosphorus on b o m b -
digested samples was accomplished b y induct ive ly c o u p l e d plasma emission 
spectrometry ( ICP, A R L m o d e l 34,000). S i l i con was analyzed color imetr ica l ly 
(14). Phosphorus i n total digests was also d e t e r m i n e d color imetr ica l ly b y the 
method of M u r p h y and R i l e y (J5), as modi f i ed by E r i c k s o n (16). To avoid 
interference from fluoride ion used i n the digest ion technique , sample v o l ­
umes were restricted to <1 .5 m L i n the standard Ρ analytical protocol . 

B iogenic s i l icon (BSI) was d e t e r m i n e d , w i t h m i n o r modifications, b y the 
method of D e M a s t e r (17). A s adapted, the technique i n v o l v e d t ime-course 
leaching of ^ 2 0 - m g samples of particulate matter i n 30 m L of 1.0% N a 2 C O , 3 

i n a water bath at 85 °C. S i l ica i n leachates was quant i f ied e i ther co lor i ­
metr ical ly (Technicon autoanalyzer procedure) or by nitrous oxide flame 
atomic absorption. A high-temperature catalyt ic-combustion technique (Per-
k i n E l m e r 240C) was used for particulate organic carbon determinat ions . 
Particulate inorganic (carbonate) carbon was measured on the same ins t ru­
ment b y C O 2 evolut ion after treatment of the particles w i t h phosphoric ac id . 

W h o l e - w a t e r (total P) and fi l trable phosphorus (total f i l trable P, 0.4 μηι) 
analyses were per formed b y the ascorbic acid technique (18) after digest ion 
w i t h persulfate. 

Component Model. M a j o r particle phases can be descr ibed by a p p l i ­
cation of a component m o d e l . T h e component m o d e l is based on chemica l 
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analyses of particle mass fractions, a ided i n part b y optical microscopic tech­
niques. It determines the weight percentage of major components c o m ­
pr i s i ng the total particulate matter pool . Detai ls of the f u l l e ight-component 
m o d e l were descr ibed b y Shafer (19). M a j o r components w e r e discussed i n 
Shafer and A r m s t r o n g (20). 

Phosphorus Concentrations in Lake Michigan 

Total, Particulate, and Filtrable P. Water -co lumn- integrated , 
total-phosphorus concentration changes over the annual cycle were re lat ively 
modest (F igure 1). Total Ρ concentration i n the 160-m water c o l u m n ranged 
f rom 734 to 897 m g / m 2 w i t h a mean of 824 m g / m 2 (5.2 μg/L), a range of 
approximately 10% about the mean. Total f i l trable Ρ concentrations, n e p h -
e lo id Ρ regeneration exc luded, ranged f r o m 351 to 521 m g / m 2 (mean was 
418 m g / m 2 or 2.6 μg/L). F i l t r a b l e react ive-P measurements on selected 
samples f rom spr ing cruises averaged 0.9 μg/L, approximately one- th i rd of 
the total filtrable Ρ values. Particulate Ρ concentrations ranged f rom 241 to 
410 m g / m 2 (mean was 333 m g / m 2 or 2.1 μg/L), represent ing on average 
about 5 5 % of the total Ρ b u r d e n (Figure 1). 

W h e n Ρ i n the nephe lo id zone was exc luded f rom the integrations, areal 
total Ρ concentrations increased f rom 733 m g / m 2 i n m i d - A p r i l to 845 
m g / m 2 i n m i d - J u l y , and then d e c l i n e d to 630 m g / m 2 b y late N o v e m b e r . 

ι 1 ι 

90 110 130 150 170 190 210 230 250 270 290 310 330 
Day Number 

Figure L Phosphorus concentrations in Lake Michigan, 1982. Data are from 
a station in the center of the southern basin. Nepheloid regenerated phosphorus 

is not included. 
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H o w e v e r , Ρ accumulated i n the nephe lo id zone (bottom 20 m) be tween June 
and N o v e m b e r i n an amount approximately equal to that lost f rom the water 
c o l u m n above it (F igure 2). Loss f rom the water c o l u m n occurred mostly i n 
the particulate Ρ form, but filtrable Ρ was the main form appearing i n the 
n e p h e l o i d zone. A significant increase i n f i l trable phosphorus levels was also 
noted i n the m i d s u m m e r h y p o l i m n i o n (50-125 m), a change that reflects 
diagenetic loss of phosphorus d u r i n g sett l ing of the diatom front. 

Concentrat ions i n 1982-1983 were s imilar to concentrations w e mea­
sured at less frequent intervals through 1991. Total water - co lumn integrated 
Ρ concentration measured i n A p r i l 1991 was almost ident ica l to that of A p r i l 
1982 (760 versus 746 m g / m 2 and 4.8 versus 4 .7 μg/L). A sl ightly h igher 
percentage of the A p r i l 1982 total Ρ was particulate than the A p r i l 1991 total 
Ρ (47% versus 40%). O n e year earlier i n 1990, the total-P concentrat ion i n 
late M a y (646 m g / m 2 or 4 .0 μg/L, 4 1 % particulate) was 2 0 % lower than 
that measured i n late M a y and early June of 1982 (~800 m g / m 2 or 5.0 

300 h 

250 

CD 
Ε 
c ο 

200 

150 
c 
Φ ο c ο ο 
ο. 

100 

50 

0 

PARTICLES 
FILTRABLE 

100 125 150 175 200 225 250 275 300 325 
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Figure 2. Phosphorus concentrations in the bottom nepheloid zone. 
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μg/L). T h e difference resulted f rom lower part iculate-P levels (f i l trable-P 
concentrations were comparable: 380 m g / m 2 or 2.4 μg/L i n 1991 and 
390-400 m g / m 2 i n 1982). Seasonal trends i n Ρ levels were , however , s imilar 
i n 1990 and 1982. B o t h fi l trable and total Ρ increased f rom M a y levels to 
maximal values i n July . In 1982 total Ρ rose f rom 800 to 900 m g / m 2 (5.0 to 
5.6 μg/L) and fi l trable Ρ rose f rom 400 to 540 m g / m 2 (2.5 to 3.3 μg/L) . In 
1990 total Ρ increased f rom 650 to 959 m g / m 2 (4.1 to 6.0 μg/L) and f i l trable 
Ρ rose f rom 380 to 600 m g / m 2 (2.4 to 3.7 μg/L). S imi lar ly , our 1982-1983 
total-P concentrations were i n close agreement w i t h 1983-1986 values p u b ­
l i shed b y L e s h t (6). These results indicated that total-P concentrations have 
changed l i t t le over the past decade. H o w e v e r , changes i n the food w e b may 
have inf luenced relationships between total-P levels and p r i m a r y product ion 
(21, 22). 

E v e n though the concentration changes are relat ively smal l (for a 40-
m g / m 2 change over the 160-m water c o l u m n , Δ Ρ is 0.25 μg/L), the actual 
quantities of Ρ are large. A concentration change of 100 m g / m 2 corresponds 
to 5354 metr ic tons of Ρ over the main lake, an amount approximately equal 
to the estimated annual total-P loading i n the m i d 1970s (5) or twice the 
loading i n the m i d 1980s (6). 

T h e interannual Ρ patterns suggest a relat ively nondynamic Ρ cycle . Yet 
major pr imary-product ion cycles occur i n L a k e M i c h i g a n . E i t h e r the b io ­
logical d e m a n d for Ρ is small i n comparison to the internal pool and the 
supply p r o v i d e d b y external loading, or Ρ ut i l izat ion b y phytoplankton is 
largely offset b y subsequent recyc l ing to dissolved Ρ or b y release f rom 
bottom and resuspended sediments. W e evaluate the role of Ρ c y c l i n g i n 
contro l l ing the supply of Ρ for p r i m a r y product ion . 

S i z e D i s t r i b u t i o n o f P a r t i c u l a t e P . A l t h o u g h interannual changes 
i n total Ρ concentration are relat ively smal l , variations i n particulate Ρ are 
substantial. Eva luat ion of changes according to particle size range provides 
information o n the processes inf luenc ing particulate Ρ concentrat ion. In 
1982, f rom the onset of stratification to late July , integrated e p i l i m n e t i c 
particulate phosphorus concentrations rose f rom 65 to 100 m g / m 2 . H o w e v e r , 
these levels fe l l rapidly to < 5 0 m g / m 2 by m i d - S e p t e m b e r . T h e change 
co inc ided w i t h the p e r i o d of active C a C 0 3 prec ipi ta t ion and deposi t ion 
(Figure 3). Scavia and Fahnenst ie l (23) also noted that b o t h p r i m a r y p r o ­
duct ion and grazing were dramatical ly r e d u c e d d u r i n g episodes of C a C O ; 3 

precipi tat ion. 
M o s t of the ep i l imnet i c particulate Ρ was found i n the 1 . 0 - 8 . 2 - μ η ι size 

range, w h i c h comprises small p lankton and detr i tal mater ia l . D u r i n g the 
m i x i n g and early stratification periods, a major fraction of total particulate 
Ρ was associated w i t h diatoms. T w o diatom-dominated size fractions, 6 3 - 1 9 
and 211-114 μηι, accounted for 20 and 12%, respect ively, of the integrated 
total particulate Ρ b u r d e n at peak levels i n spr ing. Total d ia tom-P contr i -
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Figure 3. Particulate phosphorus concentrations (size-fractionated-standing-
crop) integrated over the epilimnion. 

b u t i o n ranged f rom 30 to 40% i n spring. Zooplankton Ρ (>212 μιη) was a 
significant fraction (21-26%) of the ep i l imnet i c particulate Ρ i n m i d s u m m e r . 

W h e n concentrations were integrated over the ent ire water c o l u m n 
(Figure 4), the importance of diatoms and smal l particles became evident . 
Throughout the year, more than 50% of the particulate Ρ was contained i n 
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Figure 4. Particulate phosphorus concentrations (size-fractionatedstanding-
crop) integrated over the entire water column. 

<8.2-μιτ ι particles. I n late s u m m e r and fal l , w h e n diatoms and larger a l loch-
thonous aggregates had settled from the system, nearly 8 0 % of particulate 
Ρ was associated w i t h <8 .2-μιτ ι particles. Presentation of Ρ concentrations 
as integrated values belies the complexi ty of a g iven prof i le . Part iculate-P 
profiles especially show considerable detai l . T h e y correlate strongly w i t h 
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algal layer ing, part icularly i n the deep c h l o r o p h y l l m a x i m u m . A typica l p r o ­
file sequence is shown i n F i g u r e 5. 

Phosphorus Transport to the Sediment Surface 

Total-P Flux. T w o approaches were c o m b i n e d to calculate removal 
by deposi t ion. D u r i n g the stratified p e r i o d deposi t ion was d e t e r m i n e d f rom 
the mass flux, measured b y using sediment traps suspended at eight levels 
i n the water c o l u m n , and the Ρ concentration i n the sediment trap material . 
Pos i t ioning of traps at key depths a l lowed p r i m a r y and resuspended flux 
components to be deconvoluted. 

Depos i t ion d u r i n g the m i x e d p e r i o d (up to day 165) was calculated f rom 
a mass balance on water -co lumn S i and the S i : Ρ ratio i n sediment trap 
material , because sediment traps overestimate the net particle deposi t ion 
flux i n a m i x i n g water c o l u m n (19). O u r calculations assumed that losses of 
dissolved reactive S i resul t ing from diatom uptake that are not accounted 
for by increases i n particulate biogenic S i are caused b y S i deposi t ion. T h e 
estimate of mixed-per iod Ρ deposit ion was conservative because w e assumed 
that nondiatom particulate Ρ was r e m o v e d at a rate s imi lar to diatom P. W e 
also assumed that loss of Ρ i n traps resul t ing f rom diagenes is -d isso lut ion 
was negl igible . T h e use of short col lect ion periods (2 -3 weeks) and a poison 
should m i n i m i z e loss. 

T h e annual total Ρ flux to the sediment surface was about 185 m g / m 2 

(F igure 6), corresponding to about 2 5 % of the Ρ i n the water c o l u m n i n m i d -
A p r i l . D e p o s i t i o n of Ρ d u r i n g the m i x e d p e r i o d ( A p r i l to mid-June) was 
almost 3 0 % of the annual flux. In comparison, E a d i e et a l . (24) est imated a 
somewhat higher p r i m a r y flux of about 250 m g of P / m 2 . T h e larger value 
probably resulted i n part f rom a higher average Ρ concentrat ion i n the 
p r i m a r y flux (1.2 versus 0.95 mg/g) and less frequent upper -water - co lumn 
s u m m e r deployments . S t i l l , the concordance be tween independent mea­
surements was qui te good. 

N e a r l y 3 0 % of total Ρ deposi t ion occurred i n the 1-month p e r i o d in i t ia ted 
at t ime of f u l l thermal stratification (mid-June). B y early August 66% of the 
total Ρ had reached the sediment. R a p i d sedimentat ion of both al lochthonous 
particles and spr ing diatom product ion i n the now-stable water c o l u m n were 
the source of these large percentages. Thus m i d - w a t e r - c o l u m n net Ρ fluxes 
were at their annual m a x i m u m d u r i n g this p e r i o d , w i t h rates i n the range 
of 1200-1800 μ g / m 2 per day (Figure 7). U p p e r h y p o l i m n e t i c Ρ fluxes i n 
m i d s u m m e r ranged from 300 to 400 μ g / m 2 per day and d e c l i n e d to 200 
μ g / m 2 per day b y N o v e m b e r (Figure 7). 

C a l c i u m carbonate precipi tat ion and sedimentat ion f rom m i d - A u g u s t 
through October (ref. 20; see also the fo l lowing discussion of components) 
significantly enhanced Ρ fluxes. T h e impact of calcite prec ipi ta t ion on Ρ 
removal f rom the e p i l i m n i o n is shown i n F i g u r e 8. Phosphorus flux into the 
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Figure 5. Depth profiles of particulate phosphorus concentration at selected 
times in 1982. Continued on next page. 
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Figure 5. Continued. 
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Figure 6. Phosphorus flux to the sediment surface. The total flux over study 
period was 185 mg/m2. 
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Figure 7. Isopleths of phosphorus flux (micrograms per square meter per day) 
in the water column, measured by using sediment traps. The values are the 

sum of size fractions. 

 P
ub

lic
at

io
n 

D
at

e:
 M

ay
 5

, 1
99

4 
| d

oi
: 1

0.
10

21
/b

a-
19

94
-0

23
7.

ch
00

9

In Environmental Chemistry of Lakes and Reservoirs; Baker, L.; 
Advances in Chemistry; American Chemical Society: Washington, DC, 1994. 



9. S H A F E R & A R M S T R O N G Mass Fluxes and Recycling of Phosphorus 2 9 9 

—ι 1 J 1 1 j 1 1 1 1 1 1 1 1 j r-
1000 

800 

CO 
Ό 

i 
600 

I 400 
CO 
m 

200 

• > 114 μηι -• 114-63 μπι -
m 63-19 μηι • 
m 19-9.2 μπι 
22 < 8.2 μιη " 

165 195 225 255 2Θ5 315 345 
Day Number 

Figure 8. Downward arealflux (sediment-trap-measured) of phosphorus at 29 
m during the period of thermal stratification. 

uppermost trap (29 m) just before and after the major prec ipi tat ion episode 
was about 75 μ g / m 2 per day. H o w e v e r , Ρ fluxes of 800 μ g / m 2 per day were 
observed d u r i n g active precipi tat ion. 

Trap and standing-crop data show the front of carbonate-associated Ρ as 
it settled through the water c o l u m n , reaching the bot tom sediment be tween 
days 250 and 260. M o s t of the pr imary Ρ flux reaching the sediment d u r i n g 
days 265 to 294 (22.5 mg 2 ) was carbonate-associated. Sediment-trap-based 
Ρ fluxes i n the nephe lo id region typical ly ranged f rom 1500 μ g / m 2 per day 
(20 m off the bottom) to over 5000 μ g / m 2 per day (4 m off the bottom) and 
showed steady development as the season progressed (Figure 7). 

T h e size dis t r ibut ion of Ρ i n sediment ing material at a m i d - w a t e r - c o l u m n 
depth (111 m) is shown i n F i g u r e 9. T h e dominance of small part icle sizes 
(19-8.2 and <8 .2 μιη) is immedia te ly apparent, represent ing about 70% on 
a seasonally averaged basis. T h e presence of smaller fractions was enhanced 
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after m i d - A u g u s t b y the introduct ion of massive amounts of calcite particles 
into the two smallest size classes. O n l y a very smal l por t ion of the < 8 . 2 - μ ι η 
fraction from the traps was < 2 μιτι i n d i m e n s i o n . I n contrast, the standing-
crop collections typical ly contain a large < 2 - μ ι η component . 

T h e significance of small fractions on an annual basis was notably r e d u c e d 
w h e n expressed as a flux because of a substantial contr ibut ion f rom large 
particles d u r i n g periods of h i g h total mass flux. A l s o conspicuous was the 
impact of the spr ing diatom b l o o m ; the growth and subsequent dec l ine of 
Ρ i n the 63 -19- and 114-63-μιτι size fractions was a direct ref lect ion of the 
spr ing b l o o m . A t its peak these two fractions contained 5 5 % of the total Ρ 
flux. Large particles (>114 μπι) contr ibuted less than 6% of the Ρ flux. N e a r -
bottom traps contained a h igher percentage of m e d i u m - s i z e d particles as a 
result of aggregation i n the dynamic nephe lo id region. 

Phosphorus sett l ing rates were calculated as the ratio of Ρ fluxes to 
standing-crop concentrations (F igure 10). O b s e r v e d rates ranged f rom <0 .1 
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Figure 10. Phosphorus settling rates in 1 9 8 2 , calculated as the sediment-trap-
measured depositional flux divided by the total particulate Ρ concentration 

(meters/day). 

to > 3 m/day and reflected variat ion i n particle vectors, h y d r o d y n a m i c en ­
vironments , and Ρ regeneration. Rates >1 .0 m/day probably were not true 
net b u l k settl ing velocities. Typica l values were 0.5 m/day for d ia tom-
associated Ρ and 0.1 m/day for nonsil icious organic matter. Carbonate 
precipi tat ion enhanced settl ing rates by a factor of 2 - 3 . 

T h e t ime-sequence pattern of Ρ deposi t ion to the sediment surface dif­
fered markedly f rom that observed w i t h s i l icon (25). B iogenic s i l icon u n d e r ­
went relat ively l i t t le dissolution i n the water c o l u m n as compared w i t h 
phosphorus, w h i c h resulted i n a bel l -shaped deposi t ion pattern (F igure 11). 
R a p i d regeneration of Ρ d u r i n g sedimentat ion resulted i n a slower net sett l ing 
rate for Ρ than for biogenic s i l icon. 

Particulate Matter Components Controlling Ρ Deposition, To 
assess the role of various particle events i n e lemental cyc l ing , major part ic le 
types i n size-fractionated standing-crop and trap collections were ident i f i ed 
though microscopic examination and chemica l analysis. Subsequent ly , a par­
ticle components m o d e l was developed to quantify major part icle types o n 
the basis of the e lemental composi t ion of size-fractionated particulate matter 
(19, 20). T h e components m o d e l facilitates quantitative assessment of the 
cycles of natural particles and associated elements. 
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Figure 11. Primary flux of biogenic silica to the sediment surface: a, cumulative 

flux; b, flux and flux per period (milligrams/ square meter). 

T h e major particle components detected var ied dramatical ly over the 
annual cycle (F igure 12), as w e l l as between trap and standing-crop collec­
tions. B iogenic si l ica (diatoms) was the dominant component of the part ic le 
flux between A p r i l and June. Calc i te , p r o d u c e d by in- lake prec ipi ta t ion, 
became a major component f rom early August to N o v e m b e r . Proport ions of 
other components were less, but became significant at certain t imes of the 
year. W h e n integrated over the year, fluxes of components to the sediment 
surface ranged f rom 5 g / m 2 for fecal pellets to 106 g / m 2 for diatoms (Table 
I). In comparison to the sett l ing material (F igure 12a), the suspended par­
ticulate matter (F igure 12b) contained more organic matter and less terr ig­
enous minera l material (19). 
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Associat ion of Ρ w i t h major components of the part ic le f lux was inves­
tigated to identi fy and quantify the processes contro l l ing Ρ removal and 
recyc l ing i n the water c o l u m n . T h e approach i n v o l v e d c o u p l i n g fluxes of 
particle components , d e r i v e d f rom the components m o d e l , w i t h the Ρ con­
centration of the component obtained f rom chemica l analysis of p u r e part ic le 
fractions. T h e isolation of clean samples of i n d i v i d u a l part ic le types was 
achieved through the combinat ion of size fractionation and sampl ing over a 
range of t imes and depths. 

T h e calculated flux of diatoms to the sediment surface was about 105 
g / m 2 . Based on a dia tom-P concentration (diatoms captured i n near-
bottom traps) ranging f rom 0.8 to 1.2 mg/g, diatom Ρ deposi t ion amounted 
to 85-125 m g / m 2 . Calc i te deposit ion d u r i n g August and September was 
18-26 g / m 2 , calculated f rom trap flux measurements and the component 
m o d e l estimate of calcite i n trap material . F r o m a measured Ρ concentrat ion 
i n calcite captured i n mid-water - co lumn traps of 1.2 mg/g, a calc i te-P flux 
of 21-32 m g / m 2 was obtained. T h e annual allochthonous (terrigenous) m a ­
terial f lux to the sediments was estimated to be 33 g / m 2 . C o m b i n i n g the 
flux w i t h the measured Ρ concentration of 1.25-1.5 mg/g (terr igenous-dom­
inated trap collections and b u r i e d bot tom sediment) gave the terrigenous Ρ 
deposi t ion flux of 41-50 m g / m 2 . D e p o s i t i o n of fecal pellets amounted to 
about 5 g / m 2 , for an estimated annual fecal pe l l e t -P flux of 10-20 m g / m 2 . 
T h e Ρ content of fecal pellets (2-4 mg/g) was est imated f rom carbon values. 
F l u x estimates of major particle vectors are those reaching bot tom sediment , 
thereby accounting for phase loss i n the water c o l u m n . 

C o m p a r i s o n of the deposit ional fluxes shows that diatoms w e r e the most 
important particle component transporting Ρ to the sediment surface, ac­
count ing for 50-55% of the flux (Table II). Terr igenous mater ia l and calcite 
were also important transport vectors. D e p o s i t i o n v a r i e d m a r k e d l y w i t h 
season, as shown b y the t ime series plot of the major part ic le components 
(F igure 13). T h e total Ρ flux calculated b y us ing the part ic le components 
m o d e l agreed w i t h the flux measured by sediment traps (157-227 versus 
185 mg/m 2 ) . T h e close agreement indicated that the major part ic le vec­
tors were represented and associated Ρ concentrations were accurately 
quant i f ied. 

Phosphorus Cycling and Regeneration 

Uptake and Release by Diatoms. Dia toms represent a major sink 
and transport vector for Ρ i n L a k e M i c h i g a n . T h e importance of diatom 
product ion is shown by the changes i n dissolved reactive S i levels that 
resul ted f rom incorporat ion into diatoms. D u r i n g the m i x e d p e r i o d (late 
M a r c h to mid-June) dissolved reactive S i decreased b y 30.7 g / m 2 , repre­
senting 36% of the spr ing concentration. A n addit ional 11.4 g / m 2 was re-
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Figure 12a. Component composition of particulate material collected in sed­
iment traps at 111 m depth. The values are the sum of size fractions. 
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Figure 12b. Suspended particuhte matter integrated over the water column. 

m o v e d i n the subsequent stratified p e r i o d . W e calculated the corresponding 
Ρ d e m a n d resul t ing f rom diatom product ion on the basis of measurements 
of Ρ and Si concentrations i n diatoms obtained b y the size-fractionation 
procedure (Table H I ) . Total d iatom d e m a n d for Ρ of about 280 m g / m 2 rep­
resented about 37% of the spr ing total Ρ concentration, somewhat less than 
the corresponding S i d e m a n d of almost 50%. O v e r 7 0 % of the Ρ d e m a n d 
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Table I. Component Composition of Suspended Particulate Matter and Material 
Deposited at the Sediment Surface 

Typical 
Concentration Deposited 
in Suspended Material, 

Material (mg/g) Annual Flux 

Component Spring Fall g/m2 % 

Diatoms 600 230 105.6 61 
Calcite" 40 450 30.4 17 
Terrigenous 260 130 33.2 19 
Organic matter (2l5)b (205)fc 25.9 (15)* 

total nondiatom 55 150 4.8 3 
Fecal pellets 5 3h 

Biogenic silica (440)fo (175)fc 84.5 (49)h 

Total 955 960 174' 100 

"Autochthonous calcite. 
''Not included in total because phase is contained within other components. 
cDiatoms + calcite + terrigenous + nondiatom organic matter. 

occurred pr ior to stratification i n mid- June . T h e measured diatom Ρ flux to 
the sediment surface was 85-125 m g / m 2 , showing that about 60% of the Ρ 
incorporated into diatoms was recyc led w i t h i n the water c o l u m n . T h e amount 
est imated to be recyc led agreed w i t h measured increases i n Ρ concentrat ion 
i n the h y p o l i m n i o n d u r i n g the stratified p e r i o d (F igure 2). 

T h e changes i n filtrable Ρ concentrations d u r i n g the spr ing p e r i o d w e r e 
small i n comparison to the magnitude of the Ρ d e m a n d generated b y p r i m a r y 
product ion and the size of the f i l trable Ρ p o o l . I f a l l Ρ u t i l i z e d b y diatoms 
came f rom the spr ing fi l trable Ρ pool , the concentration w o u l d be r e d u c e d 
b y over 70%. F u r t h e r m o r e , calculated biological Ρ d e m a n d from diatoms 
represents a smal l fraction of the total d e m a n d . W e expect nonsil iceous algae 
to dominate total p r i m a r y product ion (see the fo l lowing discussion of 
carbon-phosphorus cycling). T h e f i l trable Ρ p o o l was largely organic and 
col lo idal P ; dissolved reactive Ρ concentrations represented only about 3 0 % 
of the f i l trable Ρ i n spr ing. A p p a r e n t l y a major por t ion of the filtrable Ρ p o o l 
was unavailable for rapid ut i l izat ion b y diatoms. 

Table II. Component-Specific Annual Fluxes of Ρ 

Component Amount (mg/m2) Percent of Total 

Diatom-P 85--125 50-55 
Caleite-P 21--32 12-15 
Terrigenous-P 41--50 22-26 
Fecal Pellet-P 10--20 6-8 
Total 157- -227 
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Figure 13. Component flux (sediment-trap-measured) of particulate material 
deposited at the lake bottom. 

T h e diatom d e m a n d occurred main ly d u r i n g the prestratif ication p e r i o d . 
It is u n l i k e l y that external loading p r o v i d e d a major part of the 200 m g of 
P / m 2 u t i l i z e d d u r i n g this 2 -month p e r i o d . Thus , the probable sources were 
ei ther rapid recyc l ing of diatom-P, other components of the particulate Ρ 
pool , or bottom sediments. 

E v i d e n c e that algae ut i l ize Ρ f rom the particulate p o o l was found i n the 
large and rapid changes i n Ρ content of the <8.2-μΐΉ standing-crop fraction 
and col lo idal phases i n early spr ing (Figure 14). These fractions w e r e d o m ­
inated throughout the m i x e d p e r i o d b y allochthonous phases, and l i t t le d i -
lut ional input of n e w biogenic si l ica occurred u n t i l day 170. O v e r the p e r i o d 
of highest diatom d e m a n d , a net removal of 1.5 mg/g of Ρ (5.0 —» 3.5 
mg/g), or 70 m g / m 2 occurred from this part ic le pool . T h e loss of Ρ was also 
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Table III. Diatom-Associated Uptake, Regeneration, and Deposition of Ρ 
in Lake Michigan 

Flux Component Explanation Ρ Flux (mg/m2) 

Diatom phosphorus Diatom Ρ = 2 . 0 mg/g 
demand Si:P = 1 7 5 

Mixed period Si Demand = 3 0 . 7 g/m2 1 8 0 - 2 2 5 
Stratified period Si Demand = 1 1 . 4 g/m2 7 0 - 8 5 

Total 2 5 0 - 3 1 0 
Diatom Ρ flux to Diatom flux = 104 g/m2 8 5 - 1 2 5 

sediment surface Diatom Ρ = 0 . 8 - 1 . 2 mg/g 
Diatom Ρ recycled Demand-deposition 1 2 5 - 2 2 5 

in water column 
Increase in midhypolimnion Ρ Measured changes 8 5 - 1 2 5 

shown by changes i n the S i : Ρ ratio i n the <8 .2 fraction (—1-8.2 μιη) (F igure 
15) increasing f rom 40 to 70 over the m i x e d p e r i o d . W e do not have con­
current co l lo ida l -P data. H o w e v e r , i n m i d - A p r i l 1991 w e measured a co l -
lo ida l -P pool of ~ 1 7 0 m g / m 2 (9.5 m g of P/g, 110 m g of col lo idal mass/m 3 ) . 
If the proportions u t i l i z e d by diatoms from the col loidal and < 8 . 2 - μ ι η frac­
tions were s imilar , an addit ional supply of 50 m g / m 2 was possible. Thu s , 

Figure 14. Isopleths of total particulate phosphorus concentration (milligrams/ 
gram) in the <δ\2-μ?η size fraction of the suspended particulate material. 
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Figure 15. Isopleths of the molar ratio of biogenic Si to Ρ in the <8.2-μηι size 
fraction of the suspended particulate material. 

over half of the mixed-per iod diatom d e m a n d could be p r o v i d e d by col lo idal 
and particulate P. 

R a p i d recyc l ing of diatom Ρ is apparently significant, as revealed b y 
trends i n the S i : Ρ ratios of diatom-dominated size fractions of the standing-
crop and sediment trap material . A d o u b l i n g (100 —» 200) of the S i : Ρ ratio 
in the 7 0 - 2 0 - μ ι η trap fraction (Figure 16a) was evident . In addi t ion , a three-
to fourfold increase (100—» 300-400) occurred i n the l l l - 7 0 - μ η ι trap fraction 
(Figure 16b), and the ratio i n the 70-20-μιτι standing-crop fraction changed 
by over a factor of 2 (80 —» 200) f rom late A p r i l through mid- June . These 
particle fractions represented " o l d e r " diatoms and clearly p o i n t e d to signif­
icant loss of Ρ over the m i x e d per iod . A d d i t i o n a l Ρ was lost f rom diatoms 
after stratification developed. This loss resul ted i n a b u i l d u p of f i l trable Ρ 
i n the h y p o l i m n i o n , as discussed previously . 

T r a n s p o r t by C a l c i t e . T h e annual flux of calcite into the uppermost 
trap (29 m b e l o w the lake surface) was estimated to be 35 g / m 2 , and the 
mean measured Ρ content of this phase was estimated at 1.05 mg/g. A 
comparison of the calculated 29-m Ρ flux, 37 m g / m 2 , w i t h estimates of 
deposit ion to bottom sediment, indicated that 5 - 1 6 m g / m 2 (13-43% of 
upper -water -co lumn flux) was re turned to the water c o l u m n . This re lat ively 
small regeneration flux was not detected i n profiles of meta- and h y p o l i m n e t i c 
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I ' ' '|» ' • ι ι ' I I 
104112 124 137 154 167 181 200 223 242 265 294 321 

D A Y N U M B E R o f S A M P L I N G C R U I S E 

104 112 124 137 154 167 181 200 223 242 265 294 321 
D A Y N U M B E R o f S A M P L I N G C R U I S E 

Figure 16. Isopleths of the molar ratio of biogenic Si to Ρ in sediment-
trap-collected material: a, 63-19-\im size fraction; and b, 114-63-\Lm size 

fraction. 
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filtrable phosphorus. Est imates of calcite product ion based on changes i n 
ep i l imnet i c profiles of f i l trable ca lc ium are consistent w i t h upper- t rap flux. 
Loss of phosphorus was not proport ional to calcite dissolut ion, as indicated 
by an increase i n Ρ content f rom 1.05 to 1.2 mg/g. 

Uptake and Release by Other Components. O u r approach d i d 
not a l low quantitative assessment of Ρ release f rom other part ic le components 
d u r i n g sett l ing because w e d i d not have an estimate of the i n p u t t e r m (i .e. , 
flux of Ρ into terrigenous material) and fecal pellets . T h o u g h Ρ sorbed to 
terrigenous material may become available i n response to a w a t e r - c o l u m n 
d e m a n d (e.g., p r i m a r y production) , i t is u n l i k e l y that significant loss of Ρ 
f rom terrigenous phases w o u l d occur d u r i n g sett l ing i n these nonlabi le , 
previously equi l ibrated phases. U p p e r - w a t e r - c o l u m n fecal pel le t fluxes w e r e 
estimated to range from 10 to 20 g / m 2 (20). Ferrante and Parker (26) r epor ted 
an average sett l ing distance of 60 m before pel le t breakup. Thus 5 - 1 5 g / m 2 

of fecal pel let mass (15-45 m g of P / m 2 ) , was est imated to be released into 
the h y p o l i m n i o n . 

Regeneration at the Sediment-Water Interface. Phosphorus re­
cyc l ing f rom surficial sediments was calculated b y compar ing the deposi t ional 
flux, on the basis of sediment-trap measurements, w i t h the rate of Ρ b u r i a l 
i n accumulat ing sediments. T h e est imated deposit ional flux was 185 m g of 
P / m 2 per year (see F i g u r e 6). Est imates d e r i v e d f rom the summat ion of 
components fall i n the range of 161-232 m g / m 2 per year. This range is i n 
good agreement w i t h measured trap flux, indica t ing that major sedimentat ion 
vectors and their associated phosphorus flux are represented. 

T h e mass sedimentat ion rate (accumulation rate) at the 160-m station is 
about 150 g / m 2 per year, as measured b y 2 1 0 P b dat ing (27). T h e average 
sedimentat ion rate for the southern basin is about 69 g / m 2 per year (28), 
corresponding to a sediment focusing factor of 2.17 at our station. T h e Ρ 
accumulat ion flux at our station is about 170 m g / m 2 per year, as calculated 
from a mean Ρ concentration i n surface sediments of 1.135 mg/g and a mass 
sedimentat ion rate of 150 g / m 2 per year. T h e corresponding focusing-
corrected accumulat ion, 78.5 m g of P / m 2 per year, represents 58% of the 
deposi ted Ρ (Table IV). W e assume that the Ρ concentrat ion i n surface 
sediments at our station is representative of sediments accumulat ing i n other 
deposit ional areas of the lake. 

T h e surface-sediment Ρ concentration at our station is actually h igher 
than the mass-weighted mean concentration i n the p r i m a r y deposi t ional flux 
(1.135 versus 0.950 m g of P/g), a result of less efficient recyc l ing of Ρ than 
of major components of the deposit ional flux (biogenic si l ica, calcite, and 
organic matter). In total, 6 3 % of the p r i m a r y mass flux is recyc led annual ly 
at the sediment surface. This change w o u l d result i n a hypothet ica l recyc l ing-
corrected Ρ concentration i n the p r i m a r y flux of 2.57 mg/g. A comparison 
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Table IV. Phosphorus Recycling at Surficial Sediments in Lake Michigan 

Flux Component Explanation 
Ρ Flux 

(mg/m2 y~l) 

Depositional flux Sediment trap measurements 185 
Burial flux Sedimentation rate x 78.5 

sediment Ρ concentration, 
focusing corrected 

Recycling flux Deposition-burial 106.5 

of this value w i t h surface-sediment concentrat ion indicates an annual recy­
c l ing percentage of 56%. 

As expected for a system near steady state o n an annual t ime scale, the 
b u r i a l rate approximately equals the est imated external loading. F r o m 1979 
to 1982, est imated total-P loadings to L a k e M i c h i g a n decreased f rom about 
100 to 50 m g of P / m 2 per year (5, 6). Sediment m i x i n g results i n accumulat ion 
rates ref lect ing conditions averaged over several years. A l t h o u g h it repre­
sents 4 2 % of the Ρ deposi ted annually at the sediment surface, annual b u r i a l 
corresponds to only 10% of the Ρ i n the water c o l u m n i n the spr ing (mid-
A p r i l ) or 28% of the Ρ incorporated into diatoms annual ly . 

N e p h e l o i d Z o n e . D e t a i l e d profiles of f i l trable and total Ρ document 
the progressive b u i l d u p of a n e p h e l o i d Ρ p o o l (F igure 2). M o s t n e p h e l o i d 
Ρ is i n the filtrable (dissolved plus colloidal) fraction and reflects regenerat ion 
of the current year s sedimentat ion. T h e magnitude of the n e p h e l o i d p o o l 
accumulat ing annual ly is somewhat larger than our independent estimate of 
annual recycl ing . Thus , lateral inputs of phosphorus to this region may be 
significant. 

T h e nephe lo id Ρ pool is approximately 50% particulate (>0.4 μιη) 
through m i d - A u g u s t , but shifts rapidly to filtrable forms thereafter. T h e 
t i m i n g reflects the interplay of diagenesis and supply of phosphorus vectors 
to the sediment surface. A mean regeneration rate of 1.85 m g of P / m 2 per 
day is calculated over the p e r i o d f rom thermal stratification to m a x i m u m 
areal n e p h e l o i d concentration (late N o v e m b e r ) . Rates ranged f rom < 0 . 2 (late 
spring) to >4 .0 m g of P / m 2 per day ( O c t o b e r - N o v e m b e r ) . O n l y a small 
fraction of these rates-pools can be at tr ibuted to pore-water diffusion of Ρ 
into the over ly ing n e p h e l o i d region. Pore-water fluxes range f rom about 0.05 
to 0.2 m g of P / m 2 per day for midlake and near-shore sediments , respect ively 
(8, 29). Thus , only 10% of the observed n e p h e l o i d f i l trable Ρ p o o l can be 
at tr ibuted to pore-water diffusion. 

T h e n e p h e l o i d Ρ pools observed i n 1989 and 1990 w e r e s imilar i n mag­
ni tude to those measured i n 1982. In late August 1989, a n e p h e l o i d excess 
Ρ pool of 241 m g / m 2 (94% filtrable) was measured. In m i d Ju ly of 1990, the 
pool contained 167 m g / m 2 (96% filtrable). Concentrat ions of filtrable P, 2 
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m off-bottom, were 12.9 μg/L i n July 1990 and 23.0 μg/L i n August 1989, 
levels 4 and 5 t imes the corresponding u p p e r h y p o l i m n e t i c concentrations. 

A s i l lustrated i n F i g u r e 17, a large component of n e p h e l o i d f i l trable Ρ 
is associated w i t h col loidal -s ized particles. T h e availabi l i ty of c o l l o i d - b o u n d 
Ρ w i l l d e p e n d o n whether the association results f rom repart i t ioning (i .e. , 
sorption of orthophosphate to different phases after regeneration) or release 
i n col lo idal form as carrier particles undergo r a p i d diagenesis. 

In fall the nephe lo id zone contains about 2 0 - 3 0 m g / m 2 of particulate 
P, compared w i t h a f i l trable p o o l of 150-250 m g / m 2 that is available for 
advection at turnover . Roughly one- th i rd of the f i l trable p o o l is co l lo idal . I f 
uni formly resuspended throughout a 160-m water c o l u m n , n e p h e l o i d c o l ­
lo idal Ρ w o u l d represent between 0.3 and 0.5 m g of P / m 3 (pg/L). 

E p i l i m n e t i c C y c l i n g o f P h o s p h o r u s a n d C a r b o n . Information on 
carbon cyc l ing is useful i n assessing Ρ uptake and regeneration. T h e few 
available estimates of annual p r i m a r y product ion (30, 31 ) range f rom 100 to 
180 g of C / m 2 . T h e diatom carbon d e m a n d of 12-15 g of C / m 2 w o u l d 
represent only 8 - 1 0 % of total carbon f ixed i f a value of 140 g / m 2 is used for 
p r i m a r y product ion . Therefore, nonsil iceous algae must account for the re­
main ing d e m a n d or large excretory carbon losses must be i n v o k e d . If 125 g 
of C / m 2 of total carbon is f ixed b y nonsil iceous autotrophs, the addi t ional 
phosphorus d e m a n d w o u l d be —3000 m g / m 2 (by us ing a C : Ρ ratio of 125:1). 
If nonsiliceous product ion occurs i n a 25-m phot ic zone over a 6 -month 

Figure 17. Concentrations of particulate P, colloidal P, and dissolved Ρ in the 
nepheloid zone in August 1989. 
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p e r i o d , and particulate Ρ is 2 μg/L, the residence t ime of particulate Ρ is 
only 3.0 days (0.33 per day) (i .e. , the p o o l is t u r n e d over 60 t imes d u r i n g 
the 6 -month period) . 

Several estimates of turnover b y zooplankton are available. F luxes of 
0 .07-0 .18 μg of P / L per day were est imated b y Scavia et a l . (7). B u s c h and 
Brooks (32) d e t e r m i n e d zooplankton excretion rates of 0 .4 -1 .4 μg of P / L 
per day for s u m m e r ep i l imnet i c populations, E q u a t i n g of these turnover 
rates to a 6-month p e r i o d and a 25-m phot ic zone results i n areal fluxes i n 
the range of 500-5000 m g of P / m 2 . 

In comparison, our measurements of e p i l i m n e t i c zooplankton biomass 
over the study p e r i o d (3540 mg/m 2 ) , c o m b i n e d w i t h Scavias (7) weight -
specific zooplankton regeneration rate of 1.7 μg of P / m g per day, give a flux 
of —800 m g of P / m 2 . These estimates of phosphorus excretion rates are 
s imilar to our carbon-based phosphorus d e m a n d . 

T h e f ish c o m m u n i t y also contributes to Ρ regeneration. Kraf t (33) pre ­
sented a mass-balance analysis of Ρ regeneration b y alewife i n the e p i l i m n i o n 
of L a k e M i c h i g a n that was based on a near-shore mid-1970s scenario. I n the 
late s u m m e r months, dai ly phosphorus regeneration rates obtained w e r e on 
the order of 1.0 μg of P / L per day (i .e. , s imilar to c i ted zooplankton rates). 
A d d i t i o n a l l y , rates of Ρ incorporat ion into alewife biomass were about 0.25 
μg of P / L p e r day. Dramat i c shifts subsequently occurred i n the fish p o p ­
ulat ion structure. H o w e v e r , despite the difficulties i n extrapolation to off­
shore mid-1980s condit ions, the potential exists for significant regenerat ion 
and accumulat ion of Ρ v ia f ish. 

R e s u s p e n s i o n . Sediment resuspension can play a key role i n c y c l i n g 
of Ρ and other particle-associated elements. Resuspension can resupply the 
water c o l u m n w i t h both nutr ien t - contaminant and car r ie r - sorbent phases. 
H o w e v e r , measurement of resuspension fluxes is diff icult . A l t h o u g h sedi­
ment traps have been used, problems arise i n a p p l y i n g t rap-der ived fluxes 
to resuspension calculations. T h e behavior of sediment traps at h i g h Reynolds 
n u m b e r (winter and spr ing m i x i n g conditions) is not predictable based solely 
on standing-crop particle concentrations and sett l ing rates. Thus w e calcu­
lated the resuspended p o o l of Ρ by us ing detai led profiles of suspended 
material . 

Th is approach is based o n the premise that A l can be used as a tracer 
for bot tom sediment material and that the concentrat ion of A l i n resus-
pendable surface sediment is fairly un i form basinwide. D e t a i l e d profiles of 
size-fractionated particulate a l u m i n u m concentrations spaced closely i n t ime 
over the unstratif ied p e r i o d show vert ical concentration profiles at nearly 
u n i f o r m levels , indicat ing that a pseudosteady state had b e e n achieved. T h e 
mean areal poo l of A l d u r i n g this p e r i o d was designated as the net resus­
p e n d e d pool (80-90% settles f rom the water c o l u m n b y September) , and 
the quanti ty of surface sediment r e q u i r e d to supply this pool was calculated. 
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A s s u m i n g a b u l k density of 1.05 g / c m 3 and a d r y weight fraction of 0.1 
for the interface sediment, 0.38 m m of sediment w o u l d supply the observed 
160-m water -co lumn b u r d e n of resuspended phases, approximately half the 
basinwide average annual l inear sedimentat ion. T h e corresponding amount 
of sediment was consistent w i t h the mass of al lochthonous components i n 
the water c o l u m n d u r i n g the M a r c h - M a y spr ing m i x i n g p e r i o d (200-300 
mg/m 3 ) . T h e quantity of resuspended Ρ was calculated as the product of 
mass of resuspended sediment (g/m 2) and phosphorus concentrat ion i n sur­
face sediment (mg of P/g). F o r a 160-m water c o l u m n , the amount was 48 
m g of P / m 2 (25 m g of P / m 2 for the mean water -co lumn d e p t h of 85 m). T h e 
resuspended Ρ flux (25 m g of P/m 2 ) was also obtained f rom the product of 
resuspended A l (mg/m 2 ) and the P : A l ratio i n bot tom sediment . 

T h e amount of Ρ suppl ied b y resuspension was relat ively smal l compared 
w i t h water -co lumn standing pools and major flux vectors. Thus , resuspension 
of bot tom sediments may not be a major mode of phosphorus resupply . T h e 
pool of resuspendable Ρ is f ini te . T h e depos i t ion-resuspens ion cycle w i l l 
not increase the amount of Ρ i n this pool unless Ρ is a d d e d f rom another 
source (e.g., b y diffusion of Ρ f rom lower sediment levels). H o w e v e r , the 
diffusive flux w o u l d be relat ively smal l . T h e resuspendable particulate Ρ can 
be recyc led d u r i n g spr ing m i x i n g b y repeated deposi t ion and resuspension, 
but this cycle does not increase the amount of Ρ i n the resuspendable p o o l . 
E a d i e et a l . (24) reported a resuspended Ρ flux (sediment-trap-based) o f3200 
m g of P / m 2 , 66 t imes our estimate here. H o w e v e r , this large Ρ flux w o u l d 
require the resuspension of over 2.0 c m of surface sediment and m u c h h igher 
suspended A l levels than were measured in the water c o l u m n . 

Carbon and Phosphorus Burial Efficiencies. T h e estimate of d i a ­
t o m carbon d e m a n d (12-15 g / m 2 per year) is consistent w i t h the flux of 
carbon to the sediment surface. W i t h sediment-trap fluxes corrected for 
resuspension, w e measured a total annual deposi t ion flux of 12.5 g of C / m 2 . 
In comparison, E a d i e et a l . (24) obtained 23 g of C / m 2 for a 100-m station, 
based on three m i d s u m m e r meta l imnion deployments . O f our total, 8 3 % of 
the carbon was associated w i t h diatoms, and the p r i m a r y diatom carbon flux 
was 10.3 g of C / m 2 . Thus , about 1 5 - 3 0 % of the dia tom carbon was regen­
erated i n the water c o l u m n d u r i n g sedimentat ion. A p p r o x i m a t e l y 10% of 
the diatom flux reached the sediment surface encapsulated i n copepod fecal 
pellets ; the remain ing 90% was unpackaged. 

T h e estimated p r i m a r y deposit ional flux of carbon indica ted that on ly 
9% of fixed carbon (total p r i m a r y production) reached the sediment surface 
and that diatoms d e l i v e r e d carbon w i t h an average efficiency of 77%, whereas 
nondiatom carbon was de l ivered to sediments w i t h an average efficiency of 
only 2.0%. C a r b o n is accumulat ing i n recent sediments at a rate of 3.1 g of 
C / m 2 . This rate indicates that 9.4 g of C / m 2 per year (75%) of the p r i m a r y 
flux was lost at or near the sediment surface. Therefore , about 2 .2% of the 
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fixed carbon ul t imate ly became incorporated into recent sediments. S i m i ­
larly, about 2 .7% of the annual Ρ d e m a n d for p r i m a r y product ion was re­
m o v e d b y sedimentary b u r i a l . 

Colloidal Phosphorus. O u r data, though necessarily l i m i t e d i n t e m ­
poral detai l , indicate that the col loidal fraction (0 .05-1.0 μιη) is one of the 
larger phosphorus pools and probably plays an important role i n s u p p l y i n g 
phosphorus and buffer ing concentrations i n the water c o l u m n . T h e m a g n i ­
tude of the co l lo ida l -P association is i l lustrated i n F igures 18 and 19, w i t h 
selected data f rom four recent cruises. D a t a f rom 1990-1991 are repre­
sentative of ep i l imnet i c levels, whereas 1989 data apply strict ly to n e p h e l o i d 
condit ions. C o l l o i d a l phosphorus was e n r i c h e d b y at least 5 0 % over the next 
largest size fraction o n a l l four dates except late M a y 1990. T h e extreme 
enr ichment (14-fold) i n the nephe lo id region indicated diagenesis and reas-
sociation, as w e l l as d i l u t i o n of the < 8 . 2 - μ ι η fraction w i t h carbonate phases. 
I n early spr ing, co l lo ida l -P concentrations are relat ively h i g h and probably 
serve as a source of Ρ for algal product ion i n the water c o l u m n d u r i n g the 
m i x e d p e r i o d . Suppor t ing evidence was found i n the M a y data, showing a 
deple t ion of Ρ i n colloidal-size fractions. 

Selective diagenesis and recyc l ing of Ρ d u r i n g the s u m m e r months re­
sulted i n the replenishment of the col lo idal fraction to enr ichment levels 
above spr ing values (see m i d - J u l y data). H o w e v e r , co l lo id mass concentra­
tions were lower i n m i d s u m m e r than i n spr ing. T h e size of the co l lo ida l -P 
pool actually d e c l i n e d i n the main water c o l u m n d u r i n g m i d s u m m e r . T h e 
col lo idal -P pool represents a major component of the Ρ cycle . H o w e v e r , 

0 63-19 urn (S8 8.2-1.0 urn • Colloidal 

April 21 1991 May 30 1990 July 23 1990 August 30 1989 

Figure 18. Comparison of the phosphorus concentrations of colloidal and 
particulate phases on selected dates in 1989-1991. 
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Figure 19. Comparison of dissolved Ρ (<0.05 μιη), colloidal Ρ (0.05-0.4 and 
0.4-1.0 μm), and particulate Ρ (>1.0 μηι) concentrations in Lake Michigan 

(southern basin): a, May 1990; b, July 1990. 
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pathways of formation and removal , and the role of co l lo idal Ρ i n regulat ing 
Ρ availabil i ty and residence times remain uncertain. 

Annual Phosphorus Budget and Residence Times 

A n n u a l B u d g e t . Phosphorus fluxes and storage over the annual cycle 
i n L a k e M i c h i g a n are summar ized i n Table V and F i g u r e 20. T h e analysis 
derives f rom the detai led data col lected i n 1982 (early spr ing to late fall), 
supplemented b y our more recent data and results f rom other investigations. 
A s discussed previously , the results are representative of condit ions over 
the past decade. 

I n early spr ing (Apri l ) , the 160-m water c o l u m n contained 750-800 m g 
of P / m 2 , corresponding to 400-425 m g of P / m 2 n o r m a l i z e d to the mean 
d e p t h of 85 m . D u r i n g the m i x e d p e r i o d extending through m i d - J u n e , a 
change i n total Ρ of + 4 9 m g / m 2 was measured (Table V ) . W e est imated, o n 
the basis of observed si l icon cyc l ing , that 53 m g / m 2 of Ρ was lost to the 
sediment surface over the spr ing unstratif ied interval . Th is calculation i m ­
p l i e d an estimated m i x e d p e r i o d Ρ loading (internal and external) of 102 
m g / m 2 . A net change of + 6 6 m g of P / m 2 between A p r i l and N o v e m b e r , 
coupled w i t h measured sediment-trap flux of 185 m g of P / m 2 , gave an annual 
load of 251 m g / m 2 . A stratified p e r i o d load of 149 m g / m 2 was calculated by 
difference (Table V) . 

A net loss of approximately 230 m g of P / m 2 occurred i n the water c o l u m n 
(nepheloid zone excluded) f rom the onset of thermal stratification to late 
October . M e a s u r e d trap fluxes of 122 m g of P / m 2 over this p e r i o d were 
almost ident ical w i t h the measured water -co lumn loss of particulate Ρ (F igure 
1). Loadings and fluxes are balanced by regeneration of f i l trable Ρ i n the 
n e p h e l o i d region. 

Loss rates of total Ρ f rom the stratified water c o l u m n , based on changes 
i n integrated standing-crop concentrations, ranged f rom a h i g h of 5.5 
m g / m 2 per day (mid-July to late August) to a m u c h lower rate of 0.74 

Table V. Summary of Seasonal and Annual Ρ Fluxes 
in Lake Michigan 

Stratifed 
Source of Ρ Spring Period Total 

Change in Storage 
Total water column 49 66 
Above nepheloid - 2 3 0 
Nepheloid + 200 

Output 
Sedimentation 53 132 185 

Input 
Internal + external 102 149" 251 

N O T E : All values are in milligrams per square meter. 
"Calculated as total input — spring input. 
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Figure 20. Summary of phosphorus cycle in southern Lake Michigan. Values 
in boxes are areal concentrations (milligrams I square meter); values on arrows 
are fluxes (milligrams I square meter per year). Areal concentrations are based 

on the mean depth (85 m) of the water column. 

m g / m 2 per day (late August through late October) . A n average rate for the 
entire stratified p e r i o d of 3.0 m g / m 2 per day was obtained b y us ing a gross 
Ρ flux of 330 m g / m 2 . 

R e s i d e n c e T i m e s . Phosphorus residence t imes w i t h respect to major 
deposit ional processes (see Tables II and IV) are s u m m a r i z e d i n Table V I . 
In comparison, the total-P residence t ime based on external loading is about 
4.5 years. Residence times were calculated for a mean water - co lumn d e p t h 
of 85 m , and steady state was assumed. A l t h o u g h transport of Ρ to the 
sediment surface b y the combinat ion of diatoms, calcite, and terrigenous 
material is relat ively rapid , the low bur ia l efficiency results i n a relat ively 
long residence t ime for total Ρ (about 5 years). I n comparison, the residence 
t ime for P b is about 0.6 years (20). Thus , the response t ime for Ρ changes 
w i t h respect to loading should be on the order of 5 - 1 5 years. 

T h e effectiveness of a part i t ion coefficient (K d ) approach i n p r e d i c t i n g 
trace metal residence t imes i n L a k e M i c h i g a n was demonstrated b y Shafer 
and A r m s t r o n g (20). N e a r l y 99% of the variat ion i n residence t ime among 
five trace elements was m o d e l e d on the basis of K d . T h e same concepts can 
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Table V I . Phosphorus Residence Times with Respect 
to Various Depositional Processes 

Depositional Process Total Ρ Filtrable Ρ 

Diatoms 3.4-5.0 1.7-2.5 
Calcite 13-20 6.4-10 
Terrigenous 8-10 4.0-4.8 
Fecal pellet 21-43 11-21 
Diatoms + calcite 2.7-4.0 1.4-2.0 
Gross deposition (sediment 2.3 1.2 

traps) 
Net deposition (burial) 5.4 2.7 

NOTE: A l l values are given in years. 

be appl ied to Ρ cyc l ing . A Kd (L/kg) for Ρ of ~ 9 Χ 10 5 , c o m p u t e d for 
diatomaceous particles, fe l l between estimates for Z n (4.4 X 10°) and P b 
(1.2 Χ 10 6). T h e c o m p u t e d Ρ residence t ime (3.9 years) was close to that of 
Z n (3.6 years) and fe l l s l ightly off the regression l ine of residence t ime versus 
part i t ion coefficient deve loped from the five metals (20). (The regression 
equation predic ted a phosphorus residence t ime of 1.7 years.) T h e close 
s imilar i ty i n residence t ime and K d be tween phosphorus and zinc suggested 
a s imilar biological activity and b i n d i n g mechanism. It may be possible to 
use these elements as surrogates for each other. 

Phosphorus fluxes i n L a k e M i c h i g a n are relat ively large (F igure 20). 
Depos i t iona l fluxes, main ly carr ied b y diatoms, ca lc ium carbonate, andal loeh-
thonous particles, transport almost 50% of the water c o l u m n Ρ pool (400-425 
mg/m 2 ) to the sediment surface. Af ter stratification, deposit ion (150 m g of 
P/m 2 ) decreases the supply of Ρ i n the e p i l i m n i o n available for p r i m a r y 
product ion . C l e a r l y , recyc l ing plays a major role i n regulat ing the fluxes of 
Ρ i n L a k e M i c h i g a n . T h e combinat ion of recyc l ing f rom diatoms i n the water 
c o l u m n and at the s e d i m e n t - w a t e r interface (about 300 m g / m 2 per year) 
substantially exceeds the external loading (about 100 m g / m 2 per year). T h e 
contr ibut ion f rom resuspension is relat ively small . A n n u a l b u r i a l removes 
almost 20% of the spr ing water -co lumn Ρ f rom the lake. A l t h o u g h the amount 
of Ρ contained i n the water c o l u m n is l i n k e d to the input f rom external 
sources, internal regeneration fluxes are large i n comparison to the external 
loading. Thus , changes i n external loading have a relat ively small inf luence 
on the amount of Ρ available to support p r i m a r y product ion . H o w e v e r , i n 
the long te rm, declines i n Ρ levels are expected i n response to loading 
reductions (6). 
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Retention of Sulfur in Lake Sediments 

N. R. Urban 

Lake Research Laboratory, Swiss Federal Institute for Water Resources 
and Water Pollution Control (EAWAG/ETH), CH-6047 Kastanienbaum, 
Switzerland 

Measurements of S cycling in Little Rock Lake, Wisconsin, and Lake 
Sempach, Switzerland, are used together with literature data to show 
the major factors regulating S retention and speciation in sediments. 
Retention of S in sediments is controlled by rates of seston (planktonic 
S) deposition, sulfate diffusion, and S recycling. Data from 80 lakes 
suggest that seston deposition is the major source of sedimentary S 
for approximately 50% of the lakes; sulfate diffusion and subsequent 
reduction dominate in the remainder. Concentrations of sulfate in 
lake water and carbon deposition rates are important controls on 
diffusive fluxes. Diffusive fluxes are much lower than rates of sulfate 
reduction, however. Rates of sulfate reduction in many lakes appear 
to be limited by rates of sulfide oxidation. Much sulfide oxidation 
occurs anaerobically, but the pathways and electron acceptors remain 
unknown. The intrasediment cycle of sulfate reduction and sulfide 
oxidation is rapid relative to rates of S accumulation in sediments. 
Concentrations and speciation of sulfur in sediments are shown to 
be sensitive indicators of paleolimnological conditions of salinity, 
aeration, and eutrophication. 

S U L F U R FULFILLS MANY DIVERSE ROLES in lakes. As the sixth most abun­
dant element in biomass, it is required as a major nutrient by all organisms. 
For most algae, S is abundant in the form of sulfate in the water column; 
however, in dilute glacial lakes in Alaska (J) and in some central African 
lakes (2) low concentrations of sulfate may limit primary production. Sulfur 
also serves the dual role of electron acceptor for respiration and, in reduced 
forms, source of energy for chemolithotrophic secondary production. Net 
sulfate reduction can account for 10-80% of anaerobic carbon oxidation in 
lakes (3-5), and hence this process is important in carbon and energy flow. 
Sulfate reduction, whether associated with uptake of sulfate and ineorpo-

0065-2393/94/0237-0323$ 12.75/0 
© 1994 American Chemical Society 
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ration into biomass (assimilatory reduction) or w i t h anaerobic respirat ion 
(dissimilatory reduction), generates alkal inity. In many di lute lakes this 
source of alkal inity is important as a means of neutra l iz ing acid deposi t ion 
(e.g., 6, 7). Sulfide produced through dissimilatory sulfate reduct ion can 
alter the cyc l ing and availabil i ty of nutrients , trace metals, and radioisotopes 
(e.g., 8-10) as w e l l as be toxic to organisms. I n addi t ion to direct and indirec t 
effects of sulfur, addit ional processes are mediated by sul fur -ut i l iz ing bac­
teria. Sulfate-reducing bacteria may be capable of methyla t ing trace metals 
such as mercury and t i n , ox id iz ing methane, and l i m i t i n g methane produc­
t ion b y compet i t ion for electron donors (e.g. , 11-14). T h e numerous possible 
chemica l and biological reactions of sulfur together w i t h the effects of these 
reactions on numerous other elements render the c y c l i n g of S i n lakes both 
important and complex. 

Sediment profiles of the forms and rates of accumulat ion of sulfur have 
been used i n both freshwater and marine systems as indicators of past con­
dit ions. O v e r geologic t imes, sulfate reduct ion has p layed a major role i n 
governing the carbon and oxygen balance of the atmosphere and i n regulat ing 
global cl imate (e.g., 15-19). T h e record of these changing condit ions is 
preserved i n the pyr i te deposits i n marine sediments. C h a n g i n g condit ions 
of salinity, p r i m a r y product iv i ty , and oxygenation of bot tom waters are s i m ­
i lar ly recorded i n sediment profiles of sulfur species and isotopic composi t ion 
(e.g., 20-22). In lake sediments, changes i n sulfur content and speciation 
have been interpreted as indicat ive of changes i n t rophic status (e.g., 23-25), 
inputs of acid deposit ion (e.g., 26-30), and inputs of salt water (21). 

Interpretation of sediment stratigraphy can be compl icated by diagenetic 
reactions that alter the original profi le . F o r instance, reactions of sulfur w i t h 
organic matter have been shown to alter stratigraphie records of organic 
biomolecules (e.g., 31-33). Such diagenetic alterations can lead to erroneous 
interpretations of sedimentary profiles. Di f fus ion of sulfate into sediments 
can lead to zones of sulfur incorporat ion that are not contemporaneous w i t h 
sediment deposit ion i n the same zones (e.g., 21 , 28, 34). Organic sulfur 
f rom plankton can be transformed into inorganic forms (e.g. , 35-38) . C l e a r l y , 
a thorough understanding of the processes contro l l ing retent ion of sulfur i n 
sediments as w e l l as an understanding of diagenetic transformations w i t h i n 
sediments are prerequisites for interpretat ion of stratigraphie records of 
sulfur i n lake sediments. This chapter uses numerous measurements of sulfur 
speciation i n lake sediments and recent research to clarify the factors that 
regulate retention of sulfur i n lake sediments, the possible diagenetic alter­
ations, and the areas of uncertainty that continue to i m p e d e our abi l i ty to 
interpret sediment stratigraphy. 

Forms, Abundance, and Patterns of S in Sediments 

Sulfur typical ly is enr iched i n lake sediments (300-64,000 μg/g) relative to 
crustal materials (30-2700 μg/g; 39, 40) and surface soils (50-2000 μg/g; 
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41-45). In some lakes S content and S : C ratios can exceed values typica l 
of marine sediments (46, 47), a l though this abundance tends to be the ex­
cept ion rather than the rule (9, 20). In 53 of 72 lakes for w h i c h data are 
available, concentrations of S are h igher i n surface (recent) sediments than 
i n deeper (background) sediments. This contrast has been variously attr ib­
uted to eutrophicat ion, air po l lu t ion , and diagenesis (e.g., 7, 23-27, 29, 30, 
48, 49). Differences i n sedimentary S content among lakes have been at­
t r ibuted to differences i n lake-water sulfate concentrations, sediment i ron 
content, and sediment organic carbon content (24, 26, 30, 50, 51). H o w e v e r , 
none of these factors i n d i v i d u a l l y can rel iably predic t the S content of lake 
sediments (F igure 1). 

In lake sediments sulfur exists i n both organic and inorganic forms. 
Inorganic species inc lude H 2 S , i ron monosulfides (i .e. , those w i t h F e : S ratios 
close to 1, i n c l u d i n g amorphous F e S , (hydro)troilite, mackinawite , p y r r h o -
tite, and greigite), pyr i te or marcasite, adsorbed or dissolved S O / - , 
e lemental sulfur (S°), polythionates, and a variety of soluble ionic species 
( S 0 3

2 ~ , S 2 0 3
2 ~, S„~, and S 4 0 6

2 ~ ) . I n saline lakes g y p s u m or anhydri te may 
be present. T h e dominant species typical ly are the monosulfides and pyr i te . 
Monosul f ides are ident i f ied analytically by decomposi t ion w i t h n o n o x i d i z i n g 
acid and frequent ly are cal led acid-volati le sulfides (AVS). P y r i t e and S° 
frequent ly are analyzed together by the c h r o m i u m - r e d u c t i o n technique of 
Z h a b i n a and Volkov (52) and referred to jo in t ly as c h r o m i u m - r e d u c i b l e sulfur 
(CRS) . Organic S compounds are found among proteins , polysaccharides, 
and l ip ids ; they inc lude thiols, disulf ides, thiophenes, thiolanes, sulfones, 
and sulfoxides. Several volati le species exist [d imethyl sulfide ( D M S ) , m e t h -
anethiol ( M S H ) , and carbonyl sulfide (COS)] , and many species remain to 
be ident i f ied . Analyt ica l ly , organic S f requent ly is d i v i d e d into two groups: 
carbon-bonded S and ester sulfates. C a r b o n - b o n d e d S may be analyzed b y 
desulfurizat ion w i t h Raney n icke l , but this includes a variety of funct ional 
groups. Questions remain about the specificity and comparabi l i ty of h y -
dr iodic acid reduct ion and acid hydrolysis , the two techniques used to ana­
lyze ester sulfates (41, 53, 54). Because of a lack of suitable analytical tech­
niques, most of the organic S i n sediments has not b e e n characterized. 

A w i d e variation is observed i n relative and absolute abundances 
of different S species i n lake sediments. T h e fraction of sedimentary S 
i n inorganic forms ranges f rom 0 to 99%. T h e relative importance of 
A V S and C R S , the dominant inorganic species, also varies w i d e l y (ratios of 
A V S : C R S range f rom 0.01 to 100). Concentrat ions of free H 2 S greater 
than 100 μιτιοΙ/L occur only i n pore waters i n lakes w i t h extensive or per­
manent ly anoxic h y p o l i m n i a (e.g., 55, 56). E l e m e n t a l S occurs i n l o w con­
centrations; i n organic-r ich sediments the concentrations typical ly are less 
than 5 μιτιοΐ/g (25, 27, 30). I n more inorganic sediments or i n sediments 
under layers of S -ox idiz ing bacteria, concentrations of S° can reach 280 
μΐΏθΙ/g (27, 56, 57). Thiosulfate, polythionates, and polysulf ides are reactive 
intermediates present i n l o w concentrations (57, 58). E s t e r sulfates typical ly 
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represent 3 0 - 6 0 % of the total organic S (51, 59-61). Th is chapter seeks to 
identi fy c o m m o n patterns of S speciation and the environmenta l variables 
and processes responsible for them. 

Processes Causing Observed Patterns 

Storage of sulfur i n lake sediments results f rom c y c l i n g of S i n the lake water 
and postdeposit ional diagenetic processes i n sediments. T h e major features 
of S cyc l ing i n lakes are w e l l k n o w n . Sulfur is a macronutr ient ; uptake by 
phytoplankton and subsequent bur ia l of organic S i n sediments occur i n al l 
lakes (23, 62, 63). Putrefaction of organic S releases H 2 S (as w e l l as trace 
amounts of other S gases; 64-66) that is ei ther fixed i n sediments as i r o n 
sulfides, lost to the atmosphere v i a diffusion or ebul l i t ion , or ox id ized . 

A p a r t f rom deposit ion of organic matter, sulfate reduct ion is the other 
major source of S found i n sediments. Diss imi la tory sulfate-reducing bacteria 
use S Ô 4

2 ~ as an electron acceptor to produce H 2 S . A s for H 2 S p r o d u c e d i n 
algal decomposi t ion, this reduced S may be ei ther f ixed i n sediments as i r o n 
sulfides or organic compounds, or it may be reoxidized b y oxygen, metal 
oxides, or bacteria. A large n u m b e r of bacterial types (green, p u r p l e , c o l ­
orless, and blue-green) that can oxidize H 2 S have been recognized for some 
t ime (e.g., 67-69). T h e amounts and patterns of S forms i n sediments w i l l 
d e p e n d , therefore, on relative rates of seston deposi t ion, sulfate reduct ion , 
putrefaction, recyc l ing to the lake water, and diagenetic interconversions of 
S species. 

Deposition, Putrefaction, and Recycling of Seston Sulfur. U p ­
take b y algae and subsequent sedimentation is a major flux of S w i t h i n lakes. 
Sulfur is r e q u i r e d by organisms for formation of proteins, structural poly­
saccharides, sulfol ipids, osmotic regulators, and coenzymes. Concentrat ions 
of S i n algae vary considerably ( < l - 2 0 mg/g corresponds to C : S ratios (mass 
basis) o f 2 2 - 2 7 2 ; 70, 71 ), but do not appear to be inf luenced b y concentrations 
of S 0 4

2 ~ i n lake water (I , 72). A significant fraction of algal S occurs i n 
nonprote in forms such as sulfate esters (59, 73-75), but there has been no 
systematic study of the structure and funct ion of these compounds i n fresh­
water algae. Sulfur generally is taken u p b y algae as sulfate, a l though bacteria 
and some blue-green algae can ut i l ize hydrogen sulfide (76). In most lakes 
sulfate is not a l i m i t i n g nutr ient , and concentrations of sulfate i n the water 
are not greatly affected b y algal growth. Quanti t ies taken u p b y plankton 
generally are less than 6% of the sulfate pool i n the water c o l u m n (73, 77). 

Some fraction of planktonic S is released i n the water c o l u m n as H 2 S 
or other volati le S compounds (65, 66), and the remainder settles to the 
sediments, where it is cal led seston. K i n g and K l u g (73) calculated that 
particulate matter (seston) col lected i n sediment traps had lost 6 0 - 7 5 % of 
the prote in S present i n algae. A l t h o u g h no change i n S content or c o m -
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posit ion was noted among seston samples col lected f rom traps at 5-, 8-, and 
15-m depths i n South L a k e (59), L o s h e r (56) measured a large progressive 
decrease i n total S content f rom plankton (8 mg/g) to seston col lected at 
40-m d e p t h (6 mg/g) to seston col lected at 150-m d e p t h (4 mg/g) i n L a k e 
Z u r i c h . Relat ive proport ions of carbon-bonded S dec l ined i n this sequence, 
and contributions f rom inorganic and ester S increased. E x i s t i n g measure­
ments of S i n seston col lected i n sediment traps (herein t e r m e d seston 
deposition) show a m u c h smaller range of S concentrations than i n algae 
(0.4-14 mg/g; 27, 59, 62, 72, 78), but a large range i n C : S ratios (9-105 
mass basis). F luxes of S i n seston deposi t ion (31-266 m m o l / m 2 per year; 59, 
72, 73) thus are control led by the magnitude of p r i m a r y product ion , recyc l ing 
of S w i t h i n the water c o l u m n , and the u n k n o w n factors regulat ing S content 
of seston. 

D e c o m p o s i t i o n of seston and recyc l ing of sulfur f rom sediments remain 
poor ly understood. A s s u m i n g that there is no source except seston for the 
organic S i n sediments, K i n g and K l u g (73) calculated that 7 5 % of pro te in 
S, 4 2 % of ester S, and 46% of total S was m i n e r a l i z e d i n sediments of 
W i n t e r g r e e n L a k e . O n the basis of s imilar mass-balance calculations, 4 3 % 
of ester S and 26% of total S was estimated to be minera l ized i n South L a k e 
(59) and 60% of total S i n L a k e M e n d o t a (25). T h e assumption that a l l organic 
S i n sediments is d e r i v e d f rom seston is not v a l i d i n many lakes because 
m u c h sediment S is d e r i v e d from the reaction of sulfide w i t h organic matter 
(72, 79, 80); thus the foregoing estimates probably underest imate the extent 
of recyc l ing . C o r r e c t i n g for other sources of organic S, Baker et a l . (72) 
estimated that 80% of total seston S is reminera l ized i n L i t t l e Rock L a k e . 
N o estimates of hydrolysis of sulfate esters are corrected for i n situ formation 
(cf. 79). 

D i r e c t measurement of putrefaction is problematic . In laboratory m i ­
crocosms i n w h i c h radiolabeled ( 3 5S) algae were a l lowed to settle and decay 
on top of lake sediments, a net release of less than 5 % of the 3 5 S to the water 
c o l u m n was observed, and al l release occurred w i t h i n the first 2 weeks (38). 
H o w e v e r , ongoing microbia l uptake of sulfate f rom the water c o l u m n may 
have obscured further release. M a x i m a l potential rates of cystine degradation 
were estimated b y Jones et a l . (81) to range f rom 0.001 to 50 μιτιοΙ/L per 
day i n B l e l h a m Tarn sediments and b y D u n n e t t e (82) to range f rom 28 to 
47 μιηοΙ/L per day i n sediments f rom two lakes. S imi lar measurements of 
potential rates of hydrolysis of sulfate esters (83) t remendously overest imated 
the rates calculated b y mass balance to occur i n sediments of W i n t e r g r e e n 
L a k e (73). A better understanding of putrefaction is needed to predic t re­
tent ion and concentrations of S i n sediments. 

S u l f a t e R e d u c t i o n . Diss imi la tory sulfate reduct ion , anaerobic res­
pirat ion w i t h sulfate as the terminal e lectron acceptor, is p e r f o r m e d b y 
relat ively few genera of bacteria (84). M a n y bacteria and algae are able to 
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reduce sulfate for purposes of assimilation, and several genera are able to 
reduce e lemental S, S 2 0 2

2 ~ , and S 0 3
2 ~ . Sulfate-reducing bacteria may use 

a variety of electron donors, i n c l u d i n g sugars, fatty acids, and hydrogen (4, 
1 3 , 8 4 - 8 8 ) . Quanti tat ively , acetate and hydrogen are the most important of 
these donors (4, 13, 87, 89, 90). 

Sulfate reduct ion yields less energy than respirat ion w i t h oxygen, n i ­
trate, manganese, or i ron as the terminal e lectron acceptor. H e n c e , ther­
modynamics predict that it should occur only after alternate e lectron accep­
tors have been reduced to l o w concentrations but above the zone of 
methanogenesis (91). Recently , however , aerobic sulfate reduct ion was re­
ported (92, 93). M o r e typical ly , oxygen and nitrate are consumed w i t h i n 
sediments above 0 .5 -10 c m , the depth at w h i c h sulfate is consumed. L o w 
availabil i ty of solid-phase i ron and manganese oxides can result i n reduct ion 
of these species i n the same zone as sulfate reduct ion (e.g. , 94, 95). K inet i cs 
of substrate uptake, microbia l growth, and mass transfer as w e l l as ther­
modynamics determine whether sulfate reduct ion w i l l occur together w i t h 
other modes of anaerobic respirat ion. H i g h affinity for both carbon substrates 
and electron acceptors allows i ron-reduc ing bacteria to compet i t ive ly exclude 
sulfate reducers (96, 97) and also allows sulfate reducers to outcompete 
methanogens (4, 13, 87). These compet i t ive interactions are important not 
only because they promote extensive anaerobic degradation of organic matter 
(84, 89), but also because they determine the diffusive flux of sulfate into 
sediments by regulat ing the depth at w h i c h sulfate reduct ion occurs (4, 90). 

Occurrence and Rates of Sulfate Reduction. Sulfate reduct ion is 
widespread i n lakes, as ev idenced by deplet ion of sulfate i n sediment pore 
waters. Pore-water profiles showing deple t ion of sulfate have been p u b l i s h e d 
for more than 35 lakes (e.g., 98, 99). A n absence of sulfate deple t ion i n pore 
waters does not indicate an absence of sulfate reduct ion . Sulfate deple t ion 
was not evident i n pore waters of M c N e a r n e y L a k e , but stable isotope 
measurements indicated that l o w rates of sulfate reduct ion must occur (I). 
Sulfate deplet ion was noted i n 15 of 17 lakes i n northeastern N o r t h A m e r i c a 
and N o r w a y (80, 98), but uptake of 3 5 S 0 4

2 ~ occurred even i n two lakes i n 
w h i c h no sulfate deplet ion was observed. Sulfate p r o d u c t i o n and reduct ion 
can occur concurrent ly , and the former may exceed the latter. 

Sulfate reduct ion occurs i n both l i t toral and pelagic sediments. C o o k et 
al.(JOO) calculated by mass balance that S retent ion i n e p i l i m n e t i c sediments 
exceeded that i n hypol imnet i c sediments. R u d d et al . (98) also found h igher 
rates of uptake of 3 5 S 0 4

2 " i n l i t toral sediments. In L i t t l e Rock L a k e , rates 
of sulfate reduct ion i n intact cores were lower i n sandy l i t toral sediments 
than i n organic-r ich pelagic sediments, but rates i n shallow bays rece iv ing 
h i g h leaflitter inputs were comparable to rates i n pelagic sediments (101). 

Repor ted rates of sulfate reduct ion range over nearly 3 orders of mag­
nitude (Table I). A l l measurements reported i n Table I are actual, not po-
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Table I. Measurements of Sulfate Reduction Rates in Lake Sediments 

Sulfate Reduction Rate 

System 
nmol/cm1 

per day 
mmoll m2 

per year References 

Meromictic lakes 
Faro 5-42 36-^1200 55 

E u trophic lakes 
Mendota 50-600 85 
Wintergreen 458 5580 78 

2560 73 
Third Sister 1.6-100 82 
Sempach 900-13,000 this studv 
Maggiore 6-190 2000 104 
Lugano 38-69 1200 104 
Braband 8500 58 

Mesotrophic lakes 
Washington 1.73 43 90 

Oligotrophic lakes 
Lawrence 71 4 
Little Rock 0-1680 0-5480 101 

Estuaries, shallow seas, 
continental shelf 1-10,000 73-160,000 103 

NOTE: All reported measurements are actual, not potential, rates measured with a , S. Blank 
spaces mean that no data are available. 

tential , rates; carrier-free 3 5 S 0 4
2 ~ was used i n al l cases wi thout addi t ion of 

unlabeled S 0 4
2 ~ . M o s t measurements reported i n Table I are f rom a single 

date, and some of the variabi l i ty may reflect seasonal or temperature dif­
ferences among sites. H o w e v e r , no seasonal variation was observed i n L i t t l e 
Rock L a k e (101), W i n t e r g r e e n L a k e (78) or L a k e M e n d o t a (85). C o m p a r a b l e 
methodology was used by al l investigators reported i n Table I; w i t h the 
exception of Jorgensen (58), a l l investigators measured r e d u c e d 3 5 S only i n 
A V S rather than i n C R S . Results of Foss ing and Jorgensen (102) and mea­
surements i n L a k e Sempach (Urban , u n p u b l i s h e d data) and L i t t l e Rock L a k e 
(101) indicate that very l i t t le 3 5 S is incorporated into pyr i te d u r i n g short 
incubations (<1 h) of freshwater sediments; hence all of the reported rates 
should be comparable. Rates measured i n freshwater lake sediments (2-8500 
n m o l / c m 3 per day) are comparable to rates i n estuarine and coastal marine 
sediments (1-10,000 n m o l / c m 3 per day; 103). Rates do not increase w i t h 
increasing trophic status; rates i n ol igotrophic lakes (71-1680 n m o l / c m 3 per 
day; 13, 101) are comparable to rates i n eutrophic lakes (6-4000 n m o l / c m 3 

per day; 73, 82, 85,104). Rates do not vary systematically w i t h concentrations 
of sulfate i n the lake water (F igure 2). Rates also do not vary i n propor t ion 
to carbon sedimentation rates or sediment carbon content (F igure 3). C l e a r l y , 
more measurements are needed to further test these conclusions, but the 
few exist ing measurements made w i t h comparable techniques contradict 
several accepted paradigms. 
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Figure 2. Rates of sulfate reduction in lake sediments reported in the literature 
range over 3 orders of magnitude and are not correlated with lake sulfate 
concentrations. All measurements were made with 35S in intact cores or core 

sections. References are given in Table I. 

Factors Controlling Rates of Sulfate Reduction. Factors typica l ly 
c i ted as control l ing sulfate reduct ion inc lude temperature , sulfate concen­
tration, and availabil i ty of carbon substrates. A l t h o u g h sulfate-reducing bac­
teria typical ly exhibit steep responses to temperature (rates increase 2.4- to 
3.7-fold per increase of 10 °C; 85, 101, 105), ne i ther differences be tween 
deep and shallow lakes (Table I) nor seasonal variat ion have been observed 
i n rates of sulfate reduct ion (78, 85, 101). This apparent lack of response of 
sulfate reduct ion rates to changes i n temperature may indicate that rates are 
l i m i t e d b y other factors. 

M u c h confusion exists over the effects of sulfate concentration and carbon 
availabil i ty on rates of sulfate reduct ion (cf. 1, 4, 5, 72, 85, 106). Sulfate 
reducers i n lake sediments exhibit low half-saturation constants for sulfate 
(10-70 μΐΏθΙ/L; 4, 72, 78, 85) as w e l l as for acetate and hydrogen (4, 13, 
87). T h e l o w half-saturation constants al low t h e m to outcompete methano-
gens for these substrates u n t i l sulfate is largely consumed w i t h i n pore waters 
(4, 90). L o w concentrations of sulfate i n lakes confine the zone of sulfate 
reduct ion to w i t h i n a few centimeters of the sediment surface (e.g., 4, 90, 
98). T h e comparabi l i ty of rates of sulfate reduct ion i n freshwater and mar ine 
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Figure 3. Rates of sulfate reduction (all measured with 35S) reported in the 
literature (references in Table I) show no obvious relationship to either sedi­
ment carbon content or carbon sedimentation rates (measured with sediment 
traps). The lowest reported rate of sulfate reduction occurs in the lake with 
the lowest carbon sedimentation rate, but there is no evidence of carbon 
limitation among the other lakes. Error bars indicate the range of reported 

sulfate reduction rates. 

sediments (Table I) and the independence of reduct ion rates f rom sulfate 
concentrations i n lake waters (F igure 2) suggest e i ther that sulfate concen­
tration is a poor measure of sulfate availabil i ty or that sulfate reduct ion is 
not l i m i t e d by sulfate availabil i ty. 

Relat ive rates of sulfate reduct ion and methanogenesis i n lakes of v a r y i n g 
t rophic status are c la imed to indicate that sulfate reduct ion rates are l i m i t e d 
by the supply of sulfate (4, 5,13). A c c o r d i n g to this hypothesis , at h i g h rates 
of carbon sedimentation, rates of sulfate reduct ion are l i m i t e d by rates of 
sulfate diffusion into sediments, and methanogenesis exceeds sulfate reduc­
t ion. In less product ive lakes, rates of sulfate diffusion should more nearly 
equal rates of formation of low-molecular -weight substrates, and sulfate re­
duct ion should account for a larger propor t ion of anaerobic carbon oxidat ion. 
F i e l d data do not support this hypothesis (Table II). T h e r e is no relat ionship 
between trophic status, an index of carbon availabil i ty, and rates of anaerobic 
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Table II. Relative Importance of Methanogenesis and Sulfate Reduction 

Anaerobic 
% of Anaerobic 

C Oxidation 

Lake (mmol/m2 per day) s o t CH4 References 

Eutrophic lakes 
Blelham Tarn 5 9 5 2 4 0 
Wintergreen" 8 .8 1 3 8 7 4 

1 0 8 3 0 7 1 7 8 
Mendota" 2 0 8 0 3 
Sempach 1 8 5 0 - 7 0 3 0 - 5 0 this study 

Mesotrophic lakes 
Washington 3 7 6 3 9 0 

Oligotrophic lakes 
Lawrence 3 5 0 5 0 1 3 
2 2 3 " 9 . 5 2 0 7 2 1 0 7 
2 2 6 N " 1 0 1 6 7 5 1 0 7 
2 2 7 " 1 2 1 6 8 2 1 0 7 
Little Rock 1 1 8 3 1 7 101 

NOTE: Blank spaces mean that no data are available. 
"Denotes lakes with anoxic hypolimnia. 

carbon oxidation. There also is no relat ionship between rates of anaerobic 
carbon oxidation and the relative contr ibut ion of sulfate reduct ion . I n lakes 
w i t h anaerobic h y p o l i m n i a i n Table II , sulfate reduct ion accounts for only 
1 0 - 3 0 % of anaerobic carbon oxidation, regardless of t rophic status. T h i s l o w 
percentage may be an artifact of the m e t h o d of measurement of sulfate 
reduct ion . I n the three lakes i n the E x p e r i m e n t a l Lakes A r e a ( E L A ) sulfate 
reduct ion was calculated b y mass balance (107). Sulf ide oxidation may occur 
at the meta l imnion , and gross rates of sulfate reduct ion may be greater than 
the calculated net rates. Al ternat ive ly , whereas rates of anaerobic carbon 
oxidation i n the E L A lakes are comparable to rates i n eutrophic lakes, factors 
other than carbon availabil i ty may affect gross and relative rates of sulfate 
reduct ion. In any event, these few existing data do not support the hypothesis 
that sulfate reduct ion is l i m i t e d by diffusion of sulfate into lake sediments . 

E x i s t i n g data l e n d m i x e d support to the hypothesis that sulfate reduct ion 
is l i m i t e d by availabil i ty of e lectron donors. Laboratory studies have shown 
that sulfate reduct ion i n sediments can be st imulated b y addi t ion of carbon 
substrates or hydrogen (e.g., 85, 86). Increases i n storage of r e d u c e d sulfur 
i n sediments caused b y or associated w i t h addi t ion of organic matter (108, 
109) also have been interpreted as an indicat ion that sulfate reduct ion is 
carbon- l imi ted . A d d i t i o n of nutrients to L a k e 227 i n the E x p e r i m e n t a l Lakes 
A r e a resulted i n increased p r i m a r y product ion and increased storage of sulfur 
i n sediments (110, 111). Natura l eutrophicat ion has b e e n observed to cause 
the same effect (23, 24, 112). Smal l or negl igible decreases i n sulfate con­
centrations i n pore waters of ultra-ol igotrophic lakes have been in terpreted 
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to indicate that sulfate reduct ion does not occur i n such lakes because of the 
shortage of available carbon (I , 113). W i t h the exception of the laboratory 
studies of Ingvorsen et a l . (85) and S m i t h and K l u g (78), a l l of these studies 
used net storage of sulfur i n sediments to infer sulfate reduct ion rates. D i r e c t 
measurements of sulfate reduct ion rates u n d e r i n situ condit ions show no 
relat ionship between carbon sedimentation rates or sediment carbon content 
and rates of sulfate reduct ion (Figure 3). It is possible that nei ther of these 
parameters is an adequate index of carbon availabil i ty. A n alternative h y ­
pothesis is that rates of sulfate reduct ion are l i m i t e d b y rates of sulfate 
regeneration. 

Rates of sulfate regeneration have not b e e n measured i n any lake sed­
iments , but indirect evidence suggests that this is an important process. T h e 
relat ively l o w contr ibut ion of sulfate reduct ion to anaerobic carbon oxidation 
i n ol igotrophic lakes w i t h anaerobic h y p o l i m n i a (Table II) may result f rom 
i n h i b i t i o n of sulfide oxidation. H i g h rates of sulfate reduct ion i n eutrophic 
Lake Sempach relative to Lakes L u g a n o and Maggiore (Table I) may result 
f rom artificial aeration of this lake; aeration has p r o m o t e d the growth on the 
sediment surface of a thick layer of Beggiatoa that oxidizes sulfide and re­
generates sulfate for further reduct ion . T h e relat ively l o w rates i n meromic t i c 
L a k e F a r o despite h i g h sulfate concentrations may reflect an absence of 
sulfate regeneration i n the sediments. F u r t h e r m o r e , rates of sulfate reduc­
t ion are orders of magnitude higher than rates of S accumulat ion (Table III). 
N o studies have examined the source of sulfate or mechanism of sulfate 
regeneration that sustains the h i g h rates of sulfate reduct ion . 

Possible sources of sulfate inc lude diffusion f rom the water c o l u m n , 
hydrolysis of sulfate esters, and oxidation of r e d u c e d sulfur. Di f fus ion of 
S 0 4

2 ~ into sediments cannot supply sulfate at the measured rates of sulfate 
reduct ion . Rates of sulfate diffusion into sediments general ly are 2 orders of 

Table III. Comparison of Rates of Sulfate Reduction, Diffusion, and Retention 
in Sediments 

Sulfate Diffusive Rate of S 
Lake Reduction0 Flux Accumulation References 

302N 25 193 
302S 91 23-90 193 
223 78 5-132 111, 80 
South 31 14.2 59 
Big Moose 73 13-50 34, 80 
Little Rock 1000 16 10-17 72 
Wintergreen 2560 122 73 
Mendota 2200 34 85 
Sempach 8700 45 66-240 this study 

N O T E : All values are given in millimoles per square meter per year. Blank spaces mean that 
no data are available. 
"All reported measurements were made by injection of ^SO/" into sediments. 
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magnitude lower than measured rates of sulfate reduct ion (Table III). D i f ­
fusion c o u l d not Supply the sulfate r e q u i r e d for reduct ion unless the entire 
concentration change observed i n pore waters occurred w i t h i n a d e p t h i n ­
crement of < 1 m m . Such situations do exist i n microbia l mats i n saline lakes 
(e.g., 84, 114). A l t h o u g h the l i m i t e d d e p t h resolut ion obtained w i t h pore-
water equil ibrators may cause underest imat ion of sulfate gradients near the 
sediment surface, it is un l ike ly that the gradient is conf ined to 1 m m . O b ­
served gradients of sulfate i n pore waters c o m m o n l y extend over several 
centimeters (e.g. , 80, 90, 99). Profiles of sulfate reduct ion also extend several 
centimeters into sediments (Figure 4; see also 73, 78, 82, 90,101). Typica l ly , 
more than 5 0 % of sulfate reduct ion occurs be low a d e p t h of 2 c m i n sediments 
(73, 78, 85, 101); i n L a k e Sempach, sulfate gradients (and hence diffusive 
fluxes) are negl igible at this depth (Figure 4). 

H y d r o l y s i s of sulfate esters also cannot supply the quanti ty of sulfate 
r e q u i r e d for sulfate reduct ion . H y d r o l y s i s of sulfate esters has not been 
measured direct ly i n any lakes (cf. 73, 83), but the annual supply of sulfate 
esters is less than annual rates of sulfate reduct ion . I n W i n t e r g r e e n L a k e 
the annual supply of ester sulfate to the sediments is only 4 % of annual 
sulfate reduct ion (73). S imi lar ly , i n L i t t l e Rock L a k e the supply of ester 
sulfate is less than 1 % of the rate of sulfate reduct ion (72). In both lakes, 
hydrolysis of sulfate esters is estimated to be less than half of the rate of 
supply to the sediments. 

A b i o t i c oxidation of sulfide by oxygen cannot supply sulfate at rates 
comparable to rates of sulfate reduct ion. Unless h i g h concentrations of sulfide 
develop and the zone of oxidation is m u c h greater than 1 c m , rates of chemica l 
oxidation of sulfide b y oxygen w i l l be m u c h less than 1 m m o l / m 2 per day 
(calculated f rom rates laws found i n refs. 115-118). Such condit ions can exist 
i n stratified water columns; i n the Black Sea water c o l u m n chemica l oxidation 
rates may be as h i g h as 10 m m o l / m 2 per day (84). H o w e v e r , i n lakes i n 
w h i c h sulfide is undetectable i n the water c o l u m n and oxygen disappears 
w i t h i n mi l l imeters of the s e d i m e n t - w a t e r interface (e.g. , 113), chemica l 
oxidation of sulfide by oxygen is un l ike ly to be important . 

T h e studies c i ted do not clarify what factors determine rates of sulfate 
reduct ion i n lake sediments. T h e absence of seasonal trends i n reduct ion 
rates suggests that temperature is not a l i m i t i n g factor. Rates of sulfate 
reduct ion are not proport ional to such crude estimates of carbon availabil i ty 
as sediment carbon content or carbon sedimentat ion rate, a l though net re­
duct ion and storage of reduced sulfur i n sediments often does increase w i t h 
increasing sediment carbon content. M e a s u r e d rates of sulfate reduct ion are 
not proport ional to lake sulfate concentrations, and the relative rates of sulfate 
reduct ion and methanogenesis i n a variety of lakes do not indicate that sulfate 
diffusion becomes l i m i t i n g i n eutrophic lakes. D i r e c t comparison of diffusion 
and reduct ion rates indicates that diffusion of sulfate into sediments cannot 
supply sulfate at the rates at w h i c h it is reduced . N e i t h e r hydrolysis of sulfate 
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esters nor oxidation of sulfide b y oxygen are capable of s u p p l y i n g sulfate at 
rates comparable to the rates of sulfate reduct ion . T w o other processes that 
may l i m i t sulfate reduct ion inc lude microb ia l oxidation of sulfide (as sug­
gested by Jorgensen; 119) and abiotic oxidation by metal oxides. B o t h of 
these processes might provide the sulfate r e q u i r e d to sustain h i g h rates of 
sulfate reduct ion and may explain discrepancies between sulfide product ion 
and S accumulat ion rates (Table III). 

O x i d a t i o n o f R e d u c e d S. Indirect evidence suggests that microb ia l 
oxidation of sulfide is important i n sediments. If it is assumed that loss of 
organic S f rom sediments occurs v ia formation of H 2 S and subsequent oxi ­
dat ion of sulfide to sulfate (with the exception of pyr i te , no intermediate 
oxidation states accumulate i n sediments; cf. 120, 121), the stated estimates 
of organic S mineral izat ion suggest that sulfide product ion and oxidation 
rates of 3 .6 -124 m m o l / m 2 per year occur i n lake sediments. S imi lar estimates 
were made b y C o o k and Schindler (1.5 m m o l / m 2 per year; 122) and N r i a g u 
(11 m m o l / m 2 per year; 25). A comparison of sulfate reduct ion rates (Table 
I) and rates of r e d u c e d S accumulat ion i n sediments (Table III) indicates 
that most sulfide p r o d u c e d b y sulfate reduct ion also must be reoxidized but 
at rates of 716-8700 m m o l / m 2 per year. C o m p a r i s o n of abiotic and microb ia l 
oxidation rates suggests that such h i g h rates of sulfide oxidation are possible 
only v ia microbia l mediat ion. 

A variety of bacteria are k n o w n to oxidize sulfide. T h e most w e l l - k n o w n 
examples inc lude the photosynthetic bacteria [Cyanobacteria, p u r p l e sulfur 
bacteria (Chromatiaceae), green sulfur bacteria (Chlorobiaceae), p u r p l e n o n -
sulfur bacteria (Rhodospirillaceae)], and the "colorless sulfur bacter ia" c o m ­
pr i sed of the three families Thiobacteriaceae, Beggiatoaceae, and Achro-
matiaceae (123). This assemblage includes obligate aerobes, obligate 
anaerobes, facultative anaerobes, autotrophs, mixotrophs, and heterotrophs 
found i n habitats ranging f rom arctic ice to hot springs and from alkaline 
lakes to ac id-mine drainage. T h e existence of many of these bacteria i n lakes 
is w e l l k n o w n (e.g., 67, 68, 124), but the majority of previous studies have 
focused on photosynthetic bacteria i n the water c o l u m n of meromic t i c lakes 
(e.g., 55, 125-129). T h e presence and activity of photosynthet ic sulfur-
ox id iz ing bacteria i n holomict ic lakes also is d o c u m e n t e d (e.g., 130-133), 
and species of Beggiatoa and Thiobacillus f requent ly are observed i n lake 
sediments (56, 58, 76, 104, 134-137) and water columns (55, 138-140). 

M e a s u r e d rates of microbia l oxidation of sulfide i n lakes range f rom 0 
to over 100,000 m m o l / m 2 per year (Table IV) . These rates, w h i c h are c o m ­
parable to measured rates of sulfate reduct ion (Table I), suggest that m i c r o b i a l 
oxidation of sulfide is capable of supply ing sulfate at rates needed to sustain 
sulfate reduct ion . T h e majority of measurements are for photosynthet ic bac­
teria i n the water c o l u m n . Symbiot ic sulfate reduct ion and sulfide oxidation 
are k n o w n to occur and lead to dynamic cyc l ing of S w i t h i n anaerobic water 
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Table IV. Rates of Sulfide Oxidation 

System 

Prototrophic oxidation 
L . Faro 
Priest Pot 
Knaaek L . 
Green L . 
Solar L . 
L . Vechten 
L . Kaiike 
Japanese lakes 
Big Soda L . 
L . Waldsea 
L . Ciso 

Aerobic microbial oxidation 
Beggiatoa mat 
Coastal marine sediment 
Coastal marine sediment 
Estuarine sediments 
Thiobacilli in water of L . Faro 
S oxidation in water of Big Soda L , 

Chemical oxidation by oxygen 8 

Black Sea 
Calculated 

Hypolimnetic 
Sediment 

Oxidation by manganese oxides 
Laboratory system 
Marine sediments 

Oxidation by iron oxides 
Unidentified anaerobic oxidation 

Lake sediments 

Oxidation Rate, 
mmoll m2 per year 

(% of Sulfate Reduction) References 

3 4 3 0 5 5 
1 1 0 - 3 1 4 0 4 7 
2 2 0 - 1 0 2 0 1 2 8 
1 0 5 1 0 1 2 4 
2 1 9 0 - 5 4 7 5 147 
1 1 3 0 2 3 0 
5 1 1 0 - 2 8 4 7 0 1 3 9 
2 9 0 - 3 6 5 0 2 4 1 
0 - 1 2 7 8 0 1 3 8 
0 - 2 4 0 9 0 2 4 2 
0 - 1 3 1 4 0 0 1 3 1 

4 3 8 0 144 
2 7 4 0 1 3 5 
1 2 4 0 0 1 4 5 
< 3 6 5 - 1 6 4 0 0 1 4 2 
2 2 8 0 5 5 
1 8 2 5 - 4 0 1 5 0 1 3 8 

3 6 5 0 8 4 

6 
11 

(100%) 1 5 1 
7 3 - 1 4 6 0 (20%) 1 4 6 
2 0 - 1 , 0 0 0 , 0 0 0 * 1 6 2 ; 

8 4 0 0 5 8 

N O T E : Blank spaces mean that no data are available. 
"R = HHS~] e-[0 2] f c where R is oxidation rate (mmol/m2 per year); and k, a, and b are constants. 
The rate law is given in references 115-118. 
''Extrapolation from laboratory studies is very sensitive to assumed surface areas of iron oxides. 

columns (e.g., 47, 55, 124, 125, 127, 128, 141). Rates appear to be c o m ­
parable i n sediments, but measurements are too few to assess h o w repre­
sentative these rates are. C o u p l e d reduct ion and oxidation of S w i t h i n es­
tuarine and marine sediments have been reported (e.g. , 93, 135, 142-146). 
Rates of sulfide oxidation nearly equal to rates of sulfate reduct ion have b e e n 
reported by Jorgensen (58) for r iver and lake sediments. I n Jorgensen's study, 
m u c h of the sulfide was ox id ized anaerobically to thiosulfàte that i n t u r n was 
subject to oxidation, reduct ion, and fermentative disproport ionat ion. S imi lar 
results have been reported for mar ine sediments (93). These studies suggest 
that freshwater sediments may represent sulfuretums (ecosystems i n w h i c h 
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redox reactions w i t h S are the dominant mechanism for energy flow) w i t h 
rap id internal cyc l ing of S. It remains to be d e t e r m i n e d h o w widespread 
this p h e n o m e n o n is, what compounds serve as electron acceptors for sulfide 
oxidation, what e n d products are p r o d u c e d , what bacteria are i n v o l v e d , and 
what is the significance of the associated carbon product ion and respirat ion. 

Possible electron acceptors for the oxidation of r e d u c e d sulfur inc lude 
oxygen, i ron oxides, and manganese oxides. O x y g e n clearly is the electron 
acceptor i n lake sediments populated w i t h Beggiatoa. T h e r e has b e e n no 
systematic study, but isolated reports show Beggiatoa to be quite c o m m o n l y 
encountered. Beggiatoa mats have been observed i n several hard-water lakes 
i n Switzer land (56, 104, 136, 137). S t rohl and L a r k i n (134) were able to 
isolate Beggiatoa f rom sediments of numerous lakes and bayous i n Louis iana . 
A Beggiatoa-like bacterial mat was observed to develop even on sediments 
f rom soft-water L i t t l e Rock L a k e w h e n incubated u n d e r elevated sulfate 
concentrations (Urban , u n p u b l i s h e d data). Jorgensen (143) and Strohl and 
L a r k i n (134) point out that Beggiatoa f requent ly occurs dispersed throughout 
the top few centimeters of sediments rather than as a v is ib le mat over the 
surface. Thiobacilli are be l ieved to be even more widespread than Beggiatoa 
(76,123,143). Mats of Beggiatoa can maintain h i g h rates of sulfide oxidation 
(e.g., 144, 147) that are l i m i t e d only by diffusion over ve ry short distances 
(114, 147). T h e relative importance of aerobic sulfide oxidation at sediment 
surfaces and anaerobic oxidation remains to be c lar i f ied. 

C l e a r l y oxygen is not the direct e lectron acceptor for S oxidation oc­
c u r r i n g b e l o w 1 -2 c m i n sediments, but even i n such cases it may be the 
ult imate electron sink. F e and M n may serve as electron shuttles that carry 
electrons f rom anaerobic zones of sulfide oxidation to the sediment surface 
(148). T h e r e d u c e d F e and M n are ox id ized at the sediment surface b y 
oxygen. T h e h i g h rates of sulfide oxidation measured b y Jorgensen (58) and 
inferred to occur i n other lakes i m p l y that manganese and i r o n oxides are 
regenerated b y such oxidation w i t h oxygen i n sediments. P h e n o m e n o l o g i -
cally, such regeneration is w e l l k n o w n (e.g., 34, 149, 150). H e n c e , oxygen 
i n bot tom waters may have a larger effect on sulfur c y c l i n g w i t h i n sediments 
than is indicated only by the extent of direct oxidation of sulf ide. W i t h o u t 
oxygen i n bot tom waters, reduced F e and M n c o u l d not be ox id ized at the 
sediment surface and sulfide oxidation might become l i m i t e d b y the supply 
of electron acceptors. 

A l l measured profiles of sulfate reduct ion i n sediments indicate that 
m u c h sulfide product ion and, by inference, oxidation occurs i n permanent ly 
anaerobic sediments (78, 73, 90,101). T h e two most l i k e l y e lectron acceptors 
for anaerobic sulfide oxidation are manganese and i r o n oxides. B u r d i g e and 
Nealson (151) demonstrated rap id chemica l as w e l l as microbia l ly catalyzed 
oxidation of sulfide by crystall ine manganese oxide ( δ - Μ η 0 2 ) , a l though e l ­
emental S was the inferred e n d product . A l l e r and R u d e (146) d o c u m e n t e d 
microbia l oxidation of sulfide to sulfate accompanied b y reduct ive dissolut ion 
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of Μ η oxides. Significantly, the sulfide source i n these experiments was 
solid-phase i ron sulfides, not dissolved sulfide. N o sulfide oxidation was 
caused by addit ion of i ron oxides. T h e authors (146) postulate that the re­
action w i t h manganese oxides is mediated b y Thiobacilli d u r i n g chemoau-
totrophic growth and, on the basis of observed rates of M n dissolution and 
sulfate reduct ion i n marine sediments, that this reaction c o u l d oxidize per­
haps 20% of the sulfide produced by sulfate reduct ion . 

I ron frequent ly has been postulated to be an important e lectron acceptor 
for oxidation of sulfide (58, 84, 119, 142, 152). E x p e r i m e n t a l and theoretical 
studies have demonstrated that Fe(III) w i l l oxidize pyr i te (153-157). R e ­
duct ive dissolution of i ron oxides b y sulfide also is w e l l d o c u m e n t e d . Pro ­
gressive deple t ion of i ron oxides often is coincident w i t h increases i n i r o n 
sulfides i n marine sediments (94, 158, 159). L o w concentrations of sulfide 
even i n zones of rapid sulfide formation were at tr ibuted to reactions w i t h 
i ron oxides (94). P y z i k and S o m m e r (160) and R i c k a r d (161) s tudied the 
kinetics of goethite reduct ion by sulf ide; thiosulfate and e lemental S were 
the ox id ized S species ident i f ied . Recent investigations of reduct ive disso­
lut ion of hematite and lepidocroci te found polysulf ides, thiosulfate, sulfite, 
and sulfate as e n d products (162, 163). 

It is not clear i f rates of sulfide oxidation b y i ron are r a p i d enough to 
account for the sulfate regeneration discussed. N u m e r o u s pore-water profiles 
show a gradual increase i n F e 2 + w i t h d e p t h (e.g., I l l , 164-166) resul t ing 
from reduct ive dissolution of i ron oxides. Reduct ion of i r o n l imits pyr i te 
formation deep i n saltmarsh sediments (167). A l t h o u g h i ron typical ly is 
10-100-fold more abundant than manganese i n lake sediments (e.g., 23, 56, 
168), fluxes of dissolved M n 2 + f rom sediments to the water columns of lakes 
frequently are greater than those of i ron . F u r t h e r m o r e , most i ron released 
to solution is at tr ibuted to microbia l reduct ion , not reduct ion b y sulfide (94, 
97, 166, 169). W h e n adequate weakly crystal l ine forms of i r o n oxides are 
present, i ron- reduc ing bacteria can outcompete sulfate-reducing bacteria 
and methanogens (96, 170). Bacter ia responsible for i ron reduct ion are 
thought to obtain electrons f rom organic fermentat ion products or hydrogen , 
not f rom sulfide (96, 170). It remains to be clari f ied whether electron flow 
f rom sulfide to i r o n oxides is quantitat ively important (cf. 94). 

Oxidat ion of sulfide w i l l affect rates of sulfate reduct ion only i f sulfate 
is the e n d product of such oxidation. M a n y compounds w i t h oxidation states 
intermediate be tween sulfide and sulfate may be formed instead. A l t h o u g h 
many details of the oxidation pathways remain to be c lar i f ied, evidence 
suggests that sulfate is formed. Oxidat ion of sulfide b y phototrophic m i c r o ­
organisms results i n product ion of e lemental sulfur, sulfate, or polythionates 
(e.g., 171). M e m b e r s of each of the three families of phototrophic sulfur-
ox id iz ing bacteria are capable of carry ing the oxidation a l l the way to sulfate; 
e lemental sulfur and polythionates are intermediates that are stored u n t i l 
lower concentrations of sulfide are encountered (131, 171). Colorless sulfur 
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bacteria can oxidize sulfide to e lemental sulfur, thiosulfate, polythionates, 
sulfite, or sulfate. T h e predominant e n d product i n sediments is not k n o w n , 
al though thiosulfate has been impl ica ted as such (123). A b i o t i c oxidation of 
sulfide b y F e and Μ η oxides may result i n a range of products i n c l u d i n g 
e lemental sulfur, thiosulfate, sulfite, and sulfate (e.g., 151, 160-163). M i ­
crobial oxidation of sulfide using i ron or manganese oxides as the electron 
acceptor may result i n a s imilar range of products (e.g., 123, 146, 172, 173). 
C l e a r l y , however , these intermediate oxidation states of sulfur do not ac­
cumulate w i t h i n the sediments; i f they are formed they must be transformed 
rapidly . R a p i d microb ia l transformations ( inc luding oxidation, reduct ion , and 
disproportionation) of thiosulfate and e lemental sulfur are w e l l documented 
(e.g., 93, 173, 174). T h e exact pathways that are fo l lowed and the rates of 
sulfate product ion under different environmenta l conditions remain to be 
c lar i f ied. 

M e a s u r e d rates of sulfate reduct ion can be sustained only i f rapid reox-
idation of reduced S to sulfate occurs. A variety of mechanisms for oxidation 
of reduced S under aerobic and anaerobic condit ions are k n o w n . E x i s t i n g 
measurements of sulfide oxidation under aerobic conditions suggest that each 
k n o w n pathway is rapid enough to resupply the sulfate r e q u i r e d for sulfate 
reduct ion i f sulfate is the major e n d product of the oxidation (Table IV) . 
C l e a r l y , different pathways w i l l be important i n different lakes, d e p e n d i n g 
on the depth of the anoxic zone and the availabil i ty of l ight . A l l measurements 
of sulfate reduct ion i n intact cores point to the importance of anaerobic 
reoxidation of sulfide. L i t t l e is k n o w n about anaerobic oxidation of sulf ide 
i n fresh waters. There are no measurements of rates of different pathways, 
and it is not yet clear whether i ron or manganese oxides are the p r i m a r y 
electron acceptors. 

Other Early Diagenetic Reactions. W i t h i n sediments S may 
undergo many diagenetic reactions. Reactants inc lude inorganic species, a 
variety of minera l phases, a variety of organic compounds present i n seston, 
and secondary organic S compounds formed i n the sediments. Reactions 
may be abiotic (e.g., precipi tat ion of i ron sulfides), extracellular enzymat ic 
reactions (e.g., hydrolysis of sulfate esters), or intracel lular microb ia l pro ­
cesses (e.g., formation of polythionates i n S -oxidiz ing bacteria). In addi t ion 
to chemica l reactions, physical transport of dissolved species may destroy 
the chronological accuracy of the stratigraphie record . A n unders tanding of 
rates and pathways of diagenesis is necessary to interpret stratigraphie rec­
ords of past environmenta l condit ions. 

Concentrat ions of H 2 S typical ly are mainta ined l o w b y a variety of re­
actions i n c l u d i n g oxidation, precipi tat ion w i t h i r o n , and interactions w i t h 
organic matter. Sulf ide may be ox idized biological ly or abiotically. E l e m e n t a l 
S reacts readi ly w i t h H 2 S to form polysulfides (175) and is ox id ized and 
reduced b y a variety of bacteria. In radiotracer experiments , ^ S 0 was i n 
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isotopic e q u i l i b r i u m w i t h H 2 S and F e S so that the pathways b y w h i c h i t 
reacted were diff icult to fo l low (276). Thiosulfate is probably an important 
intermediate of sulfide oxidation. Jorgensen (173) measured rapid rates of 
formation and disappearance of thiosulfate, a l though concentrations were 
too l o w to measure i n sediments of a eutrophic lake (cf. 57). Thiosulfate is 
readi ly ox id ized and r e d u c e d b y a variety of bacteria (173), as w e l l as dis-
proport ionated through fermentat ion b y sulfate-reducing bacteria (173, 
177-179). Polysulf ides , f o r m e d b y reaction of S° w i t h H 2 S , are important 
intermediates i n the rap id formation of pyr i te (161, 180) and may react w i t h 
organic matter to form a variety of compounds (181-185). 

Prec ipi ta t ion of i r o n sulfides is a major mechanism for mainta in ing l o w 
concentrations of H 2 S i n interst i t ial and hypol imnet i c waters (94, 186). K i ­
netics of precipi tat ion of amorphous i ron sulfide are rap id (160). Subsequent 
aging produces more ordered and less soluble crystall ine phases (mackina-
wite , pyrrhot i te , and troilite) that react w i t h e lemental S to form greigite 
(Fe 3 S 4 ) or pyr i te (FeS 2 ) . Various pathways and mechanisms have b e e n p r o ­
posed for interconvers ion of i ron sulfide phases (e.g., 152, 187, 188), and 
interpretat ion of the occurrence of a part icular phase i n terms of e n v i r o n ­
menta l condit ions is diff icult . I n a rev iew of the l i terature, D a v i s o n (186) 
found a l l anoxic h y p o l i m n i a w i t h conf i rmed prec ipi tat ion of i r o n sulfides to 
be i n e q u i l i b r i u m w i t h amorphous F e S . W i t h i n pore-water profi les, i o n 
activity products for F e S often increase w i t h d e p t h (e.g., 56, 111, 165). Th is 
increase typical ly is in terpreted as evidence for diagenetic conversion to 
more crystal l ine sulfides. D a v i s o n (186) argued that this change may result 
from an increased rate of supply of i r o n or sulfide i n surface sediments. A t 
h i g h rates of supply of H 2 S and F e 2 + on ly formation of amorphous F e S is 
sufficiently r a p i d to control aqueous concentrations, whereas at lower rates 
of supply more stable phases may have t ime to form. 

Pyr i te is f o r m e d by two mechanisms i n freshwater sediments. F r a m -
boidal pyr i te results f rom reaction of i ron monosulfides w i t h S° (15), a s low 
reaction leading to gradual conversion of i r o n monosulfides to pyr i te . I n 
contrast, single crystals of pyr i te are formed rapidly through reaction of F e 2 + 

and polysulf ides (161). F r a m b o i d a l pyr i te has been reported i n lake sedi­
ments (37, 189), where it appears to form i n microenvironments of plant or 
animal skeletons (cf. 35, 36). R a p i d formation of pyr i te has been observed 
i n short- term measurements of sulfate reduct ion w i t h 3 5 S 0 4

2 ~ . U p to 9 0 % 
of r e d u c e d 3 5 S has been observed i n pyr i te after incubations of 1-24 h (72, 
79, 98). A large fraction of inorganic S i n the form of pyr i te i n surface 
sediments also has been interpreted to indicate rapid formation (112, 190). 
As discussed later, there is l i t t le evidence for extensive conversion of m o n ­
osulfides to pyr i te . 

Stabil i ty of i r o n sulfides i n lake sediments has not been thoroughly 
examined. Pyr i te undergoes d y n a m i c seasonal oxidation i n salt marshes and 
coastal marine sediments (142, 184, 191-195). Pyr i te oxidation is media ted 
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b y Fe(III), but may require oxygen (153-157, 191). H i g h oxygen concen­
trations i n bot tom waters and sediments caused b y l o w benthic respirat ion 
d u r i n g winter , lake over turn , or bioturbat ion may promote sulfide oxidation 
i n profundal lake sediments (192-194). I n short- term experiments w i t h 3 5 S , 
pyr i te was i n isotopic d i s e q u i l i b r i u m w i t h respect to A V S , S°, and H 2 S (176). 
Simi lar ly , pyr i te is c o m m o n l y the S p o o l most deple ted i n ̂ S (27,196-198). 
These observations argue for the stability of pyr i te once formed. H o w e v e r , 
5 5 % of the i r o n sulfides (AVS and pyrite) f o r m e d i n the sediments of L a k e 
302 disappeared over a 6-month p e r i o d ; pyr i te was the dominant i r o n sulfide 
formed in i t ia l ly (98). I n laboratory microcosms, U r b a n and B r e z o n i k (38) 
observed formation and disappearance of F e 3 5 S 2 and F e ^ S over periods of 
a few weeks. Introduct ion of manganese oxides l e d to oxidation of so l id-
phase i r o n sulfides i n marine sediments (146,172). D i sso lu t ion of F e oxides 
and precipi tat ion of sulfide i n sediments of B i g M o o s e L a k e caused asyn­
chronous increases i n S concentrations among cores from different water 
depths (34). These observations suggest that i r o n sulfides are not stable, and 
hence the quantitative integri ty of historical records of atmospheric depo­
sit ion of sulfate may not be retained i n lake sediments (cf. 29, 30, 50, 61, 
199). 

L i t t l e is k n o w n about diagenetic transformations of organic sulfur c o m ­
pounds . Proteins are relat ively labile and q u i c k l y degraded. K i n g and K l u g 
(73) found that 75% of prote in S was converted to other forms or released 
f rom sediments, compared to a release of only 46% of total S. H y d r o l y s i s of 
sulfate esters is k n o w n to occur, but rates are l o w and less than half are 
h y d r o l y z e d w i t h i n 10-100 years (59, 72, 73, 83). F o r m a t i o n of sulfate esters 
also may occur w i t h i n sediments (38, 79), a l though the mechanisms are 
u n k n o w n . L i t t l e organic S i n deep Everglades peat is present as sulfate 
esters (<10%) compared to recent peat and lake sediments (30-80%; 36, 
49, 51, 59, 72); this observation suggests that hydrolysis and reduct ion of 
ester sulfate may persist at s low rates for pro longed per iods . 

In addi t ion to changes i n existing organic S compounds , formation of 
n e w organic S compounds occurs. E v i d e n c e of this p h e n o m e n o n has b e e n 
gathered i n at least five different ways. Incorporat ion of 3 5 S (either as H 2

a 5 S 
or as ^S 0) into natural organic matter has been w i d e l y reported (38, 73, 79, 
98, 200-202). M i l d heat ing of carbohydrates (203) and ethylbenzene (204) 
w i t h sulfide p r o d u c e d numerous thiols , disulf ides, thiophenes, di thiophenes , 
and thiolanes. Stable isotope ratios i n sediment organic matter often are 
observed to be intermediate be tween that of pyr i te and sulfate i n the over­
l y i n g water (27, 196-198). Because l i t t le isotope fractionation is caused b y 
sulfate assimilation i n seston, incorporat ion of microbia l ly r e d u c e d S into 
organic matter is the probable cause. Ratios of C : S i n b u l k organic matter 
(34, 61) and h u m i c ac id and h u m i n fractions (56,181, 205-207) are observed 
to decrease w i t h d e p t h i n sediments, presumably because of diagenetic 
enr ichment . N u m e r o u s specific S-containing compounds have been i d e n -
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t i f ied that can only have arisen diagenetically. C y c l i c disulf ides and trisulfides 
have been at tr ibuted to formation and condensation of organic polysulf ides 
(183). T h e existence of numerous i soprenoid thiophenes and thiolanes i n 
marine and Black Sea sediments is at tr ibuted to incorporat ion of S into 
specific precursor molecules (32, 208, 209). Coexistence of polyenes and 
corresponding unsaturated thiophenes w i t h two fewer double bonds is at­
t r ibuted to S addi t ion across C = C double bonds (32). Part ial oxidation 
products (sulfones) of these compounds also were ident i f ied , a l though it was 
not clear i f oxidation occurred i n the field or laboratory. F i n a l l y , numerous 
measurements of low-molecular -weight thiols i n estuarine and marine pore 
waters suggest d y n a m i c formation and degradation of these compounds i n 
conjunction w i t h seasonal oxidation of pyr i te (120, 182, 191, 195, 210-215). 

T h e exact formation pathways of m u c h of the organic S remains to be 
clar i f ied. T h e mechanism most often postulated is addi t ion of sulfide or 
polysulf ide across C = C double bonds of olefins (e.g., 182, 185, 216, 217). 
Subsequent condensation or disulf ide formation also seems l ike ly , as e v i ­
denced b y release of thiols u p o n addi t ion of t r ibuty lphosphine (182), release 
of D M S d u r i n g treatment w i t h Cr(II) (217), and the existence of cyc l ic and 
acyclic d i - and trithienes (32, 183). F o r m a t i o n of large aggregates b y weak 
disulf ide linkages i n coal and o i l is k n o w n (32, 218). Profiles of S species i n 
lake sediments l e d L o s h e r and Kel t s (190) to suggest that S -oxidiz ing bacteria 
incorporate ox id ized forms of S into organic compounds . Peaks i n toluene-
extractable S at the ox ic -anoxic interface were at tr ibuted b y L o s h e r and 
Kel ts to formation of polythionates b y Beggiatoa or other S -oxidiz ing bac­
teria. Subsurface increases i n sulfate esters also were at tr ibuted to microb ia l 
formation. 

T h e labi l i ty of organic S to oxidation and recyc l ing is not understood. 
Short-chain thiols appear to be dynamica l ly cyc led i n marine and saltmarsh 
sediments (120, 211). I n contrast, sulfones may represent a stable ox id ized 
product that c o u l d provide a useful signature of sediment oxygenation (121, 
184). Sulfones have been ident i f ied i n saltmarsh and ancient marine sedi­
ments (32, 207). O t h e r (unidentified) forms of organic S appear to y i e l d 
acidity and sulfate u p o n oxidation (38, 192). M u c h more research is n e e d e d 
to elucidate the mechanisms of organic S formation and the relationships 
be tween specific organic S compounds and lake condit ions. 

Retention of S in Sediments 

A n unders tanding of the retent ion of sulfur i n lake sediments is important 
for paleol imnological reconstructions, for an understanding of the alkal ini ty 
balance of lakes, for determinat ion of rates and pathways of diagenesis, and 
for an understanding of the dynamics of the microbia l loop i n sediments. 
Profiles of rates and forms of S accumulat ion i n sediments may preserve 
records of past condit ions of c l imate, lake chemistry, or atmospheric de-
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posi t ion. Sulfur retained i n sediments represents a permanent gain i n lake 
alkal ini ty. W h a t e v e r the mechanism, loss of S 0 4

2 ~ must be accompanied b y 
an equivalent loss of cations or an increase i n anions (219). Sulfur retained 
i n sediments is also r e m o v e d f rom cyc l ing and part ic ipation i n electron and 
energy f low. I n the short t e r m , S may participate i n a dynamic cycle of 
reduct ion and oxidation, but ul t imately it is b u r i e d to a d e p t h at w h i c h rates 
are lower and it is permanent ly retained. Some of the very factors that 
promote retent ion of S i n sediments also inh ib i t the r e d u c t i o n - o x i d a t i o n 
cycle . H e n c e h i g h rates of S retent ion may i m p l y l o w rates of S cyc l ing 
w i t h i n sediments. Paradoxically, the highest rates of S cyc l ing may occur i n 
sediments w i t h the lowest S concentrations. H i g h rates of p r i m a r y product ion 
and h igh ly r e d u c i n g conditions i n h y p o l i m n i a and sediments may restrict 
reoxidation of S and increase the relative importance of methanogenesis. 
F o r S cyc l ing to cont inue, e i ther l ight or oxygen is r e q u i r e d to prov ide an 
electron sink. (In the case of photosynthetic S oxidation, the sink is C 0 2 . ) 

Rates of sulfur retention have been measured b y mass balance and b y 
dat ing of sediment cores. Sul fur budgets have been calculated for ent ire 
basins or h y p o l i m n i a of more than 18 lakes (62, 72,100,122,193, 220-224), 
and S accumulat ion rates i n sediments have been p u b l i s h e d for more than 
20 lakes (29, 30, 59, 72, 199). L a k e w i d e rates of S accumulat ion range f rom 
9 to 128 m m o l / m 2 per year, and rates i n h y p o l i m n i a can reach as h i g h as 
2920 m m o l / m 2 per year (221). T h e range of rates reported i n sediment cores 
is 6 -159 m m o l / m 2 per year. Rates of S accumulat ion i n single cores may 
not represent lakewide rates. S concentrations and accumulat ion rates typ­
ically increase w i t h increasing water d e p t h (25, 30, 61), a l though C o o k et 
al . (100) reported that alkal inity generation resul t ing f rom S retent ion i n 
ep i l imnet i c sediments was greater than that i n hypol imnet i c sediments. 
A c c u m u l a t i o n rates are l o w relative to rates of sulfate reduct ion (Tables I 
and III), but because both processes have been measured i n only three 
lakes, any relat ionship between rates of reduct ion and accumulat ion remains 
obscure. Rates of S accumulat ion correspond to rates of alkal inity generation 
of 12 to almost 500 m e q u i v / m 2 per year. These values are significant relative 
to rates of acid deposi t ion (20-150 m e q u i v / m 2 per year). 

Factors Affecting Retention Rates. Factors affecting seston de­
posi t ion, sulfate diffusion into sediments, and S recyc l ing to the water c o l u m n 
w i l l affect S retent ion i n sediments. T h e major factor contro l l ing seston 
deposi t ion is p r i m a r y product ion . L a k e d e p t h , by contro l l ing the extent of 
mineral izat ion w i t h i n the water c o l u m n , also may affect the magni tude of 
seston S inputs . Factors in f luenc ing diffusive fluxes into sediments i n c l u d e 
sulfate concentrations i n bot tom waters, the extent of lake m i x i n g , and the 
activity of sulfate-reducing bacteria. Recyc l ing to the water c o l u m n includes 
both diffusion and reoxidation. Oxidat ion may occur i n e i ther the water 
c o l u m n or sediments, and hence diffusion of sulfide and sulfate may be 
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important . Di f fus ion of sulfide f rom sediments w i l l be enhanced b y l o w 
concentrations i n the over ly ing water and h i g h concentrations i n pore waters. 
H e n c e such factors as bottom-water oxygen content, m i x i n g of bot tom 
waters, quantity and labi l i ty of i r o n and manganese oxides, concentrations 
of F e 2 + i n pore waters, quantity and reactivity of organic matter, and m i ­
crobial consumpt ion of sulfide w i t h i n or above sediments w i l l be important . 
Interactions of these environmenta l variables w i t h each other and w i t h S 
retent ion are complex. 

A major factor governing diffusive fluxes of sulfate into sediments is lake 
sulfate concentration. A l inear relat ionship exists be tween lake sulfate con­
centrations and diffusive fluxes calculated f rom pore-water profiles (F igure 
5). T h e relat ionship extends over a range of 3 orders of magnitude i n sulfate 

Lake [S04
2-] (μηιοΙ/L) 

Figure 5. Data from the literature (56, 80, 99, 164, 195, 220, 222, 223, 243) 
indicate that diffusive fluxes of sulfate (calculated from 40 pore-water profiles 
measured with pore-water equilibrators) are linearly related to concentrations 
of sulfate in the overlying lake water. The correlation is significant (p < 0.05) 
both with (r2 = 0.99J ) and without (r2 = 0.42) the two lakes with high sulfate 
concentrations. The strong correlation suggests that variations in the depth 
interval within which sulfate is consumed and in the minimum sulfate con­
centration defining the gradient are relatively unimportant in determining the 
flux, compared to variations in sulfate concentrations defining the upper end 

of the gradient. 
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concentrations, al though m u c h scatter exists at l o w concentrations. S imi lar 
relationships were used to m o d e l the alkal inity generation associated w i t h 
b u r i a l of S i n sediments (220, 223). T h e c o m m o n interpretat ion of this re­
lationship is that sulfate reduct ion , a f irst-order reaction w i t h respect to 
S O / " concentrat ion, determines the diffusive flux (99, 220, 223). T h e data 
discussed clearly demonstrate that this hypothesis is inaccurate; rates of 
sulfate reduct ion are m u c h greater than rates of sulfate diffusion into sedi­
ments (Table III). Dif fus ive fluxes are control led b y diffusion gradients, 
temperature , and sediment porosity and tortuosity. T h e diffusion gradient 
has three components : the concentration i n the water c o l u m n , the d e p t h of 
sediment over w h i c h sulfate is consumed, and the m i n i m u m sulfate con­
centration i n the pore waters. Strong correlations be tween flux and lake-
water sulfate concentration suggest that variations i n other parameters are 
relat ively minor , al though they may contr ibute scatter to the data. 

Despi te the strong relationship between sulfate concentrations and dif­
fusive fluxes, there is no universal relat ionship between lake sulfate con­
centrations and concentrations of S i n sediments (F igure 1A; cf. 24, 26). 
Concentrat ions of S i n sediments are the net result of inputs f rom seston, 
diffusive inputs , recyc l ing to the water, and d i l u t i o n b y other materials. 
Mathemat ica l ly this quanti ty may be expressed as 

(̂ seston ^diffusive ^recvcle) 
C = ' — 

ω 

w h e r e c is S concentration (mmol/g), s s e s t o n is f lux f rom seston ( m m o l / m 2 p e r 
year), Sdjffusive *s diffusive flux ( m m o l / m 2 p e r year), $ r e c ycie * s t n e r a t e ° f recyc l ing 
back to the water ( m m o l / m 2 per year), and ω is the sedimentat ion rate 
(g/m 2 per year). O n l y the diffusive flux is a direct funct ion of lake sulfate 
concentration. H e n c e only i f diffusion is the predominant f lux or i f other 
terms are relat ively constant w i l l sediment S concentrations be proport ional 
to sulfate i n the water c o l u m n . It has been argued that accumulat ion rates 
of S i n sediments rather than concentrations are the appropriate parameter 
to examine for a relat ionship w i t h lake-water sulfate concentrations (225). 
H o w e v e r , the sulfur accumulat ion rate is equal to the concentration (c) t imes 
the sediment accumulat ion rate (ω); hence a relat ionship between accu­
mulat ion rates and sulfate concentrations is not to be expected unless dif­
fusion is the predominant flux or unless other terms are relat ively constant. 
F i g u r e I B suggests that seston deposit ion is the dominant t e r m for approx­
imately half of the 78 lakes shown. 

Avai lab i l i ty of reactive i r o n i n sediments also has b e e n postulated to 
control S retention. Reactive i r o n may l i m i t fluxes of S recyc led f r o m sed­
iments b y render ing sulfide i m m o b i l e and less amenable to oxidation b y 
bacteria or chemica l agents. Ava i lab i l i ty of i r o n strongly influences total S 
content and isotopic signature of marine sediments (198). C a n f i e l d (94) ob-

Americaa Chemical Society 
Library 
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served that as long as abundant reactive i r o n was available, sulfide concen­
trations were maintained at l o w concentrations i n pore water because of 
reduct ive dissolution of i ron and precipi tat ion of i r o n sulfides. C a r i g n a n and 
Tessier (50) observed a strong correlat ion between burdens of i ron and S i n 
recent sediments f rom eight Canadian lakes. F r o m 16 to 79% (mean = 55%) 
of total S was i n the form of i ron sulfides, but this fraction increased toward 
the sediment surface. G i b l i n et al . (30) also noted that most of the increased 
S content i n N e w E n g l a n d lakes occurred as i r o n sulfides. In lake sediments 
w i t h h i g h organic matter content, 90% of acid-leachable i r o n was i n the form 
of i ron sulfides. B o t h studies observed that current rates of i ron accumulat ion 
are less than rates of S accumulat ion i n these lakes and suggested that the 
capacity of such lakes to retain S eventual ly may be exhausted. 

Three other l ines of evidence may support the hypothesis that availabi l i ty 
of reactive i ron l imits S retention. 

1. F e w lakes exist w i t h molar ratios of S to F e greater than 1 
(Figure 1C). Ratios of inorganic S to F e are, of course, even 
lower . 

2. T h e degree of pyr i t izat ion of i ron ( D O P ) or the fraction of 
reactive i r o n that is b o u n d w i t h sulfur appears to increase 
rapidly w i t h increasing S : F e ratios and may approach an 
asymptotic value of about 75% at S : F e ratios of 3 (F igure 6). 
B o t h features suggest that i r o n reacts readi ly w i t h increasing 
S inputs or that other mechanisms for b i n d i n g S are relat ively 
unimportant . 

3. A relationship between the fraction of S i n inorganic forms 
and F e content exists at depths b e l o w 30 c m i n sediment cores 
(Figure 7) but not i n surface sediments. T h e C : S t o t a l (S t o t a l is 
the sum of the organic S and inorganic S concentrations) ratios 
at these depths suggest that the sulfur is d e r i v e d p r i m a r i l y 
f rom seston. T h e fraction of seston S that is m i n e r a l i z e d and 
retained i n these deeper sediments where S inputs are rela­
t ively l o w appears to be d e t e r m i n e d b y the availabil i ty of i r o n . 

Together w i t h the studies of Car ignan and Tessier (50) and G i b l i n et al . (30), 
these data indicate that increasing the F e content of sediments w i l l increase 
the su l fur -b inding capacity and, at l o w rates of sulfur input , w i l l increase 
the proport ion of S b o u n d to F e (Figure 7). Increasing S inputs relative to 
F e inputs w i l l cause progressive sulfidation of F e (pyrit ization i n the sense 
of ref. 226; F i g u r e 6). H o w e v e r , w h e n the rates of sulfide product ion exceed 
the rates of F e reduct ion, no further relat ionship w i l l be observed be tween 
F e content and the fraction of S b o u n d b y F e . 

A l t h o u g h the evidence c i ted indicates that i r o n influences retent ion of 
S i n lake sediments, other factors may obscure this inf luence. F i rs t , organic 
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1.00 

349 

Sedimentary Fe (mg/g) S:Fe Ratio (molar) 

Figure 6. The degree of pyritization, defined as the fraction of reactive iron 
present as pyrite, is a measure of the extent to which available iron has reacted 
with sulfur (226). i n lake sediments, iron monosulfides frequently are as abun­
dant as pyrite and hence were included with pyrite in the values calculated 
for surface sediments from 13 lakes and presented here. Even this correction 
neglects Fe(II) that may have been reduced by sulfide but may be present as 
siderite. Availability of iron appears to be more important than bottom-water 
oxygenation in determining the degree of pyritization. In the right-hand graph, 
darkened squares represent sediments known to experience seasonal anoxia; 
only the uppermost point experiences permanent anoxia. (Data are from ref­

erences 30, 34, 56, and 61.) 

matter competes w i t h F e for b i n d i n g of sulf ide; the pool of secondary organic 
S (i .e. , that not d e r i v e d f rom seston) i n surface sediments ranges f r o m 0.01 
to 30 times the size of the pool of F e - b o u n d sulfur (data f rom refs. 56 and 
72). T h e factors d e t e r m i n i n g the outcome of this compet i t ion are not yet 
clear, but appear to inc lude the relative abundances (72, 198) and relative 
reactivities toward sulfide of F e and organic matter. H e n c e , as indicated b y 
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Figure 7. Only at the hase of sediment cores from 27 lakes is a relationship 
(r2 = 0.755) observed between the iron content and the fraction of sulfur 
present as iron sulfides (AVS + CRS). A similar relationship is not observed 
in surface sediments. As discussed in the text, much of the sulfur at the base 
of the cores appears to have originated from organic compounds in seston. 
The relationship may indicate that retention of H2S released during decom­
position of seston is determined by the availability of iron. References are 

given in Figure 1. 

Lago d i Cadagno, where the pool of organic sulfur is 10-fold greater than 
the pool of i ron sulfide (56), sediments may have a large capacity to retain 
sulfur even after al l available F e has reacted w i t h sulfide. Second, the relative 
susceptibi l i ty of organic S and F e - b o u n d S toward oxidation also w i l l affect 
the sulfur speciation i n sediments. Several studies have demonstrated that 
i ron sulfides are more readi ly ox id ized to soluble sulfur species than are 
organic sulfur compounds (38, 98, 193). N o generalities may yet be d r a w n 
about the extent of i r o n sulfide oxidation i n various lakes. 

P r i m a r y product ion (trophic state) affects S retention and speciation i n 
several ways. As pr imary product ion increases, inputs of organic S to sedi­
ments i n seston increase. H e n c e , as the organic carbon content of sediments 
increases, S content w o u l d be expected to increase proport ional ly . Such a 
s imple relat ionship is not observed among nearly 80 lakes for w h i c h sediment 
S and C content are available (Figure IB) . H o w e v e r , a l ine def in ing the 
m i n i m u m S content does increase l inear ly w i t h increasing carbon content. 
T h e slope of this l ine corresponds to the mean C : S ratio measured i n seston 
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(27, 59, 72, 86). Approx imate ly half of the lake sediments i n F i g u r e I B have 
significant sources of S other than seston, but i n a l l lakes seston S i n sediments 
increases w i t h increasing C content. 

P r i m a r y product ion affects input and retent ion of nonseston S through 
the interplay between sulfate reduct ion and sulfate dif fusion. In very o l i ­
gotrophic lakes w i t h l o w rates of carbon sedimentat ion and aerobic h y p o l i m ­
nia , l i t t le or no sulfate reduct ion occurs i n sediments because the small 
amount of carbon is ox id ized b y oxygen (e.g. , 113). Sulfate is not attenuated 
i n pore waters of such lakes (1, 80, 113), and hence diffusive inf lux to the 
sediments is m i n i m a l . Because seston is the major source of S to such sed­
iments , most S w i l l be organic (59) and C : S ratios w i l l be close to values i n 
seston. If sulfate reducers are C - l i m i t e d , increasing C inputs w i l l s t imulate 
sulfate reduct ion i n surface sediments, consume available sulfate i n a shal­
lower zone of sediments, and thereby sharpen the concentration gradient 
and enhance diffusion of sulfate into the sediment . Rates of sulfate reduct ion 
q u i c k l y become l i m i t e d by rates of sulfate regeneration and do not increase 
i n proport ion to further increases i n carbon inputs (Table I, F i g u r e 3). 

H o w e v e r , increasing organic carbon flux to sediments also increases 
oxygen d e m a n d i n both the sediments and water c o l u m n . This change re­
duces the depth of oxygen penetrat ion into sediments and leads to con­
sumpt ion of other electron acceptors w i t h i n th inner zones of sediment , 
thereby further sharpening concentration gradients and enhancing diffusive 
influxes of sulfate. Thus , i n the E n g l i s h L a k e Dis t r i c t the lowest sediment 
C : S ratios occur i n the most product ive lakes (24), and i n 11 Swiss lakes 
there is a strong correlat ion between accumulat ion rates of carbon, total S, 
and sulfide (Figure 8A). T h e l o w C : S ratios i n these sediments indicate that 
the correlat ion is not d r i v e n b y inputs of seston S. Rather, increased carbon 
inputs cause increased diffusion of sulfate into sediments and increased S 
retent ion and content i n sediments. 

Increased p r i m a r y product ion has three other potent ia l effects on re­
tention and speciation of S i n sediments. Increasing C sedimentat ion may 
decrease S recyc l ing f rom sediments by reduc ing reoxidation of sulf ide, b y 
increasing dissolution of F e and promot ing i ron sulfide formation, and by 
enhancing organic S formation. Decreased oxygen content of bot tom waters 
w i l l reduce chemica l oxidation of sulfide and may curtai l the activities of 
aerobic S-oxidiz ing bacteria. Increased product iv i ty may lead to dissolution 
of manganese oxides i n the water c o l u m n or enhance microb ia l reduct ion of 
i ron and manganese i n sediments; i n both cases, sulfide oxidation b y these 
oxides may be reduced . L o s h e r (56) at tr ibuted decreased S retent ion i n 
surface sediments of L a k e G e n e v a to the h i g h concentrations of Μ η oxides. 
Increased rates of F e dissolution i n sediments resul t ing f rom enhanced m i ­
crobia l activity may increase precipi tat ion of i r o n sulfides (186). A m o n g three 
E n g l i s h lakes A V S content of sediments was proport ional to rates of p r i m a r y 
product ion (47), a l though it is not clear whether product ion of H 2 S , F e 2 + , 
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Figure 8A. Rates of sulfur and carbon accumulation are highly correlated in 
surface sediments of 11 Swiss lakes (23). The solid line is the regression line 
and the dotted lines represent 95% confidence intervab. Variations in the 
carbon accumulation rates represent differences in trophic status and 

lake depth. 

or both was enhanced. E x i s t i n g data do not support the hypothesis that 
increasing organic matter content of sediments leads to increased incorpo­
ration of S into organic compounds. A m o n g 80 lakes i n N o r t h A m e r i c a and 
E u r o p e , there is no tendency toward increasing S enr ichment w i t h increasing 
carbon content (Figure IB) ; the highest enr ichments are noted at lower 
carbon contents. 

Total S content cannot indicate whether increased carbon inputs to 
sediments cause increased diffusion of sulfate into sediments or restrict reox­
idat ion and release of S f rom sediments, because the net effect is the same. 
I n a survey of 14 lakes, R u d d et a l . (80) d i d not observe a strong correlat ion 
between organic matter content per v o l u m e and net diffusive flux of sulfate. 
H o w e v e r , i n E n g l i s h lakes the lowest C : S ratios occur i n the most product ive 
lakes (24); whether this represents enhanced influx or retarded release is 
not clear. A m o n g 11 Swiss lakes, ratios of C to S sedimentat ion rates are 
relat ively constant and substantially be low C : S ratios i n seston; net S fluxes 
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Carbon Content (%) 

Figure 8B. Within individual cores from three of these same lakes, a similarly 
strong correlation is observed between S and C concentrations. Within each 
core, C concentrations increase toward the surface because of increasing eu-
trophication in recent years. The C : S ratios indicate that most of the sulfur 
is not derived from seston (ratio indicated by line labeled algal C:S), but from 
sulfate reduction. Increasing inputs of carbon cause increases in S from both 
seston and sulfate reduction. Even after eutrophication, C:S values re­
main below the ratio of 2.5 (marine line) typically observed in marine 

sediments (20). 

into sediments increase as carbon content increases. S imi lar ly , i n lakes 
Constance and Z u g , eutrophicat ion has increased the carbon content of the 
sediments two- to fourfold but caused a proport ional ly greater (10- to 20-
fold) increase i n both total S and sulfide S (data f rom ref. 23). E x i s t i n g data 
indicate that increasing carbon inputs to sediments w i l l increase total S 
content, but the relative importance of various mechanisms remains unclear. 

Sul fur -oxidiz ing bacteria may l i m i t S retent ion i n sediments b y m a i n ­
ta ining l o w sulfide concentrations i n pore waters (thereby i n h i b i t i n g p r e c i p ­
itation of i ron sulfides) as w e l l as b y convert ing sulfide to sulfate (a form not 
retained i n sediments). It was hypothes ized that such bacteria promote r a p i d 
internal cyc l ing of S w i t h i n sediments (or the water c o l u m n ; 47, 227); the 
effect on net retention is not so clear. Sul fur -ox id iz ing bacteria are c o m m o n l y 
thought of i n association w i t h meromic t i c lakes w i t h h i g h sulfide concentra-

 P
ub

lic
at

io
n 

D
at

e:
 M

ay
 5

, 1
99

4 
| d

oi
: 1

0.
10

21
/b

a-
19

94
-0

23
7.

ch
01

0

In Environmental Chemistry of Lakes and Reservoirs; Baker, L.; 
Advances in Chemistry; American Chemical Society: Washington, DC, 1994. 



354 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

tions (e.g. , 55, 127, 227-229). Such lakes often have very h i g h S concen­
trations i n sediments (e.g., 190). H o w e v e r , S -oxidiz ing bacteria occur i n a 
great variety of lakes. Some photosynthetic bacteria occur i n oxic waters 
(e.g., 147, 229), others i n seasonally anoxic waters (132,230). Photosynthet ic 
and nonphotosynthet ic S -ox idiz ing bacteria are present i n soft-water L i t t l e 
Rock L a k e despite very l o w sulfate concentrations (133). M a n y nonphoto­
synthetic S -oxidiz ing bacteria require oxygen (e.g., Beggiatoa, Thiovulum, 
and Thiothrix), and species of Thiobacilli exist that use oxygen, nitrate, and 
metal oxides as electron acceptors (e.g., 76, 146). N o study has yet shown 
whether S-oxidiz ing bacteria reduce S retent ion i n sediments. 

L a k e morphometry , part icular ly depth , may inf luence S retent ion and 
speciation i n several ways. W i t h i n a single lake, concentrations of S i n sed­
iments increase w i t h increasing water d e p t h because of focusing and greater 
oxidation i n shallow sediments (25, 30, 61). A m o n g different lakes, d e p t h 
indirec t ly affects retention and speciation of S because of its inf luence on 
the quanti ty and qual i ty of organic matter reaching sediments , extent of lake 
mixis , oxygen content of bot tom waters, and relative penetrat ion of l ight . 
T h e shallow d e p t h of Priest Pot a l lowed the presence i n the h y p o l i m n i a of 
photosynthetic S -oxidiz ing bacteria that prevented prec ipi ta t ion of F e S 
w i t h i n the water c o l u m n (47). 

There is an interplay between lake mixis , lake product iv i ty , oxygen 
content of bot tom waters, the presence of S-oxidiz ing bacteria, lake d e p t h , 
and S retent ion. Inadequate m i x i n g of bot tom waters can lead to deple t ion 
of sulfate and a decreased diffusive flux into sediments. Decreas ing m i x i n g 
also lowers the oxygen content of bot tom waters and results i n a range of 
condit ions f rom permanent ly oxic to per iodica l ly to permanent ly anaerobic. 
Increasing anaerobiosis tends to increase carbon storage and, concomitant ly , 
storage of S. L a c k of oxygen can retard recyc l ing by decreasing reoxidat ion 
of sulf ide. In the absence of oxygen, only photosynthet ic bacteria and those 
u t i l i z i n g i ron or manganese oxides can oxidize sulfide. Increased product iv i ty 
can lead to decreased oxygenation of bot tom waters and ul t imate ly to de­
creased m i x i n g . H i g h concentrations of free H 2 S under anoxic h y p o l i m n i a 
or i n deep, poor ly m i x e d lakes (56, 104, 111, 168) may enhance S retent ion 
i n sediments. Such condit ions prec lude bioturbat ion, w h i c h can promote 
reoxidation of r e d u c e d S. B e r n e r and W e s t r i c h (194) observed that the frac­
t ion of pyr i te accumulated i n sediments of L o n g Island S o u n d was m u c h 
less than the gross rate of H 2 S formation and that the fraction decreased 
w i t h increasing bioturbat ion. S imi lar studies are lacking i n fresh waters. 
C l e a r l y , S retention is inf luenced b y many factors, and s imple relationships 
between single factors are u n l i k e l y to be observed. 

F a c t o r s C o n t r o l l i n g S p e c i a t i o n o f S . Speciation of S i n sediments 
is in f luenced b y many of the same factors that control S retent ion. H o w e v e r , 
S speciation may be a more sensitive indicator of many of these variables. 
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Sulfur content has been reported i n the l i terature for approximately 80 lakes; 
speciation has been reported for only about half of t h e m . These data point 
to some important factors control l ing S speciation, but generally are inad­
equate to test hypotheses r igorously. 

It has been hypothesized that as p r i m a r y p r o d u c t i o n increases, the r e l ­
ative importance of seston deposit ion as a source of S to sediments should 
increase (72). A corollary w o u l d seem to be that as p r i m a r y p r o d u c t i o n 
increases, the fraction of sedimentary S present as organic S should increase. 
This hypothesis and its corollary are not supported b y exist ing data. T h e 
fraction of S present as organic S is s imilar i n lakes W i n t e r g r e e n (73) and 
South (59) despite a nearly 10-fold difference i n carbon sedimentat ion rates. 
W i t h i n three Swiss lakes, C : S ratios have r e m a i n e d essentially constant and 
w e l l be low the value i n seston despite a significant increase i n carbon sedi­
mentat ion and sediment carbon content (F igure 8B). A m o n g w o r l d lakes 
there is no clear tendency for C : S ratios to approach the seston i n p u t value 
as sediment carbon content increases (Figure IB) . T h e r e is no relat ionship 
between the fraction of S as organic S and sediment C content (figure not 
shown). 

T w o factors negate the hypothesis that the importance of seston S should 
increase w i t h increasing p r i m a r y product iv i ty . A s discussed, the i n p u t or 
retention of microbia l ly reduced S also appears to increase as C sedimen­
tation rates increase. Second, interconversions be tween organic and inor­
ganic S b l u r the dis t inct ion between seston S and microbia l ly r e d u c e d S. 
M u c h microbia l ly reduced S is incorporated into organic matter (72, 98). 
Consequent ly , S in t roduced into sediments v i a diss imilatory reduct ion can 
be present i n both organic and inorganic forms. S imi lar ly , H 2 S released 
through putrefaction can precipitate w i t h i r o n . In microcosms containing 
only lake sediments and water, u p to 15% of ^S present or iginal ly w i t h i n 
algae was found present i n i ron sulfides after 15-200 days (38). A t depths 
of 3 0 - 5 0 c m i n lake sediments, ratios of C : S t o t a l equal the ratio i n seston, 
but ratios of C : S o r g a n i c are h igher (Figure 9); a fraction of the organic sulfur 
f rom seston has been converted to i ron sulfides. Stable isotope measurements 
(27, 196-198) have d o c u m e n t e d a s imilar interconvers ion of forms. H e n c e 
the relative importance of seston deposit ion and sulfate deposi t ion cannot 
be d e t e r m i n e d mere ly f rom relative abundances of organic and inorganic S 
(cf. 49, 51, 59, 73). 

If i ron l imits retention of S i n sediments (cf. 50, 30) it w o u l d be expected 
that the fraction of S present as i ron sulfides w o u l d increase w i t h increasing 
F e content of sediments. A l t h o u g h this relat ionship is observed i n deep 
sediments (Figure 7), fractionation of S be tween organic and inorganic forms 
is not d e t e r m i n e d b y i ron content i n surface sediments . N o r is there any 
relationship between F e content and total S content i n surface sediments 
for a l l lakes reported i n the l i terature (F igure l c ) . I n deep sediments w h e r e 
C : S ratios indicate that seston was the major source of sedimentary sulfur 
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Figure 9. A, At the hase of sediment cores (30-50 cm) from 48 lakes ratios of 
C:Stotal nearly equal the ratio found in seston (indicated by the line labeled 
mean algal C:S). A simplistic explanation is that most of the S is derived from 
seston, and that C and S are mineralized and lost from sediments at similar 
rates. B, Within the same cores for which data were available, ratios of C :Som 

tend to be lower than the ratio in seston (19 of 28 points lie below the line). 
Together, the figures suggest that much of the mineralized S is retained within 
the sediments. Figure 7 suggests that such retention is dependent on the avail­

ability of iron. References are given in Figure 1. 

(F igure 9a), a relat ionship between inorganic S and F e content may indicate 
that transformation of seston S to inorganic forms depends on the availabil i ty 
of i r o n (see also refs. 35-37) . Al ternat ive ly , i t may indicate that i n ol igotrophic 
lakes rates of putrefaction are lower than rates of F e 2 + formation (186); as 
eutrophicat ion proceeds, rates of sulfide product ion exceed rates of F e re­
duct ion and the relat ionship between inorganic S and F e contents is lost. 

T h e inf luence of S-oxidiz ing bacteria on speciation of S i n sediments has 
not yet been p r o v e n . L o s h e r (56) postulated that layers of S -ox idiz ing bacteria 
i n lakes Cadagno, Z u r i c h , and G e n e v a caused a layer r i c h i n toluene-soluble 
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S (attributed to polythionates or e lemental S and to subsurface product ion 
of ester sulfates). D a v i s o n and F i n l a y (47) noted that photosynthetic bacteria, 
by mainta ining l o w sulfide concentrations, prevented precipi tat ion of F e S 
i n the water c o l u m n , but they d i d not evaluate the effect of the bacteria o n 
S speciation i n the sediments. Whereas specific S bacteria can occur on ly 
i n we l l -de f ined condit ions, a l ink between S speciation and the presence of 
these bacteria c o u l d be a useful paleol imnological tool for reconstruct ing 
previous lake condit ions. 

It has been suggested that sulfones represent a stable form of ox id ized 
organic S (184). Because of a lack of analytical techniques, such forms have 
been tentatively ident i f ied i n only two studies (32, 207). A d d i t i o n a l data are 
needed to determine i f the abundance of these forms can serve as an indicator 
of bottom-water oxygenation. 

Interpretation of Stratigraphie Records of S in Sediments 

Profiles of rates and forms of S accumulat ion i n sediments may preserve 
records of past condit ions of cl imate, lake chemistry , or atmospheric de­
posit ion. Specif ical ly, it has been suggested that S content, speciation, and 
isotopic ratio can serve as paleosalinity indicators (18, 20, 21, 231, 232); that 
S forms can indicate oxygenation of bot tom waters (18, 226); that S content 
and isotopic signature can indicate historical rates of atmospheric deposi t ion 
of sulfate (26, 29, 30, 49-51, 61, 199); and that S content records the eutro­
phicat ion history of lakes (24, 25). These hypotheses are examined br ief ly 
i n the fo l lowing sections. 

Paleosalinity. F o u r indices have been proposed as measures of pa­
leosalinity: C R S : A V S , C : S t o t a l , C : S p y r , and S o r g : S p y r , w h e r e i n S t o t a l represents 
total S, S p y r represents pyr i t i c S, and S o r s represents organic S. B e r n e r et 
al . (20) noted that most S i n marine sediments is present as pyr i te and 
proposed that ratios of C R S : A V S i n the range of 0 .2 -100 (g of C R S S p e r g 
of A V S S) indicated marine environments . H o w e v e r , among 18 lakes repor ted 
i n recent l i terature, ratios range f rom 0.01 to 69 w i t h an average of 11 (Table 
V) . C l e a r l y this ratio cannot be used alone to infer paleosalinity. 

B e r n e r et a l . (20) proposed that ratios of C : S t o t a l d is t inguish marine f rom 
freshwater sediments. In general , marine sediments have m u c h h igher total 
S concentrations than do freshwater sediments; this difference is at tr ibuted 
to the abundance of S 0 4

2 " i n salt water (100-1000 t imes that of fresh waters). 
H o w e v e r , recent data indicate that C : S t o t a l ratios of freshwater sediments 
overlap w i t h those of marine sediments. N r i a g u and Soon (27) repor ted 
C : S t o t a l ratios of 2 - 3 (mass basis) i n two Canadian lakes and L o s h e r and Ke l t s 
(190) reported ratios of 2 - 8 among three Swiss lakes. T h e ratio typica l of 
noneuxinic mar ine sediments is 2.8 (18, 20). Ratios of C : S t o t a l also appear to 
be inadequate indicators of salinity (cf. F i g u r e l b ) . 
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Table V. Relative Abundance of Pyrite and Iron Monosulfides in Lakes 

Lake 
Trophic 

State 

CRS:AVS 

Surface 

a 

Deep References 

Mendota eutrophic 0.02 0.2 25 
Blelham Tarn eutrophic 0.08 112 
Lago di Cadagno meromictic 0.12 1.3 56 
Cone 0.3 2 30 
Sempach eutrophic 0.43 unpublished 
Horwer Bucht eutrophic 0.71 unpublished 
Zurich mesotrophic 1.4 1.5 56 
Geneva mesotrophic 3 56 
Kelly 

mesotrophic 
1.8 7.4 27 

Batchawanna oligotrophic 2 2 27 
Wintergreen eutrophic 2.6 73 
Ennerdale oligotrophic 3 112 
Turkey oligotrophic 4 2 27 
Windermere eutrophic 5 112 
McFarlane 

eutrophic 
7.2 1 27 

Little Rock 5m oligotrophic 12 6 7 
Mirror oligotrophic 15 30 
South oligotrophic 25 51 
Miles 50 11 30 
Little Rock 7m oligotrophic 69 7 

NOTE: Blank spaces mean that no data are available. 
"Expressed as weight ratios of S (grams of CRS S: grams of AVS S). 

I n marine sediments most S is present as pyr i te and only a fraction as 
organic S. Because of the comparative abundance of organic matter a n d the 
relative shortage of i r o n i n many lake sediments, the situation is reversed. 
B e r n e r and Ra iswel l (23J) proposed that ratios of C : S p y r d is t inguish mar ine 
and freshwater sediments. H o w e v e r , even i n marine sediments, pyr i te is 
not always the dominant S species present. Therefore , use of this ratio is 
restr icted to noneuxinic mar ine sediments w i t h adequate i r o n content (22, 
232, 233). W i t h i n these l imitat ions, this ratio appears to be general ly v a l i d . 
O n l y one of 38 lakes reported i n the l i terature has a value (3.9) w i t h i n the 
range typica l of mar ine sediments (0 .5-5 ; 231, 234); the r e m a i n i n g lakes 
have values be tween 11.7 and 3500. D a v i s o n (9) proposed a slight variat ion 
of this index, ratios of organic S to pyr i t i c S ( S o r g : S p y r ) . Th is ratio appears to 
be s imi lar ly v a l i d ; the range for freshwater lakes (0.2-300; Table VI) is above 
that for marine sediments (<0.1 ; 9). N e i t h e r ratio can dis t inguish sediments 
of freshwater lakes and wetlands from estuaries and brackish wetlands (207, 
235, 236). 

Atmospheric S Deposition. Increased S content of recent sediments 
is f requent ly at t r ibuted to increased atmospheric deposi t ion of S O / " (e.g. , 
7, 28-30, 4 9 - 5 J , 199). Increased supply of sulfate is thought to have i n -
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Table VI. Salinity Indices (Mass Ratios) Based on S Speciation in Lake Sediments 

Lake C:SIHJI. References 

1 0 6 3 6 1 4 . 0 2 5 . 0 0 . 8 0 5 0 
7 8 0 4 2 1 2 . 0 1 1 . 7 5 0 
7 9 2 6 9 3 1 . 0 6 2 . 5 1 . 0 5 0 
7 9 2 4 5 3 4 . 0 4 5 . 8 0 . 3 3 5 0 
7 9 3 9 8 2 3 . 0 4 6 9 1 9 . 0 5 0 
9 6 7 6 0 1 0 . 0 1 3 . 5 0 . 3 3 5 0 
9 6 7 9 1 3 8 . 0 3 7 5 9 . 0 5 0 
7 7 9 7 8 3 6 . 0 7 1 9 1 9 . 0 5 0 
Blelham Tarn 1 8 . 0 - 2 0 . 3 5 5 6 1 6 . 8 1 1 2 , 2 4 
Windermere 1 5 . 0 - 4 0 . 3 5 6 2 3 6 . 8 1 1 2 , 2 4 
Ennerdale 3 5 . 0 - 6 4 . 8 1 1 4 6 2 8 . 9 112 , 2 4 
Grass Pond 5 9 . 0 2 8 
Wintergreen 2 5 . 0 2 3 8 8 . 1 4 7 3 
South 6 . 5 6 5 9 
Superior 2 3 6 2 6 
Michigan 1 5 . 0 2 6 
Huron 4 4 . 0 2 6 
Georgian Bay 2 2 . 0 2 6 
Erie 2 0 . 0 2 6 
Ontario 2 3 . 0 2 6 
Mendota 2 3 4 4 2 4 . 0 2 5 
MacFarlane 3 . 5 - 6 . 2 5 5 4 . 1 1 5 . 2 2 7 , 4 8 
Kelly 1 . 6 - 2 . 8 3 . 9 0 . 8 7 2 7 , 4 8 
Lohi 9 . 7 4 8 
Ramsey 4 . 6 4 8 
Opeongo 1 4 . 0 4 8 
Big Moose 3 8 - 4 5 1 2 4 - 3 9 0 2 . 2 - 7 . 7 3 4 
Turkey 8 8 . 0 1 0 3 4 1 0 . 5 2 7 
Batchawana 7 2 - 1 3 1 3 0 0 0 - 3 5 0 0 2 2 - 4 7 2 7 
Geneva 9 5 8 0 0 6 . 5 7 5 6 
Zurich 9 . 6 - 2 7 7 1 . 4 1 . 5 3 5 6 , 2 3 
Little Rock 3 0 - 5 4 1 4 5 - 3 5 2 2 . 3 - 5 . 4 6 1 
Orajarvi 2 6 . 1 5 8 0 6 0 
Munajarvi 4 8 5 2 1 6 0 
Victoria 1 . 0 - 1 0 1 7 1 

6 . 5 8 2 3 
Wastwater 8 3 . 7 2 4 
Thirlmere 3 6 . 8 2 4 
Buttermere 7 1 . 6 2 4 
Crummock 3 6 . 0 2 4 
Hawes water 1 8 . 8 2 4 
Coniston 4 4 . 4 2 4 
Rydal water 6 6 . 5 2 4 
Derwentwater 4 4 . 9 2 4 
Loweswater 1 9 . 8 2 4 
Loughrigg 9 . 1 4 2 4 
Bassenthwaite 2 0 . 9 2 4 
Esthwaite water 2 1 . 2 2 4 
Miles 2 8 . 8 144 3 . 9 8 3 0 
Spectacle 3 1 . 2 7 8 . 1 1 .5 3 0 
Mares 4 6 . 9 9 3 . 8 1 . 0 0 3 0 
Mirror 4 5 - 8 8 7 8 - 3 1 2 1 . 5 - 4 . 6 3 0 
Cone 3 7 . 5 7 5 0 1 5 . 5 3 0 
Clouds 9 3 . 8 141 0 . 5 0 3 0 
Cadagno 5 2 1 5 4 0 . 8 5 6 

N O T E ; Blank spaces mean that no data are available. 
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creased rates of sulfate reduct ion and hence S incorporat ion into lake sed­
iments . Decreas ing ratios of 3 4 S : 3 2 S (27, 34, 196, 197) are c i ted i n support 
of this postulated mechanism. Because of the mobi l i ty of sulfide i n pore 
waters and diagenetic interactions w i t h i r o n , depths of S increases do not 
necessarily correspond to sediments deposi ted since the increase i n S 0 4

2 ~ 
deposi t ion (28, 34). 

A l t h o u g h abundant l i terature adequately demonstrates that S a c c u m u ­
lation rates i n sediments have increased i n recent decades, this increase 
must be understood i n l ight of the mechanisms already discussed. F i r s t , 
rates of sulfate reduct ion are not l i m i t e d b y concentrations of S 0 4

2 ~ i n lake 
water, and hence it is doubtful whether rates of sulfate reduct ion have 
increased i n recent decades as a result of increased atmospheric deposi t ion 
of S. Di f fus ive fluxes and net retent ion of S i n sediments do, however , appear 
to be l i m i t e d by lake concentrations of S 0 4

2 ~ and may reasonably be expected 
to have increased. Second, i r o n sulfides comprise the increase i n S content 
of recent sediments (30, 50, 61). This increase i n S content i n recent sedi­
ments may be attributable to increased inputs of reactive i r o n into lakes i n 
recent decades (225). E v i d e n c e exists of such increases i n i r o n inputs f rom 
acid deposi t ion (237, 238). A s discussed, increased i ron availabil i ty can shift 
S speciation to favor i ron sulfides. If F e is l i m i t i n g S retent ion, increased 
F e inputs c o u l d cause increased S contents and changed isotopic signatures 
in sediments. T h i r d , eutrophicat ion also can lead to increased S retention 
and presumably to al tered isotopic ratios. W i d e s p r e a d eutrophicat ion has 
occurred i n response to h u m a n settlement, agricultural activities, and i n ­
creased atmospheric deposi t ion of N 0 3 ~ . F e w studies impl ica t ing acid de­
posi t ion as the cause of increased sediment S content have demonstrated 
that carbon accumulat ion rates have been constant over the past century 
(see refs. 108 and 225). F i n a l l y , not al l lakes exhibit increased S retent ion 
i n response to increased concentrations of S 0 4

2 _ i n lake water. In contrast 
to other nearby lakes, sediments of M c N e a r n e y L a k e do not show an i n ­
creased S content (J); p r i m a r y product iv i ty is thought to be too l o w to support 
sulfate reduct ion . This anomaly suggests that changes i n relative abundance 
of electron acceptors or p r i m a r y product ion also could increase S accumu­
lation rates i n sediments. Thus increased atmospheric deposi t ion of sulfate 
may have caused an increase i n S accumulat ion i n sediments of some, but 
not a l l , impacted lakes. O t h e r factors may have augmented these increases 
or caused s imilar increases i n sediments of other lakes. 

Paleolimnological Conditions. Because of the interplay be tween 
p r i m a r y product ion , oxygen content of bot tom waters, and the sulfur content 
and speciation of sediments, sediment profiles of S probably preserve records 
of paleol imnological condit ions. Several studies (23-25, 205) point to i n ­
creased S content of sediments as a result of eutrophicat ion. M e c h a n i s m s 
involve both rates of S supply to sediments (seston deposit ion and diffusive 
gradients) and rates of S reduct ion and oxidation. T h e relative S enr ichment 
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of h u m i c acids, fu lv ic acids, and h u m i n i n sediments of Grei fensee changed 
as the lake eutrophied (205). F u r t h e r work is needed to determine i f any of 
these fractions c o u l d serve as indices of lake trophic state or oxygenation. 
It seems l ike ly that other phenomena besides eutrophicat ion c o u l d induce 
changes i n S c y c l i n g and retent ion. Leve ls of b ioturbat ion were shown to 
inf luence S retent ion i n coastal marine sediments (194). Changes i n lake-
water temperature , lake d e p t h , l ight penetrat ion, or lake m i x i n g also c o u l d 
lead to changes i n processes of S deposit ion and recyc l ing f rom sediments. 

D e g r e e of pyr i t izat ion ( D O P ) of i ron was proposed as an index of oxy­
genation of marine bot tom waters (226). In oxic bot tom waters only a small 
fraction (<42%) of reactive i r o n reacts w i t h sulfide to form pyr i te ; i n part ial ly 
anoxic waters the fraction increases (46-80%), and i n permanent ly anoxic, 
euxinic sediments the fraction is highest (55-93%; 226). Because i ron m o n -
osulfides are often as abundant as pyri te i n lake sediments, the index must 
be revised to incorporate these forms together w i t h pyr i t i c i r o n . This revised 
index does not appear to be a sensitive index of bottom-water oxygenation 
i n lakes. Values are ident ical i n surface sediments of permanent ly oxic and 
seasonally anoxic areas of L i t t l e Rock L a k e (data f rom 61, 239), and these 
values are higher than values i n eutrophic and seasonally anoxic lakes Z u r i c h 
and H o r w e r Bucht (Urban , u n p u b l i s h e d data). T h e highest value found i n 
the l i terature (56) occurs i n a meromic t i c lake; however , l o w inputs of i r o n 
may be as important as permanent anoxia i n this case. F o r lakes reported 
i n the l i terature, values of D O P appear to be d e t e r m i n e d b y the relative 
abundance of S and F e i n lake sediments (Figure 6). L o w availabil i ty of i ron 
even under oxic conditions causes h i g h values of D O P . 

Ratios of pyr i te to monosulfides also may indicate oxygenation of bot tom 
waters or redox leve l of sediments. F o r m a t i o n of pyr i te requires some oxi ­
d i z e d S, ei ther polysulfides or e lemental S. H e n c e , formation of pyr i te may 
be enhanced at ox ic -anoxic interfaces or i n sediments whose redox potential 
is poised relatively h igh by i ron and manganese oxides (e.g. , E n n e r d a l e 
Water i n ref. 112; lakes Z u r i c h and G e n e v a i n ref. 56). A corol lary w o u l d 
seem to be that formation of A V S w o u l d be favored over pyr i te i n surface 
sediments under anoxic h y p o l i m n i a or permanent ly anoxic waters. Such a 
relationship is not universal ly observed, however . In lakes M e n d o t a and 
223, both of w h i c h experience summer anoxia, ratios of pyr i te to A V S are 
very l o w (<0.1; 25, 111). H o w e v e r , i n eutrophic W i n t e r g r e e n L a k e , w h i c h 
also experiences s u m m e r anoxia, the ratio is 2.6 (73) and the ratio is 0 .12 -1 .3 
i n meromic t i c Lago d i Cadagno (56). S -oxidiz ing bacteria, present i n Lago 
d i Cadagno and W i n t e r g r e e n L a k e (133, 137) may enhance formation of 
pyr i te i n these lakes by p r o d u c i n g e lemental S. A m o n g the lakes i n Table 
V, few show evidence of diagenetic conversion of A V S to pyr i te . O n l y four 
have higher ratios of C R S r A V S i n deep relative to surface sediments, and 
al l four are eutrophic or meromict i c lakes w i t h relat ively l i t t le pyr i te i n 
surface sediments; changes downcore may reflect historical changes i n lake 
conditions rather than diagenesis. 
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O t h e r factors that may inf luence ratios of pyr i te to A V S are sediment 
p H , rates of benthic respirat ion, availabil i ty of F e 2 + , and forms of i r o n oxides 
present. R a p i d formation of pyr i te is enhanced at l o w (<7) p H (161), whereas 
prec ipi tat ion of A V S is enhanced b y h i g h p H (160). Rates of A V S formation 
are governed b y rates of H 2 S product ion and availabil i ty of F e 2 + (94, 112, 
160). D a v i s o n et a l . (112) observed that A V S contents of sediments f rom 
three lakes were proport ional to rates of carbon sedimentat ion. Pyr i te con­
tent was independent of carbon supply i n these lakes and was thought to 
be governed b y availabil i ty of partial ly ox id ized S. H i g h carbon supply also 
might favor microb ia l reduct ion of i r o n oxides (96, 97) over the c o m p e t i n g 
reduct ion b y sulfide. Reduct ion of i ron oxides b y sulfide produces S ° (160), 
w h i c h may enhance pyr i te formation. H e n c e l o w carbon supply and an 
abundance of h i g h l y crystal l ine i r o n oxides (cf. 94, 96, 97,170) may enhance 
pyr i te over A V S formation. T h e l i m i t e d data set (Table V) suggests that the 
ratio is a reasonable indicator of t rophic state or availabil i ty of oxidants i n 
sediments. 

Summary 

A weal th of data assembled over the past 20 years allows an assessment of 
what factors control retent ion of S i n lake sediments. A notable f i n d i n g is 
that rates of S accumulat ion are generally m u c h lower than S fluxes to and 
from sediments and m u c h lower than rates of c y c l i n g w i t h i n sediments . 
Retent ion of S represents a small difference between large opposing p r o ­
cesses. Factors affecting these opposing processes of seston deposi t ion, s u l ­
fate reduct ion , and S recyc l ing determine the rate of S accumulat ion. F luxes 
of S to sediments are control led b y rates of p r i m a r y product iv i ty and b y the 
steepness of gradients of sulfate i n pore-water profiles. Concentrat ions of 
sulfate i n lakes appear to be the major factor d e t e r m i n i n g the magni tude of 
the diffusive flux. R e c y c l i n g of S f rom sediments is regulated b y the presence 
of S -ox idiz ing bacteria and suitable e lectron acceptors (oxygen, i r o n , and 
manganese oxides). T h e availabil i ty of i r o n does appear to inf luence the 
speciation of S w i t h i n sediments, but further evidence is needed to deter­
m i n e whether it l imits retent ion of S. Sul fur speciation is a useful index of 
paleol imnological condit ions. Ratios of C R S : A V S give a general indicat ion 
of bottom-water oxygenation, and ratios of organic to pyr i t i c S can dis t inguish 
lacustrine f rom marine sediments. A c c u m u l a t i o n rates and speciation of S 
are also useful indicators of lake eutrophicat ion. 
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Reaction of H2S with Ferric Oxides 
Some Conceptual Ideas on Its Significance 
for Sediment-Water Interactions 

Stefan Peiffer 

Limnological Research Station, University of Bayreuth, P .O. Box 101251, 
D-8580 Bayreuth, Germany 

Conceptual ideas based on laboratory studies explore the relevance 
of the interaction of H2S with reactive iron in freshwater sediments. 
The experimental findings suggest a mechanism for sulfate recycling 
within sediments that involves anoxic oxidation of sulfide by reactive 
ferric oxides and that may help to explain high sulfate reduction 
rates. The transport limited supply of the redox equivalents into 
deeper sediment layers, however, requires very steep microscale hor­
izontal gradients of substances along with the measurable macroscale 
vertical pore-water gradients. Such a microstructure can be ade­
quately represented by a biofilm model. In addition to its role in 
sulfate recycling, oxidation of H2S by reactive iron also may con­
tribute to pyrite formation. In this process ferric oxides will replace 
elemental sulfur as the oxidant to form polysulfides, which further 
react with FeS to form pyrite. 

SULFUR G E N E R A L L Y IS N O T A L I M I T I N G N U T R I E N T i n e i ther aquatic (I) or 
terrestrial ecosystems (2), un l ike ni trogen or phosphorus. C o n s i d e r i n g the 
various redox states i n w h i c h sulfur can be found i n nature (3), its ecological 
role c o u l d be descr ibed as an electron mediator . Th is proper ty can be ob­
served part icular ly at interfaces w i t h steep redox gradients, such as the 
border l ine between sediment and water, w h e r e an intense c y c l i n g of sulfur 
compounds occurs (4, 5). C o n s u m p t i o n and product ion of biomass are fre­
quent ly accompanied b y sulfate reduct ion and reoxidation of sulf ide v i a 
several intermediates by chemoautotrophic organisms (6, 7). 

0065-2393/94/0237-0371$06.00/0 
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372 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

Attent ion has been focused recently on sedimentary microb ia l reduct ion 
of sulfate. This process neutralizes atmospheric sulfuric ac id deposi ted into 
soft-water lakes (8-10) through the product ion of two equivalents of a lkal ini ty 
per mole of sulfate reduced (JI). 

S 0 4
2 ~ +• 2 < C H 2 0 > > H 2 S + 2 H C 0 3 - (1) 

where < C H 2 0 > denotes organic matter. 
T h e strong c o u p l i n g between sulfur and i ron chemistry becomes obvious 

i n this example. Conservat ion of alkal inity w i t h i n the system is achieved 
only i f the sulfide formed is prevented f rom reoxidation, a process that w o u l d 
restore the acidity. Prevent ion of reoxidation occurs through the ult imate 
storage of sulfide i n sediments, e i ther as organic sulfur or as i ron sulfides 
(12, 13). T h e overal l reaction of pyr i te formation proceeds v i a formation of 
F e S : 

F e 2 + + H 2 S + 2 H 2 0 ± = > F e S + 2 H 3 0 + (2) 

and a subsequent reaction w i t h e lemental sulfur 

H 2 S + i o 2 >S° + H 2 0 (3) 

S° + F e S > F e S 2 (4) 

w h i c h gives i n total 

2 S 0 4
2 ~ + 4 < C H 2 0 > + F e 2 + + £ 0 2 > 

2 H C 0 3 - + F e S 2 + 2 H 2 C 0 3 + H 2 0 (5) 

T h e ferrous i ron supply stems f rom reduct ive dissolut ion of ferric oxides, 
another alkal inity-generat ing process: 

F e O O H + e " + 3 H 3 0 + > F e 2 + + 5 H 2 0 (6) 

F o r a detai led discussion of the various pathways and stoichiometrics , see 
reference 14. H o w e v e r , the quest ion remains open as to w h i c h redox process 
provides the electrons for reaction 6. W h e n b u r i e d i n sediments, ferric i r o n 
may be used b y microorganisms as an electron acceptor (15-17). O n the 
other h a n d , it also comes into contact w i t h reductants l ike H 2 S (18, 19). 
A l t h o u g h microb ia l reduct ion of ferric oxides us ing sulfide as the reductant 
has not yet been documented (17), various studies support a p u r e l y chemica l 
interact ion between these two compounds (20-22). 
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11. P E I F F E R Reaction of H2S with Ferric Oxides 373 

T h e dissolution rate of goethite b y sulfide was found to increase w i t h 
surface area and proton concentration. P y z i k and S o m m e r (21) suggested 
that H S ~ is the reactive species that reduces surface ferr ic i r o n after ex­
changing versus O H " . A subsequent protonation of surface ferrous hydrox ide 
w o u l d lead to dissolution of a surface layer. E l e m e n t a l sulfur was the p r o m ­
inent oxidation product ; polysulf ides and thiosulfate were found to a lower 
extent. T h e dissolution rate R (in moles per square meter p e r second) of 
hematite b y sulfide was demonstrated to be proport ional to the surface 
concentration of the surface complexes > F e H S and > F e S ~ (22). 

R = fc{>FeS~} + fc'{>FeSH} (7) 

where {>FeS"} and { > F e S H } are surface concentrations (moles per square 
meter) and k and kf denote the corresponding rate constants (per second). 

Recent ly w e presented (23) the results of an experimental study on the 
kinetics and mechanisms of the reaction of lepidocroci te (Ύ-FeOOH) w i t h 
H 2 S . W i t h respect to the interact ion between i r o n and sulfur, lepidocroci te 
merits special attention. It forms b y reoxidation of ferrous i r o n u n d e r c i r -
cumneutra l p H conditions (24), and it can therefore be classified as a reactive 
i ron oxide (19). T h e concept of reactive i r o n was established b y C a n f i e l d 
(19), w h o differentiated between a residual i r o n fraction and a reactive i r o n 
fraction (operationally def ined as soluble i n a m m o n i u m oxalate). T h e reactive 
i r o n fraction is rapidly reduced by sulfide or b y microorganisms. 

This chapter presents some implicat ions for s e d i m e n t - w a t e r interactions 
d e r i v e d f rom the findings of our exper imental study. Some hypotheses are 
formulated concerning the c o u p l i n g of i r o n and sulfur i n sedimentary en­
vironments . 

Reaction of H2S with Lepidocrocite 

In this study w e per formed in i t ia l rate experiments , react ing H 2 S w i t h l ep­
idocrocite (23). T h e consumpt ion of H 2 S was measured cont inuously b y us ing 
a p H 2 S electrode c e l l (25). To avoid interferences of p H buffer solutions w i t h 
the i r o n oxide surface, the p H was stabi l ized b y using a pH-s ta t that added 
appropriate amounts of H C 1 to the solution. T h e added v o l u m e , w h i c h was 
also cont inuously moni tored , p r o v i d e d informat ion about the amount of p r o ­
tons consumed d u r i n g the reaction. D i s s o l v e d i ron was measured only i n 
some runs. 

T h e reaction was pseudo-first-order w i t h respect to dissolved sulf ide. It 
was surface control led (Figure 1), and the reaction rate showed a strong 
dependence on p H . F i g u r e 2 depicts the inf luence of p H o n the pseudo-
first-order exper imental rate constant fcobs. T h e in i t ia l amount of dissolved 
sulfide was 10 4 M i n each experiment . T h e rate constant increased u p to 
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374 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

Figure 1. The oxidation rate of H2S by lepidocrocite is pseudo-first-order with 
respect to H2S. The experimental pseudo-first-order rate constant kobs is plotted 
as a function of the surface area concentration of y-FeOOH. The reaction rate 

depends on the surface area (A). 

about p H 7 and decreased again at h igher p H . A n e m p i r i c a l rate law can 
be d e r i v e d as follows: 

F o r 5 < p H < 6, 

flS(-II)] 
dt 

= fca[H+]-2[S(-II)]A (8) 

F o r 7 < p H < 8.6, 

flS(-II)] 

dt 
fcb[H+P[S(-II)]A (9) 

w h e r e [S(—II)] is the concentration of total dissolved sulf ide, A is the surface 
concentration i n square meters per l i ter , t is t ime, and ka and kh are rate 
constants; fca = 1.5 Χ 1 0 1 3 M 2 L m 2 m i n 1 , and kh = 2.1 Χ 10 6 M " 1 m " 2 

m i n 1 for the acidic and alkaline ranges, respect ively. 
T h e observed rate constants i n the p H range 6 < p H < 7 may not be 

d e t e r m i n e d precisely because of the short t ime intervals. Probably , our 
values reflect only the lower l imits of the fast reaction rates at neutra l p H . 
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0 
Κ = 1°' [H*]"1'97 A 

K m 1 06.32 [ H + ] 1 .0 A 

-4 
4 5 6 7 8 9 

pH 
Figure 2. Experimental pseudo-first-order rate constant kob* (normalized to 
the surface area concentration A) for the reaction of H2S with lepidocrocite 
plotted as a function of pH. Straight lines a and b correspond to eqs 8 and 9, 

respectively. k« and k& are the empirical rate constants. 

B y fo l lowing the reaction scheme proposed b y dos Santos Afonso and 
S t u m m (22) for the reduct ive dissolution of hematite surface sites (Scheme 
1), w e were able to explain perfect ly the observed p H pattern of the oxidation 
rate of H 2 S . The rate is proport ional to the concentrat ion of inner-sphere 
surface complexes of H S ~ formed w i t h e i ther the neutral ( > F e O H ) or the 
protonated ( > F e O H 2

+ ) ferric oxide surface sites. 

W e were not able to measure an increase of dissolved i r o n at a p H higher 
than 5.7. E v e n at this p H , the recovery of dissolved i r o n accounted for on ly 
28% of the dissolved sulfide consumed. This f i n d i n g agrees w i t h other studies 
of the reduct ive dissolution of ferric oxides i n w h i c h dissolut ion rates fre­
quent ly are not detectable at p H 7 (26, 27). 

A l t h o u g h w e d i d not measure the ox id ized products of H 2 S , these p r o d ­
ucts can be d e d u c e d f rom the ratio of consumed protons per mole of total 
sulfide consumed. I n Table I the reaction of H 2 S w i t h ferric oxide is for-

d[m-} 
dt 

= fc{>FeS~} 4- fc'{>FeSH} (10) 
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376 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

mulated for various oxidation products of H S ~ . T h e w i d e span of ratios 
(~1-15) makes it possible to differentiate c learly among the products . F i g u r e 
3 shows that the measured ratios range mostly be tween 0.5 and 3.5, and i t 
reveals a dist inct p H dependence . 

Sulfate does not appear to be a major product i n these in i t ia l rate ex­
per iments . This conclusion is i n contrast to the f indings of dos Santos Afonso 
and S t u m m (22), w h o used steady-state experiments to measure main ly 

• reversible adsorption of H S 

> F e O H + H S - > F e S ' + H 2 0 
* - i 

• reversible electron transfer 

> F e S " * = > > F e » S ' 

*-et 

• reversible release of the ox id ized product 

> F e " S + H 2 0 > F e n O H 2
+ + S'~ 

• detachment of F e 2 + 

H+ 
> F e " O H 2

+ — • » n e w surface site + F e 2 + 

* 3 

Scheme I. Proposed mechanism for the reaction of H2S with ferric hydroxide surface, 
according to dos Santos Afonso and Stumm (22). 

Table I. A H + : A H 2 S T O T Ratio for Products of the Reaction of H 2 S with γ-FeOOH 

Reaction àH + AH2STOT 

6 F e O O H + 4 H S - + 2 H 2 0 - * S 4 ^ + 6 F e 2 + + 1 4 0 H " 3.5 
8 F e O O H + 5 H S - 4- 3 H 2 0 + 8 F e 2 + + 1 9 0 H " 3.8 
2 F e O O H + H S - + H 2 0 -> S° + 2 F e 2 + + S O H " 5.0 
8 F e O O H + 2HS- + 3 H 2 0 - » S20^ + 8 F e 2 + + 160H~ 8.0 
8 F e O O H + H S - + 3 H 2 0 - » SO^ + 8 F e 2 + + 1 5 0 H " 15.0 
Formation of solid-phase bound F e 2 + 

6 F e O O H + 10HS- 6FeS + S 4*- + 8 0 H " + 4 H 2 0 0.8 
6 F e O O H + 6 > F e O H + 4HS~ - » 

6 F e O - F e + + S4
2~ + 8 0 H - + 4 H a O 2.0 

S O U R C E : Reproduced from reference 23. Copyright 1992 American Chemical Society. 
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11. P E I F F E R Reaction of H2S with Ferric Oxides 377 

Figure 3. Measured ratio Δ Η + :àH2S for the reaction of H2S with y-FeOOH 
plotted as a function of pH. 

sulfate, thiosulfate, and traces of sulfite as oxidation products of H 2 S . O u r 
study reflects more the experimental condit ions descr ibed i n P y z i k and 
Summer's work (21). Thus w e may also assume e lemental sulfur or po ly­
sulfides (S 4

2 - and S5
2~) to be the main products . 

A black coloration that appeared d u r i n g the experiments at p H values 
>6 .5 indicated the formation of F e S . H o w e v e r , the black disappeared again 
toward the e n d of the experiments . A p p a r e n t l y most of the sulfide stored 
i n F e S was also ox idized, and only a small por t ion of the sulfide may have 
remained as F e S . This development is not surpr is ing because w e w o r k e d 
w i t h excess ferric oxide, i n contrast to P y z i k and Sommer 's study (21) i n 
w h i c h F e S c o u l d accumulate d u r i n g the experiments . W e conc luded that 
the ferrous i ron released after redissolution of F e S adsorbs to the ferric oxide 
surface and forms a surface complex > F e O - F e + (reaction 7), to w h i c h 
polysulfides may b o n d . 

A combinat ion of the various processes (formation of polysulf ides and 
e lemental sulfur, prec ipi tat ion of F e S , and adsorption of F e 2 + ) leads to the 
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l o w Δ Η + : A H 2 S ratios observed at p H > 6. A t lower p H values F e S does 
not form and adsorption of F e 2 + decreases; these conditions provide an 
increased A H + : â H 2 S ratio. 

In summary, the reaction of H 2 S w i t h 7 - F e O O H is a fast surface-
control led process. Equat ions 8 and 9 can be used to estimate an u p p e r l i m i t 
of sulfide oxidation rates i n sediments w i t h reactive i r o n (assuming reactive 
i r o n to be represented by lepidocrocite) . T h e surface-area concentrat ion A 
of reactive i ron can be calculated according to 

A = F«w(l-<|>)pSe (11) 

where F e r e a c is the reactive i r o n content (between 0.01 and 1 mg/g; cf. réf. 
19); φ is porosity (0.8); ρ is density (1.5 kg/L) ; S is specific surface area 
( 1 0 5 - 3 X 1 0 5 m 2 /kg) ; and θ is surface coverage resul t ing f rom surface 
precipitates and adsorption of dissolved organic carbon ( D O C ) and other 
sorbing substances (0.1-0.01) so that A ranges between 0.3 and 360 m 2 / L . 
Theoret ica l sulfide oxidation rates range between 9 X 10 " 7 and 1.8 M per 
day (assuming S(-II) concentrations ranging between 10~6 and 10~4 M i n 
sediment pore waters and a p H of 7). T h e u p p e r value is certainly an over­
estimate. H o w e v e r , aerobic microb ia l sulfide oxidation rates on the order 
of Ι Ο 3 M p e r day range w i t h i n the l imits calculated previous ly and indicate 
the environmenta l relevance of this process. T h e values are taken f rom 
reference 28, Table IV, and converted f rom flux densities into rates b y 
assuming the oxidation takes place w i t h i n the u p p e r cent imeter . 

T h e extent to w h i c h H 2 S contributes to the release of ferrous i r o n into 
pore-water solution through dissolution of reactive ferric oxides such as 
lepidocroci te or amorphous ferr ihydri te remains unclear. A c c o r d i n g to C a n -
field (19), l iberat ion of ferrous i ron i n sediments stems m a i n l y f rom microb ia l 
dissolut ion of ferric oxides. T h e release rates of F e 2 + measured i n his study 
range between 3 X 10 6 and 4 X 10 5 M p e r day, at the lower l i m i t o f the 
theoretical interval . 

T h e observed reaction rate m a x i m u m around ρ H 7 corresponds to the 
p H usually found i n anoxic sulf ide-bearing sediment pore waters (29). I n 
addi t ion , the formation of F e S is favored u n d e r these condit ions . Polysulf ides 
may be expected to be at least an intermediate product of the reaction (21), 
w h i c h may be further ox id ized to sulfate on a longer t ime scale (22). 

Sediment and Fore-Water Data 

T h e vert ical profiles of sol id and dissolved substances i n sediments usually 
are in terpreted according to a vert ical sequence of organic matter d e c o m ­
pos ing processes (11, 30). T h e reason for such a succession is general ly 
explained i n terms of decreasing metabolic free energy gain for successive 
microbiologica l reactions (e.g., 31, 32). 

A s long as oxygen can diffuse into a certain d e p t h of the sediment , it 
w i l l be the predominant terminal electron acceptor. O n c e the oxygen is 
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11. P E I F F E R Reaction of H2S with Ferric Oxides 379 

exhausted, other electron acceptors are used. A s a consequence, character­
istic reaction products such as ferrous i r o n , H 2 S , C H 4 , or other fermentat ion 
products a l low the identif icat ion of vert ical zones w i t h respect to the pre­
dominant redox process. T h e i n d i v i d u a l microb ia l processes are cons idered 
exclusive at a certain sediment depth (33, 34). In other words , certain m i ­
croorganisms are able to outcompete other microorganisms i f the ir metab­
ol i sm is l i n k e d to a h igher gain i n free energy. 

O n the basis of this m o d e l , L o v l e y et al . (17) argued that reduct ive 
dissolut ion of ferr ic oxides must be a microbiologica l process because the 
zone of sulfide generation is dist inct f rom the zone of m a x i m u m ferric oxide 
reduct ion . H i g h l y eutrophic environments w o u l d be an exception. In these 
systems the zone of decomposi t ion w i t h oxygen as t e rmina l e lectron acceptor 
d irec t ly overlies the zone of sulfate reduct ion . 

Pore-water profiles are f requent ly in terpreted according to this concept. 
F o r example, W h i t e et a l . (35) descr ibed a conceptual m o d e l of biogeo-
chemica l processes of sediments i n an acidic lake (cf. F i g u r e 4). T h e y dis­
cussed the n u m b e r e d points i n F i g u r e 4 as follows: D i f f u s i o n of d issolved 
oxygen across the s e d i m e n t - w a t e r interface leads to oxidation of ferrous i r o n 
and to an enr ichment of ferric oxide (point 1). Bacter ia l reduct ive dissolut ion 
of the ferric oxides i n the deeper zones releases ferrous i r o n (point 2). T h e 
decrease i n sulfate concentration stems f rom sulfate reduct ion , w h i c h p r o ­
duces H 2 S to react w i t h ferrous i r o n to form most ly pyr i te i n the zone b e l o w 
the ferric oxide accumulat ion (point 3). 

Interpretat ion of these data suggests a quest ion: W h a t is the oxidat ion 
process leading to the formation of pyr i te (analytically d e t e r m i n e d as 
c h r o m i u m - r e d u c i b l e sulfide, C R S ) instead of s imple prec ipi ta t ion of F e S 
(analytically d e t e r m i n e d as acid-volati le sulf ide, AVS)? A V S const i tuted less 
than 10% i n the study of W h i t e et al . (35). 

A s B e r n e r (36) p o i n t e d out i n his classic work , the formation of pyr i te 
is coupled to a process i n w h i c h free sulfide is ox id ized to form polysulf ides , 
w h i c h again react w i t h F e S to form pyr i te . In this study e lemental sulfur 
was the oxidant. H o w e v e r , e lemental sulfur was always less than 1 % of the 
total sulfur content i n the study of W h i t e et a l . (35). T h e findings of the 
exper imental studies discussed on the interact ion between H 2 S and ferric 
oxides (20-23), i n combinat ion w i t h the field observations, suggest a m e c h ­
anism i n w h i c h ferric i r o n oxides are the oxidants to f o r m polysulf ides and 
subsequently pyr i te . 

8 F e O O H + 5 H 2 S > 8 F e 2 + + S 5
2 " + 2 H 2 0 + 1 4 0 H " (12a) 

4 F e S + S 5
2 " + 2 H + > 4 F e S 2 + H 2 S (12b) 

I n summary, 

8 F e O O H + 8 H 2 S > 4 F e S 2 + 4 F e 2 + + 8 H 2 0 4- 8 0 H " (13) 
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Concentration 

WM Fe -0X1 

l l i i CRS 
S O 4 

— — Ferjjss 

Figure 4. A generalized profile of Fe and S chemistry in sediment pore waters 
from an acidic lake. Numbered points are discussed in the text. (Reproduced 
with permission from reference 35. Copyright 1989 American Geochemical 

Society.) 

T h e importance of polysulf ides i n the pyr i te formation process was out­
l i n e d b y several studies (37, 38). Schoonen and Barnes (37) showed that no 
precipi tat ion f rom homogeneous solution can be observed w i t h i n a reason­
able t ime scale, even i n solutions h ighly supersaturated w i t h respect to 
pyr i te , unless pyr i te seeds are already existing. Therefore future studies 
should address the role of ferric oxide surfaces i n p r o m o t i n g the nucleat ion 
of pyr i te . 

Reactions 12a and 12b consume dissolved sulfide. Th is fact fits n ice ly 
w i t h the data of W h i t e et a l . (35), w h o c o u l d not detect free sulfide i n the ir 
study. D i s s o l v e d sulfide is frequent ly absent i n freshwater sediments (e.g. , 
39; see U r b a n , C h a p t e r 10, for a discussion). Th is lack of sulfide is expla ined 
b y an excess of reactive i r o n over the total sulfide concentrat ion (19, 40). 

Probably the H 2 S p r o d u c e d at a certain depth diffuses both u p and d o w n 
i n the sediment . A s long as the requirements for F e S prec ipi ta t ion are 
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11 . P E I F F E R Reaction of H2S with Ferric Oxides 3 8 1 

fu l f i l l ed , reaction 12b and subsequently reaction 13 w i l l proceed. H o w e v e r , 
reaction 12b w i l l stop at sulfide activities lower than the solubi l i ty product 
of F e S , whereas reaction 12a may continue. U n d e r such circumstances the 
polysulf ides formed may further react w i t h ferric oxides i n a redox process 
and be s lowly reoxidized to sulfate (22). It is therefore not surpr is ing to f i n d 
a sulfate peak be low the pyr i te peak (point 4 i n F i g u r e 4). Subsurface sulfate 
peaks also were reported i n other lakes (10, 12). 

In this context, the concept of sulfate recyc l ing seems to be he lp fu l (28, 
41). U r b a n (Chapter 10) po in ted to the fact that a l l measured sulfate re­
duct ion rates i n freshwater sediments indicate a m u c h h igher turnover of 
sulfate than w o u l d be predic ted b y calculation of diffusive fluxes f rom the 
concentration gradients. M o r e than 50% of sulfate reduct ion occurs b e l o w 
a depth of 2 c m , where diffusive gradients are negl igible . U r b a n conc luded 
that only sulfate regeneration result ing f rom reoxidation can explain sulfate 
reduct ion rates as h i g h as those found under marine condit ions, despite the 
l o w sulfate concentrations i n freshwater systems. 

Possible oxidants w i l l be oxygen, ferric oxides, or manganese oxides. 
O x y g e n usually shows very steep gradients at the s e d i m e n t - w a t e r interface 
i n both marine (42) and freshwater (43) systems. Therefore it w i l l serve as 
an oxidant only i n the upper few mi l l imeters of a sediment (the redox process 
mediated, e .g . , b y Beggiatoa). Manganese was shown to oxidize sulfide (44). 
H o w e v e r , the pool of sol id manganese i n freshwater sediments is usually 
m u c h smaller than that of sol id i ron (e.g., 35, 45-47). Because deeper layers 
are frequently impover i shed w i t h respect to manganese, it may w e l l be that 
ferric oxides are the electron acceptors responsible for the postulated sulfate 
regeneration, part icularly i n deeper layers of sediment. Consequent ly , an­
oxic sulfide oxidation rates should counterbalance sulfate reduct ion rates. A s 
an example, the m a x i m u m of the sulfate reduct ion rate measured i n the pore 
waters of the F O A M site i n the study of C a n f i e l d (reference 19, 3 Χ 10" 4 

M per day) corresponds nice ly to theoretical oxidation rates calculated b y 
using eqs 9 and 11 (2.4 Χ 10" 5 to 6.7 Χ Ι Ο 4 M per day; F e r e a c = 0.15 
mg/g, φ = 0.35, p H was estimated to be 7, and dissolved sulfide concen­
tration [S(—II)] = 10~6 M ; for the range of the other parameters, cf. e q 11). 

In summary, it seems meaningful to consider both the formation of pyr i te 
f rom the reaction of H 2 S w i t h reactive ferric oxides and sulfate recyc l ing as 
a result of this process i n any discussion of the early diagenesis of sulfur and 
i ron i n sediments. 

Formation of Pyrite in Sediments: A Kinetic Approach 

T h e formation of pyr i te i n sediments depends on the availabil i ty of three 
parameters: i r o n , sulfate, and organic matter (48). A l t h o u g h organic matter 
content controls the formation rate under marine sulfate-rich condit ions, 
sulfate concentration is usually regarded as the l i m i t i n g factor u n d e r fresh-
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water condit ions. H o w e v e r , intensive recyc l ing of sulfate has been found i n 
both coastal (41) and l imnet i c (28) sediments. These data suggest that the 
recyc l ing rate of sulfate controls the formation of pyr i te more than its con­
centration. In contrast to sulfate, i ron generally exists i n sufficient amounts 
i n sediments (with the exception of calcareous, i ron-poor systems). T h e 
availabil i ty of ferrous i r o n for the formation of pyr i te , however , w i l l be 
contro l led b y the reactivity of ferric oxides (19). 

As Schoonen and Barnes (49) po inted out, the existence of F e S is a 
necessary prerequis i te for the formation of pyr i te . H o w e v e r , h i g h pyr i te 
formation rates were observed, part icularly i n salt marshes or other systems 
exposed to temporary oxygen intrusion into sulf ide-bearing sediments, a l ­
though no F e S could be detected (50, 51). These p h e n o m e n a can be ex­
p la ined b y the growth of already-existing pyr i te i n favor of F e S (37). In other 
words , the rate of formation of F e 2 + and H 2 S i n such systems is h i g h enough 
to cause precipi tat ion of F e S . It is, however , lower than the consumpt ion 
rate of both species b y the two processes of reoxidation and prec ipi ta t ion as 
pyr i te . 

A parameter indicat ing the flux of F e 2 + and H 2 S w o u l d be the measured 
ion activity product , I A P (52). A l o w p I A P value, corresponding to amor­
phous F e S , does not necessarily mean that other, more stable, so l id F e S 
phases do not exist (the system w o u l d be supersaturated w i t h respect to 
these phases), but it may indicate that the formation rate of both F e 2 + and 
H 2 S is h i g h . A t l o w net fluxes, other sol id phases have t ime to f o r m . C o n ­
sequently, inverse gradients can be observed i n systems w h e r e the net fluxes 
of F e 2 + and H 2 S are h i g h ( p I A P increases w i t h depth) and i n systems w h e r e 
the net fluxes of F e 2 + and H 2 S are l o w at the s e d i m e n t - w a t e r interface ( p I A P 
decreases w i t h depth) (cf. réf. 52). 

Variat ion of p I A P depth profiles also occurs w i t h t ime . F i g u r e 5 presents 
p I A P values measured i n L a k e K i n n e r e t sediments (53) after an algal b l o o m 
(May 30, 1988), d u r i n g the stratification p e r i o d (October 24, 1988), and after 
over turn (January 5, 1989). T h e organic matter decomposi t ion after sedi ­
mentat ion of algae caused a b u i l d u p of dissolved sulfide (also i n the h y p o -
l imnion) and therefore an increase i n the rate of formation of amorphous 
F e S ( p I A P < 3; 54) i n the upper sediment layers. D u r i n g the course of the 
stratification p e r i o d , the formation rate decreased and the p I A P values i n ­
creased to a more or less un i form value throughout the sediment , corre­
sponding to a more crystal l ine F e S phase (mackinawite). A f t e r o v e r t u r n , 
oxygen penetrates into the sediment; the sulfate reduct ion rate (and thus 
the sulfide supply) was decreased (Figure 5). T h e l o w sulfide concentrat ion 
that diffusively accumulated i n deeper layers was rapidly c o n s u m e d through 
reaction w i t h ferric oxides. 

A s this short discussion shows, the kinetics of formation of the single 
parameters ( F e 2 + and H 2 S ) may control the extent and the pathway of pyr i te 
formation. Oxidat ion of sulfide b y e lemental sulfur to form polysulf ides (path­
way 1) should predominate at the oxygen-su l f ide interface of very product ive 
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11. P E I F F E R Reaction of H2S with Ferric Oxides 383 

sz 

Figure 5. Profiles of ion activity products (pIAP values) of FeS measured in 
Lake Kinneret sediments after the end of an algae bloom (May 30, 1988), 
during the stratification period (October 24, 1988), and after overturn (Jan­
uary 5, 1989). Straight lines correspond to solubility products of various FeS 
phases according to the reaction FeS + H+ Fe2+ + HS. (Based on data 

from ref 53.) 

(eutrophic) environments of h i g h organic matter supply (e.g. , salt marshes; 
51, 55). Sulfur formation may be mediated b y bacteria (e.g. , Beggiatoa, 56). 
H i g h rates of microb ia l reduct ive dissolut ion of ferric oxides together w i t h 
h i g h sulfate reduct ion rates cause a very sharp separation of r e d u c i n g and 
ox id iz ing microenvironments . I n contrast, oxidation of sulfide b y ferric oxides 
to polysulf ides (pathway 2) may occur i n those environments w h e r e d e c o m ­
posit ion rates are not h i g h enough for deve lopment of such a redox m i c r o -
structure (e.g., sediment systems, as discussed i n F i g u r e 5). 

F e S can s t i l l be found i n such environments because of an insufficient 
supply of an oxidant to react w i t h sulfide. This insufficiency may happen 
w h e n either no sulfide-reactive i r o n exists or the rate of reoxidation of (mi-
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erobiologieally produced) ferrous i r o n to sulfide-reactive ferr ic oxide is too 
l o w (e.g. , i n sediments u n d e r l y i n g an anoxic h y p o l i m n i o n , such as i n L a k e 
Kinnere t ) . In other words , the concentrat ion of sulfide-reactive ferr ic oxides 
should l i m i t the formation of pyr i te i n environments w h e r e pathway 2 pre ­
dominates. T h e rate of the reaction of ferric oxides w i t h H 2 S controls the 
rate of pyr i te formation f rom F e S . 

T h e C R S : A V S ratio reflects the trophic state of a lake (cf. U r b a n (28), 
Table V ) . This observation may be explained b y the p r e c e d i n g k inet ic con­
siderations. T h e h i g h organic matter supply i n eutrophic lakes leads to an 
intensive mineral izat ion rate b y both i r o n - and sulfate-reducing bacteria. 
H o w e v e r , reoxidation of F e 2 + to ferric oxide or of sulfide to sulfate does not 
take place because an anoxic h y p o l i m n i o n prevents penetrat ion of oxygen. 
Therefore F e S can b u i l d u p , but the sediment becomes deple ted w i t h respect 
to reactive i r o n . 

Sulfate Reduction in Lake Sediments: A Biofilm Model 

T h e observed sulfate reduct ion rates i n freshwater sediments cannot be 
expla ined by diffusion of sulfate f rom the lake water into the sediment , 
because m u c h steeper sulfate concentrat ion gradients should then be ob­
served. A s s u m i n g diffusive supply alone, U r b a n (28) calculated that the 
change of sulfate concentration w i t h d e p t h should take place w i t h i n 1 m m 
instead of several centimeters , w h i c h are usually measured. This assumption, 
however , also means that the sulfate recyc l ing process and the sulfate re­
duct ion rate should not be l i m i t e d by the vert ical transport of sulfide to 
(frequently solid) oxidants or to the oxic boundary layer. 

Instead of assuming that diffusive fluxes occur only vert ical ly , f o l l o w i n g 
the macroscopic, measurable, large-scale concentrat ion gradients, i t seems 
reasonable to consider also lateral microscale concentration gradients w i t h i n 
microniches (57-59). 

A b io f i lm provides a very he lp fu l approach to expla in ing the p h e n o m ­
enon of microniches . T h e b i o f i l m concept, most ly a p p l i e d i n technical sys­
tems, describes the activity of microorganisms adher ing to surfaces and thus 
separated from the b u l k solution (60-63). Microorganisms i n sediment pore 
waters benefit above a l l f r o m the enhanced nutr i t ional status at m i n e r a l 
surfaces (64). M o r e generally, they exert better regulat ion or control of their 
microenvi ronment (65). O f part icular interest is the formation of microb ia l 
consortia, the development of a syntrophic c o m m u n i t y of two or more bac­
terial species (66). Such consortia are often s tr ikingly complex , showing 
tempora l and structural heterogeneity, but exhib i t ing funct ional homoge­
nei ty based o n intercel lular fluxes of organic carbon compounds , inorganic 
electron acceptors, and r e d u c i n g equivalents (65, 67). 

M o d e l i n g of interactions between organisms attached to pore walls and 
the b u l k solution of a porous m e d i u m such as a sediment has been done for 
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11. P E I F F E R Reaction of H2S with Ferric Oxides 385 

groundwater systems (68, 69), but there is s t i l l a great lack of theoret ical 
understanding of these interactions (W. Schâfer, U n i v e r s i t y of H e i d e l b e r g , 
personal communicat ion) . 

In theory, microbia l activities w i t h i n biof i lms are regarded as di f fusion-
control led (70). H o w e v e r , the diffusion length is shorter than the macroscale 
concentration gradient thickness, w h i c h is usually several centimeters . T h e 
separation of microenvironments w i t h i n a b i o f i l m , w h e r e organisms benefit 
f rom the metabolites of other organisms, leads to concentrat ion gradients 
on a very small scale. T h e more intense the metabolic activity of a certain 
species is, the steeper the concentration gradients and the greater the fluxes 
of substances. 

T h e intensity of decomposi t ion depends o n the availabi l i ty of bo th or­
ganic matter and an adequate electron acceptor. T h e latter w i l l be s t imulated 
i f the product of a certain organism group (e. g . , sulfide) is rap id ly reconverted 
to a reactant (e.g. , sulfate) i n close prox imi ty to this organism group. Steep, 
but inverse, concentration gradients of bo th sulfide and sulfate w i l l therefore 
enhance the decomposi t ion rates of sulfate-reducing bacteria i n close prox­
i m i t y to a sulf ide-regenerating ferric oxide surface. A sufficient organic matter 
supply must be p r e s u m e d i n this m o d e l . 

In lake sediments the b u l k solution consists of lake water enclosed b y 
the sedimented material . A t the moment of b u r i a l the b u l k solution has the 
same chemica l composi t ion as the lake water. It is, however , then exposed 
to early diagenetic processes, i n c l u d i n g growth of a b i o f i l m on the pore walls . 
T h e right side of F i g u r e 6 depicts a b io f i lm-covered , vert ical ly d i rec ted 
sediment pore that is separated into five boxes, each represent ing a certain 
sediment depth . T h e change of concentration of the redox-dependent sub­
stances ( D O , SO/~, F e 2 + , and H 2 S ) w i t h d e p t h reflects the macroscale ver ­
tical concentration gradients w i t h i n the b u l k solution. M n 2 + was o m i t t e d for 
s impl ic i ty . 

T h e pore w a l l consists of metal oxides. Its reactive part is c o n s u m e d i n 
propor t ion to d e p t h because of metabol ic activity w i t h i n a b i o f i l m . T h e 
b i o f i l m separates the b u l k solution f rom the pore w a l l . T h e hor izonta l b i o f i l m 
concentration profiles on the left side of F i g u r e 6 correspond to the center 
of each of the five boxes. (Concentrat ion is on the ver t ica l axis and b i o f i l m 
thickness is on the horizontal axis.) Excess organic matter is assumed w i t h i n 
the u p p e r few centimeters. T h e arrows indicate net f lux densities of various 
substances i n and out of the b i o f i l m . 

Substances i n the bulk solution diffuse into the b i o f i l m , where they are 
consumed (such as oxygen, point 1 i n F i g u r e 6) or recyc led (such as sulfate 
through stepwise reoxidation of H 2 S f rom sulfate reduct ion , point 5). W i t h i n 
the b i o f i l m , very steep gradients exist for oxygen or hydrogen sulfide and 
also for ferrous i ron f rom reduct ive dissolution of ferr ic oxides. These gra­
dients result f rom the coexistence of anaerobic and aerobic metabolisms such 
as aerobic respirat ion (point 1), reduct ion of ferr ic oxides (point 3), and sulfate 
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Figure 6. An idealized scheme for a sedimentary porous medium with pore 
walls covered by a biofilm. High sulfate reduction rates are maintained even 
in depths to which sulfate cannot diffuse because of recycling of sulfate within 
the biofilm. Numbered points (in black circles) denote the following processes: 
1, Respiration consumes oxygen. 2, Microbial reduction of reactive metal ox­
ides. Reduction of reactive ferric oxides is in equilibrium with reoxidation of 
ferrous iron by 02. Thus, no net loss of reactive iron takes place in these 
layers. 3, Microbial reduction of ferric oxides. 4, Sulfate reduction rate (de­
noted as SRR). 5, Sulfide oxidation, either microbiologically or chemically. 6, 
Sulfide builds up within the biofilm, sulfate consumption increases, reactive 

iron pool decreases. 7, Formation of iron sulfides. 
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reduct ion (point 4). W i t h i n the b i o f i l m , recyc l ing of ferrous i ron to ferr ic 
i ron w i l l take place as long as oxygen is available (point 2). In addi t ion , 
H 2 S is recyc led to sulfate because of the reaction of H 2 S w i t h ferr ic oxides 
(point 5). 

T h e b u l k solution becomes impover i shed w i t h respect to oxygen. H o w ­
ever, the sulfate concentrat ion remains constant as l o n g as the recyc l ing rate 
of reduced sulfur to sulfate is h igher than the sulfate reduct ion rate (denoted 
S R R i n F i g u r e 6). In the opposite case the sulfate concentration of the b u l k 
solution also decreases, and H 2 S is s lowly enr iched (point 6). T h e require ­
ments for F e S prec ipi ta t ion and subsequent pyr i te formation are then f u l ­
filled (point 7). 

In spite of its l o w concentration compared to ferric oxides, so l id m a n ­
ganese also may play a role i n recyc l ing sulfide i n the u p p e r layers (44). T h e 
kinetics of homogeneous oxidation of M n 2 + to manganese oxide b y dissolved 
oxygen are rather s low (32). Nevertheless , some recyc l ing of M n 2 + because 
of heterogeneous catalysis of the oxidation process w i l l occur at oxide surfaces 
(71). F i e l d data i m p l y a relat ively fast deple t ion of sol id manganese w i t h 
depth (e.g. , 47), so the recyc l ing process should be restr icted to the u p p e r 
cent imeter of a sediment. A c c o r d i n g to the m o d e l presented i n F i g u r e 6, 
reactive ferric oxides play a key role i n the recyc l ing of sulfate and therefore 
w i l l control the gross sulfate reduct ion rate. If the reactive i r o n pool i n boxes 
2 and 3 (1.0 and 1.5 cm) d i d not exist, ferrous i ron concentrat ion w o u l d 
decrease i n the b u l k solution and sulfate w o u l d be consumed rapidly i n the 
u p p e r layers. 

Th is m o d e l places special emphasis on the recovery of reactive meta l 
oxides i n the u p p e r layers of the sediment b y dissolved oxygen. I n other 
words , the oxidation capacity of dissolved oxygen ( D O ) is transferred onto 
metal oxides, w h i c h are then b u r i e d b y further sedimentat ion. T h e oxidation 
capacity is thus shutt led into deeper layers, w h e r e i t w i l l enhance the an­
aerobic turnover of organic carbon i n sediment layers that c o u l d not be 
mainta ined by diffusive supply of sulfate alone. A shuttle of oxygen equiv ­
alents may also influence the pathways of organic matter decomposi t ion . 

O n the other hand, a permanent supply of ferric oxides to the sediments 
is p r o v i d e d b y sedimentat ion of allochthonous material . It is u n k n o w n to 
what extent these oxides are reactive w i t h respect to sulfide or whether a 
predigest ion of ferric oxides b y bacteria is needed . Various studies indicate 
that ~ 5 0 % of freshwater sediment i r o n exists as i r o n oxide and ~ 2 0 % of the 
i r o n is reactive (72). F u t u r e studies should be d i rec ted to a better u n d e r ­
standing of the existence of reactive i r o n . 

A Personal View 

M a n y of the hypotheses presented i n this chapter are based on exist ing f ie ld 
and laboratory studies. A s they are often not yet p r o v e n , they might st imulate 
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controversial discussion. I hope they will provide a contribution to the de­
velopment of future research objects in a field of great environmental rel­
evance. The fate of substances of environmental concern may be closely 
linked to the processes discussed. Of particular relevance are substances 
that interact with the surface of ferric oxides, such as trace metals (73-76) 
or phosphate (77, 78). 

In addition to a better understanding of the reaction of sulfide with ferric 
oxides and its role in pyrite formation, a more exact definition of the term 
"reactive iron" is critical. Does reactive iron mean a different iron oxide 
fraction for bacterial dissolution (e.g., weathering products such as goethite 
or hematite) than for reaction with sulfide (e.g., reoxidized lepidocrocite)? 
In other words, is there a predigestion of ferric oxides by bacteria that allows 
a subsequent rapid interaction of sulfide with ferric oxides? 

The biofilm concept, applied to sediment-water interactions, breaks 
with classical strategies to model early diagenesis (i.e., the vertical redox 
zonation). Although far from completely developed, this concept may over­
come modeling problems, such as an adequate description of recycling of 
substances. 
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This chapter presents a review of the factors that affect both the 
formation and the decay of hydrogen peroxide, H2O2, in fresh waters. 
Although biological and chemical (nonphotochemical) processes form 
H2O2, their contribution to surface waters is generally insignificant. 
The formation of hydrogen peroxide results principally from the UV 
portion of sunlight exciting humic substances in the water and thereby 
leads to the formation of superoxide ion, which reacts with itself to 
form H2O2. Because this production is limited to the depth of UV 
light penetration, its vertical distribution provides a sensitive tracer 
for mixing processes. The known chemical pathways for the decay of 
H2O2 appear to be insignificant in freshwater systems. Although some 
algae and zooplankton show catalase and peroxidase activity, the 
major organisms responsible for the decay of H2O2 are heterotrophic 
bacteria. 

HYDROGEN PEROXIDE IN AQUEOUS SOLUTION can act as e i ther an o x i d i z i n g 
or a reduc ing agent (I ). T h e presence of hydrogen peroxide has been reported 
i n fresh waters (2-18), marine waters (19-25), and estuarine environments 
(26-28). H 2 0 2 affects redox chemistry i n marine environments (15, 21, 24, 
29-32) and may also be important i n metal cyc l ing i n other natural waters 
(33-39) and i n the fate of pollutants i n the envi ronment (7, 40-45). A s a 
strong oxidant, it may affect both biological processes (46-48) and chemica l 
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processes and, as a result, may shape ecosystem biogeochemistry. To u n ­
derstand its dis t r ibut ion i n natural waters, it is necessary to understand the 
mechanisms of H 2 0 2 formation and decay. 

T h e major i n situ process that results i n the formation of H 2 0 2 is u n ­
doubtedly photochemical (e.g., 12, 15, 49, 50). Photochemical formation of 
H 2 0 2 i n fresh and salt waters probably results f rom the disproport ionat ion 
of the superoxide ion radical , 0 2

e ~ (8, 9, 15, 51, 52). T h e kinetics of super­
oxide disproport ionat ion are w e l l established (53), and its steady-state con­
centration can be calculated. Because of the k n o w n effects of superoxide ion 
i n cells (47), its presence i n surface waters may be important i n biological ly 
mediated processes. H o w e v e r , other sources, such as biological formation 
(e.g., 45, 54), redox chemistry (21, 24, 29, 31, 32), wet (e.g. , 55) and d r y 
(50, 56, 57) deposi t ion, and surfaces (e.g., 58) may also be important . 

Several studies on the decomposi t ion of H 2 0 2 i n natural waters strongly 
suggest that microbiological processes play an important role (13, 14, 16, 
45). T h e relative importance of chemical processes i n the decomposi t ion of 
H 2 0 2 has not been evaluated, but it appears to be smal l . 

A l t h o u g h early studies i n the marine envi ronment showed l i t t le d i e l 
var iabi l i ty i n the surface-water H 2 0 2 concentration (22, 23), in i t ia l obser­
vations of rather h i g h concentrations of H 2 0 2 i n surface waters of lakes l e d 
us to examine the factors affecting its variabi l i ty and dis t r ibut ion . This chapter 
provides a cr i t ical rev iew of the l i terature on H 2 0 2 formation and decay, 
integrated w i t h recent results of both f ie ld and laboratory studies. 

T h e f ie ld studies w i l l focus on the formation and dis t r ibut ion of H 2 0 2 

i n a w i d e range of lakes compared w i t h that obtained i n an estuarine system, 
the Chesapeake Bay. Laboratory studies on the decomposi t ion of H 2 0 2 i n 
natural waters, f i l tered natural waters (using various size filters), and waters 
w i t h pure cultures of two bacteria [Vibrio alginolyticus, a c o m m o n estuarine 
bacter ium (59, 60), and Enterobacter cloacae, a c o m m o n freshwater bac­
ter ium] w i l l clarify the role of bacteria i n the decay processes. 

Materiah and Methods 

H 2 0 2 Determination. T h e analytical m e t h o d for determinat ion of 
H 2 0 2 measures the loss i n fluorescence of scopoletin b y the peroxidase-
mediated decomposi t ion of H 2 0 2 (11, 61-64). Separate standard curves were 
d e t e r m i n e d for each water or cul ture s tudied because the slope of the curve 
is affected by dissolved organic carbon (65, 66). 

Microbiological Studies. Bacterial numbers for the Chesapeake Bay 
samples and the pure cultures were d e t e r m i n e d b y acr idine orange direct 
counts ( A O D C ) (67). Those for the lakes were d e t e r m i n e d by epif luorescence 
(68) us ing D A P I (4 ' ,6 -diamidino-2-phenyl indole) w i t h a f inal stain concen­
tration of 1.0 μg/mL, a process that is descr ibed i n detai l e lsewhere (69). 
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Bacterial cells for the laboratory studies were prepared b y g r o w i n g V. 
alginolyticus i n a M 9 m i n i m a l salts bacterial growth m e d i u m w i t h 8 m M 
glucose as the carbon and energy source (70). T h e standard M 9 m e d i u m was 
modi f i ed by addi t ion of 21 g/L of N a C l ( S W M 9 ) . Water used for a l l studies 
was de ionized and passed through a reverse osmosis membrane ( M i l l i - Q ) . 

C e l l s were transferred from an overnight l i q u i d cul ture to fresh m e d i u m 
and grown overnight (~18 h) o n a gyrorotary shaker at r o o m temperature . 
T h e cells were harvested b y centrifugation (11,000 g, 10 min) and resus-
p e n d e d i n sterile assay buffer (0.01 M phosphate buffer, N a salt, 0.26 M 
N a C l , p H 6.78; the p H pr ior to steri l ization was 7.20). T h e ce l l concentrat ion 
was adjusted to approximately 5 X 1 0 8 / m L as j u d g e d b y optical densi ty of 
the solution. T h e actual numbers i n di lut ions of the c e l l suspensions were 
d e t e r m i n e d b y direct counts. E. cloacae was grown as descr ibed , except that 
the M 9 contained 0.5 g/L of N a C l . 

H 2 0 2 Formation Studies. F o r m a t i o n rates at specific depths or at 
the surface were d e t e r m i n e d b y using quartz glass tubes w i t h quartz glass 
stoppers. T h e tubes were f i l l ed w i t h the selected waters and placed at the 
surface or at p r e d e t e r m i n e d depths i n the water c o l u m n . P lac ing the glass 
tubes i n the ambient water ensured that a constant temperature was m a i n ­
tained and m i n i m i z e d the tube w a l l effects. In a l l samples an in i t ia l H 2 0 2 

concentration was de termined . T h e samples were then exposed to sunl ight 
for 1 h , after w h i c h the H 2 0 2 concentration was again d e t e r m i n e d . T h e 
formation rate (per hour) was calculated b y subtracting the in i t ia l concen­
tration f rom the f inal H 2 0 2 concentration. 

H 2 0 2 Decay Studies. U n f i l t e r e d lake waters were stored i n washed 
2 - L polyethylene bottles i n the dark, and the H 2 0 2 concentrations w e r e 
measured at specif ied intervals. L a k e waters were f i l tered through 0.2-, 
1.0-, 5.0-, and 12.0-μπι microfi l ters (Nuclepore) . Zooplankton w e r e r e m o v e d 
w i t h 30-μπι w o v e n n y l o n (Nitex) screens. G e n e r a l l y 1 L of filtrate was used. 

Samples for d e t e r m i n i n g decay rates of H 2 0 2 i n Chesapeake Bay water 
were maintained as close to ambient water temperature as possible. T h e 
decay studies were conducted i n 1 -L glass bottles mainta ined i n the dark 
without shaking. 

T h e studies on pure cultures were conducted at 25 °C i n the laboratory. 
Chesapeake Bay water samples were f i l tered through the fo l lowing fi lters: 
0 .1-μηι Tuffryn M e m b r a n e , H T 1 0 0 (Gelman); 0 .22-μπι M P G L 06S H 2 ( M i l -
l ipore) ; and 0.45-μΐΏ G N - 6 (Gelman). 

Sample Collection. Water samples f rom the lakes and the Chesa ­
peake Bay were obtained f rom either standard 6 - L N i s k i n sample bottles or 
a p u m p i n g system e m p l o y e d to collect samples for rare earth elements (71). 
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Irradiation Measurements. A n E p p l y photometer w i t h sensors for 
total global irradiance, photosynthetic active radiation (PAR) , and ultraviolet 
(UV) radiation (295-385 nm) was used to measure irradiance cont inuously 
and averaged a measurement every 0.5 h . 

Study Areas 

T h e studies reported here were conducted i n several different environments . 
T h e lakes s tudied i n c l u d e d L a k e E r i e , L a k e Ontar io ( H a m i l t o n H a r b o r at 
the extreme wester ly e n d of L a k e Ontario) , and Jacks L a k e and Rice L a k e 
i n Ontar io , Canada. T h e locations of the stations and study areas are shown 
i n F i g u r e 1; more details are descr ibed elsewhere (13, 14). 

T h e study sites i n the Chesapeake Bay are shown i n F i g u r e 2. D e p t h 
profiles were obtained at both the N o r t h and South Bas in locations, w h e r e 
the water c o l u m n was oxic throughout and had a fairly constant 0 2 concen­
tration of 5 m g / L . T h e surface-water temperature, approximately 10 °C, 
remained constant at the South Bas in throughout the water c o l u m n w h i l e 
decreasing i n the N o r t h Bas in to sl ightly less than 9 °C i n the lower 18 m 
of the water c o l u m n . A t both locations the surface water (approximately the 
top 10 m) was relat ively fresh, w i t h a saltwater wedge at the bot tom. T h e 
surface-water salinity increased f rom the N o r t h Basin (10.6%o) to the South 
Basin (12.3%). 

Bancroft 

Figure 1. Lake study areas and sampling locations. 
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Figure 2. Sampling locations in the Chesapeake Bay. 
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T h e transect began i n the u p p e r reaches of the bay i n water that had a 
surface salinity of 0.21%> and proceeded i n a southerly d i rec t ion w i t h sam­
p l i n g at f ive locations, T 1 - T 5 , where the salinity was 7.9%>. T h e day of the 
transect, A p r i l 13, 1988, was clear and sunny, w i t h w i n d s of 18-25 knots. 

Results and Discussion 

D e t a i l e d studies of H 2 0 2 d is t r ibut ion i n mar ine systems and factors affecting 
its formation have resulted p r i m a r i l y f rom the w o r k of Z i k a and co-workers 
(9, 11, 12, 20-24, 30, 31). These studies indicated that the surface ocean, 
5 m and less deep, was close to 100 n M i n H 2 0 2 . Some d i e l var iabi l i ty was 
reported i n subtropical surface waters, but the variat ion f rom night to day 
was approximately 10-20%. Ini t ia l studies of Jacks L a k e , Ontar io , C a n a d a 
(13), showed surface water (1 m and less) d i e l var iabi l i ty of f rom < 1 0 n M 
at night to >500 n M d u r i n g the day. T h e contrasting d i e l pattern observed 
i n the two systems l e d us to the next phase of our experiments . 

W e d e t e r m i n e d the net formation rates i n discrete samples at several 
depths i n the water c o l u m n , w i t h and without f i l trat ion, us ing waters f rom 
several lakes. W e also investigated the decay processes, i n the dark, for 
whole lake waters, lake waters filtered through vary ing mesh size fi l ters, 
and i n pure bacterial cultures. These results added to our unders tanding of 
the processes responsible for the observed dis t r ibut ion of H 2 0 2 . O u r current 
research activities (18) are r e v i e w e d and synthesized i n this chapter. 

Formation of H202 

Photochemical Formation. T h e major pathway leading to the for­
mation of H 2 0 2 i n surface waters (fresh and marine) results f rom photo-
chemical ly (sunlight) mediated reactions of dissolved organic carbon (e.g. , 
12, 15). T h e port ion of the sunlight most responsible for the formation of 
H 2 0 2 is that port ion b e l o w 400 n m . T h e intermediate i n the process appears 
to be 0 2 *~ (8, 9, 12, 15, 51, 52, 72). Thus , those reactions that lead to the 
formation of 0 2*~ i n natural waters w i l l increase the formation of H 2 0 2 , and 
those that lead to the loss of 0 2 *~ w i l l result i n lower concentrations of H 2 0 2 

i n natural waters. T h e fo l lowing general ized reaction mechanism has b e e n 
proposed (12, 15): 

J D O C - ^ t } D O C * i ? D O C * (1) 

1 D O C * or f D O C * > [ D O C + + e ] (2) 

[ D O C + + e~] > D O C * + + e a q " (3) 

0 2 + e a q " > ΟΓ (4) 
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? D O C * + 3 0 2 » D O C + + 0 2 - (5) 

f D O C * + 3 0 2 > èDOC + l 0 2 (6) 

i D O C + l 0 2 > D O C * + + 0 2 - (7) 

f D O C * + R N H 2 > D O C " + R N H 2
 + (8) 

D O C " + 0 2 > IOOC + 0 2 - (9) 

J D O C + Ό 2 » endoperoxides > D O C + H 2 0 2 (10) 

w h e r e D O C is the sunlight-absorbing dissolved organic carbon, ( / D O C is 
the general ized electronic ground state, ^ D O C * is the general ized elec­
tronical ly excited singlet state, j 3 D O C * is the general ized electronical ly ex­
c i ted tr iplet state, and I S C is intersystem crossing. T h e equations suggest 
that the rate of formation should be related to the concentrat ion of dissolved 
organic carbon. This relat ionship has been demonstrated (12, 15, 18), a l ­
though natural variabi l i ty does exist. These results have been extended to 
several natural waters obtained f rom various temperate lakes and the Great 
Lakes . D a t a for net formation rates of H 2 0 2 at the surface are s u m m a r i z e d 
i n Table I, but i n each exper iment inc idental l ight was not contro l led . I n ­
cidental l ight varies w i t h lat i tude, season, and c l o u d cover. 

In earl ier studies it was p r e s u m e d that f i l trat ion w o u l d not significantly 
affect formation rates because major decay processes were p r e s u m e d to be 
chemical ly mediated (11,12). Therefore l i t t le attention was g iven to f i l tered 
versus unf i l tered formation rates. H o w e v e r , w e have shown that microb ia l 
processes are important (16). Therefore, the formation rate of H 2 0 2 i n both 
filtered (0.2-μιη) and unf i l tered (whole) lake water was d e t e r m i n e d i n this 
study. In most of the samples the formation rate of the f i l tered water was 
higher than that of the whole (unfiltered) lake water, a result indica t ing that 
part ic le-mediated (biological) decay processes are important o n 1-h t ime 
scales. 

Q u a n t u m yields (reflecting the efficiency of convert ing sunlight energy 
to the formation of H 2 0 2 at several wavelengths) i n natural waters (F igure 
3) suggest that i n h i g h - h u m i c waters most of the H 2 0 2 formation w i l l occur 
i n the near-surface water (11, 12). That is, the quantum yields are highest 
at the l o w wavelengths that are absorbed i n the waters near the surface. 
F i g u r e 4 shows the H 2 0 2 formation rate variat ion w i t h d e p t h (up to 1 m) i n 
Sharpes Bay ( D O C = 5.7 m g / L , w i t h filtered water). T h e rate was deter­
m i n e d by incubat ing the sample for 1 h at an integrated solar U V irradiat ion 
of 3.02 Langleys . T h e formation rate at d e p t h is considerably s lower than 
at the surface. 

T h e effect of c l o u d cover on the formation of H 2 0 2 was established d u r i n g 
a d i e l study of H 2 0 2 i n surface waters (13). H o w e v e r , the effect of d e p t h on 
the formation rate has not been reported. F i g u r e 4 shows that o n a hazy 

 P
ub

lic
at

io
n 

D
at

e:
 M

ay
 5

, 1
99

4 
| d

oi
: 1

0.
10

21
/b

a-
19

94
-0

23
7.

ch
01

2

In Environmental Chemistry of Lakes and Reservoirs; Baker, L.; 
Advances in Chemistry; American Chemical Society: Washington, DC, 1994. 



398 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

Table I. H 2 0 2 Formation Rate at the Surface in Natural Waters Under Natural 
Sunlight Conditions 

Sample DOC Formation Rate 
Water Weather Condition'1 (mgih) (nM/h) Réf. 

Jacks Lake 
Sharpes Bay U n 6 ± 0.5 120-360 13 

sunny F 5.7 126-221 this study 
cloudy F 44 this study 

Brooks Bay sunny F 7.2 310-350 this study 
sunny U n 373 this study 
cloudy F 102 this study 

Hamilton Harbor F 4.1 218 this study 
U n 202 this study 

Lake Erie 
Station 23 F 4.2 51 this study 

U n 29 this study 
Lake Ontario 

Station 41 F 70 this study 
U n 51 this study 

Station 212 F 3.4 43 this study 
U n 31 this study 

Rice Lake F 7.9 526 this study 
U n 451 this study 

Greifensee 4 -4 .5 160-300 15 
Glatt - 4 . 5 180 15 
Zurichsee 1.5 - 3 0 15 
Etang de la Gruere 13 1000 15 

"Un is unfiltered; F is filtered (0.2-μηι filter). 
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Figure 3. Wavelength-dependent quantum yields for the formation of H2O2 in 
three natural (fresh) waters. (Reproduced from reference 11. Copyright 1988 

American Chemical Society.) 
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25 50 75 100 125 150 

H2O2 FORMATION (nM h~1) 

Figure 4. Rate of formation of H202 in Sharpes Bay of Jacks Lake, Ontario, 
Canada, at several depths, September 1990. (Reproduced with permission from 

reference 17. Copyright 1990 Academic Press.) 

day (integrated solar irradiat ion for the day was 0.46 Langleys) the formation 
rate of the f i l tered lake water was reduced b y approximately 3 3 % between 
the surface and 1-m depth . 

Several studies have conc luded that 0 2 ~ leads to the formation of H 2 0 2 

i n natural waters (8, 9, 15, 51, 52). This process has b e e n demonstrated 
experimental ly b y using the enzyme superoxide dismutase ( S O D ) ; the ad­
di t ion of S O D (73-75) results i n a more rap id formation rate and/or h igher 
absolute concentrations of H 2 0 2 i n sunl ight- irradiated natural waters. These 
observations were extended to L a k e Grei fensee i n a comprehens ive study 
of the factors affecting the formation of H 2 0 2 i n natural waters (15). 

T h e relative importance of some of the reactions leading to the formation 
of 0 2 *~ was also s tudied (15). Radical scavenging experiments suggest that 
0 2 is not reduced direct ly b y eaq~, but rather that direct e lectron transfer 
f rom the excited-state D O C to 0 2 results i n the formation of 0 2 *~. I f the 
addit ion of a scavenger results i n decreasing the concentrat ion of H 2 0 2 or 
the rate of its formation, then eaq~ is i n v o l v e d direc t ly i n the formation of 
0 2 T h e scavengers, N 2 0 (k = 6 X 10 9 M " 1 s 1 ) and 3 m M C H C 1 3 (k = 3 
X 10 1 0 M 1 s"1), had no effect on the formation or rate of formation of H 2 0 2 

(15). W e conf i rmed this observation b y us ing another eaq~ scavenger, t r i ­
chloroacetic acid ( T C A ) , k = 8.5 X 10 9 M " 1 s" 1 (76). W h e n 1 m M T C A was 
added to filtered L a k e Ontar io water (Station 41) no change i n the formation 
rate of H 2 0 2 , 68 nmoles per hour , was observed. Thus , w e conclude o n the 
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basis of these studies that, under sunlight conditions i n natural waters, 0 2 

is not reduced b y e a q " (eq 4). O n the contrary, direct e lectron transfer f rom 
the excited D O C (e.g., / D O C ) is the l ike ly formation pathway (eq 5). 

E q u a t i o n 7 of the proposed mechanism suggests that l 0 2 c o u l d react 
w i t h ground-state ( / D O C and result i n the formation of 0 2 ' ~ . A n effective 
* 0 2 quencher is N 3 ~ (77, 78; k = 2.2 Χ 10 8 M " 1 s"1) and therefore the addi t ion 
of N 3 ~ w o u l d result i n a decreased formation rate and concentrat ion of H 2 0 2 . 
Sturzenegger (15) showed an increase i n H 2 0 2 formation w i t h t ime i n the 
presence of 1 m M N 3 ~ i n two waters, Grei fensee and E t a n g de la G r u e r e . 

In experiments s imilar to those reported b y Sturzenegger (15), w e added 
N 3 ~ to a groundwater exposed to sunlight. W e observed an increase i n H 2 0 2 

concentration, as d i d Sturzenegger. These results are the opposite of what 
w o u l d be expected i f * 0 2 was i n v o l v e d i n the formation of H 2 0 2 . 

A n o t h e r possibi l i ty is that l 0 2 might react w i t h ( / D O C to form an en-
doperoxide, i n a process s imilar to the fur fury l alcohol reaction (78-81), and 
w i t h decomposi t ion it w o u l d result i n the formation of H 2 0 2 (eq 10). Stur­
zenegger (15), i n studies compar ing H 2 0 2 formation f r o m fur fury l alcohol 
and h u m i c substances, conc luded that this pathway was not significant. 

Thus , w e conclude f rom these studies that eqs 7 and 10 are both ins ig­
nificant i n the formation of H 2 0 2 b y sunl ight- ini t iated reactions i n natural 
waters. N o p u b l i s h e d studies indicate that eqs 8 and 9 are of any significance 
i n natural waters. 

Biological Formation. T h e formation of H 2 0 2 i n biological systems 
is w e l l k n o w n (82-84), Studies of a phytoplankton (45) and of coastal water 
using 1 8 0 2 - l a b e l i n g techniques (1) showed that H 2 0 2 was f o r m e d through 
biological ly mediated processes. T h e most comprehensive investigation of 
H 2 0 2 formation v ia biological ly mediated processes was reported b y Palenik 
and co-workers (54, 85-89). 

A mechanism leading to the extracellular formation of H 2 0 2 i n plankton 
involves L -amino acid oxidase, L A A O (87, 88): 

LAAO 
L -amino acid + 0 2 » keto ac id + H 2 0 2 + N H 4

+ (11) 

D a t a f rom three separate phytoplankton genera, two prymnes iophyte 
and one dinoflagellate, indicated that this mechanism may be more general 
than previously real ized (88). T h e L -amino acid oxidase pathway is related 
to a m m o n i a uptake and is not l ight dependent . Thus , this mechanism rep­
resents a possible l ight - independent source of H 2 0 2 . T h e results reported 
b y Palenik and M o r e l (88) demonstrated that the addi t ion of 1 - 5 μ Μ amino 
acids to cultures results i n the formation of H 2 0 2 . As yet these experiments 
have not been extended to natural waters, and the relative contr ibut ion of 
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this biological ly mediated source of H 2 0 2 is not k n o w n . O u r experiments on 
f i l tered and nonfi l tered water samples show that the presence of algae and 
bacteria reduces rather than stimulates H 2 0 2 formation. 

C h e m i c a l F o r m a t i o n . A potential chemical ly media ted source of 
H 2 0 2 w o u l d be the presence of reduced metals i n oxygenated waters (15, 
21, 32-34, 36-38). This pathway has never been demonstrated i n fresh 
waters, although M i l e s and Brezonik (35) showed that 0 2 concentrations 
var ied over 24 h i n h u m i c waters w i t h i ron present. N o measurements of 
H 2 0 2 were made, but most l ike ly H 2 0 2 was f o r m e d as the 0 2 was consumed. 
T h e net impact of these processes on H 2 0 2 concentration i n fresh waters is 
not l ike ly to be important i n waters r i ch i n h u m i c substances. H o w e v e r , this 
assumption has not been ver i f ied experimental ly . 

G r o u n d w a t e r may be an important source of water i n lakes, reservoirs, 
and other bodies of fresh water. If groundwater is a source of water i n a lake 
and H 2 0 2 has been reported i n groundwater (64), it may be a direct source 
of H 2 0 2 . H o w e v e r , groundwater is u n l i k e l y to be a significant source of the 
total H 2 0 2 found i n a lake, for the concentrations reported i n groundwater 
were very low. A n alternative mechanism for the contr ibut ion of groundwater 
to H 2 0 2 in aquatic systems involves the oxidation of reduced metals (e.g. , 
F e 2 + and C u + ) by 0 2 . G r o u n d w a t e r is often anaerobic; as such, the stable 
form of the dissolved or chelated metals w o u l d be the r e d u c e d state. W h e n 
these react w i t h the 0 2 present i n surface waters 0 2 *~ is formed: 

M ( n ) + + 0 2 > M { " + 1 ) + + 0 2 - (12) 

This process leads to the formation of H 2 0 2 . In summary, the chemica l 
pathways leading to the formation of H 2 0 2 i n lakes and reservoirs are not 
thought to be significant i n most waters. 

Decay of H202 

In the lakes we studied, the decay of H 2 0 2 always fits a pseudo-f irst-order 
m o d e l (13, 14, 16, 18). That is, a plot of In [ H 2 0 2 ] versus t ime is l inear and 
usually remains l inear throughout the incubat ion (—24 h). W e never ob­
served an H 2 0 2 concentration as l o w as our detect ion l i m i t i n natural waters 
or i n pure cultures. T h e possibi l i ty that biological formation exists at l o w 
ambient H 2 0 2 concentrations cannot be exc luded. To better understand 
biological ly mediated H 2 0 2 decay i n natural waters, w e r e v i e w e d studies 
that examined the role of enzymes, the effect of f i l trat ion of lake waters 
through filters w i t h various mesh sizes, and the loss of H 2 0 2 i n p u r e cultures 
of bacteria. C h e m i c a l decomposi t ion, a possible factor i n contro l l ing H 2 0 2 

i n natural waters, is also rev iewed. 
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B i o l o g i c a l D e c a y . T h e two major enzyme systems that are used to 
control intracel lular H 2 0 2 concentrations i n organisms are catalases and per­
oxidases (47). T h e different overal l reactions for H 2 0 2 decomposi t ion me­
diated by these two enzyme systems can be i l lustrated as follows for catalase: 

2 H 2 0 2 > 2 H 2 0 + 0 2 (13) 

and for peroxidase: 

peroxidase + H 2 0 2 > perox I (14) 

perox I + A H 2 > perox II + A H - (15) 

perox II + A H 2 > peroxidase + A H - + H 2 0 (16) 

where perox I and II are "ac t ivated" peroxidase states and A H 2 is a gener­
al ized hydrogen donor. 

These enzyme systems are widespread i n nature (90, 91). Several l ines 
of investigation have l e d to the conclusion that these processes may account 
for most biological ly mediated decay of H 2 0 2 observed i n natural waters. 

E n z y m e D e c a y . Moffett and Zaf i r iou (I) differentiated catalase- and 
peroxidase-mediated decay i n coastal (marine) waters b y us ing l s O - l a b e l e d 
H 2 0 2 and 0 2 , and by d e t e r m i n i n g the labeled e n d products . E q u a t i o n 13 
shows that the products of catalase decomposi t ion are H 2 0 and 0 2 . In con­
trast, peroxidase decomposi t ion results i n the formation of H 2 0 wi thout 0 2 . 
F r o m the measurement of the relative amount of labeled products it is 
possible to determine the contr ibut ion of both enzymes i n the decay of the 
H 2 0 2 . In the coastal water, 6 5 - 8 0 % of the decomposi t ion was at tr ibuted to 
catalase and the rest to peroxidase (I). These studies are the first to use this 
technique. T h e approach should be extended to freshwater ecosystems to 
see i f the same pattern w o u l d be found. 

A n o t h e r approach uses the coupl ing reaction of p-anis idine . In the pres­
ence of H 2 0 2 and peroxidase (16), an oxidation product that contains two 
aromatic rings, benzoquinone-4-methoxyani l ine , is f o r m e d stoichiometr i -
cally (92). Equat ions 14-16 indicate that an electron donor or h y d r o g e n 
donor is r e q u i r e d for peroxidase-mediated decomposi t ion of H 2 0 2 . In two 
natural waters and one soil suspension, peroxidatic act ivity was ident i f ied 
b y the stoichiometric removal of p-anisidine b y the addi t ion of H 2 0 2 (in the 
dark) (16). This procedure provides an independent corroborat ion of the 
results obtained by Moffett and Zaf ir iou (J). H o w e v e r , this m e t h o d does not 
quantify the relative importance of peroxidases versus catalases i n the de­
composi t ion of H 2 0 2 . 
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F i l t r a t i o n S t u d i e s . W e examined biological ly media ted decay of H 2 0 2 

b y measuring decay rates on lake waters filtered through filters w i t h various 
mesh sizes. T h e filters used were 64 μπι to remove zooplankton, 12 μηι to 
remove large algae, 1.0 μπι to remove smal l algae, and 0.2 μηι to remove 
bacteria. Examples of the effect of f i l trat ion o n the decay rate of H 2 0 2 i n 
natural waters are shown i n Table II, and addit ional data are p r o v i d e d b y 
L e a n et a l . (28). A p p a r e n t l y removal of the zooplankton and large algae 
causes l i t t le difference i n H 2 0 2 decay. H o w e v e r , w h e n smaller particles 
(small algae and bacteria) are removed , H 2 0 2 becomes quite stable i n the 
water. 

These observations are consistent w i t h data obtained (93) w h e n inhibi tors 
of microbia l activity were added to solutions of suspended sediments and 
natural waters. W h e n formaldehyde or Hg(II) was added , the H 2 0 2 was 
stable and no decay occurred. In other words , decay is re lated to particles 
i n the water. These particles are l ike ly to be smal l p lankton and bacteria. 

P u r e C u l t u r e S t u d i e s . T w o bacteria were c u l t u r e d to study the 
decomposi t ion of H 2 0 2 , Vibrio alginolyticus and Enterobacter cloacae. V. 
alginolyticus was selected because it is an extremely c o m m o n inhabitant of 
environments l ike the Chesapeake Bay. V i b r i o s may p r o v i d e u p to 5 0 % of 
the culturable bacterial species i n the bay (60). E. cloacae was s tudied 
because it is c o m m o n l y found i n freshwater environments (94). 

D e c a y studies using V. alginolyticus were conducted at a constant H 2 0 2 

concentration as a funct ion of ce l l concentration, and at a constant ce l l con­
centration as a funct ion of H 2 0 2 concentrat ion. T h e five ce l l concentrations 
represent various environments , f rom h i g h l y product ive areas to ol igotrophic 
waters, 10 7 to 10 5 ce l l s/mL, respectively. Tr ipl icate experiments w e r e con­
ducted at each ce l l concentration, and the c o m b i n e d results are s u m m a r i z e d 
i n Table III . A t each ce l l concentration of V. alginolyticus the rate of de­
composi t ion through the first one or two half-lives was obtained b y least-

Table II. The Loss of H 2 0 2 in Sharpes Bay (Jacks Lake) Water and Filtrates 
of Lake Water 

Lake Water Sharpes Bay Vertical Profile 

tj/i (h) Filter Size Organisrns tin (h) Depth (m) Rate Constant (h~*) tj/i (h) 

Unfiltered Natural assemblage 4.4 Surface 0.122 5.7 
64 μηι Zooplankton removed 4.7 1 0.119 5.8 
12 μηι Large algae removed 6.4 2 0.120 5.8 
1.0 μιτι Small algae removed 19.1 3 0.130 5.3 
0.2 μηι Bacteria removed 58.7 4 0.110 6.3 

5 0.124 5.5 
6 0.115 6.0 

N O T E : The half-life (f1/2) was determined at 20 ° C as it would be for a first-order kinetic process 
(i.e., the In 2 divided by the decay rate constant). 
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Table III. Hydrogen Peroxide Decomposition 
by a Marine Bacterium Vibrio alginolyticus Culture 

( H 2 O j 0 (nM) Rate Constant (min *) tl/2 (h) 

2175 -0.015 0.79 
1120 -0.016 0.72 
1052 -0.015 0.78 
530 -0.018 0.64 
540 -0.017 0.67 
114 -0.033 0.35 
108 -0.028 0.42 

31.9 -0.030 0.39 
28.9 -0.017 0.69 

Cells! mL(x 106) 
14 -0.024 0.49 

7 -0.011 1.08 
1.4 -0.0043 2.67 
0.7 -0.00073 15.8 
0.14 -0.00031 37.3 

N O T E ; In the experiments with varying [H 20 2], the V. alginolyticus 
concentration was 1.4 Χ 107 cells/mL. In the experiments with 
varying cell concentration, the [H 20 2] was 132 nM. The culture 
medium was 0.01 M phosphate, pH 6.78, containing 15 g/L of 
NaCl and kept at 25 °C. 

squares regression analysis at t ime t of In ( [ H 2 0 2 ] t ) . T h e decay rate constants 
are also summar ized i n Table III . 

A t a ce l l concentration of 1.4 Χ 10 7 c e l l s / m L , the H 2 0 2 decay rate was 
measured w i t h i n the [ H 2 O 2 ] 0 range f rom 28.9 to 2175 n M . This range brackets 
surface water concentrations found i n various environments , a l though the 
highest H 2 0 2 concentrations s tudied have never been observed i n natural 
waters. A decrease i n decay rate was observed at h igher H 2 0 2 concentrations. 
This decrease is probably caused b y some i n h i b i t i o n of the organisms at h i g h 
H 2 0 2 concentrations. 

Several experiments , us ing solutions of H 2 0 2 to w h i c h organisms h a d 
been added, were a l lowed to continue u n t i l no further decomposi t ion was 
observed. In every case the H 2 0 2 concentration was 2 - 5 n M . To de termine 
whether this result was an artifact of the analytical m e t h o d , excess catalase 
was added to several solutions and H 2 0 2 was measured after several hours . 
I n a l l cases i n w h i c h excess catalase had been added, the H 2 0 2 concentrat ion 
was reduced to be low the detection l i m i t , 1 n M . This lower l i m i t for H 2 0 2 

concentration may indicate biological formation of H 2 0 2 , as suggested b y 
Palenik (87, 88). F u r t h e r studies are r e q u i r e d to determine the reason for 
the l o w steady-state concentrations of H 2 0 2 i n the cultures . 
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H 2 0 2 decay i n pure cultures of V. alginolyticus was shown to be second 
order overal l and first order i n [ H 2 0 2 ] and c e l l concentrat ion, as shown b y 
eq 17: 

- d [ H 2 0 2 ] = fcbajH202][cells] ( 1 7 ) 

dt 

where fcbaot is the second-order rate constant for a specific bac ter ium, and 
[cells] is i n organisms per m i l l i l i t e r . 

F o r V. alginolyticus at 132 n M H 2 0 2 and vary ing bacterial c e l l concen­
tration, the second-order rate constant was: 

fcVa = 2.3 Χ 1 0 " 9 mL/ce l l s -min (18) 

S imi lar studies carr ied out us ing E. cloacae showed that decay was slower 
at the higher concentrations of H 2 0 2 than at the lower concentrations (Table 
IV). H o w e v e r , the relat ively h i g h concentration of H 2 0 2 may have i n h i b i t e d 
microbia l activity. A t other concentrations the decay rate seemed to be first-
order i n H 2 0 2 concentration and first-order i n concentrat ion of organisms, 
g i v i n g an overal l rate constant at 25 °C: 

kEc = 5.1 X 10~ 9 mL/ce l l s -min (19) 

Thus , both pure cultures were efficient i n r e m o v i n g H 2 0 2 f rom solution and 
the overal l rate constants were v e i y s imilar . 

Table IV. Hydrogen Peroxide Decomposition 
by a Freshwater Bacterium Enterobacter cloacae Culture 

[HiOJ. (nM) Rate Constant (min *) ti/2 (h) 

1 7 2 6 - 0 . 0 0 7 8 1 1 .5 
1 1 7 6 - 0 . 0 0 9 6 2 1 .2 

5 5 8 - 0 . 0 1 1 0 1.1 
121 - 0 . 0 2 1 8 0 . 5 3 

1 7 . 5 - 0 . 0 1 9 6 0 . 5 9 

Cells/mL (Χ 106) 
1 0 - 0 . 0 4 9 9 0 . 2 3 

5 - 0 . 0 2 9 0 0 . 4 0 
1 - 0 . 0 0 4 4 6 2 . 5 9 
0 . 5 - 0 . 0 0 0 7 5 15 .4 
0 . 1 - 0 . 0 0 0 3 8 3 0 . 4 

N O T E : In the experiments with varying [H 20 2], the V. alginolyticus 
concentration was 1.4 X 107 cells/mL. In the experiments with 
varying cell concentration, the [H 20 2] was 132 nM. The culture 
medium was 0.01 M phosphate, pH 6.8, containing 15 g/L of NaCl 
and kept at 25 °C. 
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Several experiments were conducted to characterize the H 2 0 2 decay i n 
the cultures and media . These experiments were a l l conducted at H 2 0 2 

concentrations l ike ly to be found i n natural waters. F i r s t , to test the part ic le-
associated decomposi t ion of H 2 0 2 , V. alginolyticus was c u l t u r e d , centr i fuged, 
and resuspended i n fresh media . A port ion of this resuspended cul ture was 
w i t h d r a w n , centr i fuged, and filtered through a 0. l -μηι filter. T h e cell-free 
filtrate (from a ce l l suspension that was 5.6 X 10 8 ce l ls/mL) was d i l u t e d to 
give an equivalent of 1.4 X 10 7 c e l l s / m L at 126 n M H 2 O a . T h e ce l l suspension 
that had not been filtered was also d i l u t e d i n the same ster i l ized m e d i u m 
to give a ce l l concentration of 1.4 X 10 7 ce l l s/mL. T h e H 2 0 2 decomposi t ion 
rate constant for the l i v i n g cells was -0 .0392 ce l l/min , w i t h a half-life of 
17.7 m i n (Table III). T h e filtrate showed no loss of H 2 0 2 d u r i n g a 50-h 
p e r i o d . This result establishes that the processes for the decomposi t ion of 
H 2 0 2 i n these pure cultures is associated w i t h the l i v i n g organism and is not 
associated w i t h extracellular enzymes or metabolites. 

Second, cultures of V. alginolyticus were heated i n an incubator for 45 
m i n at 62 °C. This relat ively m i l d treatment w o u l d result i n a m i n i m u m 
change to noncel lular organic and inorganic compounds that may be re­
sponsible for H 2 0 2 decomposi t ion. A n al iquot (1 m L ) plated onto t rypt ic soy 
agar (Difco) showed no growth. T h e ce l l suspension was viscous after heating, 
a result that indicated that ce l l lysis probably had occurred. T h e heat -k i l led 
ce l l suspension was d i l u t e d i n s ter i l ized m e d i u m , 126 n M H 2 0 2 , to an equiv­
alent of 10 7 c e l l s/mL. N o decomposi t ion of H 2 0 2 was observed over 50 h . 

T h i r d , azide i o n was added to determine the effect of this inhib i tor . T h e 
respirat ion rate of V. alginolyticus is s lowed b y the addi t ion of 10 m M azide 
ion (92). O u r studies suggest that the addi t ion of azide ion inhibi ts most or 
al l of the decomposi t ion of H 2 0 2 i n some natural waters and/or soil suspen­
sions (16). Therefore, solutions of H 2 0 2 were prepared i n s ter i l ized m e d i u m . 
In one flask only N a N 3 (10 m M ) was added. To the other two flasks, 1.4 X 
10 7 c e l l s / m L of V. alginolyticus were added. A f t e r the decomposi t ion of H 2 0 2 

equivalent to one half-life, N a N 3 (10 m M ) was added to one of these flasks. 
In the flask to w h i c h no bacteria were added, no decomposi t ion of the H 2 0 2 

occurred over 4 h . T h e rate of H 2 0 2 decomposi t ion i n the presence of 1.4 
X 10 7 c e l l s / m L was -0 .0392 ce l l/min , and no change i n the rate of d e c o m ­

posit ion was observed after the addi t ion of azide ion . T h i s result indicates 
that for these laboratory cultures N 3 " d i d not noticeably affect the mechanism 
responsible for the decay of H 2 0 2 . 

Field Studies. E x p e r i m e n t s conducted at Jacks L a k e (13), L a k e E r i e 
and L a k e Ontar io (14,18), and u n d e r laboratory condit ions us ing suspended 
sediments and natural waters (16,17) have a l l impl i ca ted biological processes 
i n H 2 0 2 decay. U n f i l t e r e d Jacks L a k e water (Sharpes Bay) had a half-life 
(tm) for H 2 0 2 of 7.8 h . F i l t ra te f rom 64-, 12-, and 5-μιη filters were a l l 
s imilar , w i t h an average tm of 8.6 h . T h e filtrate of l - μ η ι f i l trat ion had 
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12. C O O P E R E T A L . Distribution of H202 in Surface Waters 407 

a tm of 31 h , and the filtrate of a 0 .45-μηι f i l ter showed no decay i n 
24 h (13). 

To determine the H 2 0 2 decay rate correlated w i t h depth , two locations 
were s tudied: station 212 i n L a k e Ontar io and Station 23 i n L a k e E r i e . A t 
both sampl ing locations the rate decreased w i t h d e p t h (i .e. , the H 2 0 2 half-
life increased. F o r example, at station 212, the tm increased f rom 14.7 h i n 
the surface-water sample to 21.6 h i n the sample obtained at 10 m . A t station 
23 the surface tm was 9.6 h , and it increased to 20.2 h i n the sample f rom 
a water d e p t h of 16.4 m . 

A summary of our most recent studies on biological ly media ted decay 
is shown i n F i g u r e 5. I n situ H 2 0 2 decay was d e t e r m i n e d b y us ing the natural 
logari thm of the nightt ime areal concentration plot ted versus t ime . T h e decay 
rate constant was taken as the slope of the l ine . D e c a y rate constants cal ­
culated us ing i n situ values were s imilar to water samples incubated i n bottles 
kept i n the dark i n the laboratory. T h e decay rate constants seemed to 
correlate w i t h bacteria numbers . 

T h e temperature effect on the decay rate of H 2 0 2 i n unf i l tered Sharpes 
Bay water was d e t e r m i n e d by a l lowing samples to equi l ibrate at several 
temperatures (Figure 6). H 2 0 2 was spiked i n al l samples, and the decay was 
fo l lowed for several half-l ives. W i t h lower water temperatures the decay 
rate constants were lower . A s yet this has not been ver i f i ed over a season. 
A s water temperatures change the relat ionship may differ for cold-tolerant 
species. H 2 0 2 decay studies have also been conducted i n waters f rom the 
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Figure 5. Hydrogen peroxide decay rate constants in surface-water samples 
from Sharpes Bay (in June and September), Jacks Lake, Ontario, Canada, 
from the East (Station 23), Central (Station 84), and West Basin (Station 357) 
of Lake Erie and the Chesapeake Bay, plotted as a function of bacteria 

numbers. 
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0.25 

TEMPERATURE (°C) 

Figure 6. Decay rate constants for H202 in unfiltered Sharpes Bay lake water 
contained in glass bottles in the dark at temperatures from 3 to 35 °C. Initial 
concentrations were about 270 nM. (Reproduced with permission from ref­

erence 17, Copyright 1990 Academic Press.) 

u p p e r reaches of the Chesapeake Bay. D e c a y studies w e r e p e r f o r m e d on 
two d e p t h profiles and for surface samples starting i n the u p p e r Bay and 
proceeding south (Figure 2). Table V summarizes the hydrogen peroxide 
concentration w i t h depth , the decay rate constants obtained for the N o r t h 
and South Basins, and the bacterial ce l l counts ( A O D C ) . B o t h stations w e r e 
sampled on c loudy days, A p r i l 12, 1988, and A p r i l 14, 1988, N o r t h and South 
Basin , respectively. Because of the l o w ambient concentrations of H 2 0 2 , it 
was necessary to add H 2 0 2 pr ior to measuring the decrease i n concentrat ion 
w i t h t ime . A t both stations decay rates were s lower i n surface water than 
i n deeper water, a t rend opposite to that observed i n the samples obtained 
f rom L a k e Ontar io and L a k e E r i e . A l l of the decay rates obta ined are c o m ­
parable to, or faster than, those obtained i n other coastal (estuarine) e n v i ­
ronments (W. J . C o o p e r , u n p u b l i s h e d data) and comparable to those found 
i n some of the freshwater lakes sampled. 

Table V I summarizes the sampl ing location and t i m e , surface-water sa­
l i n i t y , the measured surface-water H 2 0 2 concentrat ion, the decay rate con­
stants, and bacterial ce l l counts for the five samples obtained o n the transect. 
A l t h o u g h the ambient concentration of H 2 0 2 r emained s imilar throughout 
the transect, the decay rate decreased to give H 2 0 2 half-l ives of 2 . 5 - 1 2 h . 
T h e ce l l numbers were s imilar at a l l sampl ing locations, and the decay rate 
d i d not appear to correlate w e l l . F o r some unexpla ined reason the increase 
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Table V. Hydrogen Peroxide Profile and Decay at Two 
Stations in the Chesapeake Bay 

Bacterial 
Water H 2 0 / Rate Constant tli9 cells/mL 
Depth (m) (nm) (min l) (h) (x W) 

North Basin, Lat 38°55'57" N ; L o n 76°23'17" W 
Surface 38.0 -0.00183 6.3 2.7 
2.8 32.0 -0.00152 7.6 3.1 
5.7 6.3 -0.00176 6.6 3.1 
8.7 4.3 -0.00211 5.5 3.4 

12.0 2.8 -0.00258 4.5 3.3 
15.3 3.3 -0.00257 4.5 3.2 

South Basin, Lat 38°40'58" N ; L o n 76°25'25" W 
Surface 24.0 -0.00242 4.8 2.8 
5.0 12.2 -0.00273 4.2 3.9 

10.0 6.3 -0.00289 4.0 4.1 
12.1 10.3 -0.00255 4.5 4.0 
15.1 NAb -0.00364 3.2 3.9 
20.2 N A -0.00298 3.9 4.5 
25.0 N A -0.00338 3.4 3.8 
26.5 N A -0.00533 2.2 5.4 

N O T E : Decay was determined in the dark at approximately 10 °C. 
"Ambient concentration when water samples were brought on 
board. 

feNA indicates not analyzed. 

i n salinity may have resulted i n longer half- l ives. A d d i t i o n a l w o r k is necessary 
to better understand these results. 

Several shipboard experiments were conducted i n an attempt to deter­
m i n e the relative importance of biological and chemica l processes i n the 
decay of H 2 0 2 . A water sample f rom 2.8 m ( N o r t h Basin) was heated to 
6 2 - 6 5 °C for 30 m i n , and the decay of H 2 0 2 was measured. In a paral le l 
experiment , water f rom 15.3 m was b o i l e d for 10 m i n and the H 2 0 2 con-

Table V I . Hydrogen Peroxide Decay in Surface-Water Samples in the Upper 
Chesapeake Bay 

Decay 
Sample Rate tl/* [HfiJo Bacterial 
(h) Salinity (min'1) (h) (nM) cells! mL(x 106) 

T l 1025 0.21 -0.00464 2.49 81.5 2.1 
T l 1230 0.21 -0.00533 2.17 99.4 2.3 
T2 1350 2.4 -0.00336 3.44 71.7 2.7 
T3 1515 5.0 -0.00170 6.80 72.6 3.6 
T4 1624 6.8 -0.00150 7.70 75.6 2.6 
T5 1818 7.9 -0.00095 12.2 83.5 3.0 

N O T E : Samples were taken within 1 m of the water surface. 
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centration was measured w i t h t ime . In both eases the H 2 0 2 concentrat ion 
remained unchanged after the treatment, for the durat ion of the exper iment , 
approximately 30 h . 

T w o water samples obtained at 5.7 m were f i l tered through m e m b r a n e 
filters. F i l t ra t ion through ei ther 0.45- or 0 .2-μπι filters complete ly i n h i b i t e d 
H 2 0 2 decay over a 24-h p e r i o d . A t every sampl ing point along the transect 
an unf i l tered and f i l tered (0.22-μπι filter) sample was obtained. A t a l l f ive 
locations the sample that had been passed through a 0.22-μΐΉ filter showed 
no loss of H 2 0 2 over a 24-h p e r i o d . 

O n e addit ional surface-water sample was obtained f r o m the lower 
reaches of the bay (location 6 i n F i g u r e 2) on A p r i l 23, 1988. T h e salinity 
was 19°/^ on an e b b i n g t ide . T h e water, at 12 °C, contained 5.4 Χ 10 6 

bacter ia/mL. T h e sample was re turned to the laboratory and a l lowed to 
come to room temperature (29 °C on the day of the study). H y d r o g e n per­
oxide was added at six concentrations (137, 216, 227, 541, 1076, and 2321 
n M ) and the decay rate was d e t e r m i n e d . T h e decay rate constant was 
-0 .00417 ± 0.00016 m i n 1 (tm = 2.8 h) for al l samples, a result indica t ing 
l i t t le or no effect of H 2 0 2 concentration on the decay rate over this range. 
This result confirms that the decay rate constant is a robust parameter for 
use i n future models . Because it is constant, it also shows that the decay 
rate is not approaching the maximal rate, w h e r e a d o u b l i n g of the concen­
tration w o u l d halve the rate constant. 

T h e H 2 0 2 decay results obtained i n the water samples of the Chesapeake 
Bay are consistent w i t h biological processes i n the short- term (<24 h) decay 
of H 2 0 2 . Af ter filtration of the water w i t h 0.1-, 0.22-, and 0.45-μΐΉ fi l ters, 
no decomposi t ion was observed w i t h i n the 30-h durat ion of the exper iment . 
Fi l trates (0.1-μπι filter) of p u r e cultures of V. alginolyticus gave s imilar 
results. These experiments strongly suggest that the processes leading to 
the decay of H 2 0 2 are associated w i t h the retained particles. 

Samples heated to 6 2 - 6 5 °C and to b o i l i n g a l l resul ted i n stable (no loss 
of H 2 0 2 ) solutions. This heat ing is considered a m i l d treatment that w o u l d 
m i n i m i z e changes i n the chemistry of the p u r e cultures and natural waters. 
T h e fact that the short-term decay of H 2 0 2 was stopped strongly suggests 
that the processes are related to viable organisms. 

A z i d e ion , w h i c h is k n o w n to reduce the respirat ion of V. alginolyticus 
b y 50% at 10 m M (94), was added to pure cultures and to the natural waters. 
It d i d not detectably i n h i b i t the decay of H 2 0 2 i n the p u r e cultures of V. 
alginolyticus. H o w e v e r , i n the natural waters, H 2 0 2 decay was nearly e l i m ­
inated i n one sample and the rate was decreased substantially i n the second 
b y the addi t ion of 10 m M azide i o n . T h e two samples were surface and 
12.0-m water f rom the N o r t h Basin . T h e H 2 0 2 concentration i n the surface-
water sample decreased f rom 91 to 81 n M and i n the 12.0-m water sample 
it decreased f rom 73 to 45 n M , a drop of 11 and 38%, respect ively. These 
two samples w i t h no azide ion added had tl/2 of 6.3 and 4.5 h . T h e reason 
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for the differences i n the N 3 ~ effect on pure cultures and natural waters is 
not understood. T h e N 3 " effect may be related to a natural assemblage versus 
cu l tured organisms. 

In every case, heating or b o i l i n g unf i l tered water samples resul ted i n 
the formation of H 2 0 2 . T h e processes that lead to this "ab io t i c " formation 
of H 2 0 2 are not understood. S imi lar results have been reported for natural 
freshwater samples (16). F u r t h e r work is necessary to determine whether 
this k i n d of result is an artifact of the heating procedure or is i n d e e d a 
potential abiotic source of H 2 0 2 i n natural waters. 

Chemical Decay. In aquatic systems the presence of a strong oxidant, 
H 2 0 2 , may affect the redox chemistry of the environment . These effects may 
also result i n the loss of H 2 0 2 i n the system. 

H 2 0 2 affects metal speciation i n marine environments (21, 24, 29-31); 
however , l i t t le work has been reported for freshwater systems. A study by 
Sturzenegger (15) showed decomposi t ion of H 2 0 2 w i t h both 7 - M n O O H and 
β -Μη0 2 , i n phosphate-buffered dis t i l l ed water. A d d i t i o n a l studies are nec­
essary to determine the significance of these pathways of H 2 0 2 i n fresh 
waters. 

T h e loss of H 2 0 2 i n natural waters b y direct sunlight photolysis was 
considered of m i n o r importance, but no exper imental evidence existed u n t i l 
Moffet t and Zaf i r iou (I) used 1 8 0 2 - l a b e l e d H 2 0 2 i n experiments conducted 
i n coastal waters and no significant sunlight photolysis of H 2 0 2 was observed. 

G r o u n d w a t e r may be a significant source of water i n a lake. This source 
of water may result i n the decomposi t ion of H 2 0 2 i n water through reactions 
of reduced metals w i t h H 2 0 2 , such as F e n t o n s reactions (95): 

M ( " ) + + H 2 0 2 > Min+1)+ + O H - + O H " (20) 

M(n)+ + O H > M ( » + D + + O H ' (21) 

If this mechanism is important i n natural systems, it w o u l d also lead to the 
formation of the strongly ox id iz ing h y d r o x y l radical . Th is process c o u l d have 
a significant effect on the fate and transport of pollutants. 

Distribution of H202 

H 2 0 2 has been reported i n a l l surface waters s tudied. I n lakes the dis t r ibut ion 
is l i m i t e d to the e p i l i m n i o n and is consistent w i t h a sunl ight (photochemical) 
pathway, a surface m a x i m u m , and decreasing concentration w i t h increasing 
depth . W e measured H 2 0 2 i n the meta l imnion and observed it i n the hy-
p o l i m n i o n . This observation may be evidence of biological ly media ted (dark) 
formation, or it may be an experimental artifact resul t ing f rom l o w e r i n g the 
sampl ing equipment . 
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T h e sunlight-absorbing matter is substantially more concentrated i n the 
small lakes we studied than i n the marine systems (13). This concentration 
results i n a d is t r ibut ion pr inc ipa l ly restricted to the e p i l i m n i o n , w h i c h may 
be as shallow as several meters. That is, the total sunlight available for 
in i t ia t ing reactions that lead to the formation of H 2 0 2 is the same as i n oceanic 
environments at s imilar latitudes, but it is absorbed nearer to the surface 
i n lakes. As a result , higher concentrations are observed i n the small h i g h -
h u m i c ( D O C ) freshwater systems examined. T h e Great Lakes are closer to 
oceanic systems i n terms of the dissolved organic carbon, but the e p i l i m n i o n 
i n L a k e E r i e and L a k e Ontar io is usually less than 20 m (14). 

T h e decay rates w e observed i n the freshwater systems (13, 14, 18) are 
higher than those reported for ol igotrophic marine systems but s imilar to 
near-shore (coastal) measurements (96). T h e increased decay rate w i t h re­
d u c e d l ight penetration leads to larger d i e l variabi l i ty i n H 2 0 2 concentrations. 

W e measured H 2 0 2 vert ical profiles i n L a k e E r i e (14, 18) and noted the 
s imilar i ty w i t h oceanic profiles (23, 24). T h e major difference is the d e p t h 
to w h i c h H 2 0 2 is m i x e d i n oceanic environments . To emphasize the effect 
of solar radiation and w i n d speed o n the d is t r ibut ion of H 2 0 2 i n the e p i l i m ­
n i o n , we measured four vert ical profiles of H 2 0 2 concentration and t e m ­
perature i n Jacks L a k e on 4 days, September 11-14, 1990, a l l at 4:00 p . m . 

T h e 4 successive days were quite different i n w i n d speed and solar 
radiat ion. F i g u r e 7 shows the w i n d speed for the 4 successive days, and 
Table V I I summarizes the solar radiation measured on the 4 days. T h e w i n d 
speed on the ca lm days was very s imilar , and, except for the more w i n d y 
early m o r n i n g on the c loudy and w i n d y day, the w i n d y days were qui te 
s imilar . F i g u r e 8 shows the vert ical water temperature and H 2 0 2 profiles 
obtained at 4:00 p . m . for the 4 days. T h e sunny and ca lm day resul ted i n 
some surface w a r m i n g , but i n general the profiles are those typical of a w e l l -
m i x e d e p i l i m n i o n and provide no clue to the H 2 0 2 profi les. Surface-water 
H 2 0 2 concentration was elevated on the sunny and ca lm day (September 
11, 1990) and rapidly decreased i n concentration w i t h d e p t h , as w o u l d be 
predic ted f rom the formation rate studies conducted i n quartz tubes and 
presented i n F i g u r e 4. O n the fo l lowing day, w h e n the w i n d speed was 
substantially higher and the insolation approximately the same, the H 2 0 2 

was m i x e d d o w n through 7 - 8 m . Integration of the H 2 0 2 concentrat ion over 
the top 8 m of the water c o l u m n for the 2 days (Table VII) shows that the 
total amount of H 2 0 2 fo rmed was very s imilar , 430 and 434 m g / m 2 , and that 
the dis t r ibut ion was governed by physical m i x i n g . T h e 2 days w i t h clouds 
resulted i n formation of a decreased integrated concentration of H 2 0 2 , 281 
and 176 m g / m 2 . T h e calm day (September 13, 1990) showed features s imilar 
to the sunny calm day except for the reduced surface H 2 0 2 concentrat ion. 
T h e integrated H 2 0 2 concentration was h igher for September 13, 1990, than 
for the c loudy w i n d y day because of higher solar radiation. 
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6+ Ο SUNNY AND CALM 
• SUNNY AND WINDY 
Δ HAZY AND CALM 
• CLOUDY AND WINDY 

4 + 

2+ . a A , A A 
Α * Α ­

Ι / " p e T W » Λ "Α , Δ 

10 20 

TIME OF DAY (h) 

Figure 7. Wind speed in Sharpes Bay, Jacks Lake, September 11-14, 1990. 

T h e integrated H 2 0 2 concentration was direct ly related to the a l l of the 
radiation measurements, but correlated best w i t h the ultraviolet por t ion 
(r 2 = 0.985). To use this l i m i t e d data set, three assumptions n e e d to satisfied: 

1. that H 2 0 2 decay is the same i n the water c o l u m n over the 4 
days; 

2. that H 2 0 2 decay is the same w i t h d e p t h ; and 

3. that H 2 0 2 decay is independent of H 2 0 2 concentration over 
the concentration range observed. 

Table VII . Daily Total Solar Radiation at the Surface 
of Jacks Lake and Integrated H 2 0 2 Concentration 

Energy (langleys) 
H202

b 

Date Total Global PAR" UV (mg m 2) 

Sept. 11, 1990 505 254 22.1 430 
Sept. 12, 1990 456 229 20.4 434 
Sept. 13, 1990 241 129 11.8 281 
Sept. 14, 1990 113 63 6.6 176 

"PAR is photosynthetic active radiation. 
''Calculated by integrating the H 2 0 2 concentration through the 
water column to 8 m. 

 P
ub

lic
at

io
n 

D
at

e:
 M

ay
 5

, 1
99

4 
| d

oi
: 1

0.
10

21
/b

a-
19

94
-0

23
7.

ch
01

2

In Environmental Chemistry of Lakes and Reservoirs; Baker, L.; 
Advances in Chemistry; American Chemical Society: Washington, DC, 1994. 



414 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

H 2 0 2 CONCENTRATION (nM) 

Figure 8. Temperature (top) and hydrogen peroxide (bottom) profiles in 
Sharpes Bay, Jacks Lake, Ontario, Canada, measured on September 11,1990, 
when conditions were sunny with no wind and on subsequent days that were 

sunny and windy, hazy and fairly calm, and cloudy and windy. 
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W e d i d not measure decay rates on successive days; however , other mea­
surements give no reason to expect large variations over this short p e r i o d . 
T h e H 2 0 2 decay rate was d e t e r m i n e d at several depths on one of the days 
and was shown to be s imilar i n al l samples (Table II). W e have shown on 
several occasions that, i n the range of H 2 0 2 concentrations observed, the 
decay rate was first order w i t h respect to the observed H 2 0 2 concentrations. 
A l t h o u g h this approach is greatly s impl i f ied , it appears that more detai led 
studies w o u l d he lp to quantify the relat ionship of solar radiation and H 2 0 2 

formation and cyc l ing i n natural waters. 
T h e temperature data (Figure 8) suggest a w e l l - m i x e d e p i l i m n i o n . H o w ­

ever, on a short t ime scale, the data f rom the H 2 0 2 ver t ica l profiles indicate 
that the e p i l i m n i o n was not w e l l m i x e d , even on the w i n d y days. W e can 
conclude f rom this data that low-resolut ion temperature -der ived m i x i n g rates 
are not applicable to H 2 0 2 dynamics i n these freshwater systems. In fact, 
many biological processes of interest occur on t ime scales far shorter than 
24 h . T h e possibi l i ty of H 2 0 2 as a short-term tracer is in t r iguing , because it 
is a sensitive tracer for vert ical m i x i n g processes. 

Physica l processes are important i n d e t e r m i n i n g the dis t r ibut ion of H 2 0 2 

i n natural waters. I n oceanic environments a m o d e l that includes photo­
chemica l formation and w i n d - and temperature-dr iven m i x i n g has been de­
ve loped (25). In freshwater systems, where the formation of H 2 0 2 is restr icted 
to the upper regions (<1 m i n many cases), it is possible that H 2 0 2 may 
serve as an i n situ tracer for short- term m i x i n g processes. T h e advantages 
are that it w o u l d behave s imi lar ly to the ambient water, its measurement is 
reasonably s imple , and it is possible to adapt the analytical methods for 
continuous measurements (55) to be used i n horizontal and vert ical prof i l ing . 
As yet no one has at tempted such a study i n fresh waters. 

Significance of H202 in Surface Waters 

M o s t l ike ly , the precursor for the formation of H 2 0 2 i n natural waters is the 
superoxide ion (0 2 '~), w h i c h may have an even greater potent ia l than H 2 0 2 

to affect geochemical and biological processes i n the ecosystem. Therefore 
estimates of its l i fet ime and steady-state concentration are important . T h e 
aqueous chemistry of 0 2 ' ~ was extensively r e v i e w e d b y B i e l s k i and co­
workers (53). I n aqueous solution 0 2 ' ~ is i n e q u i l i b r i u m w i t h the conjugate 
acid; 

Η 0 2 · i=t ΟΓ + H + (22) 

w i t h a pKa of 4.8. T h e autoredox dismutat ion, leading to the formation of 
H 2 0 2 , is complex at p H 6 and be low: 

H 0 2 + H 0 2 > H 2 0 2 + 0 2 (23) 
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H 0 2 + 0 2 - + H 2 0 > H 2 0 2 + 0 2 + O H ~ (24) 

H o w e v e r , at p H 6 and above, the rate can be descr ibed b y the f o l l o w i n g 
equation: 

= 2k2[02-? (25) 

where 2k2 = 6 Χ 10 1 2 [ H + ] (53). M i l l e r o (97) pred ic ted that the rate w o u l d 
be slower i n salt water as a result of ion-pair formation of M g 0 2

+ . I f i o n 
pairs formed, hard-water lakes might also result i n slower autoredox dis -
mutat ion. H o w e v e r , more recently, Zaf i r iou (98) showed exper imental ly that 
the autoredox dismutat ion rate i n salt water is closely pred ic ted b y e q 25, 
w i t h 2k2 = (5 ± 1) x 10 1 2 [ H + ]. T h e value of 2fc2 w o u l d be 5 - 6 x 10 1 2 

[ H + ] i n freshwater lakes, assuming no extremely fast reactions of u n k n o w n 
or ig in . 

Thus , assuming 2it 2 = 6 x 10 1 2 [ H + ] (53), the half-l ife, tlf2, of O A " can 
be est imated b y the fo l lowing equation (97, 99): 

*i/2 = I * [ H 0 2 ] T (26) 

w h e r e [ H 0 2 ] x is the total superoxide ion i n solut ion. If 0 2 *~ is a comparat ively 
long- l ived intermediate , then the possibi l i ty exists that it may exert effects 
on the environment aside f rom those of H 2 0 2 . F o r instance, i f w e assume 
that the m a x i m u m concentration of 0 2 " is equal to the H 2 0 2 concentrat ion, 
then at a p H of 7.0 and a H 2 0 2 concentration of 100 n M , the f 1 / 2 of 0 2 *~ is 
0.08 s and for a H 2 0 2 concentration of 500 n M the tl/2 of Q 2 * ~ is 0.2 s. These 
l i fetimes are significant. 

T h e biological implicat ions of the presence of 0 2 " i n surface waters is 
st i l l speculative. T h e toxicity of 0 2 " is w e l l - d o c u m e n t e d i n other systems 
(e.g., 100-102) and this relat ively reactive radical c o u l d have an impact o n 
biological processes, cons ider ing its relat ively long l i fe t ime and concentra­
t ion. T h e concentrations w i t h i n the ce l l are even lower than i n the m e d i a 
i n w h i c h they l ive . 

T h e presence of peroxidase has been reported i n coastal oceanic e n v i ­
ronments (J) and i n fresh waters (16). These reports present an i n t r i g u i n g 
possibi l i ty regarding the importance of H 2 0 2 i n natural waters. T h e reduct ion 
of H 2 0 2 v i a peroxidase requires an electron or hydrogen donor . F o r example, 
w i t h p h e n o l the phenoxide radical is formed (eqs 14-16). If peroxidases are 
present i n natural waters and H 2 0 2 is also present, the reduct ion of H 2 0 2 

c o u l d result i n the formation of free radicals f rom the natural ly o c c u r r i n g 
organic compounds . O n c e free radicals are f o r m e d polymer iza t ion c o u l d 
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result, w h i c h may lead to the i n situ formation of h igher weight organic 
compounds, such as h u m i c l i k e substances and/or the surface microlayer . 
A n o t h e r possibi l i ty is that pollutants c o u l d be transformed (16) or incorpo­
rated into existing h u m i c substances that aggregate and settle to the bot tom. 
These ideas are st i l l speculative, but further study is warranted to assess the 
potential of peroxidatic activity i n surface waters. 

Summary 

T h e major source of H 2 0 2 i n the e p i l i m n i o n of lakes is a sunl ight- ini t ia ted 
photochemical process. T h e mechanism for the photochemica l formation of 
H 2 0 2 can be s impl i f i ed to the fo l lowing equations: 

o i D O C Ά ^ D O C * ! 3 D O C * (1) 

! 3 D O C * + 3 0 2 > D O C + + 0 2 - (5) 

H 0 2 + H 0 2 > H 2 0 2 + 0 2 (23) 

H 0 2 + 0 2 - + H 2 0 > H 2 0 2 + 0 2 + O H " (24) 

N e i t h e r the eaq~ nor * 0 2 appears to be i n v o l v e d i n the formation of H 2 0 2 

i n sunl ight- ini t iated reactions of h u m i c substances i n natural waters, and 
that finding simplif ies the proposed mechanism. H o w e v e r , the exact nature 
of the ini t ia l reactions and electron transfer to oxygen are not as yet u n d e r ­
stood. 

T h e biological and nonphotochemical pathways leading to the formation 
of H 2 0 2 appear to be insignificant i n the e p i l i m n i o n of lakes and have not 
been demonstrated to occur i n natural waters. Palenik and co-workers (87, 
88) showed that L-amino acid oxidase, related to extracellular a m m o n i a u p ­
take, is a possible source of H 2 0 2 that is independent of l ight . In the e p i ­
l i m n i o n this is probably not comparable to the photochemica l formation of 
H 2 0 2 , but i n low-l ight regions it may be significant. 

T h e two major enzyme systems that lead to the decomposi t ion of H 2 0 2 

are catalases and the peroxidases. B y us ing 1 8 0 2 , Moffet t and Zaf i r iou (I) 
showed that catalase is responsible for 6 5 - 8 0 % of the decomposi t ion of H 2 0 2 

and that peroxidase-mediated decay accounts for 2 0 - 3 5 % of the loss. These 
experiments have not been extended to freshwater systems, and therefore 
the relative contr ibut ion of the two enzyme systems has not b e e n established. 

T h e data obtained f rom H 2 0 2 decay rates i n natural waters w i t h different-
size mesh filters has clearly established that H 2 0 2 decay is part ic le-related. 
A series of biological ly active inhibi tors and heat ing or steri l izat ion showed 
that the particles are l ive organisms, bacteria and/or p lankton , that are 
retained by 1- and 0 .2-μηι filters. 
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T h e decay of H 2 0 2 b y two pure cultures of bacteria was s tudied, and 
rate equations were deve loped that describe the decay of H 2 0 2 . I n both 
cases the decay was first-order i n H 2 0 2 and bacteria c e l l numbers . T h e rate 
equations for the two bacteria are for V. alginolyticus: 

fcVa = 2.3 Χ Η Γ 9 m L / c e l l s - m i n (18) 

and for £ . cloacae: 

kEc = 5.1 Χ 1 0 " 9 m L / c e h Y m i n (19) 

T h e data are consistent w i t h decay rates and bacterial numbers observed 
i n natural waters. H o w e v e r , these data should be extended to inc lude p h y ­
toplankton before the relative contr ibut ion of bacteria can be ful ly under ­
stood. 

T h e chemica l pathways for the decomposi t ion of H 2 0 2 appear to play a 
m i n o r role i n the overal l decay processes. Di rec t - sunl ight photolysis is not 
important i n natural waters (I). T h e effect of H 2 0 2 o n metal speciation, and 
therefore on H 2 0 2 decomposi t ion, has been demonstrated i n marine systems 
but not i n lakes. A d d i t i o n a l studies are r e q u i r e d to better understand these 
processes i n lake waters. 

T h e d is t r ibut ion of H 2 0 2 i n lakes is l i m i t e d to the e p i l i m n i o n and is 
consistent w i t h a sunlight (photochemical) pathway, w i t h a surface m a x i m u m 
and decreasing concentration w i t h increasing d e p t h . D u r i n g a 4-day study 
i n w h i c h w e measured H 2 0 2 concentrations through the e p i l i m n i o n , w e 
showed that the dis t r ibut ion of H 2 0 2 resulted f rom w i n d - d r i v e n m i x i n g and 
that the integrated water c o l u m n H 2 0 2 concentration was direc t ly related 
to the ultraviolet por t ion of the solar data results w i t h a r 2 = 0.985. 

D u r i n g this 4-day study, the vert ical H 2 0 2 concentrat ion profiles w o u l d 
not have been pred ic ted f rom low-resolut ion vert ical temperature profi les . 
H 2 0 2 may be useful as an i n situ tracer for m i x i n g on short t ime scales (i .e . , 
less than 24 h), and the development of on- l ine continuous analytical i n ­
strumentat ion for use i n h u m i c waters w o u l d be he lpfu l . 

T h e implicat ions of H 2 0 2 for lake biogeochemistry are most ly speculative 
at this t ime . N o w that a general understanding of its formation, decay, and 
dis t r ibut ion is available, considerable w o r k w i l l be r e q u i r e d to d e t e r m i n e 
what effects it has on the ecosystem. 
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Cycling of Mercury 
across the Sediment-Water 
Interface in Seepage Lakes 

James P. Hurley1,2, David P. Krabbenhoft3, Christopher L. Babiarz2, 
and Anders W. Andren2 

1Bureau of Research, Wisconsin Department of Natural Resources, 
1350 Femrite Drive, Monona, WI 53716 

2Water Chemistry Program, 660 North Park Street, University of Wisconsin, 
Madison, WI 53706 

3 U.S. Geological Survey, 6417 Normandy Lane, Madison, WI 53719 

The magnitude and direction of Hg fluxes across the sediment-water 
interface were estimated by groundwater, dry bulk sediment, sedi­
ment pore water, sediment trap, and water-column analyses in two 
northern Wisconsin seepage lakes. Little Rock Lake (Treatment Basin) 
received no groundwater discharge during the study period 
(1988-1990), and Pallette Lake received continuous groundwater dis­
charge. In Little Rock Lake, settling of particulate matter accounted 
for the major Hg delivery mechanism to the sediment-water interface. 
Upward diffusion of Hg from sediment pore waters below 2-4-cm 
sediment depth was apparently a minor source during summer strat­
ification. Time-series comparisons suggested that the observed 
buildup of Hg in the hypolimnion of Little Rock Lake was attributable 
to dissolution and diffusion of Hg from recently fallen particulate 
matter close to the sediment-water interface. Groundwater inflow 
represented an important source of new Hg, and groundwater out­
flow accounted for significant removal of Hg from Pallette Lake. 
Equilibrium speciation calculations revealed that association of Hg 
with organic matter may control solubility in well-oxygenated waters, 
whereas in anoxic environments sulfur (polysulfide and bisulfide) 
complexation governs dissolved total Hg levels. 

SOLUTE EXCHANGE across the s e d i m e n t - w a t e r interface serves as an i m ­
portant process i n regulat ing water -co lumn concentrations of metals i n nat-

0065-2393/94/0237-0425$07.25/0 
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ural waters (1-3). Studies of solid-phase b u l k sediments f rom lakes i n W i s ­
consin and M i n n e s o t a (4-7) showed increases i n H g concentrations near the 
top of lake-sediment cores, and these increases were a t t r ibuted to changes 
i n atmospheric inputs fo l lowing industr ia l izat ion. H o w e v e r , est imating the 
amount of H g reminera l ized after deposi t ion at the sediment surface has 
been a diff icult task. 

T h e lack of rel iable data on transport of H g across the s e d i m e n t - w a t e r 
interface arises f rom two factors. F i r s t , contaminat ion may occur d u r i n g 
sampling. C l e a n techniques for trace metals that are s imilar to techniques 
deve loped for sampl ing of lead i n the mid-1970s (described i n reference 8) 
must be fo l lowed d u r i n g H g sampl ing and analysis. T h e potent ia l for con­
taminat ion d u r i n g sampl ing is h i g h because of the small concentrations of 
H g present i n lake waters (typically 0 . 5 - 1 0 ng/L) . Second, the relat ive 
insensi t ivi ty of previous analytical procedures made it dif f icult to adequately 
quantify concentrations of H g i n lake and sediment pore waters. Therefore , 
reasonable profiles of dissolved H g were diff icult to obtain , and calculat ion 
of flux rates across this important interface were s imi lar ly h a m p e r e d . 

Recent studies d i rec ted at assessing the fate and transport of H g i n 
natural waters used i m p r o v e d analytical methods and clean techniques for 
sampl ing and analysis (9, 10). Some lake studies (11, 12) w e r e d i rec ted at 
assessing the effects of point-source H g inputs , such as chloroalkal i m a n u ­
facturing plants and m i n i n g operations; other studies (13-16) w e r e d e v e l o p e d 
i n response to concerns over recent observations of e levated H g levels i n 
f ish f rom lakes remote f rom point sources. 

Part ly because of this concern, the W i s c o n s i n D e p a r t m e n t of N a t u r a l 
Resources, i n cooperation w i t h the E l e c t r i c P o w e r Research Institute, i n i ­
t iated an extensive study of H g cyc l ing i n seepage lakes of north-central 
W i s c o n s i n (14). T h e m e r c u r y i n temperate lakes ( M T L ) study used clean 
sampl ing and subnanogram analytical techniques for trace metals (10, 17) to 
quantify H g i n various lake " compar tments " (gaseous phase, dissolved lake 
water, seston, sediment , and biota) and to estimate major H g fluxes (at­
mospher ic inputs , volat i l izat ion, incorporat ion into seston, sedimentat ion, 
and sediment release) i n seven seepage lake systems. 

A p r e l i m i n a r y mass balance revealed the fo l lowing interest ing insights 
into H g cyc l ing i n L i t t l e Rock L a k e (18, 19). 

1. A t m o s p h e r i c deposit ion was the major external source of H g 
to the lake. 

2. Permanent accumulat ion of H g i n the bot tom sediments was 
roughly balanced b y atmospheric inputs on an annual basis. 

3. Input f rom atmospheric deposi t ion was sufficient to account 
for a l l of the H g observed i n f ish, sediments, and water. 

A l t h o u g h net accumulat ion of H g i n sediments roughly balanced atmospheric 
inputs , gross sedimentat ion, as measured b y sedimentat ion traps, exceeded 
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13. H U R L E Y E T A L . Cycling of Mercury in Seepage Lakes 427 

net accumulat ion b y a factor of about 3. This observation, c o u p l e d w i t h 
water -co lumn profiles of H g (20, 21), suggested strong recyc l ing of H g i n 
the region of the s e d i m e n t - w a t e r interface. Research efforts were therefore 
d i rec ted toward assessing factors that control H g c y c l i n g near this important 
interface. 

This chapter summarizes our results f rom two nor thern W i s c o n s i n seep­
age lakes that w e r e chosen to assess the importance of various processes 
contro l l ing transport of H g across the s e d i m e n t - w a t e r interface. Total H g 
(Hg x ) concentrations were d e t e r m i n e d as a funct ion of d e p t h i n the sol id 
and dissolved phases of the water c o l u m n , and i n l i t toral and profundal 
sediments. N e w sampl ing and analytical procedures a l lowed for the detect ion 
of l o w (picogram) levels of H g . Measurements obtained i n this phase of the 
study together w i t h those obtained f rom previous ly p u b l i s h e d data on these 
lakes were used to make a p r e l i m i n a r y examination of the relative importance 
of factors in f luenc ing H g cyc l ing at the s e d i m e n t - w a t e r interface. 

Site Description 

T w o lakes chosen for this study, L i t t l e Rock L a k e Treatment Bas in and 
Pallette L a k e , are located i n the N o r t h e r n H i g h l a n d s L a k e D i s t r i c t of W i s ­
consin. L i t t l e Rock L a k e (45°50' Ν, 89°42 ' W ) and Pal lette L a k e (46°04' Ν, 
89°36 ' W ) are soft-water seepage lakes, d e r i v i n g water f rom only atmospheric 
and groundwater sources. B o t h lakes are remote f rom any point sources of 
H g . A l t h o u g h experimental acidification of one of the two basins of L i t t l e 
Rock L a k e offers a comparison of the effects of acidification (22, 23), w e w i l l 
l i m i t our H g discussion to the treatment por t ion of the lake. Th is basin, 
u n l i k e the Reference Basin , is deep enough to exhibi t strong h y p o l i m n e t i c 
oxygen deple t ion and conditions more conducive to s tudying the release of 
redox-control led constituents f rom profundal sediments. F o r the remainder 
of this chapter, w e w i l l refer to the Treatment Bas in as L i t t l e Rock L a k e . 

A major aspect of this study was assessment of the role of groundwater 
transport i n the overal l H g cycle. H o w e v e r , d u r i n g the study p e r i o d 
(1988-1990) L i t t l e Rock L a k e was m o u n d e d (no groundwater inflow), but 
Pallette L a k e had both groundwater inf low and outf low. Therefore , for the 
purposes of evaluating the importance of groundwater in f low and outf low 
on H g transport, w e extended our study to Pallette L a k e . 

Water Column. W a t e r - c o l u m n profiles were taken at the deepest 
location (10 m) i n L i t t l e Rock L a k e . Detai ls of the clean sampl ing techniques 
(8) that were used d u r i n g sampl ing are g iven elsewhere (18, 20, 21). B y 
fo l lowing these stringent protocols, our group demonstrated (18) that typica l 
ep i l imnet i c H g levels i n seven northern W i s c o n s i n lakes, i n c l u d i n g Pallette 
and L i t t l e Rock L a k e (0 .5-2 n g of H g / L for unf i l tered e p i l i m n e t i c samples), 
were of magnitude s imilar to those levels observed i n remote ocean sites 
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(24). Previous estimates of unf i l tered total H g i n nor thern W i s c o n s i n lakes 
were 2 orders of magnitude higher than our observed levels (18). 

O u r water -co lumn sampl ing techniques inc lude in - l ine f i l trat ion us ing 
an al l -Teflon sampl ing device w i t h quartz f iber filters (0.7-μιτη n o m i n a l size 
cutoff) to differentiate between dissolved and particulate phases (21). Par­
ticulate concentrations (nanograms per gram) and subsequent calculations 
of par t i t ioning between particle and aqueous phases (log ΚΌ) are based on 
this part icle size d iv i s ion . This fractionation scheme precludes direct esti­
mates of col lo idal influences on H g transport. 

Sedimentation Traps. Sediment traps (25) were instal led i n the h y -
p o l i m n i o n of L i t t l e Rock L a k e to estimate the d o w n w a r d flux of H g to the 
sediment surface. Traps were constructed of acryl ic and Tef lon fo l lowing the 
design of Shafer (26). N o metal components were used to avoid possible 
contamination artifacts. Traps were placed at 9 m at the 10-m-deep hole-
sampl ing site. Traps were suspended f rom surface floats to prevent d i s t u r b i n g 
bot tom sediments d u r i n g deployment and retr ieval . 

Groundwater. Because sandy l i t toral sediments have greater h y ­
draul ic conduct iv i ty than silty profundal sediments (27), most of the exchange 
of water (and solutes) between groundwater systems and lakes occurs through 
the l i t toral zone (28). Therefore, efforts a i m e d at quant i fy ing H g transfer 
be tween lakes and their contiguous groundwater systems were focused i n 
near-shore areas. N u m e r o u s groundwater sampl ing methods a l lowed for 
sampl ing of different features i n the groundwater system near the study lake 
(F igure 1). T h e methods used (piezometers, wel ls d u g to the water table, 

Figure 1. Schematic diagram of the sainpling methods used to acquire ground­
water samples near the aquifer—lake interface. 
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13 . H U R L E Y E T A L . Cycling of Mercury in Seepage Lakes 429 

acryl ic tubes inserted into l i t toral sediments, and pore-water extraction f rom 
sediment cores) a l lowed comparison of several aspects of H g c y c l i n g as 
groundwater discharges to the lake. 

T h e most c o m m o n m e t h o d for sampl ing chemica l constituents i n ground­
water, p iezometer sampling (29-31), was used i n the in i t ia l stages. P r e -
cleaned acrylic piezometers w i t h 0 .3-m Tef lon screens were instal led b y 
power auguring (hollow-stem auger). A threaded f i t t ing used to j o i n the 
screen and casing prevented potential contamination f rom solvents i n p i ­
ezometer construct ion. W e l l s were nested (several wel ls at one location w i t h 
dif fer ing depths), w i t h water-table wel ls at about 3 m and deeper wel ls at 
5 - 1 5 m . 

D u g wel ls were formed by t renching a smal l hole (about 0.3 m square 
and less than 0.5 m deep, 10 c m b e l o w the water table) w i t h a prec leaned 
plastic shovel . N e w wells were d u g for each sampl ing p e r i o d . T h e wel ls 
were located w i t h i n 5 m of the shorel ine, and samples f rom these wel ls w e r e 
used to estimate the background H g content of in f lowing groundwater . Af ter 
the wel ls were p u m p e d for about 45 m i n (about two to three t rench volumes) , 
samples were taken w i t h a peristalt ic p u m p and Tef lon l ine . P u r g i n g r e d u c e d 
the effects of possible contamination and particle suspension d u r i n g w e l l 
d igging and p r o v i d e d a short hydraul ic residence t ime i n the w e l l p r i o r to 
sampling. 

T h e tube m e t h o d i n v o l v e d insert ion of prec leaned acryl ic tubes (5-cm 
diameter) into the l i t toral zone sediments at a lake-water d e p t h of about 1 
m (about 15 c m into sediments). L a k e water w i t h i n the tube was r e m o v e d 
b y us ing a peristalt ic p u m p and Tef lon l ine . O n c e the tube was p u r g e d of 
lake water, groundwater was a l lowed to f i l l it to a d e p t h of about 25 c m . 
T h e tube was then p u r g e d three times w i t h groundwater before obta ining 
the sample. 

Pore-water samples were obtained f rom l i t toral sediments b y p u s h -
cor ing w i t h precleaned acrylic core barrels (6.7-cm i . d . , 7 .6-cm o.d.) . A 
device that el iminates air contact w h i l e sampl ing (32) was used for pore-
water extraction. Tef lon plungers at ei ther e n d of the barrels were forced 
toward each other to pressurize the barre l . Interst i t ial water flowed out of 
sampl ing ports (2-cm intervals) i n response to the external pressure. Samples 
were then f i l tered (0 .4-μιη filter; Nuclepore) and preserved w i t h 6 N H C 1 
before H g analysis. Laboratory studies indicated no contr ibut ion of H g f rom 
the f i l ter ing uni t , tub ing , or sample bott le . Because the f i l ter ing system 
r e m o v e d interst i t ial water f rom the center of the core (>2 c m f rom the wall) , 
l o w diffusion constants l e d to negl igible contaminat ion f rom the core barre l . 
Solid-phase materials (sands) i n the l i t toral zones were not analyzed for 
particulate H g . 

Profundal Sediments. Sediment cores were col lected i n prec leaned 
acryl ic tubes b y scuba divers fo l lowing s imi lar clean sampl ing procedures 
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for trace metals i n the l i t toral-zone sediment sampl ing. Benefits of core 
sampl ing by scuba d i v i n g over other tradit ional methods (such as Jenkins 
cor ing and piston coring) i n c l u d e d careful selection of the sampl ing site and 
the abi l i ty to observe whether m i x i n g or disturbance of the core occurred 
d u r i n g sampling. Cores were taken w i t h m i n i m a l surface d i s rupt ion and 
processed w i t h i n 2 - 4 h of sampling. Profundal pore waters were sampled 
i n a m e t h o d s imilar to that used w i t h l i t toral pore waters. Solid-phase samples 
were taken f rom separate cores, w h i c h were sectioned at 1-cm intervals to 
a d e p t h of 30 c m . C a r e was taken to discard sediment i n contact w i t h the 
core barre l , i n case smearing occurred d u r i n g extrusion and s l ic ing. Because 
organic-r ich profundal sediments prevent groundwater inf low, other sam­
p l i n g methods used for groundwater sampl ing i n l i t toral zones (such as tubes 
and piezometers) were not needed i n profundal zones. 

Various anci l lary measurements f rom accompanying cores were needed 
to calculate accumulat ion rates and describe phase associations of H g . 2 1 ( ) P b 
and 1 3 7 C s profiles i n sediments were used to determine sedimentat ion rates 
f rom w h i c h historical interpretations c o u l d be made. 

Laboratory Methods 

L o w - l e v e l (picogram) H g analysis r e q u i r e d preconcentrat ion by two-stage 
gold amalgamation, fo l lowed b y detect ion w i t h a cold-vapor atomic fluores­
cence detect ion system (9, 33). Br ie f ly , aqueous samples are treated w i t h a 
strong ox id iz ing agent (BrCl ) to destroy o r g a n o - H g bonds and convert a l l 
H g into the soluble Hg(II) state. Stannous chlor ide is a d d e d to reduce Hg(II) 
to the e lemental (Hg°) state. This volati le form is s t r ipped f rom solut ion b y 
ni trogen onto a gold-coated sand trap. T h e H g is then thermal ly desorbed 
onto a second gold trap, and f rom this trap into the atomic fluorescence ce l l . 
Solid-phase sediment (about 1 g) r e q u i r e d ini t ia l digest ion i n 5 : 2 
H N 0 3 - H 2 S 0 4 . In this study no dist inct ion was made be tween total and 
m e t h y l H g . 

Solid-phase sediment digestions were analyzed i n tr ipl icate , w i t h one 
duplicate digest ion and a spike recovery or analysis of reference mater ia l 
every 10 samples. Coefficients of variat ion (C.V. ) for triplicates fe l l w i t h i n 
0 . 5 - 1 1 . 5 % [n = 60, mean C . V . = 3 .6% ± 2 .4% (std)], and spike recoveries 
were w i t h i n 9 0 - 1 0 3 % [n = 3, mean = 96% ± 7%]. E i g h t replicates 
of standard reference material [National Institute of Standards and T e c h n o l ­
ogy (NIST) Tennessee R i v e r sediment, Cata log N o . 8406] were w i t h i n 10% 
(0.053 ± 0.004 μg/g, C . V . = 7.2%) of the r e c o m m e n d e d value of 0.06 
μg/g. A standard reference for H g i n natural water was not available. 
T y p i c a l duplicates of smal l -volume pore waters (<30 m L ) had an average 
C . V . of 30 .8% ± 2 2 % (n = 30). 

M e t h o d s for dat ing sediment cores us ing 2 1 0 P b and 1 3 7 C s were s imi lar 
to those descr ibed b y Robbins and E d g i n g t o n (34). 1 3 7 C s content was de -
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13. H U R L E Y E T A L . Cycling of Mercury in Seepage Lakes 431 

t e r m i n e d by gamma spectroscopy and 2 1 0 P b b y alpha spectroscopy w i t h 
surface-barrier detectors. Total carbon was d e t e r m i n e d b y combust ion tech­
niques ( P e r k i n - E l m e r m o d e l 240C elemental analyzer). 

Results 

T h e dis t r ibut ion of H g w i t h i n seepage lakes is a net result of the processes 
that control H g transport be tween the atmosphere, water c o l u m n , seston, 
sediments, and groundwater . This discussion focuses on the processes that 
control the exchange of H g between the sediments and lake water. W e first 
present data on spatial and temporal concentrations i n the water c o l u m n , 
sediments, pore water, and groundwater . These data set the context for a 
subsequent discussion of the chemica l and physica l processes responsible 
for the transport of mercury across the s e d i m e n t - w a t e r interface and are 
necessary for assessing transport rates. 

D i s t r i b u t i o n o f H g . Hg in the Water Column. W a t e r - c o l u m n p r o ­
files he lp to il lustrate the importance of H g cyc l ing i n the region near the 
s e d i m e n t - w a t e r interface. D a t a f rom 1989 i n the L i t t l e Rock Treatment 
Bas in (F igure 2) indicated strong seasonal variabi l i ty i n both dissolved and 
particulate H g (21). Temperature and dissolved-oxygen profiles indicate 
strong thermal stratification, and l o w oxygen levels i n the h y p o l i m n i o n p r o b ­
ably reflect oxidation and remineral izat ion of organic matter. T h e lower 
oxygen levels i n the deeper waters i n A p r i l may have resul ted f rom i n c o m ­
plete m i x i n g or r a p i d deple t ion fo l lowing the spr ing b l o o m , but temperature 
profiles do not suggest true stratification. S imi lar ly , H g profiles do not exhibi t 
any near-bottom increases d u r i n g A p r i l . H o w e v e r , as the h y p o l i m n i o n of 
the lake becomes progressively anoxic throughout the stratification p e r i o d , 
dissolved H g concentrations increase dramatical ly. E p i l i m n e t i c H g varies at 
about 1 - 2 n g / L throughout the year, whereas h y p o l i m n e t i c levels increase 
to about 15 n g / L b y late August , apparently through release f rom either 
sediments or sediment ing particles. Particulate H g levels also increased i n 
late s u m m e r i n the h y p o l i m n i o n . 

Hg Concentrations in Sediments. A typica l H g concentrat ion profi le 
i n profundal sediment cores f rom L i t t l e Rock L a k e Treatment Bas in is shown 
i n F i g u r e 3. M e r c u r y concentrations range from about 5 0 - 1 8 5 ng/g (dry 
weight) . S imi lar concentrations were observed b y Rada et a l . (35) i n L i t t l e 
Rock Reference Bas in (6-205 ng/g for surface grabs across the lake, i n c l u d i n g 
sandy sediments) and by R. Rada (Univers i ty of W i s c o n s i n , L a C r o s s e , per­
sonal communicat ion) for L i t t l e Rock Treatment Bas in (3-220 ng/g for s i m ­
i lar ly re t r ieved surface grabs). T h e decrease i n concentrat ion toward the top 
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HgT concentration 

Figure 3. Sediment core from Little Rock Lake (3 m) depicting dry bulk particle 
(a) and pore-water (A) HgT concentration. Sediments were dated by 137Cs and 
21()Pb. Inset: Coal use in the United States according to a 1986 report to the 

National Academy of Sciences. 

few centimeters of the core is c o m m o n to a l l cores taken i n the profundal 
zone. A clear explanation for this observation is not immedia te ly apparent. 
Several possibil i t ies should be considered, such as lower H g inputs i n the 
last decade, postdeposit ional migrat ion, and a n o n e q u i l i b r i u m condi t ion i n 
the u p p e r few centimeters. 

2 1 0 P b and 1 3 7 C s dat ing of our sediment core indicate that pre industr ia l 
concentrations were about 5 0 - 7 0 ng/g, whereas contemporary levels range 
f rom 110 to 185 ng/g. A l t h o u g h some postdeposit ional migrat ion probably 
occurs, the results of this profi le suggest an approximate two- to fourfold 
increase i n H g concentrations since the b e g i n n i n g of industr ia l izat ion. T h e 
factor of increase is s imilar to those observed i n sediments of other lakes i n 
the region by Rada et al . (4) and E n g s t r o m et a l . (7). F u r t h e r m o r e , trends 
i n coal consumpt ion over the past 150 years i n the U n i t e d States (36) some­
what paral le l our observed increases (F igure 3 inset). A d d i t i o n a l uses of 
m e r c u r y b y other h u m a n activities (37) and a better unders tanding about 
the extent of postdeposit ional migrat ion of H g i n sediments must be con­
s idered before it is possible to assign a definite causal relat ionship to the 
observed t rend . 

H g Concentrations in Pore Waters. Profundal sediment pore-water 
concentrations var ied f rom 10 to 30 n g / L throughout the profi le (F igure 3). 
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A subsurface peak i n H g x was evident at 2 - 4 c m i n most cores. A mechanist ic 
explanation for this observation is not clear. D i s s o l v e d organic carbon ( D O C ) 
concentrations ranged f rom about 2.5 to 4 m g / L and general ly increased 
w i t h increasing d e p t h of the core. Thus , a clear correlat ion was not seen 
between H g and D O C (38). S imi lar ly , there was no apparent relat ionship 
between dissolved H g and dissolved F e or M n . T h e d is t r ibut ion of H g i n 
aqueous and sol id phases is the net result of many geochemical processes 
(e.g., redox, complexat ion, and solubil i ty) . Information available to our group 
thus far cannot explain the observed subsurface peak i n the pore-water H g 
prof i le . 

H g Concentrations in Groundwater. G r o u n d w a t e r may represent both 
a de l ivery and a removal mechanism for H g i n lakes. Water flowing into a 
lake may transport H g d e r i v e d f rom atmospheric deposit ion or f rom disso­
lu t ion of s u r r o u n d i n g glacial deposits. Because no Hg-conta in ing deposits 
are k n o w n to exist i n this region (4), in f lowing groundwater should represent 
H g f rom atmospheric deposi t ion that has passed through both the soil zone 
and the sandy aquifer. In areas of the lake b e d where lake water seeps out, 
H g levels might be assumed to be s imilar to those of lake water. 

A s w i t h pore water, very few groundwater H g concentrations have been 
reported i n the l i terature; thus it is diff icult to compare our values to what 
might be observed elsewhere. Piezometers were used in i t ia l ly to estimate 
the background H g concentration i n in f lowing groundwater . T h e first H g 
samples, taken i n October 1988, were h i g h (10-20 ng/L) relative to lake 
waters (1-2 ng/L) (18). T h e concentration was suspected to be a result of 
contamination from the w e l l . A p u m p i n g test designed to evaluate contam­
ination was conducted i n Ju ly 1989. H g levels at t = 0 (after p u m p i n g three 
w e l l volumes), 24, and 48 h were 2.3, 2.6, and 2.5 n g / L , respect ively. 
A l t h o u g h no significant t r e n d toward pulse contaminat ion was observed, 
continuous leaching of m e r c u r y f rom the piezometer c o u l d not be r u l e d out 
on the basis of this l i m i t e d data set. If H g leached f rom or sorbed to the 
acryl ic walls of the piezometer , H g samples may not be t ru ly reflective of 
what one w o u l d consider background groundwater levels . 

T h e d u g - w e l l technique was first tested at Pallette L a k e i n O c t o b e r 1989 
because the hydraul ica l ly m o u n d e d condi t ion of L i t t l e Rock L a k e p r e c l u d e d 
testing of other groundwater sampl ing methods. Glacia l -outwash sediments 
at Pallette L a k e are s imilar to those at L i t t l e Rock L a k e ; therefore, the two 
sites can be compared. M e r c u r y concentrations i n samples f rom the d u g 
wells were relat ively consistent over an approximately 2-year sampl ing pe­
r i o d (range 1 .0-3 .8 , average 2.7 n g of H g / L ) , and were s imilar to concen­
trations i n samples f rom the piezometers . Therefore , two different sampl ing 
techniques, piezometers and d u g wel ls , p r o v i d e d s imi lar samples for esti­
mat ing background groundwater H g concentrations. 

Analyses of l i t toral pore waters p r o v i d e d addit ional support ing evidence 
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13. H U R L E Y E T A L . Cycling of Mercury in Seepage Lakes 435 

o n levels of background H g passing through the s e d i m e n t - w a t e r interface 
(F igure 4). In addi t ion , these profiles suggested that a near-surface m e r c u r y 
source existed i n both inf low and outf low areas. I n zones w h e r e groundwater 
flows u p w a r d toward the s e d i m e n t - w a t e r interface (inflow areas) H g con­
centrations at d e p t h converge to about 3.5 n g / L , s l ightly h igher than is 
found i n d u g wel ls and piezometers . O n the basis of these data and two 
other independent sampl ing methods, the background H g x concentrat ion 
i n near-surface groundwater i n this remote area of nor thern W i s c o n s i n is 
assumed to be about 2 - 4 n g / L . These values are s imilar to those reported 
(39) i n groundwater near Swedish lakes (2-8 ng/L) , a l though Swedish i n -
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Figure 4. Mercury concentrations in littoral zone pore waters in Pallette Lake 
in 1990. 
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vestigators observed greater var iabi l i ty i n groundwater H g concentrations 
(A. Iverfeldt, Swedish E n v i r o n m e n t a l Research Institute, personal c o m ­
munication) . 

Samples taken b y the acryl ic-tube sampl ing m e t h o d prov ide further 
evidence for a near-surface H g source (F igure 5). M e r c u r y concentrations 
i n tubes were consistently higher than those observed i n d u g wel ls , but less 
than those observed i n near-surface pore-water profi les. Th is finding appears 
reasonable, because samples taken us ing the tube m e t h o d represent a mix­
ture of ambient groundwater and near-interface pore waters. M e r c u r y levels 
i n samples taken b y the tube m e t h o d are probably not representative of the 
actual concentrations of groundwater enter ing the lake. F l o w rates i n d u c e d 
after p u r g i n g the tube before sampl ing result i n re f i l l ing rates that are sig­
nif icantly greater than typical groundwater inf low rates. 

Figure 5. Comparison of groundwater mercury concentrations in samples taken 
from Pallette Lake using the dug-well and acrylic-tube sampling methods. 

Chemical Controls of H g in Bottom Sediments, Pore Water, and 
Groundwater. H g T concentrations ranged b y at least an order of mag­
ni tude among each of the various lake compartments s tudied (water c o l u m n , 
pore waters, and groundwaters). A m b i e n t groundwater ranged f rom 2 to 4 
n g / L upgradient of Pallette L a k e . In inf low regions near the s e d i m e n t - w a t e r 
interface, levels of H g T peaked at 15 -20 n g / L . I n profundal pore waters and 
near-surface l i t toral zones, H g x concentrations were as h i g h as 70 n g / L . 
Concentrat ions i n the water c o l u m n of L i t t l e Rock L a k e ranged f rom about 
0 .5 -15 n g / L . E a c h lake compartment c learly represents a dist inct physica l 
and chemica l environment . Profundal pore waters were predominant ly an­
oxic, as was the h y p o l i m n i o n of L i t t l e Rock L a k e i n late summer . G r o u n d ­
water and l i t toral pore waters were generally oxic, a l though subsurface ox-
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13 . H U R L E Y E T A L . Cycling of Mercury in Seepage Lakes 437 

ygen deple t ion was observed i n some l i t toral cores ( D . Krabbenhof t , 
u n p u b l i s h e d data). 

T h e solubi l i ty of Hg(II) is control led b y chemica l speciation i n natural 
waters, and the availabil i ty of ligands for complexat ion shifts dramatical ly 
under vary ing redox conditions (40). Speciation of dissolved Hg(II) i n anoxic 
environments , such as sediments or the h y p o l i m n i o n , should be strongly 
inf luenced b y reactions w i t h reduced sulfur (40, 41), whereas organic c o m ­
plexation is potential ly important under oxic condit ions (42, 43). 

E q u i l i b r i u m speciation calculations were per formed b y us ing the soft­
ware program Titrator (44). D y r s s e n (45) and D y r s s e n and W e d b o r g (46) 
presented the most important complexat ion reactions of Hg(II) w i t h r e d u c e d 
sulfur and organic ligands i n natural waters. F o r a m o d e l organic c o m p o u n d , 
w e used D y r s s e n and Wedborg 's (46, 47) stability constants for thiols (SR). 
W e calculated H g species d is t r ibut ion at two different p H levels ( p H 5.5 
and 7.0) and at three different redox levels (pE = 2, 0, and -2) to i l lustrate 
the potential importance of these contro l l ing geochemical parameters i n 
aquatic systems. Concentrat ions of major anions were taken f rom the Project 
M T L database (14). A l t h o u g h w e d i d not measure th io l concentrations d i ­
rectly, w e assumed a concentration of 1.0 X 10 9 M . T h e fo l lowing H g 
species were i n c l u d e d i n our calculations: H g H S + , H g ( H S ) 2 , H g S 2 H ~ , 
H g S 2

2 " , H g C P , H g C l 2 , H g C V , H g C l 4
2 " , H g O H + , H g C l H S , H g O H H S 

(or H g S ; see ref. 46), H g O H C l , Hg(aq)°, H g S R + , H g ( S R ) 2 , and HgS(s). 
Important H g complexat ion reactions together w i t h e q u i l i b r i u m constants 
are shown i n Table I. T h e reaction of Hg(II) w i t h S 2~ to f o r m HgS(s) is also 
i n c l u d e d . 

Table I. Equi l ibr ium Constants for Hg(II) and Reduced 
Sulfur Species 

Equilibrium log Κ 

H g 2 + + 2e" = Hg°(aq) 22.3 
H g 2 + + 2 H S - Hg(SH) 2 37.72 
H g H S 2 " + H + = Hg(SH) 2 

H g S 2
2 " 

6.19 
H g 2 + + 2 S2~ = 

Hg(SH) 2 

H g S 2
2 " 51.53 

H g 2 + + RS- = H g R S + 22.1 
H g 2 + + 2 RS- = Hg(RS) 2 41.6 
HgS 2

2 ~ + H + = H g H S 2 " 8.30 
H + + H S - = H 2 S 6.88 
H + + R S - R S H 9.34 
H + + S 2 " = H S - 17.0 
HgS(s) = H g 2 + + S2~ -55.9 
HgS(s) = H g 2 + + H S - -38.9 
HgS(s) HgS -10.0 

N O T E : Constants were taken from references 45-52. 
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438 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

E q u i l i b r i u m speciation calculations for these condit ions i l lustrate major 
differences i n species dominance across p H and p E gradients (Table II). O n 
the basis of these stability constants, the assumption that thiols are the 
organic complexat ion ligands, and our estimates of various l igand concen­
trations i n our system, w e conclude that organic matter complexat ion controls 
Hg(II) solubi l i ty at h igher p E levels (i .e. , wel l -oxygenated lake, g r o u n d , and 
pore waters). These calculations c o m p l i m e n t studies that show a strong re­
lat ionship be tween H g and dissolved organic matter (42, 43), presumably 
h u m i c substances. M e r c u r y complexat ion by D O C i n groundwater is also 
l ike ly to be important . Samples taken f rom nine d u g wel ls and analyzed for 
D O C ranged f rom 5.2 to 19.1 m g / L , and had a posit ive correlat ion coefficient 
w i t h total mercury concentration of 0.71. S imi lar correlations were observed 
b y L i n d q u i s t et al . (39 ) i n Swedish groundwaters, a l though both H g T and 
D O C levels were higher i n their systems. 

A t lower p E levels, p H and sulfide levels de termine the dominant dis­
solved species and complexat ion reactions. A t p E 0 and p H 5.5, Hg(aq)° is 
the dominant species, al though at p H 7 the p E l eve l must approach - 2 i n 
order to observe a s imilar shift to Hg(aq) 0 dominance . A t p H 5.5 and p £ 
- 2 , bisulf ide and poly sulfide complexat ion dominates H g speciation. These 
results are s imilar to calculations made b y G a r d n e r (41), w h o compared 
inorganic and organic complexat ion b y trace metals. G a r d n e r c o n c l u d e d that 
i n sulf idic marine waters, complexat ion of H g w i t h bisulf ides and polysulf ides 
dominated over complexat ion w i t h organic matter, i n c l u d i n g a variety of 
free amino acids and hydrocarboxyl ic acids. A l t h o u g h numerous assumptions 
have been made i n these calculations (such as stability constant values and 
ambient concentrations of some ligands), these calculations serve as an ex-

Table II. Percent Distribution of H g Speciation 
at Varying p H and pE Levels 

Species pH 5.5 pH 7.0 

pE +2 
Hg°(aq) 0.50 
Hg(RS) 2 0.01 
H g R S + 99.5 100 

pE 0 
Hg°(aq) 97.9 0.16 
H g R S + 2.09 99.8 

p E - 2 
Hg°(aq) 0.07 94.1 
HgRS + 5.87 
HgS (HgOHSH) 0.01 
Hg(HS) 2 81.7 
H g S 2 H " 16.3 
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13 . H U R L E Y E T A L . Cycling of Mercury in Seepage Lakes 4 3 9 

cel lent example of the nature of H g speciation under condit ions f requent ly 
observed i n the lake environment . 

D i s t r i b u t i o n coefficients ( K D ) can also be used to gain a better u n d e r ­
standing of factors contro l l ing the part i t ioning of chemicals be tween sol id 
and l i q u i d phases (53). The affinity of a chemica l constituent for particles is 
descr ibed by 

K o = £ (D 

where C s and C w are concentrations i n the sol id and aqueous phases, re­
spectively. This parameter was used to investigate the differences i n par t i ­
t ion ing behavior of water -co lumn and sediment particulate substances. W i t h 
our filtration scheme, log K D values ranged f rom about 3.4 to 4.1 i n sedi­
ments, and log ΚΌ i n the water c o l u m n ranged f rom 4.5 to about 5.7 (F igure 
6). T h e differences observed between K D values i n the water c o l u m n and 
i n sediments are interpreted as diss imilar composi t ion of suspended and 
bot tom sediment. A d d i t i o n a l l y , K D values have been shown to decrease w i t h 
increasing concentrations of sorbate (54), This correlat ion c o u l d easily explain 
the sharp break between the water -co lumn and bot tom sediments . T h e 
observed KD values i n sediments may indicate that p r e c i p i t a t i o n - d i s s o l u t i o n 
reactions dominate i n this region, whereas biological contro l and adsorpt ion 
dominate part i t ioning i n the water c o l u m n . T h e narrow range of K D values 
b e l o w a d e p t h of about 10 c m i n sediments c o u l d indicate a solid-phase 
solubi l i ty control (HgS(s)). 

T r a n s p o r t M e c h a n i s m s , T h e b u i l d u p i n h y p o l i m n e t i c H g is the 
result of several transport mechanisms operat ing s imultaneously. N u m e r o u s 
physical , chemica l , and biological processes can affect d o w n w a r d and u p w a r d 
transport of metals across the s e d i m e n t - w a t e r interface (55). D e l i v e r y of 
most heavy metals f rom the water c o l u m n to the s e d i m e n t - w a t e r interface 
is most l ike ly part ic le-mediated (56), a l though direct adsorption of H g to 
bot tom sediments may occur to some degree. Thus , metals i n the water 
c o l u m n are incorporated into biogenic and nonbiogenic mater ia l such as 
detr i tal particulate matter, phytoplankton, zooplankton, bacteria, and f ish. 
A por t ion of this particulate matter w i t h associated H g may settle to the 
sediment surface w i t h i n t ime spans of days to weeks i n lakes. H o w e v e r , 
some particulate matter may dissolve i n the water c o l u m n , releasing dis­
solved H g back into the water c o l u m n i n the dissolved form. Sedimentat ion 
rates are also strong functions of season and are spatially n o n u n i f o r m w i t h i n 
the lake, w i t h lowest rates of deposit ion i n shallow sediments and highest 
rates i n depressions. 

U p w a r d transport across the s e d i m e n t - w a t e r interface may be p h y s i ­
cally, chemical ly , or biological ly mediated. Per iods of m i x i n g i n spr ing and 
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Figure 6. Distribution coefficients (KD) for H g in Little Rock Lake Treatment 
Basin water and sediments. 

fall (a result of the breakdown of thermal stratification) can potent ial ly cause 
sediment resuspension. In deep seepage lakes, this process is more c o m m o n 
i n l i t toral sediments, al though intense m i x i n g may cause resuspension of 
profundal sediments. Postdeposit ional part icle migrat ion may also focus ma­
terial to the deepest point i n the basin. Detr i t ivores and other b iological 
organisms l i v i n g i n the sediment can also serve as resuspension mechanisms. 
These biological and physical m i x i n g processes may b l u r the sediment record 
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13. H U R L E Y E T A L . Cycling of Mercury in Seepage Lakes 441 

for paleol imnological interpretat ion. Adveet ive flow may a id i n u p w a r d trans­
port i n hydraul ica l ly conduct ive l i t toral sediments and act as a transport 
mechanism for dissolved and col lo idal species. C h e m i c a l and b iochemica l 
processes such as redox shifts or methylat ion can cause H g to become more 
mobi le . Di f fus ive H g fluxes f rom sediments may inf luence H g concentrations 
i n the water c o l u m n near sediments. The importance of i n d i v i d u a l processes 
i n H g transport are diff icult to separate, but major processes were ident i f i ed 
i n this investigation. 

Sedimentation of Particles. Gross deposi t ion of particulate matter as 
measured b y sedimentat ion traps represents the sett l ing of both al lochtho-
nous and autochthonous phases. A l g a l cells, zooplankton fecal material , i n ­
organic phases, and other detr i tal material may a l l be present i n trap material . 
Conceptua l ly , the flux of material col lected i n traps is cons idered gross 
sedimentat ion, and the flux of material incorporated into the permanent 
sediments is net sedimentat ion. W e assume that most material col lected in 
sediment traps has fallen to the s e d i m e n t - w a t e r interface. Traps w e r e po­
si t ioned 1 m above the sediment surface, so addit ional degradation may have 
occurred i n the water c o l u m n be low this point . H o w e v e r , calculated sett l ing 
velocities for nonturbulent condit ions (53) suggest that the particles co l lec ted 
i n sediment traps w i l l spend m i n i m a l addit ional t ime i n the water c o l u m n 
b e l o w the trap. O n the basis of these assumptions, the difference be tween 
our calculated gross and net sedimentat ion is the amount recyc led back into 
the water c o l u m n f rom recently deposi ted sediments. 

Resuspension of bot tom sediments presents a potent ia l p r o b l e m for flux 
estimates. H o w e v e r , our results suggest m i n i m a l resuspension d u r i n g strat­
if ication. A s a part of a separate study, H u r l e y (unpubl ished data) measured 
p igment fluxes to the sediment surface. Sediment trap mater ia l was d o m i ­
nated by ch lorophyl l a and pheophorbide a (a grazing indicator) . Surface 
sediments, however , were dominated by p h e o p h y t i n a, a relat ively stable 
c h l o r o p h y l l degradation product . T h e lack of any substantial amounts of 
p h e o p h y t i n i n trap material suggested that i f resuspension of particulates 
f rom the surface sediment was important , it was probably m i n i m a l . 

A s w i t h sediment trap studies o n other lakes i n the region (57), sedi ­
mentat ion trends i n L i t t l e Rock L a k e probably result f rom autochthonous 
(in-lake) product ion settl ing f rom the water c o l u m n . Mass deposi t ion rates 
ranged f rom about 0.25 to 2 g / m 2 per day and exhib i ted strong seasonal 
var iabi l i ty (Figure 7). Organic matter deposi t ion dominated ; total C levels 
were 310-460 mg/g, w h i c h corresponded to approximately 6 2 - 9 2 % organic 
matter. P i g m e n t composi t ion (J. R H u r l e y , u n p u b l i s h e d data) and m i c r o ­
scopic identifications also supported our assumption of a predominance of 
autochthonous carbon i n sediment traps. 

Gross deposit ion of H g ranged f rom about 100 to 400 n g / m 2 per day 
d u r i n g the ice-free p e r i o d . F luxes were l o w i n early spr ing , peaked i n m i d -
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S a m p l i n g d a t e 

Figure 7. Deposition to the sediment surface of Little Rock Lake in 1989 as 
measured by sedimentation traps. A, mass flux; B, carbon flux: bars represent 
fluxes, lines are particle concentrations of carbon (percent); and C, H g flux: 
bars represent flux, lines are particle concentrations of H g in nanograms per 
gram. (Adapted with permission from reference 21. Copyright 1991 D . Reidel 

Publishing Co.) 
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13. H U R L E Y E T A L . Cycling of Mercury in Seepage Lakes 443 

June, decreased b y late July , and then reached maximal levels d u r i n g late 
stratification. These fluxes somewhat tracked mass and carbon deposi t ion 
trends. 

Par t i c le -bound H g concentrations of sediment trap material exhib i ted 
strong seasonal response and accounted for the differences be tween the H g 
flux and mass and carbon fluxes late i n the summer . Par t i c le -bound H g T 

content i n spr ing and early s u m m e r was b e l o w 200 ng/g, but d u r i n g late 
s u m m e r stratification it reached levels between 200 and 400 ng/g. L e v e l s 
were highest fo l lowing breakdown of thermal stratification and r e m a i n e d 
h i g h throughout the fall (>350 ng/g). T h e elevated H g x levels after over turn 
most l i k e l y represented a shift f rom dissolved to par t i c le -bound H g . 

W e assume that sediment resuspension was m i n i m a l after destratification 
of the water c o l u m n . O u r reasoning is as fol lows. F i r s t , temperature profiles 
i n 1989 suggested that over turn occurred on or about September 15 ( M e r c u r y 
C y c l i n g i n Temperate Lakes and L o n g T e r m Ecolog ica l R e s e a r c h — N o r t h e r n 
Temperate Lakes proprietary databases). T h e first post -overturn trap p e r i o d 
(September 1 8 - O c t o b e r 2) exhibi ted h i g h H g fluxes, yet was fo l lowed b y 
two periods of l o w deposi t ion. Second, part ic le H g content (nanograms per 
gram) reached the highest levels d u r i n g m i x i n g . Because H g levels i n trap 
material are 2 - 4 times greater than sediment values (Figures 3 and 7), it 
can be assumed that sediment was not the source of the particles. T h i r d , 
p h e o p h y t i n was not important i n September and O c t o b e r sediment traps. 
These independent observations strongly suggest that particles p r o d u c e d 
w i t h i n the lake both d u r i n g stratification and after thermal b r e a k d o w n were 
sett l ing to the s e d i m e n t - w a t e r interface d u r i n g late fal l . 

N e t sedimentat ion is def ined as the flux of material incorporated into 
the permanent sediment record. 2 1 0 P b and 1 3 7 C s geochronologies indicate a 
mass sedimentat ion rate of 103 g / m 2 per year for profundal sediments i n 
L i t t l e Rock L a k e . B y using the mean H g concentration (118 ng/g) i n the 
top 1-cm slice of our b u l k sediment prof i le , w e estimated an annual net 
sedimentat ion of 12 μg of H g T / m 2 per year. Th is net accumulat ion rate is 
s imilar to the calculated atmospheric i n p u t rate of about 10 μ g / m 2 p e r year 
(18,19). A d d i t i o n a l l y , gross deposit ion rates (from sediment traps) exceeded 
these estimates b y about a factor of 3; this rate suggests substantial internal 
recyc l ing of material deposi ted at the s e d i m e n t - w a t e r interface i n this lake. 

Advection and Diffusion of Hgfrom Sediments. I n lakes such as Pallette 
L a k e , w h i c h receive continuous groundwater in f low and outf low, advect ion 
and diffusion of chemical constituents can be important for l i t toral sediments . 
To assess the importance of advective and diffusive H g fluxes, informat ion 
on background groundwater concentrations, levels of H g at the sedi­
m e n t - w a t e r interface, and flow rates of water must be d e t e r m i n e d . 

A l t h o u g h H g T concentrations i n ambient groundwater were about 2 - 4 
n g / L , the actual H g x levels i n groundwaters that discharge to the lake 
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averaged about 12 n g / L and at t imes were as h i g h as 20 n g / L (Figures 3 
and 4). This fact is important to consider for loading calculations. A d v e c t i v e 
groundwater H g transport was estimated as the product of the average H g 
concentration i n near-surface pore waters and the est imated groundwater 
flow rate. G r o u n d w a t e r flow rates for Pallette L a k e were est imated b y us ing 
four methods: annual temperature profiles i n groundwater inf low areas (58), 
inf i l t rometer tests (W. Rose, U . S . Geologica l Survey, personal c o m m u n i ­
cation), stable-isotope mass-balance calculations, and solute mass-balance 
calculations (59) y i e l d i n g an average annual groundwater in f low rate of 
5.5 Χ 10 4 m 3 / y r . O n the basis of the average near-surface H g pore-water 
concentration (12 ng/L), this v o l u m e of groundwater discharge contributes 
about 0.7 g of H g per year to Pallette L a k e . A b o u t 1 7 - 3 3 % (0 .1-0 .2 g) of 
this m e r c u r y load is " n e w " mercury f rom the discharge of ambient g r o u n d ­
water w i t h an average concentration of 2 - 4 n g / L , whereas 6 7 - 8 3 % (0 .5-0 .6 
g) is recycled m e r c u r y from the near-surface pore waters. T h u s , most of the 
m e r c u r y that discharges to the lake b y groundwater flow is d e r i v e d f rom 
near the interface and is effectively forced into the lake b y advective dis­
charge. 

G r o u n d w a t e r H g removal rates by seepage of water f rom the lake were 
calculated f rom the residual i n the hydrologie budget and the pore-water 
H g concentrations f rom the outf low zone. Recause Pallette L a k e exper ienced 
no change i n net storage f rom ice-out to ice-on d u r i n g 1990, groundwater 
outf low was est imated as the difference between prec ipi ta t ion (0.72 m) plus 
groundwater inf low (0.9 m/year) minus evaporation (about 0.5 m/year) or 
about 0.3 m/year (W. Rose, U . S . Geologica l Survey, personal c o m m u n i ­
cation). This area-averaged d e p t h of water, w h e n m u l t i p l i e d b y the area of 
the lake, gave a vo lumetr i c flow rate of 2.25 Χ 1 0 5 m 3 /year . F i g u r e 
4 indicates that the H g concentration of groundwater outf low was about 7 
n g / L , w h i c h gave a H g removal rate of about 1.6 g/year. Therefore , the 
groundwater system around Pallette L a k e was acting as a net H g sink of 
about 0.9 g/year d u r i n g the study per iod . 

T h e relative importance of diffusion (F) can be examined w i t h an ad-
v e c t i o n - d i f f u s i o n equation. 

where D (centimeters per second) is the diffusion coefficient; C is the solute 
concentration (micromoles per l iter) ; dC is the change i n solute concentrat ion 
f rom the interface to the d e p t h of the flux plane, dZ (centimeters); and V is 
the d o w n w a r d groundwater veloci ty (centimeters per second). I n g r o u n d ­
water outf low areas w h e r e advection is d o w n w a r d and the diffusion gradient 
is u p w a r d toward the lake, this equation may be set to zero and solved for 
V to assess the m i n i m u m advective veloci ty necessary to overcome back 

+ VC (2) 
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diffusion. If a diffusion coefficient of 1 Χ 1 0 - 6 cm 2 /s is assumed (corrected 
for tortuosity and temperature) (53, 55), i f an average concentration gradient 
of 58 n g / L is used over a distance of 1 c m (the highest concentrat ion i n the 
uppermost pore-water sample i n the outf low profi les; F i g u r e 4), and i f the 
mercury concentration i n lake water is assumed to be 1 n g / L , this analysis 
shows that a m i n i m u m d o w n w a r d advection rate of about 18 m/year w o u l d 
be necessary to counteract the diffusive flux. 

T h e average d o w n w a r d advection rate at Pallette L a k e (intergranular 
groundwater velocity) is est imated b y us ing the v o l u m e of groundwater 
discharged, the estimated area through w h i c h outf low occurs, and a porosity 
of 0.3. B y using these data, we d e t e r m i n e d this rate to be 10 m/year. 
C o n s i d e r i n g the uncertainty i n the parameters i n e q 2 and the heterogeneous 
nature of groundwater flow, it is unclear whether a diffusive back-flux of 
m e r c u r y to the lake is occurr ing i n groundwater-outf low areas. If, however , 
it is assumed that diffusion is occurr ing and the mit igat ing effects of d o w n ­
w a r d advection are ignored, a m a x i m u m b o u n d on this flux can be est imated. 
U n d e r these assumed condit ions, a diffusive flux w o u l d amount to about 
5.5 X 10~8 n g / c m 2 per second or 1.2 g/year (assumed outf low area = 
7.0 Χ 10 4 m 2 ) . O b v i o u s l y , diffusive back-flux is a potential ly important 
mercury-cyc l ing mechanism. 

Profundal Diffusion. In lakes that develop strong thermal stratification, 
our abi l i ty to estimate profundal diffusion rates for chemica l constituents is 
enhanced. Such is the case for H g i n L i t t l e Rock L a k e . D e t a i l e d t i m e -
incremented H g measurements and pore-water profiles w e r e needed to 
calculate the importance of this flux. W e chose the t ime periods f rom June 
14 to July 11 and f rom July 11 to August 22 to describe the importance of 
various fluxes and to compare those fluxes to observed trends i n h y p o l i m n e t i c 
enr ichment (F igure 2). T h e total mass of H g i n the h y p o l i m n i o n increased 
by 47 m g d u r i n g the J u n e - J u l y per iod and by 148 m g d u r i n g J u l y - A u g u s t . 
D u r i n g those periods, gross deposit ion of par t ic le -bound H g (calculated f rom 
sediment traps) exceeded the observed b u i l d u p and c o u l d potent ial ly account 
for the observed increases. H o w e v e r , this calculation assumes that a l l of the 
deposi ted particles are rapidly reminera l ized and released i n dissolved forms 
at the interface, wi thout accumulat ion i n bot tom sediments. Because total 
remineral izat ion is un l ike ly (net sedimentat ion is evident i n F i g u r e 3), w e 
calculated the potential flux of pore-water H g f rom sediments i n accounting 
for the observed hypol imnet i c b u i l d u p . 

T h e subsurface m a x i m u m i n pore-water H g T (F igure 3) suggested that 
diffusion from the profundal sediments to the over ly ing water c o l u m n c o u l d 
be important . F i c k i a n diffusive flux calculations (eq 2) were used to estimate 
H g loading f rom pore waters. Di f fus ion coefficients for mercury i n pore 
waters were not available. H o w e v e r , free-water diffusion coefficients for 
monovalent anions (see Table I) averaged about 5 Χ 10" 6 cm 2 /s (53, 55) and 
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were probably applicable to these sediments, w h i c h w e r e 9 5 % water . I n 
addi t ion , the difrusivity constant is an average value and there are actually 
many species capable of dif fusing independent ly (cf. Table I). T h e concen­
tration gradient of 35 n g / L at 4 c m to 15 n g / L at the interface was used to 
der ive a flux rate of 1.4 X 10~ 8 n g / c m 2 per second. This f lux was t h e n 
m u l t i p l i e d b y the profundal area of the h y p o l i m n i o n (1.86 ha). O n the basis 
of these calculations, w e estimated a profundal diffusion rate of 0.23 m g of 
H g per day. 

C o m p a r i s o n of profundal diffusion rates w i t h observed increases i n the 
h y p o l i m n i o n (Table III) indicated that pore-water diffusion calculated f r o m 
these profiles was probably not an important transport mechanism for H g 
i n this seepage lake. F o r the J u n e - J u l y p e r i o d , pore-water diffusion ac­
counted for only 13% of the h y p o l i m n e t i c increase. F o r the J u l y - A u g u s t 
interval , pore-water diffusion c o u l d account for only 7% of the observed 
increase. Therefore, w e can assume that the b u i l d u p i n the h y p o l i m n i o n is 
more l ike ly a result of redissolution of recently fallen particulate matter at 
the sediment surface than of direct pore-water diffusion. O u r present sam­
p l i n g scheme (2-cm intervals) precludes evaluation of dissolut ion i n the u p ­
permost sediments and w o u l d require m u c h more detai l (<1 cm) i n the 
s e d i m e n t - w a t e r interfacial zone. 

Table III. Hypolimnetic H g , Depositional Fluxes, 
and Calculated Diffusion from Bottom Sediments 

in Little Rock Lake in 1989 

June 14-July 11 July 11-August 22 
Parameter (27 days) (42 days) 

Hypolimnetic + 47 + 148 
Change (mg) 

Gross Deposition 89 206 
from Epilimnion (mg) 

Net Accumulated 15 23 
in Sediments (mg) 

Calculated Profundal 6 10 
Diffusion (mg) 

Other Mechanisms. W e acknowledge that numerous other processes 
(such as detr i t ivore activity and microbia l transformations) may affect trans­
port across the interface, but our techniques c o u l d evaluate only the p r o ­
cesses previously discussed. A n obvious area for future research is m i c r o b i a l 
degradation and release of m e t h y l m e r c u r y f rom sediments. T h e assessment 
of factors regulat ing this transformation and release is essential for predic t ive 
models o n H g transport and bioaccumulat ion. 
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Conclusions 

K n o w l e d g e of cyc l ing processes and transport mechanisms i n the region of 
the s e d i m e n t - w a t e r interface is essential for unders tanding the behavior of 
H g i n lakes. A l t h o u g h accumulat ion of H g i n bot tom sediments roughly 
balances atmospheric inputs and sedimentary H g profiles showed increasing 
concentrations at the tops of cores (correlated w i t h industr ia l izat ion and other 
anthropogenic inputs), significant recyc l ing of H g occurred p r i o r to incor­
porat ion i n the sedimentary record. O u r flux calculations revealed that gross 
sedimentat ion of H g exceeded net accumulat ion b y about a factor of 3 i n 
L i t t l e Rock L a k e . This inequal i ty suggested substantial reminera l izat ion and 
redeposit ion near the s e d i m e n t - w a t e r interface. 

Processes and mechanisms responsible for recyc l ing at the sedi­
m e n t - w a t e r interface cannot be explained b y a single process, but are most 
l ike ly a combinat ion of many biogeochemical processes. A l t h o u g h pore-water 
H g T concentrations were h igher than i n lake waters, direct release of pore 
waters be low about 2 c m c o u l d not totally account for the observed b u i l d u p 
i n the h y p o l i m n i o n of L i t t l e Rock L a k e . Reminera l iza t ion of recently de­
posi ted biogenic particulate matter and release of par t i c le -bound H g f rom 
this source most l ike ly accounted for the observed water - co lumn b u i l d u p . 

G r o u n d w a t e r inf low and outf low can also affect H g c y c l i n g i n seepage 
lakes. O u r results f rom Pallette L a k e indicated that advective flow across 
the s e d i m e n t - w a t e r interface is important i n H g transport. A m b i e n t g r o u n d ­
water (derived solely f rom precipitation) H g T concentrations ranged f rom 
about 2 to 4 n g / L ; groundwater f rom outflow zones was about a factor of 2 
higher . F l u x estimates for Pallette L a k e indicated that groundwater acts as 
a net sink for H g T , as more H g is r e m o v e d f rom the lake w i t h outf low than 
is de l ivered to the lake v ia inf low. 

E q u i l i b r i u m calculations suggested that H g complexat ion varies greatly 
among redox and p H levels typical of the regions of lakes sampled d u r i n g 
this study. In an oxic lake, pore water, and groundwater , H g complexat ion 
w i t h organic matter most l ike ly dominates. U n d e r anoxic condit ions i n the 
h y p o l i m n i o n and pore waters, H g most l ike ly forms soluble bisul f ide and 
poly sulfide complexes. 
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Contaminant Mobilization 
Resulting from Redox Pumping 
in a Metal-Contaminated 
River-Reservoir System 

Johnnie N. Moore 

Department of Geology, University of Montana, Missoula, MT 59812 

Both large- and small-scale extraction of metals in the northern Rocky 
Mountains of Montana has left a legacy of contaminated soil and 
river and reservoir sediments. The important processes that affect 
the fate of metals and metalloids involve the often-complicated 
oxidation-reduction reactions of sulfides and oxygen. Combined with 
dissolution-solution reactions, such redox reactions result in trans­
ferring contaminants from contaminated floodplain sediments to riv­
ers in particulate and solute phases. Reservoirs intercept these con­
taminants and store them as a major secondary source of 
contamination. The seasonal change in oxidation state in reservoirs 
releases some components while fixing others—here the process is 
termed redox pumping—and leads to tertiary contamination of 
groundwater adjacent to reservoirs. The effect of this complex in­
terplay between dissolution and redox reactions has extended con­
tamination over 500 km from the primary sources. 

EXTRACTION OF METALS FOR 125 YEARS generated extensive hazardous 
waste i n the area around the M o n t a n a R o c k y M o u n t a i n s . A b o u t 5 - 7 % of a l l 
r ivers i n M o n t a n a — m o r e than 2000 k m of streams—are contaminated b y 
m i n i n g wastes at a l eve l that impairs benefic ial use of water (Montana D e ­
partment of H e a l t h and E n v i r o n m e n t a l Sciences, personal communicat ion) . 
C e n t r a l to this contaminant b u r d e n is the wastes generated b y m i n i n g a n d 
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smelt ing i n the B u t t e - A n a c o n d a area, where more than 1 b i l l i o n metr ic tons 
( M T ) of ore and waste rock were p r o d u c e d . T h e wastes were discarded into 
the headwaters of the C l a r k F o r k R i v e r , the largest tr ibutary of the C o l u m b i a 
R i v e r (I). 

Extract ion of metals f rom Butte , the major m i n i n g area, began i n 1864. 
B y 1896 more than 4500 M T of ore was processed every day, w i t h the wastes 
discarded direct ly on the land surface or into streams d r a i n i n g the area. A t 
the t u r n of the century one of the largest smelters i n the w o r l d had been 
constructed i n Anaconda , and w i t h i n 15 years it was processing more than 
11,500 M T of ore per day. Depressed copper prices forced closure of that 
smelter i n 1980, and large-scale m i n i n g e n d e d 3 years later. A f t e r a br ie f 
hiatus, m i n i n g has resumed on a reduced scale. 

C a l l e d the "r ichest h i l l on earth" , But te p r o d u c e d more metals than 
ei ther the L e a d v i l l e district i n Colorado or the Comstock L o d e i n N e v a d a 
(2) and left a legacy of equally grand contamination. M i n i n g and smel t ing 
operations left b e h i n d extensive waste deposits. Possibly as m u c h as 1500 
k m 2 of l and was contaminated w i t h i n the C l a r k F o r k R i v e r basin (J), i n c l u d ­
ing 35 k m 2 of tailings ponds; 300 k m 2 of soil contaminated b y air po l lu t ion ; 
tailings deposits along hundreds of ki lometers of r iver ine habitat; more than 
50 k m 2 of contaminated, once-product ive agricultural land; a l luvia l and b e d ­
rock aquifers contaminated w i t h metals, sulfate, and arsenic; and downstream 
reservoirs containing thousands of metr ic tons of metal-contaminated sedi­
ment . This basin encompasses the largest complex of Super fund sites i n the 
country, where fluvial and geochemical processes transport contaminants 
hundreds of ki lometers f rom the source and affect the entire C l a r k F o r k 
R i v e r system (J). 

Contamination Process 

E a r l y i n the history of m i n i n g and smel t ing i n the C l a r k F o r k basin, reservoirs 
were the first recipients of contaminants. These reservoirs were b u i l t to 
retain m i l l i n g wastes for secondary recovery of metals, to l i m i t effluent 
m o v i n g downstream into the C l a r k F o r k R i v e r , and to serve as hydroelec tr ic 
impoundments . T h e y n o w make u p a vast array of tailings ponds i n the 
headwaters of the C l a r k F o r k R i v e r and large downstream lakes that act as 
sinks and sources for contaminants to surface and groundwater i n the basin. 

T h e first hydroelectr ic reservoir ( M i l l t o w n Reservoir) was b u i l t i n 
1906-1907 at a site approximately 200 r iver k m downstream f rom the major 
m i n i n g and smelt ing operations supply ing metal-contaminated sediment to 
the r iver system (Figure 1). This most-upstream hydroelectr ic reservoir was 
the p r i m a r y catch basin for wastes transported b y the r iver before tailings 
ponds were bu i l t i n the headwaters i n the mid-1900s. C o n t i n u i n g d o w n ­
stream, three addit ional reservoirs were bu i l t at 452, 516, and 556 k m i n 
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Figure 1. Map of the Clark Fork River basin showing the location of the 
operable units in the main designated Superfund sites and other features 

mentioned in the text. 

1915, 1959, and 1952, respectively. These i m p o u n d m e n t s also have t rapped 
wastes f rom upstream, but to a lesser extent than M i l l t o w n Reservoir (I , 3). 

Metal Sulfide Wastes. T h e contamination processes associated w i t h 
this r i v e r - r e s e r v o i r system are control led by the characteristics of met­
al sulfide wastes left w i t h i n the basin. High-grade veins i n Butte u n d e r ­
ground mines contained a variety of metal sulfides, i n c l u d i n g chalcocite 
( C u 2 S ) , borni te ( C u 5 F e S 4 ) , chalcopyrite ( C u F e S 2 ) , enargite ( C u 3 A s S 4 ) , 
tennant i te- te trahedri te ( C u 1 2 [ A s , S b ] 4 S 1 3 ) , sphalerite (ZnS), pyr i te (FeS 2 ) , 
acanthite (Ag 2 S) , galena (PbS), arsenopyrite (FeAsS) , and greenockite (CdS). 
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L o w e r grade ore and waste rock contained a significant amount of pyr i te 
(FeS 2 ) , as w e l l as other metal sulfide minerals . 

Wastes generated b y m i n i n g and m i l l i n g released these metal sulfides 
as particulate substances (J). M i x e d w i t h uncontaminated sediment i n the 
r iver system, these particulate wastes m o v e d hundreds of ki lometers d o w n ­
stream f rom their or ig inal source (4-7). C h a n n e l , floodplains, and reservoir 
sediments throughout the r iver n o w contain m u c h of this contaminat ion. 

A n d r e w s (4) showed that f ine-grained particulate contaminants (arsenic, 
c a d m i u m , copper , lead, and z inc i n sediment less than 0.016 m m i n diameter) 
decreased downstream f rom the source and that the d is t r ibut ion c o u l d be 
expla ined solely b y m i x i n g of m i l l tailings w i t h uncontaminated f loodpla in 
sediment . W o r k b y Brook and M o o r e (5) and M o o r e et a l . (6) showed that 
the sediments w e r e enr i ched i n arsenic, c a d m i u m , copper , manganese, lead, 
and z inc . T h e y also found that the contaminants were carr ied most ly i n the 
reduc ib le and oxidizable phases (operationally defined). 

In size-fractionated samples, they found that concentrations of some 
metals general ly increased w i t h decreasing particle size. H o w e v e r , more 
upstream samples (nearer to the source) contained anomalously h i g h con­
centrations i n the coarsest fractions. Because C l a r k F o r k R i v e r sediment is 
predominant ly coarse-grained, coarse fractions significantly a d d to the b u l k 
contaminant content of the system. 

Distribution of Contaminants. M o s t recently, A x t m a n n and L u o m a 
(7) showed that metal contaminants i n b e d sediments decreased i n an ex­
ponent ia l t r e n d away from the source and p r e d i c t e d that e levated metal 
concentrations should occur more than 550 k m downstream from the con­
taminant source. T h e y ascribed the downstream t r e n d to d i l u t i o n f rom u n ­
contaminated sediment m i x e d w i t h m i l l tail ings. Johns and M o o r e (3, 8) 
found that contaminants had m o v e d through tailings ponds and upstream 
reservoirs to accumulate i n downstream reservoirs; copper and z inc w e r e 
e n r i c h e d over background tributaries i n reservoirs more than 556 k m f rom 
the source. M e t a l concentrations of surface sediment f rom these reservoirs 
lay on the downstream exponential t r e n d of b e d sediment i n the r iver (F igure 
2). These data showed that fine-grained surficial sediments i n the r iver basin 
were h igh ly contaminated w i t h particulate wastes from the m i n i n g and m i l l ­
i n g operations upstream, and that reservoirs n o w actively bypass contami­
nated sediment downstream. 

This d is t r ibut ion has significant effects o n the storage and remobi l iza t ion 
of contaminants f rom reservoirs i n the drainage. T h e farthest upstream res­
ervoir i n the C l a r k F o r k drainage (Mi l l town) is nearly 200 k m f r o m the 
sources of contamination (F igure 2), yet it contains sediment contaminants 
many times over background values. Sediments i n the reservoir contain 
significant concentrations (depth-averaged values) of arsenic (32 times back­
g r o u n d values), manganese (7 times), copper (62 times), z inc (67 times), lead 
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Figure 2. Plot of total copper concentration of surface sediments in the Clark 
Fork River versus distance downstream from the major sources of contami­
nants. Sediment came from the bed of the Clark Fork River channel and surface 

sediment from reservoirs. (Data are taken from references 5 and 7.) 

(11 times), and c a d m i u m (37 times). Tens of thousands of metr i c tons of 
these metals are stored i n the reservoir sediment (9, 10). 

T h e reservoir is efficient at t rapping coarse-grained sediment (bed load) 
and is filled w i t h a complex assemblage of sand and m u d w i t h abundant 
organic interlayers (9, JO). B u t f ine-grained sediment (suspended load) n o w 
flows through the nearly f i l l ed reservoir d u r i n g spr ing runoff w h e n the r iver 
contaminant b u r d e n is greatest (9). This bypassing has l e d to the redis t r i ­
b u t i o n of fine-grained sediment to the downstream reservoirs; the farther 
f rom the source, the more the contaminant b u r d e n is transferred to the fine 
fraction of the sediment . This situation results i n M i l l t o w n Reservoir con­
ta ining the most complex dis t r ibut ion of contaminants i n the reservoirs of 
the drainage basin. 

Milltown Reservoir as a Model System 

M i l l t o w n reservoir impounds about 180 acres of water at the confluence of 
the Blackfoot and C l a r k F o r k r ivers (Figure 3). T h e C l a r k F o r k R i v e r at that 
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Figure 3. Map ofMilltown Reservoir showing main tributaries and the location 
of some of the wells used for hydrogeologic and geochemical monitoring. (Data 

are taken from references 9 and 12.) 

site drains about 15,000 k m 2 . W h e n the dam was bui l t , the sediment trans­
port of the Blackfoot and C l a r k F o r k rivers was d isrupted . B o t h bedload and 
suspended load previously transported westward to the C o l u m b i a R i v e r were 
i m p o u n d e d in the reservoir , along w i t h wastes from upstream. T h i s sedi­
mentat ion has nearly filled the reservoir , so that most of the present sus­
p e n d e d load of the two rivers passes through the system. 

D a t a col lected by the M o n t a n a Power C o m p a n y (the operators of the 
dam) show that the reservoir is extremely inefficient at t rapping f ine-grained 
sediment. D u r i n g drawdowns of the reservoir stage, sediment is r e m o v e d 
from the reservoir and transported downstream; d u r i n g 1 day of d r a w d o w n 
i n 1980 approximately 12,000 M T of sediment was r e m o v e d . T h e reservoir 
contains about 1.9 m i l l i o n m 3 (or approximately 3.8 m i l l i o n M T ) of sediment , 
at a m a x i m u m thickness of about 8 m , and has accumulated contaminants 
for more than 80 years. T h e complex interplay of channels, f loodplain , and 
thalweg environments of deposi t ion as the reservoir filled has created a 
complex, in terdig i t iz ing mosaic of sediment types and grain sizes. Present 
main channels contain the coarsest surface sediment, and the swampy thal ­
wegs and floodplains are r i c h i n organic substances and m u d . Stratigraphie 
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cores of the reservoir sediment show a complex vert ical i n t e r m i x i n g of sandy, 
m u d d y , and organic-r ich sediment throughout the reservoir (9). 

S e d i m e n t C o n t a m i n a t i o n . Contaminated sediment i n the reservoir 
was first ident i f ied by Bai ley (II) , w h e n she found that the reservoir con­
tained h i g h concentrations of C u and Z n . F i v e years later, i n N o v e m b e r 
1981, the M o n t a n a D e p a r t m e n t of H e a l t h and E n v i r o n m e n t a l Sciences de­
t e r m i n e d that four c o m m u n i t y wells adjacent to the reservoir contained 
arsenic at levels above the d r i n k i n g water standards r e c o m m e n d e d b y the 
E n v i r o n m e n t a l Protect ion Agency ( E P A ) . W o r k funded by the E P A Super-
f u n d (9) subsequently ident i f ied the reservoir sediments i m p o u n d e d above 
the original a l luvia l valley aquifer (Figure 4) as the source of this contami­
nation. Strong vert ical hydraul ic gradients i n the reservoir dr ive groundwater 
i n the contaminated sediments into the u n d e r l y i n g , coarse-grained, a l luvia l 
aquifer. This system has resulted i n the contamination of the domestic water 
supply i n adjacent M i l l t o w n , Montana . Because the reservoir has a small 
storage capacity, significant stage fluctuations are c o m m o n . This situation 
results i n sediments b e i n g inundated for m u c h of the year and exposed for 
a few weeks at most each year, d e p e n d i n g on flow condit ions and mainte­
nance needs. 

Because the reservoir is almost complete ly f i l l ed w i t h sediment , at l o w 
stage only channels are f i l l ed w i t h water. A t h i g h stage the broad floodplain 
flat is partial ly covered b y water. D u r i n g the f u l l stage the groundwater 
system connects the reservoir sediment to the r iver through complex flow 
paths (Figure 5A) . A t the l o w stage groundwater flow changes, w i t h some 
input back into the r iver channel and cont inued flow through the sediments 
into the adjacent a l luvial aquifer (Figure 5B). T h e processes contro l l ing the 
mobi l izat ion of arsenic i n this system result f rom a complex interact ion 
between this groundwater flow system and geochemistry of the contaminated 
sediments (10, 12). W i t h i n this complexi ty a m o d e l can be deve loped that 
is generally applicable to reservoirs contaminated b y the m i n i n g and smel t ing 
of base-metal, sul f ide-r ich ores. 

P r e l i m i n a r y w o r k (10) o n the transit ion f rom ox id ized surface sediment 
to reduced subsurface sediment in M i l l t o w n Reservoir showed that the redox 
transit ion occurs i n the upper few tens of centimeters . Strong chemica l 
gradients occur across this boundary. Ferrous i ron i n sediment pore water 
(groundwater and vadose water) is c o m m o n l y be low detect ion i n the oxi ­
d i z i n g surface zone and increases w i t h d e p t h . A r s e n i c is also l o w i n pore 
water of the ox idized zone, but increases across the redox boundary , w i t h 
As(III) as the dominant oxidation state i n the r e d u c e d zone. C o p p e r and 
zinc show the opposite t rend, w i t h relat ively h i g h concentrations i n pore 
water of the ox id ized surface sediment decreasing across the redox boundary . 

M o o r e et al . (10) conc luded that the formation of diagenetic sulfides 
p r o v i d e d an important control on metals and arsenic m o b i l i t y i n the sedi-
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Figure 5. Generalized model of groundwater flow when Milltown Reservoir 
is at full stage (A) and at low stage (B). (Modified from reference 12.) 
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ment . A r s e n i c and metals are carr ied into the reservoir as p r i m a r y sulfides 
( l ikely w i t h ox id ized crusts) and as coprecipitates and coatings o n other grains 
(5). W h e n b u r i e d and reduced , these oxyhydroxides of i r o n and manganese 
dissolve, then arsenic and metal sulfides precipitate . A r s e n i c is released to 
the groundwater system dominant ly as As(III). T h e system is contro l led b y 
metal sulfide precipi tat ion, w h i c h i n t u r n is control led b y sulfate availabil i ty. 
Sulfate is suppl ied b y ox id iz ing sulfides i n the surface sediments . A l t h o u g h 
this early work examined the vert ical changes across the redox boundary , 
no tempora l understanding was gained. 

Stage Changes. A n opportuni ty to study the tempora l changes i n 
detai l arose i n 1986 w h e n the M i l l t o w n D a m was severely damaged b y h i g h , 
ice- laden flows f rom an early F e b r u a r y thaw. Repairs to the d a m r e q u i r e d 
that the stage be d r a w n d o w n approximately 2.5 m and h e l d l o w for several 
months. I n M a y 1986 the reservoir stage was l o w e r e d cont inuously , and 
after approximately 100 days it remained at a constant l o w stage for ap­
proximately 230 days (Figure 6). I n the summer , the reservoir stage was 
rapidly elevated onto the newly repaired d a m , resubmerging sediments . 
T h e stage was h e l d constant at this h igher elevation through the w i n t e r , 
u n t i l l o w e r e d i n pre lude to the spr ing runoff. 
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Figure 6. Hydrograph of Milltown Reservoir stage during the temporal geo­
chemistry and hydrogeology study (12). (Data are from Montana Power Com­

pany records.) 
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This rap id change i n stage had strong effects on the redox boundary and 
hence on contaminant mobi l i ty . T h e chemistry and hydrogeology of this 
system were examined tetraweekly, over a 370-day p e r i o d f r o m A u g u s t 1986 
to August 1987, to determine the role of redox fluctuations on the m o b i l i ­
zation of arsenic into the u n d e r l y i n g a l luvial aquifer (12). W e l l s were instal led 
i n the contaminated sediment at different elevations to moni tor the vert ical 
and lateral chemical changes before and d u r i n g re f i l l ing . 

The Redox Pump 

M o b i l i z a t i o n of contaminants i n M i l l t o w n Reservoir can be expla ined by a 
m o d e l i n w h i c h groundwater composi t ion is control led b y successive diage-
netic reactions d u r i n g the transit ion to and f rom oxic and anoxic e n v i r o n ­
ments as the reservoir stage changes (12). Several important reactions govern 
the m o b i l i t y of contaminants i n this system: 

1. those i n v o l v i n g metal sulfides; 

2. those u t i l i z i n g organic matter i n the sediments, and 

3. those p r o d u c i n g or dissolving oxide and hydroxide coatings 
on grains. 

A l l of these reactions are partial ly or strongly contro l led b y bacterial inter­
action. These reactions develop a general vert ica l zonation of oxic, anoxic 
sulf idic , and anoxic methanic environments (13) w i t h i n the reservoir sedi ­
ment (Figure 7) that migrates w i t h the rise and fall of the reservoir stage. 
This f luctuation develops a "redox p u m p " that mobi l izes contaminants w i t h 
each successive stage cycle . 

A t f u l l stage the sediments are saturated and reduced , w i t h a t h i n oxic 
zone (variably between 0.1 and 0.5 m) corresponding to the vadose zone 
and uppermost groundwater (Figure 7A). W h e n the reservoir stage drops 
and sediments are dra ined, oxygen-r ich vadose water gains access to the 
u n d e r l y i n g r e d u c e d sediments. T h e redox zonation moves d o w n w a r d along 
w i t h the fal l ing water table (Figure 7B). This system is d r i v e n b y the m i n ­
era logy-chemis t ry of the contaminated sediment f i l l i n g the reservoir . R e ­
sidual sulfides transported downstream and authigenic sulfides f o r m e d i n 
place (10) undergo oxidation i n the vadose zone, releasing metals, sulfate, 
and hydrogen ions, according to the fo l lowing general reaction (14-17). 

2 F e S 2 + 7 0 2 + 2 H 2 0 > 2 F e 2 + + 4 S 0 4
2 " + 4 H + (1) 

In M i l l t o w n Reservoir sediments and other metal sulfide contaminated 
systems (18), F e S 2 (pyrite) i n this reaction can be replaced b y any n u m b e r 
of other metal sulfides (for example, arsenopyrite, chalcocite, galena, and 
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Figure 7. Geochemical model showing development of redox environments as 
the reservoir stage falls: A, reservoir at full stage; B, low reservoir stage. The 
scale of this system is highly variable. The oxic zone, depicted by the lightest 
stippled pattern, is generally 0.1-0.5 m thick at high stage and 0.5-1.5 m 
thick at low stage. The reducing zone, depicted by the medium stipples, extends 
to depths of approximately 5-8 m. The presence of the methanic zone (heavy 

stipples) is probably extremely variable. 
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sphalerite) so that other m e t a l s — A s , C d , C u , M n , P b , and Z n — a r e released 
to the groundwater along w i t h F e 2 + (17, 18). This general reaction is cata­
l y z e d by bacteria (e.g., Thiobacillus ferrooxidans) (16) and continues as l o n g 
as the p H remains near neutral (19, 20). This reaction can be seen i n the 
highest elevation wel ls at M i l l t o w n , the water-table wel ls . W h i l e the water 
table is b e l o w these wel ls , sulfides are ox id ized i n the vadose zone. A s 
groundwater moves into this zone, sulfate concentration increases dramat­
ical ly at the water table but remains be low detect ion i n deeper wel ls (F igure 
8A). Arsen ic , i r o n , and manganese concentrations also increase rapidly as 
the water table rises into wel ls (Figures 8B , 8 C , and 8 D ) , w h i l e r e m a i n i n g 
relat ively h i g h and constant i n deeper zones that remain saturated. 

T h e oxidation of organic matter v i a reactions s imilar to e q 2 is associated 
w i t h metal sulfide oxidation and the release of metals (21). 

( C H 2 O ) 1 0 6 ( N H , ) 1 6 ( H 3 P O 4 ) + 1 3 8 0 2 + 1 2 2 C a C 0 3 > 

2 2 8 H C C V + 1 6 N 0 3 - + 1 2 2 C a 2 + + 1 6 H 2 0 + H 3 P 0 4 (2) 

Metals b o u n d to organic substances are released as the organic mater ia l 
is ox id ized . T h e carbonate-bicarbonate component of the system buffers the 
acid p r o d u c e d f rom sulfide oxidation reactions. These reactions can be seen 
readily i n M i l l t o w n sediments as soon as the water-table wel ls receive 
groundwater d u r i n g the r i s ing stage. Bicarbonate and ca lc ium concentrations 
rise immediate ly w h i l e p H remains fairly constant (Figures 9 A , 9 B , and 9C) ; 
bicarbonate then increases as ca lc ium decreases. In the cont inuously satu­
rated zones at depth , bicarbonate and ca lc ium remain relat ively unresponsive 
to water-table fluctuations. Sulf ide and organic oxidation processes seem 
to be int imately j o i n e d by bacterially catalyzed reactions. A strong corre­
lation between calc ium and sulfate ( r 2 = 0.903) suggests that the 
d isso lut ion-prec ip i ta t ion of ca lc ium sulfates is a cross product of these two 
redox-control led reactions. 

Oxides and hydroxides (oxyhydroxides) of i ron and manganese also form 
d u r i n g oxidation of sediment at the l o w reservoir stage. T h e u p p e r oxic zone 
Contains mott led , " r u s t y " sediment after only a few days of exposure. Fer rous 
i ron and manganese released d u r i n g the oxidation of pyr i te and other sulfides 
(Figures 8 C and 8 D ) w i l l react w i t h oxygen i n the vadose zone to form i r o n 
and manganese oxyhydroxides v ia reactions s imilar to eqs 3 and 4 (15, 22). 

4 F e 2 + + 1 0 H 2 O + O É — - > 4 F e ( O H ) 3 + 8 H + (3) 

2 M n 2 + + 0 2 + 4 0 H - > 2 M n 0 2 + 2 H 2 0 (4) 

These oxyhydroxide compounds eopreeipi tate-adsorb metals and ar­
senic released f rom the sulfide and organic reactions, fixing some metals i n 
the ox id ized zone (10, 23). These reactions can be seen i n changes i n i r o n 
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Figure 8. Bubble diagram of concentrations (milligrams per liter) of chemical 
components in well 138 (Figure 3) showing changes with time in wells of 
different depths; the upper scale bar (bubble diameter) is the concentration 
of the species as depicted by bubble, the vertical axis is the elevation of the 
screened interval of the well, and the horizontal axis is the days since draw­

down: A, sulfate; and B, arsenic. 
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Figure 8. Continued. C , iron; and D , manganese. 
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and manganese concentration before stage rise (Figures 8 C and 8 D ) . Some 
manganese oxides can also control the oxidation state of arsenic, o x i d i z i n g 
it f rom III to V (24-26). In deep wel ls i n the reservoir the dominant arsenic 
species is usually As(III), and total arsenic is strongly contro l led b y As(III) 
( r 2 = 0.910). H o w e v e r , shortly after the reservoir was f i l l e d , wel ls at several 
sites showed temporary increases i n As(V) : As(III) ratios. This response prob­
ably results f rom the oxidation of arsenate i n the oxic zone and transport of 
As(V) into the groundwater system as anoxic groundwater rose into the oxic 
zone. 

A l l these reactions are representative of the oxic environment descr ibed 
b y B e r n e r (13), w i t h one m a i n difference. Large amounts of organic matter 
remain to p o w e r anoxic reactions w h e n the water table rises. Because of the 
f luctuat ing reservoir stage, organic material does not oxidize complete ly . 
Thus , it remains to power anoxic reactions w h e n the stage rises once again. 
A s the stage rises, the oxic reactions descr ibed are replaced b y anoxic re­
actions as oxygen is consumed. In the u p p e r levels of the r e d u c i n g g r o u n d ­
water system, where sulfate is available f rom the oxic reactions, anoxic su l -
f idic reactions dominate (12, 13). A t greater depths, w h e r e sulfate is used 
u p i n reduct ion reactions, a transition occurs through postoxic to sulf idic 
methanic environments (12, 13). I n one deep w e l l methane was p r o d u c e d 
i n h i g h enough quantities to b l o w off the s l ip-on polyvinyl chloride) w e l l 
cap. 

As the water table rises w i t h increasing reservoir stage, these processes 
control the u p w a r d shift of the redox zonation; anoxic reactions reestablish 
themselves i n the once-oxic zone. Several m a i n processes are important for 
m o b i l i z i n g contaminants d u r i n g this transit ion. 

Manganese oxyhydroxides formed i n the vadose zone undergo reduct ion 
by organic reduct ion s imilar to the general e q 5 (21). 

( C H 2 O ) 1 0 6 ( N H 3 ) 1 6 ( H 3 P O 4 ) + 2 3 6 M n 0 2 + 3 6 6 C a 2 + + 2 6 0 H C C V • 

3 6 6 C a C 0 3 + 2 3 6 M n 2 + + 8 N 2 + H 3 P 0 4 + 2 6 0 H 2 O (5) 

S imi lar reactions occur w i t h i ron oxyhydroxides (21). 

( C H 2 O ) 1 0 6 ( N H 3 ) 1 6 ( H 3 P O 4 ) + 4 2 4 F e O O H + 7 5 8 C a 2 + + 6 5 2 H C 0 3 ~ » 

7 5 8 C a C 0 3 + 4 2 4 F e 2 + + 1 6 N H 4 " + H 3 P 0 4 + 6 3 6 H 2 0 (6) 

These processes are catalyzed b y bacteria and probably involve both 
inorganic and organic i ron and manganese species (22), T h e y may also be 
strongly control led by microbia l compet i t ion between Fe(III) and sulfate-
reduc ing bacteria (27). Associated w i t h these reduct ion reactions is the re­
duct ion of residual sulfate (produced i n the oxic zone b y bacterial ly catalyzed 
reactions) s imilar to e q 7 (21). 
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( C H 2 O ) 1 0 6 ( N H 3 ) 1 6 ( H 3 P O 4 ) + 5 3 S 0 4
2 " > 

1 0 6 C O 2 + 1 6 N H 3 + 5 3 S 2 " + H 3 P 0 5 + 1 0 6 H 2 O (7) 

These reduct ion reactions result i n free metal ions and sulfide ions that 
form diagenetic metal sulfide phases (10) v i a bacterial ly media ted reactions 
s imilar to e q 8 (16). 

F e 2 + + H 2 S > F e S + 2 H + (8) 

Ferrous i r o n i n this reaction can be replaced b y any of the metal ions 
freed i n the oxic reactions to form a n u m b e r of meta l sulfides. Th is system 
is h igh ly dependent o n the availabil i ty of sulfate. W h e n sulfate is exhausted 
b y prec ipi tat ing metal sulfides, processes move into the anoxic methanic 
state (13, 27). M e t h a n e product ion is strongly bacterial ly media ted fo l lowing 
a general reaction s imilar to e q 9 (21, 28). 

( C H 2 O ) 1 0 6 ( N H 3 ) 1 6 ( H 3 P O 4 ) > 5 3 C 0 2 + 5 3 C H 4 + 1 6 N H 3 + H 3 P 0 4 (9) 

T h e presence of these reactions i n M i l l t o w n sediments is indicated b y 
the vert ical trends i n groundwater chemistry . E v e n d u r i n g t imes of recent 
stage rise, w h e n the sulfate concentrations are highest i n water-table wel ls , 
sulfate concentrations decrease rapidly w i t h d e p t h (F igure 8A) . Some deeper 
wel ls maintain relat ively constant chemica l composi t ion for i r o n and arsenic, 
but show fluctuations i n response to stage rise. O t h e r wel ls show that even 
at the deepest levels sulfate is transported into the groundwater as the stage 
rises. T h e concentration of sodium (Figure 9 D ) , presumably a conservative 
tracer, shows l i t t le response to stage rise or d e p t h . A p p a r e n t l y groundwater 
flow does not affect concentration, but changes i n nonconservative species 
are the result of rap id diagenetic reactions. 

O n c e the h i g h stage has stabi l ized, the anoxic env i ronment is rap id ly 
reestablished at the higher elevations i n the sedimentary c o l u m n . W h e n the 
reservoir is l o w e r e d again, the process is repeated. This fluctuation occurred 
over approximately 2 - 3 m w i t h the stage changes seen i n 1986. D u r i n g 
every transit ion, metals b o u n d to sulfides and organic substances are released 
i n the oxic vadose zone. T h e strong d o w n w a r d groundwater flow gradient 
transports m o b i l i z e d metals and arsenic into the u n d e r l y i n g anoxic e n v i r o n ­
ments, where they are reprecipi tated as sulfides u n t i l sulfate is c o n s u m e d . 
W h e n the sulfate is gone, methanic reduct ion takes over . E l e m e n t s that 
were not efficiently r e m o v e d i n the sulf idic zone (i .e. , d i d not react q u i c k l y 
enough) are free to move into the u n d e r l y i n g a l luvia l aquifer. C h e m i s t r y of 
wel ls adjacent to M i l l t o w n Reservoir show that these elements are arsenic, 
i ron , and manganese. A l t h o u g h this system is nowhere near e q u i l i b r i u m , 
control of what escapes the sulf idic zone seems related to the solubi l i ty 
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Figure 9. Bubble diagram of concentrations (milligrams per liter) of chemical 
components and pH in well 138 (Figure 3) showing changes with time in wells 
of different depths; the upper scale bar (bubble diameter) is the concentration 
of the species as depicted by bubble, the vertical axis is the elevation of the 
screened interval of the well, and the horizontal axis is the days since draw­

down: A, bicarbonate; and B, calcium. 
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Figure 9. Continued. C, pH; and D , sodium. 
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products of the diagenetic sulfides i n v o l v e d and the bacterial mediat ion rates 
of the reactions (10). T h e solubi l i ty products (K s p ) for natural , poor ly crys­
tal l ine, m i x e d chemica l phases are not characterized, and the kinetics of 
complex, compet i t ive microbia l reactions are not k n o w n . H o w e v e r , the ther­
modynamics and kinetics of sulfide precipitates and oxyhydroxide coatings 
probably have a strong control over what elements are most m o b i l e d u r i n g 
redox p u m p i n g (JO). 

Conclusions 

M o b i l i z a t i o n of contaminants i n metal-contaminated reservoirs can be ex­
p la ined by a m o d e l i n w h i c h pore water (i .e. , groundwater) composi t ion is 
contro l led b y diagenetic reactions i n v o l v i n g the successive transit ion f rom 
oxic to anoxic environments as reservoir stage changes seasonally. A l t h o u g h 
the d is t r ibut ion of processes is not perfect ly u n i f o r m , w h e n the reservoir 
stage falls and reduced sediments are dra ined , a zonation typical of d e p t h 
succession (13) becomes time-successive (12). T h e changing reservoir stage 
acts l ike a redox p u m p to displace contaminants from the surface sediments 
into u n d e r l y i n g and adjacent sediments and a l luvia l aquifers. T h e late of this 
h i g h b u r d e n of contaminants to the groundwater system at M i l l t o w n Res­
ervoir is not k n o w n . H o w e v e r , solute and particulate contaminants are re-
m o b i l i z e d f rom the reservoir sediment d u r i n g d r a w - d o w n events at the 
reservoir and added to the overal l contaminant b u r d e n of the C l a r k F o r k 
R i v e r system and possibly to downstream reservoirs. 

Contaminants t rapped i n reservoirs are not necessarily f ixed, even 
though sediment is not r e m o v e d from storage. A f luctuat ing stage may be 
al l that is needed to mobi l ize contaminants l ike arsenic into the adjacent 
groundwater and eventual ly into the downstream surface-water system. T h e 
redox p u m p tends to cleanse the surface sediment of contaminants as a result 
of a strong d o w n w a r d flow gradient that is needed to power the p u m p . In 
t ime, contaminated surface sediment should equi l ibrate w i t h the surface-
water system m o v i n g contaminants out of reach of surface processes and 
aquatic organisms, assuming that the source of contaminants to the reservoir 
is stopped. In any case, the dynamic , seasonal aspects of contaminated res­
ervoirs must be taken into account i n any long- term m o n i t o r i n g or successful 
remediat ion program. 
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Cycles of Trace Elements in a Lake 
with a Seasonally Anoxic Hypolimnion 

Annette K u h n , C. Annette Johnson, and Laura Sigg* 

Institute for Water Resources and Water Pollution Control (EAWAG), Swiss 
Federal Institute of Technology Zurich ( E T H Z ) , C H - 8 6 0 0 Dübendorf, 
Switzerland 

The cycles of trace elements (Mn, Fe, As , Cr, and Zn) in a eutrophic 
lake are influenced by biological productivity and the development 
of anoxic conditions in the hypolimnion. The occurrence of redox 
species [Mn(II)/Mn(III,IV), Fe(II)/Fe(III), As(III)/As(V), and 
Cr(III)/Cr(VI)] in the anoxic hypolimnion of Lake Greifen is com­
pared to the thermodynamic redox sequence. The reduction and ox­
idation processes are discussed. As(III) appears in the anoxic hy­
polimnion together with Fe(II) and sulfide, whereas only indirect 
evidence for the reduction of Cr(VI) is found. The concentration of 
Zn is influenced by binding to algal material and to manganese oxides. 
The precipitation of manganese oxides during lake overturn affects 
trace elements by adsorption and oxidation reactions on the oxide 
surfaces. The cycles of As, Cr, and Zn are strongly coupled to the 
cycles of Mn and Fe. 

S T R O N G S E A S O N A L V A R I A T I O N S i n the chemica l and biological condit ions 
w i t h i n the water c o l u m n are typica l of eutrophic lakes. E u t r o p h i c a t i o n p h e ­
nomena, a major perturbat ion of lake ecosystems, have been observed i n 
various regions. A n u m b e r of Swiss lakes i n h igh ly popula ted areas have 
been subject to eutrophicat ion caused b y an elevated supply of nutr ients 
f rom sewage and agricultural activities (J, 2). T h e phosphate inputs into 
Swiss lakes are decreasing as a consequence of water p o l l u t i o n control mea­
sures, so that long- term changes are occurr ing i n the eutrophicat ion state 
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of the lakes (2, 3). T h e h i g h product iv i ty of algal biomass i n eutrophic lakes 
causes var ied biological and chemica l responses. To predic t the response to 
changes i n nutr ient load and the evolut ion of such lake systems, the chemica l 
interactions i n v o l v e d need to be w e l l understood. 

Lakes i n temperate regions are often characterized b y seasonal 
temperature- induced m i x i n g and stagnation processes. S u m m e r stagnation, 
because of h igher temperature and thus lower densities i n u p p e r water 
layers, hinders the resupply of oxygen to the deeper water layers. T h e h i g h 
product iv i ty of biomass and the subsequent consumpt ion of oxygen d u r i n g 
mineral izat ion i n the deeper water layers cause the deve lopment of anoxic 
condit ions, w h i c h may occur seasonally i n the h y p o l i m n i o n and i n the sur-
ficial sediments. 

A l t h o u g h general phenomena occurr ing i n eutrophic lakes are w e l l 
known* many questions regarding the deta i led chemica l a n d biological m e c h ­
anisms i n v o l v e d are st i l l open . U n d e r anoxic condit ions, r e d u c e d chemica l 
species [Mn(II) , Fe(II), and S(-II)] are p r o d u c e d , fo l lowing i n p r i n c i p l e the 
thermodynamic redox sequence (4, 5); nitrate and sulfate are effective elec­
t ron acceptors i n the absence of oxygen. H o w e v e r , most of the redox re­
actions i n v o l v e d take place at significant rates only i f microbia l ly media ted . 

T h e occurrence of anoxic conditions causes c y c l i n g of i r o n and manganese 
at the ox ic -anoxic interface (6-10). I n lakes w i t h a significant seasonal cycle , 
i ron and manganese oxides are reduced d u r i n g anoxia, and Fe(II) and Mn(II ) 
are released into solution. T h e Fe(II) and Mn(II ) species are reox id ized , and 
Fe(III) and M n ( I I I , I V ) precipitate as oxides d u r i n g lake o v e r t u r n , w h e n the 
r e d u c e d species come into contact w i t h oxygen. 

F e w examples of studies o n cyc l ing of trace elements (other than i r o n 
and manganese) at ox ic -anoxic interfaces are found i n the l i terature (11-17). 
Trace e lement cyc l ing i n the water c o l u m n of a eutrophic lake (F igure 1) is 
affected by a n u m b e r of processes related to the redox condit ions. 

• Redox-sensit ive trace elements may undergo changes i n the ir 
redox states, according to the predominant redox intensit ies. 
T h e presence of suitable reductants (or oxidants) is essential. 
These effects are examined here for As(III)/As(V) and Cr(III)/ 
Cr(VI ) . T h e redox states of trace elements affect the ir so lubi l i ty 
(e.g., Cr(III)/Cr(VI)) and their affinity for b i n d i n g to so l id 
phases (e.g., arsenite and arsenate). B io logica l effects (e.g. , 
uptake and toxicity) are also dependent on the redox state. 

• I ron and manganese oxides are characterized b y h i g h specific 
surface areas and h i g h affinity of their surface h y d r o x y l groups 
for adsorption of a variety of trace elements . I n addi t ion to 
adsorption processes, oxidation reactions are catalyzed b y these 
surfaces (18-20). T h e i n situ prec ipi tat ion and dissolut ion of 
these oxides are thus significant for the fate of various trace 
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15. K U H N E T A L . Cycles of Trace Elements in a Lake 475 

elements. O t h e r elements may be released f r o m sediments 
together w i t h Fe(II) and Mn(II) . 

• T h e occurrence of sulfide strongly affects the speciation and 
solubi l i ty of numerous trace elements. So l id sulfide phases may 
be precipi tated, and dissolved sulfide and polysul f ide c o m ­
plexes may be formed (21-23). T h e inf luence of sulf ide o n trace 

Figure 1. Schematic representation of the processes influencing the cycles of 
trace elements in Lake Greifen. During stagnation, the lake is divided into an 
oxic epilimnion and an anoxic hypolimnion. Three different stages can be 

distinguished in time and space: 
a. Large amounts of algal biomass are produced during spring and summer; 

trace elements are bound to this algal material by adsorption or by 
uptake. Biological reduction processes such as reduction of As(V) occur. 
The sedimentation of this algal material removes trace elements from the 

epilimnion. 
b. Near the sediment-water interface, anoxic conditions are established in 

early summer as a consequence of the mineralization of the settling bio­
mass; Mn(H) is released into the water column through reductive dis­
solution of manganese oxides. At a later stage of the stagnation period 
(October-November), Fe(II) and S(-II) are also released from the sed­

iments. Reduction of As(V) and Cr(VI) is observed. 
c. At the interface between oxic and anoxic water, the oxidation of Mn(II) 

to manganese oxides takes place. Large amounts of manganese oxides are 
precipitated during mixing of the lake in November-December. Adsorp­
tion of various elements and oxidation processes occurs at the manganese 

oxide surfaces. 
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476 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

elements i n strongly r e d u c i n g environments has been d e m ­
onstrated i n the Black Sea and the F r a m v a r e n F j o r d (12, 14). 

This chapter discusses the chemical mechanisms in f luenc ing the fate of 
trace elements (arsenic, c h r o m i u m , and zinc) i n a smal l eutrophic lake w i t h 
a seasonally anoxic h y p o l i m n i o n (Lake Grei fen) . A r s e n i c and c h r o m i u m are 
redox-sensitive trace elements that may be direct ly i n v o l v e d i n redox cycles, 
whereas z inc is indirec t ly inf luenced b y the redox condit ions. W e w i l l i l ­
lustrate h o w the seasonal cycles and the variations be tween oxic and anoxic 
condit ions affect the concentrations and speciation of i r o n , manganese, ar­
senic, c h r o m i u m , and zinc i n the water c o l u m n . T h e redox processes oc­
c u r r i n g i n the anoxic h y p o l i m n i o n are discussed i n detai l . Interactions be­
tween major redox species and trace elements are demonstrated. 

Experimental Details 

L a k e Descr ipt ion. Lake Greifen is a small eutrophic lake on the Swiss 
Plateau. It is located in a densely populated area and receives high nutrient 
inputs from sewage and agriculture. A very high phosphate load is discharged 
into the lake, i n spite of phosphate elimination i n the sewage-treatment plants. 
The phosphate concentration in the mixed water column was 3.5 μΜ during 
spring 1990. Chlorophyl l a reaches 0.01-0.04 mg/L during algae blooms (24). 

The surface area of Lake Greifen is 8.5 X 10 m 2 , and the volume is 150 X 
10 6 m 3 ; its average depth is 17.7 m , wi th a maximum of 32.2 m. The residence 
time of water is 1.1 years. Thermal stratification lasts about from M a y to D e ­
cember, and lake overturn usually takes place i n December-January. A n anoxic 
hypolimnion develops during summer stagnation from about June to December. 

Sampling. Month ly samplings were performed at the deepest point of the 
water column (depth = 31 m) over a period of 2 years. Because a number of 
labile reduced species occur in anoxic water samples, special attention has to be 
given to the sampling and sample pretreatment methods to obtain reliable re­
sults. Several approaches have been used to circumvent sampling and storage 
problems. Rapid field analysis of labile species has been recommended (e.g., 
ref. 9). This rapid analysis is particularly important i n measuring the very labile 
species of Fe(II) and S(-II). 

In our study, contact of the anoxic samples with oxygen was avoided. The 
samples were transferred from the samplers (Go-Flo, General Oceanics, 5 L) 
into bottles equipped with three-way taps under N 2 pressure. The bottles had 
previously been flushed with N 2 , and they were completely f i l led. Fi l trat ion i n 
the laboratory with acid-cleaned 0.45-μηι cellulose nitrate filters (Sartorius) and 
a polycarbonate filtration unit (Sartorius) was also carried out under nitrogen 
gas. Most analytical determinations were performed in the laboratory on the 
sampling day. 

Reliable results on trace elements require precautions to avoid contami­
nation. Concentrations of trace elements determined i n lake water are often in 
ranges similar to those measured in the oceans; the requirements for contami­
nation-free sampling are thus similar (25, 26). Teflon-coated G o - F l o samplers 
were used. They were carefully cleaned wi th acid (0.01 Μ H N 0 3 ) and high-
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15. K U H N E T A L . Cycles of Trace Elements in a Lake 477 

purity water (Nanopure) before use, then rinsed wi th lake water at the beginning 
of each sampling. A l l bottles and devices coming into contact wi th the samples 
were made of high-quality polyethylene or glass. They were cleaned w i t h acid 
and rinsed wi th high-purity water. Samples were protected wi th plastic bags 
during transport. F i e l d blanks were obtained by filling ultra-pure water into 
bottles under field conditions and treating these samples l ike lake-water samples. 
Average field blanks obtained i n this manner were the following: f i ltered M n , 
<0.02 μΜ; particulate Μη, <0.02 μ Μ ; filtered F e , 0.05 μ Μ ; particulate F e , 
0.03 μΜ; filtered Z n , 4 n M ; Cr(VI), 0.2 n M ; total filtered C r , 1 n M ; filtered As , 
0.1 n M . 

Sediment Traps. Sediment traps with a height : diameter ratio of 10:1 were 
exposed i n the deepest part of the lake close to the water-sampling site at 15-
and 28-m depth for 15 months. The particulate material i n the traps was collected 
approximately every 3 weeks and was subsequently freeze-dried unt i l analysis. 

Analyt ical Methods. Temperature, p H , and oxygen were measured i n situ 
by using a combined sensor (Zullig). A m m o n i u m was determined by flow 
injection analysis (27), and nitrate and silicate by spectrophotometric meth­
ods (Auto-Analyzer) (28). Sulfide was determined by using a H 2 S-speci f ic elec­
trode (29). 

Mn(II) and Fe(II) were determined by differential pulse voltammetry (9, 
30). The determinations were carried out with in a few hours after sampling. 
Total dissolved and particulate F e and M n (after digestion of the particulate 
matter i n a microwave digestion unit with H N 0 3 - H C 1 ) were measured by flame 
or graphite furnace atomic absorption spectrometry. 

Inorganic As(III) and As(V) were determined by atomic absorption spec­
trometry using the hydride technique. Total inorganic arsenic, As(III) + As(V), 
was measured after a prereduction reaction of As(V) to As(III) i n acidic solution 
containing potassium iodide and ascorbic acid. F o r the selective hydride for­
mation of As(III), samples were maintained at p H 5.0 during the hydride reaction 
(with 3 % N a B H 4 , 1% N a O H ) wi th a ci trate-sodium hydroxide buffer solution 
(31). As(V) was determined by difference between total As and As(III). The 
detection l imit of As(III) and As(V) was 0.1 n M . The selectivity of this method 
was checked by additions of As(III) and As(V) to lake water; 95-100% recovery 
of As(III) and As(V) was found (32). 

Dissolved Cr(VI) and Cr(III) were preconcentrated and separated by using 
ion exchange (33), and total dissolved C r (filtered <0.45 μηι) was preconcentrated 
by volume reduction. The samples were passed through an anion exchanger 
(Bio-Rad 1-X4) for collection of Cr(VI) and eluted wi th 5 Μ H N 0 3 . F o r collection 
of Cr(III) the samples were passed through a cation exchanger (Baker) and eluted 
with 1.0 M NH4NO3-O.I M HNO3. After elution the preconcentrated samples 
were analyzed by graphite furnace atomic absorption spectrometry. Selectivity 
for Cr(VI) and Cr(III) and recovery were checked by adding Cr(VI) and Cr(III) 
to lake-water samples. Recovery of Cr(VI) was 98%, and of Cr(III) it was 102%. 

Zinc was determined in filtered samples (0.45 μηι pore size) by flame atomic 
absorption spectrometry after preconcentration. F o r the preconcentration, 8-
hydroxyquinoline was added as a chelating agent to the acidified samples and 
subsequently buffered to p H 8. The hydroxyquinoline complexes were collected 
on C-18 columns (Baker) and eluted with 0.6 M H C l (modified after ref. 34). 
The preconcentration factor was 40. Blank values of this method were ^ 2 - 3 n M 
Z n ; reproducibility was ± 1 . 5 n M . Recovery of Z n spikes added to lake water 
was 90-100%. 
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The particulate material from the sediment traps was digested i n aqua regia 
i n a microwave digestion unit. F e , M n , Z n , C a , C r , and C u were determined 
by inductively coupled plasma atomic emission spectrometry ( I C P - A E S ) ; Ρ was 
determined by the molybdate spectrophotometric method(28). A sediment stan­
dard (NBS N o . 1645) was used regularly to check the accuracy of the sediment 
digestion procedure. 

Thermodynamics and Kinetics of Redox Processes 

A l t h o u g h the various redox species i n a lake are u n l i k e l y to be i n e q u i l i b r i u m 
w i t h each other, the thermodynamic redox sequence gives a f ramework that 
helps to predic t the sequence of redox reactions and the thermodynamica l ly 
stable species under g iven conditions (4). T h e p r e d i c t e d sequence for l o w ­
er ing the redox intensity as a consequence of the minera l izat ion of the sett l ing 
biomass is shown i n F i g u r e 2 i n the form of an electron act ivity (pe) versus 
p H diagram for the p H range typical ly encountered i n eutrophic lakes. I n 
the p H range of interest, nitrate is reduced to N 2 before Mn(II) is f o r m e d ; 
the reduct ion of nitrate to a m m o n i u m takes place subsequently. T h e re­
duct ion to Fe(II) and S(-II) occurs i n the lower redox potent ia l range. T h e 
reduct ion of As(V) to As(III) is expected to occur at about the same redox 
potential as the reduct ion of Fe(III) to Fe(II). T h e reduct ion of Cr (VI ) to 
Cr(III) should take place at a redox potent ia l s imilar to that of the reduct ion 
of M n ( I V ) to Mn(II ) . 

Redox e q u i l i b r i u m is not achieved i n natural waters, and no single p€ 
can usually be d e r i v e d from an analytical data set i n c l u d i n g several redox 
couples. T h e direct measurement of pe thus is usually not meaningful be­
cause only certain electrochemical ly revers ible redox couples can establish 
the potential at an electrode (4, 35). H o w e v e r , pe is a useful concept that 
indicates the direc t ion of redox reactions and defines the predominant redox 
condit ions. D e f i n i n g pe o n the basis of the more abundant redox species 
l ike Mn(II) and Fe(II) gives the possibi l i ty of p r e d i c t i n g the e q u i l i b r i u m 
redox state of other trace elements. T h e presence of suitable reductants (or 
oxidants) that enable an expedient e lectron transfer is, however , essential 
i n establishing redox e q u i l i b r i a be tween trace elements and major redox 
couples. S low reaction rates w i l l i n many cases lead to n o n e q u i l i b r i u m sit­
uations w i t h respect to the redox state of trace elements . 

W e use the occurrence of oxygen, Mn(I I ) , a m m o n i u m , Fe(II), a n d sulfide 
to indicate the redox conditions i n the lake. T h e condit ions observed i n L a k e 
G r e i f e n for the major redox couples correspond qual i tat ively to the ther­
modynamic redox sequence. T h e seasonal variations i n the deep lake-water 
c o l u m n are i l lustrated b y F i g u r e 3. I n the m i x e d lake (winter -spr ing) , oxygen 
is present i n the whole water c o l u m n at concentrations close to saturation, 
and very l o w concentrations of M n and F e (both dissolved and particulate 
forms) are present. D u r i n g s u m m e r stagnation oxygen is consumed first i n 
the deepest layers and later i n the whole h y p o l i m n i o n b e l o w about 10-m 
d e p t h . 
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2+ 
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Figure 2. Thermodynamic redox sequence for typical lake pH and concentra­
tion conditions. For M n , the pe versus pH rehtionships are shown assuming 
[Mn2+ ] = I X J O 5 M and the solid phases Mn(IV)02 and Mn(III)OOH, and 
for Fe assuming [Fe2* ] = 1 X J O 6 M and amorphous Fe(OH)3(s) and 

FeOOH(s) (goethite). 

T h e different reduced species appear successively as a funct ion of t ime 
and d e p t h i n the anoxic h y p o l i m n i o n (Figure 3). Increased Mn(II) and N H 4

 + 

concentrations appear shortly after disappearance of oxygen f r o m the deeper 
layers of the lake-water c o l u m n and further increase i n the h y p o l i m n i o n 
d u r i n g anoxia. Fe(II) and S(-II) are detectable at the e n d of the stagnation 
p e r i o d only i n the deepest water layers (28-31 m). U p o n m i x i n g of the lake 
and contact w i t h oxygen d u r i n g over turn , the reduced species are reox id ized . 
Mn(II) and N H 4

+ are only s lowly ox id ized a n d persist i n the presence of 
oxygen ( D e c e m b e r 1989). T h e various species measured i n the anoxic h y ­
p o l i m n i o n indicate the predominant pe range, a l though they are not i n 
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300 

U - P • jm w U rw ww ^ Y ^ Y - Y w w wi m »-J-T— 1 
Jan 89 April 89 Aug 89 Nov 89 Jan 90 May 90 Aug 90 Nov 90 Jan 91 

Figure 3. Seasonal variations of the major redox species in the water column 
of Lake Greifen at the depth 30-31 m: 02, NH4

 + , Mn(II), Fe(Il), and S(-II) 
are represented as a function of time. Fe(II) and S(-II) are found only at the 
end of the stagnation time (October-November 1989 and 1990). S(-II) was 

quantified only in the fall 1990 samples. 

e q u i l i b r i u m w i t h each other. T h e pe is est imated to be i n the 6 - 1 0 range 
for the p e r i o d i n w h i c h the only r e d u c e d species are Mn(II ) and N H 4

 + , and 
i n the - 3 - 0 range at the e n d of the stagnation p e r i o d i n presence of Fe(II) 
and S(-II) . T h e p H is 7 .5 -7 .7 i n the h y p o l i m n i o n and increases to 8 . 5 - 8 . 7 
i n the e p i l i m n i o n d u r i n g s u m m e r stagnation. T h e major i o n composi t ion of 
the lake is dominated b y ca lc ium carbonate dissolut ion and prec ipi ta t ion . 

Nitrate and Ammonium. T h e transformations of ni trogen species 
may occur under suitable microb ia l catalysis (5, 36). Ni t ra te reduct ion may 
result i n formation of ei ther e lemental n i t rogen or a m m o n i u m . Mass balances 
over a whole lake have indicated the importance of the denitr i f icat ion process 
for the e l iminat ion of ni trogen f rom lakes (37). T h e condit ions for the dis-
s imilat ive ammonif icat ion of nitrate are poor ly k n o w n (36). A m m o n i u m is 
also released b y the mineral izat ion of biomass. 

Because e lemental n i t rogen is not measured and no overal l n i t rogen 
mass balance was calculated, only indirect evidence for the denitr i f icat ion 
process i n L a k e G r e i f e n may be g iven . T h e mass balance of inorganic n i t rogen 
( inc luding a m m o n i u m and nitrate) i n the anoxic h y p o l i m n i o n of L a k e G r e i f e n 
over stagnation t ime indicates ni trogen losses that are at tr ibuted to d e n i t r i ­
fication (38). T h e accumulat ion of a m m o n i u m , observed i n the anoxic h y ­
p o l i m n i o n (38), results i n the overal l replacement of a large fraction of nitrate 
b y a m m o n i u m . A m m o n i u m and nitrate are, from a k inet ic point of v i e w , 
not reactive for direct redox reactions w i t h other elements . 

Manganese. T h e reduct ion and oxidation processes of i ron and man­
ganese, w h i c h may be important under the conditions of the anoxic h y p o -
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15. K U H N E T A L . Cycles of Trace Elements in a Lake 4 8 1 

l i m n i o n , are br ie f ly discussed and compared w i t h the observations i n the 
lake. Processes occurr ing u n d e r photochemical condit ions and u n d e r the 
inf luence of photosynthesis, as they may occur i n the u p p e r phot ic water 
layers of a lake, are not discussed here . 

T h e release of Mn(II) f rom sediments and i n h y p o l i m n e t i c waters is w e l l 
k n o w n and has often been descr ibed (6, 8). Several chemica l and biological 
mechanisms may be i n v o l v e d i n the reduct ion of manganese oxides at the 
s e d i m e n t - w a t e r interface. Manganese oxides are r e d u c e d b y various organic 
compounds (39, 40); phenols and quinones , w h i c h are degradation products 
of organic matter, are especially efficient reductants. T h e reduct ion reactions 
i n v o l v i n g these organic ligands occur on a t ime scale of minutes to hours . 
T h e reduct ion of manganese oxides b y sulfide is k inet ica l ly a very efficient 
reaction (41). R e d u c t i o n b y Fe(II) also occurs readi ly (42). T h e biological 
reduct ion of manganese oxides may be per formed b y a n u m b e r of different 
organisms, a l though the relative importance of direct and indirec t (by meta­
bol ic products) reduct ion pathways is unclear (42-45). 

T h e oxidation of Mn(II) b y oxygen i n homogeneous solut ion is extremely 
slow (on a t ime scale of years) (46), but it is catalyzed b y the adsorption of 
Mn(II ) o n oxide surfaces (47, 48). T h e m a i n oxidation pathway u n d e r natural 
condit ions, however , is assumed to be the microbia l ly media ted oxidat ion 
that occurs on the t ime scale of hours to days. T h e importance of m i c r o b i a l 
oxidation of Mn(II) i n natural environments has b e e n demonstrated i n a 
n u m b e r of studies (49-54). 

Mn(II) and particulate manganese ( M n p a r t ) are deple ted from the m i x e d 
lake-water c o l u m n of L a k e G r e i f e n i n spr ing (Mn(II) <0 .03 Χ M and M n p a r t 

~ 0 . 2 X M ) . T y p i c a l d e p t h profiles of Mn(II) and particulate manganese are 
observed d u r i n g stagnation w i t h increasing concentrations of Mn(II ) toward 
the s e d i m e n t - w a t e r interface and maxima of particulate manganese at the 
ox ic -anoxic boundary (F igure 4). Mn(II ) concentrations u p to 10 Χ M are 
bui l t u p i n the anoxic h y p o l i m n i o n . 

T h e reduct ion of M n ( I V ) or M n ( I I I , I V ) oxides probably takes place at 
the s e d i m e n t - w a t e r interface. Mn(II) diffuses from there into the water 
c o l u m n and is ox id ized at the ox ic -anoxic boundary . T h e reduct ion of m a n ­
ganese oxides i n the water c o l u m n itself is possible , but is probably not of 
quantitative importance. T h e profiles of Mn(II) and particulate manganese 
i n L a k e G r e i f e n were m o d e l e d b y taking into account the Mn(II ) flux f r o m 
sediments, the oxidation of Mn(II ) , and the sett l ing of particulate manganese 
(55). T h e oxidation of Mn(II ) , w h i c h results i n the manganese peaks at the 
ox ic -anoxic boundary, can be explained only b y biological oxidat ion; an 
oxidation rate constant of 0.2 per day (pseudo first-order) is est imated f rom 
the m o d e l calculations. 

D u r i n g m i x i n g of the lake i n N o v e m b e r - D e c e m b e r , the accumulated 
Mn(II) is reoxidized, and the manganese oxides f o r m e d are e l i m i n a t e d f r o m 
the water c o l u m n b y sedimentat ion. This process results i n the prec ipi ta t ion 
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0 2 μΓηοΙ/L 
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301 Mn Part-

35 
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Figure 4. Concentration-depth profiles in the water column of Lake Greifen: 
particulate manganese (Mnpttli) and Ο2 during summer stagnation (September 
20,1989); Mn(H) and particulate manganese (Mnpart) at the end of stagnation 

(November 8, 1989). 
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15 . K U H N E T A L . Cycles of Trace Elements in a Lake 483 

of large amounts of manganese oxide particles, w i t h m a x i m u m sedimentat ion 
rates on the order of 2 0 - 5 0 m g of M n / m 2 per day. I n contrast, the sedi­
mentat ion rates d u r i n g s u m m e r stagnation are only about 1 m g of M n / m 2 

per day. This precipi tat ion of manganese oxides is of special interest w i t h 
regard to the adsorption and oxidation of trace elements . 

I r o n . T h e reduct ion of Fe(III) oxides and release of dissolved Fe(II) 
is a w e l l - k n o w n p h e n o m e n o n i n sedimentary environments . H o w e v e r , the 
detai led mechanisms of the reduct ion and dissolut ion processes are not fu l ly 
e lucidated. T h e dissolution rates of i r o n oxides i n presence of organic l igands 
d e p e n d on surface speciation (56, 57). C h e m i c a l reduct ion b y organic l igands 
has rarely been observed to occur at sufficiently fast rates i n the neutra l p H 
range (58, 59) to explain Fe(II) product ion i n natural waters. Fe(III) oxides 
have b e e n shown to be catalytically dissolved i n the presence of a l igand 
and of Fe(II) (60). Sulf ide readi ly reduces Fe(III) oxides (61). T h e r e d u c t i o n 
of Fe(III) oxides b y microorganisms is k n o w n to be carr ied out b y different 
genera of bacteria (44, 62). D i r e c t reduct ion b y enzymatic pathways and 
reduct ion b y e n d products of metabol ism are both possible. A recent study 
points out the importance of the enzymatic reduct ion of Fe(III) for sedi­
mentary condit ions (63). 

O n the other hand, the oxidation of Fe(II) b y Ο 2 is v e r y r a p i d i n the 
neutra l p H range (4,48). Ox idat ion of Fe(II) on M n 0 2 has also b e e n observed 
to be a fast process and may be important i n sedimentary environments 
(42, 64). 

T h e cyc l ing of F e i n the water c o l u m n of L a k e G r e i f e n is m u c h less 
m a r k e d than the c y c l i n g of M n . Fe(II) appears only at the e n d of stagnation 
i n the deepest layers of the lake (28-31 m) i n concentrations u p to 0 . 5 - 1 
|xM. Particulate i r o n is increasing over t ime i n the anoxic h y p o l i m n i o n . 
Particulate F e and F e i n filtered samples increase u p to about 1 μ Μ (F igure 
5). T h e increasing concentrations of F e [but not of Fe(II)] i n filtered samples 
may also result f rom the presence of smal l F e hydrox ide particles. T h e 
sedimentat ion rate of F e (6-20 m g / m 2 per day) exhibits m u c h smaller sea­
sonal variations than the sedimentat ion rate of M n . T h i s difference results 
from larger allochthonous inputs of i r o n oxide particles than of manganese 
oxides and less recyc l ing of F e f rom sediments. 

Fe(II) f o r m e d i n the sediments may diffuse into the water c o l u m n a n d 
be reoxidized b y oxygen traces. Reoxidat ion on manganese oxide particles 
is a possible mechanism, but very l o w concentrations of particulate m a n ­
ganese are measured i n the anoxic h y p o l i m n i o n . Smal l i r o n hydrox ide par­
ticles w i l l settle only s lowly and thus be accumulated i n the h y p o l i m n i o n . 
I ron oxide particles f o r m e d b y reoxidation i n the water c o l u m n are potent ia l ly 
important for the scavenging of trace elements because smal l particles w i t h 
large surface areas are expected to be formed. T h e occurrence of Fe(II) is 
a good indicator of the redox condit ions, as its reoxidation both b y oxygen 
and b y manganese oxide w o u l d be fast. 
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0.0 

Fe μιηοΙ /L 
0.5 1.0 

I ι I 

Fe part. 

1.5 

8 Nov 89 

Fe filt. 

Figure 5. Concentration-depth profiles of filtered Fe (<0.45 μηι filter pore 
size), particulate Fe, and Fe(II) at the end of stagnation (November 8, 1989). 
(Reproduced with permission from reference 38. Copyright 1991 Elsevier Sci­

ence Publishers, Amsterdam.) 

S u l f i d e . Sulf ide appears i n the water c o l u m n of L a k e G r e i f e n o n l y at 
the e n d of stagnation t ime and i n the deepest water layers. Th is d i s t r ibut ion 
indicated the biological reduct ion of sulfate i n sediments. T h e reactions 
i n v o l v e d i n the sulfur cycle are descr ibed i n ref. 65. T h e occurrence of 
sulfide indicates a very l o w pe (pe < 0); sulfide is an efficient reductant for 
many elements, i n c l u d i n g Fe(III), M n ( I V ) , As(V), and Cr (VI ) . T h e occur­
rence of sulfide also impl ies the possible prec ipi ta t ion of sol id sulfide phases 
of various elements and the formation of dissolved complexes (21-23). 

Trace Elements 

A r s e n i c . T h e inorganic species arsenate [As(V)] and arsenite [As(III)] 
were measured i n the depth profi le of the lake over the seasonal cycle (F igure 
6) (32). T h e relevant reduct ion and oxidation processes w i l l be br ief ly con­
s idered. T h e e q u i l i b r i u m constants for the various reactions are calculated 
on the basis of the thermodynamic data g iven i n refs. 66 and 67. A c c o r d i n g 
to the thermodynamic sequence, the reduct ion of As(V) to As(III) occurs 
i n a pe range s imilar to that of the reduct ion of Fe(OH) 3 (s) to Fe(II) (F ig ­
ure 2). 
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15. K U H N E T A L . Cycles of Trace Elements in a Lake 4 8 5 

Figure 6. Seasonal variations of As(IH) and As(V) in the water column of Lake 
Greifen: mixed lake (January 24,1990); summer stagnation (August 30,1989); 
end of stagnation (October 19, 1989, and November 14, 1990). On November 

14, 1990, S(-II) is shown for comparison with As(IIl). 
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486 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

H A s 0 4
2 " + 2 e " + 4 H + ± = * H 3 A s 0 3 + H 2 0 (1) 

w h e r e log Κ ( equi l ibr ium constant) = 28.45. Fe(II), however , does not 
appear to be a sufficiently strong reductant. 

H A s 0 4
2 " + 2 F e 2 + + 5 H 2 0 ± = > H 3 A s 0 3 + 2Fe(III)(OH) 3 (s) + 2 H + 

(2a) 

H A s 0 4
2 " + 2 F e 2 + + 3 H 2 0 ± = 5 H 3 A s 0 3 + 2 F e O O H ( s ) + 2 H + (2b) 

Reactions 2a and 2b only y i e l d a negative free energy ( A G ) i n the neutra l 
p H range i f a crystal l ine Fe(III) oxohydroxide (such as goethite) is f o r m e d 
as the reaction product . Inversely, the oxidation of As(III) is t h e r m o d y n -
amical ly favored b y reaction w i t h an amorphous i r o n h y d r o x i d e , but not w i t h 
goethite. T h e most suitable reductant u n d e r the condit ions of the anoxic 
lake h y p o l i m n i o n is certainly sulf ide, w h i c h is thermodynamica l ly favored 
and has been shown to react w i t h As(V) (68, 16) according to reaction 3. 

H A s 0 4
2 ~ + 7 H S ~ + 7 H + ± = * H 3 A s 0 3 + 7 S 0 4

2 " (3) 
4 4 4 

w h e r e log Κ = 20.6. In the presence of sulfide the formation of a sol id 
As(III) sulfide phase and of soluble As(III) sulfide species are possible ac­
cord ing to reactions 4 and 5. 

2 H 3 A s 0 3 + 3 H S - + 3 H + ± = > As 2 S 3 (s) + 6 H 2 0 (4) 

where log Κ = 64.3. 

As 2 S 3 (s) + H 2 S * = > 2 A s S 2 " + 2 H + (5) 

w h e r e log Κ = - 2 4 . 6 . Various As(III) sulfide species have b e e n assumed to 
occur i n e q u i l i b r i u m w i t h sol id As(III) sulfides (69). 

I n addi t ion to these inorganic reduct ion processes, b iological reduct ion 
processes b y phytoplankton y i e l d i n g ei ther inorganic As(III) or various or­
ganic As(III) species were shown to be important i n mar ine environments 
(70, 71). These processes are important i n the photosynthetical ly product ive 
layers of the lake. M i c r o b i a l processes causing the reduct ion of As(V) u n d e r 
anaerobic condit ions are poor ly k n o w n . 

T h e oxidation of As(III) to As(V) b y oxygen is a rather s low process (68, 
72). T h e oxidation of As(III) to As(V) was, however , shown to occur readi ly 
b y reactions w i t h manganese oxides (19, 20, 73). F o r the condit ions e n ­
countered i n L a k e G r e i f e n , the oxidation of As(III) b y manganese oxides is 
l i k e l y to be an important oxidation mechanism. T h e role of i r o n oxides i n 
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15. K U H N E T A L . Cycles of Trace Elements in a Lake 487 

the oxidation of As(III) is unclear because the thermodynamica l ly p r e d i c t e d 
d i rec t ion of the reaction depends on the type of the sol id i r o n hydrox ide 
phase i n v o l v e d (74). B o t h arsenate and arsenite may be adsorbed o n i r o n 
oxides (75). 

T h e seasonal cycle of dissolved As(III) and As(V) i n L a k e G r e i f e n is 
i l lustrated b y F i g u r e 6. Total concentrations of dissolved inorganic A s are 
i n the range of 3 - 4 n M . I n the m i x e d lake and i n the presence of oxygen 
i n the water c o l u m n (January 24, 1990), As(V) is the predominant species, 
whereas As(III) is found at very l o w concentrations. D u r i n g s u m m e r strat­
if ication major changes i n redox speciation occur i n the e p i l i m n i o n , a l though 
As(V) remains the predominant redox species i n the h y p o l i m n i o n u n t i l late 
i n the stagnation t ime . As(V) disappears f r o m the product ive e p i l i m n i o n a n d 
As(III) becomes predominant (August 30, 1989). As(III) appears i n the h y ­
p o l i m n i o n i n the deepest layers at the e n d of stagnation t ime , s imultaneously 
w i t h Fe(II) and S(-II) (October 19, 1989, and N o v e m b e r 14, 1990), but As(V) 
is s t i l l present i n these samples. As(III) is t h e n e l iminated f rom the lake-
water c o l u m n d u r i n g over turn . This pattern was observed consistently 
throughout both years of observation. 

T h e processes occurr ing i n the h y p o l i m n i o n and i n the e p i l i m n i o n have 
to be considered separately. T h e appearance of As(III) i n the anoxic h y p o ­
l i m n i o n is i n qualitat ive agreement w i t h the t h e r m o d y n a m i c redox sequence, 
because i t appears together w i t h Fe(II) and S(-II) . T h e p€ calculated f r o m 
the As(III)/As(V) couple at 3 0 - 3 1 m on October 19, 1989, is i n agreement 
w i t h pe calculated f rom Fe(II)/Fe(III) (pe ~ 0), but is h igher than indica ted 
b y the presence of S(-II) . 

R e d u c t i o n b y sulfide seems a l ike ly reaction for the format ion of As(III). 
T h e i o n product (Q) for reaction 3 was calculated f r o m the measured 
concentrations of As(III), As(V), H S " , and S 0 4

2 " at 3 0 - 3 1 m d e p t h i n 
O c t o b e r - N o v e m b e r 1990 (in the presence of sulfide); l o g Q = 13 .1-13 .4 
was obtained. T h e reduct ion of As(V) is incomplete , probably because of 
s low reduct ion processes (16). A c c o r d i n g to the reactions l i s ted , complexes 
of As(III) w i t h sulfide (such as A s S 2 ~ or H 2 A s 3 S 6 ~ ) may control the so lubi l i ty 
of A s i n presence of sulf ide. T h e kinetics of the reduct ion of As(V) b y sulfide 
and of the formation of sulfide species are poor ly k n o w n . 

I n the e p i l i m n i o n , the observed speciation obviously deviates f r o m the 
thermodynamic predict ions. T h e predominance of As(III) d u r i n g the s u m m e r 
stagnation t ime has to be explained b y biological processes. D u r i n g photo-
synthetic product ion , As(V) is taken u p b y algae, resul t ing i n nutr ient l ike 
profiles of As(V), Th is uptake may be expla ined b y the chemica l s imi lar i ty 
be tween arsenate and phosphate (71). As(V) is probably r e d u c e d to As(III) 
w i t h i n the algae and released. As(III) appears i n the water c o l u m n and is 
on ly s lowly reoxidized. T h e dependence of these biological processes o n 
various factors is discussed i n detai l i n ref. 32. 

T h e reoxidation of As(III) formed b o t h i n the e p i l i m n i o n and i n the 
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488 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

h y p o l i m n i o n is comple ted w i t h i n a few weeks d u r i n g o v e r t u r n of the lake. 
T h e most l ike ly oxidation mechanism is the oxidation o n manganese oxides 
prec ipi tated d u r i n g over turn . T h e e p i l i m n i o n contents of As(V) , As(III), and 
particulate manganese f rom N o v e m b e r to D e c e m b e r w e r e cons idered i n 
evaluating this oxidation process. T h e increase i n As(V) is larger than cal ­
culated from m i x i n g processes d u r i n g s ink ing of the thermocl ine a n d cor­
relates w i t h the occurrence of particulate manganese (32). H o w e v e r , the A s 
sedimentat ion rates do not appear to fo l low the sedimentat ion rates of m a n ­
ganese oxides. This independence indicates that the oxidation of As(III) 
occurs predominant ly i n presence of manganese oxides, but that b i n d i n g of 
As(III) or As(V) to manganese oxides is not a significant sedimentat ion m e c h ­
anism. 

T h e observations i n L a k e G r e i f e n are i n l ine w i t h other studies of As(III) 
and As(V) at ox ic -anoxic boundaries (16, 17, 76). I n Saanich Inlet (16) and 
i n L a k e P a v i n (17), increasing As(III) concentrations w e r e found b e l o w the 
0 2 - H 2 S boundary, al though the reduct ion of As(V) was not complete . A 
similar situation is encountered i n L a k e G r e i f e n , i n w h i c h sulfide is on ly an 
intermit tent species. T h e formation of r e d u c e d and methyla ted A s species 
i n the u p p e r layers of various lakes has also b e e n descr ibed i n ref. 76. 

Chromium. T h e chemica l propert ies of the two possible oxidat ion 
states Cr(VI) and Cr(III) are very different. Cr (VI ) occurs as an anion, whereas 
Cr(III) is a strongly h y d r o l y z i n g cation w i t h a strong tendency to b i n d to 
the surfaces of oxides and other particles (77). A c c o r d i n g to the thermody­
namic sequence, the reduct ion of Cr(VI) to Cr(III) occurs i n a pe range 
s imilar to that for the reduct ion of M n ( I I I , I V ) to Mn(II ) (F igure 2). 

C r 0 4
2 " + 3 e " + 6 H + * = » C r ( O H ) 2

+ + 2 H 2 0 (6) 

w h e r e log Κ = 66.8. Possible reductants u n d e r condit ions of the anoxic 
h y p o l i m n i o n may thus be Fe(II), sulfide, and organic compounds (78-80). 
L i t t l e is k n o w n about the reactivity or availabil i ty of organic compounds for 
the reduct ion of chromate u n d e r natural water condit ions. 

T h e oxidation of Cr(III) b y oxygen is a very slow reaction w i t h a pseudo-
first-order rate constant of approximately 0.4/year (0.2 atm of 0 2 , ref. 78). 
O t h e r investigators c o u l d not detect oxidation u n d e r the ir exper imenta l 
conditions (18, 81). Manganese oxides appear to be more efficient oxidants, 
though the oxidation rate depends o n the type of oxide, the surface area, 
and the solution chemistry. W i t h pyrolusi te (18), approximately 10% 
of Cr(III) was ox id ized after 100 h ( [ M n O j = 35.6 m 2 / L ; [Cr(III)] = 96 
μ Μ ) . O v e r 90% of Cr(III) was ox idized w i t h i n 3 m i n b y us ing manganite 
( [ M n O j = 0.92 m 2 / L ; [Cr(III)] = 0.5 μ Μ ) (82). T h e strong b i n d i n g of 
Cr(III) to particles and to organic ligands decreases its availabi l i ty for oxi ­
dat ion reactions. 
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15. K U H N E T A L . Cycles of Trace Elements in a Lake 489 

T h e seasonal variations of Cr(VI) i n the water c o l u m n of L a k e G r e i f e n 
(83) are i l lustrated b y F i g u r e 7. In the m i x e d lake, the concentrat ion of 
Cr(VI) is un i form throughout the water c o l u m n (approximately 2.5 n M ) . 
D u r i n g stagnation, the concentration of Cr(VI ) increases i n the e p i l i m n i o n 
and decreases i n the h y p o l i m n i o n . This separation can be expla ined b y a 
slow removal process i n the bot tom waters, w h i l e at the same t ime Cr(VI ) 
enters only the e p i l i m n i o n and is cut off f rom the h y p o l i m n e t i c waters. I n 
the late stagnation t ime ( N o v e m b e r 1989), the concentrat ion of Cr(VI ) close 
to the s e d i m e n t - w a t e r interface decreases. Cr(III) , however , cannot be de­
tected i n solution. 

These results indicate that Cr(VI) is r e d u c e d only i n the presence of 
Fe(II) or sulfide as reductants. Reduct ion b y organic compounds probably 
does not occur fast enough u n d e r the condit ions of the lake. H o w e v e r , 
calculations indicate that a slow removal process, w i t h a half - t ime of 100-230 
days, removes Cr(VI) f rom the water c o l u m n i n both oxic and suboxic waters 
(83). It is not k n o w n whether this process is reduct ion , possibly b y organic 
material , or a weak sorptive reaction. 

T h e evidence for the reduct ion of Cr(VI ) to Cr(III) is only indirec t , 
because Cr(III) is not detected i n solution. Cr(III) has a strong tendency to 
adsorb to particle surfaces and to precipitate as insoluble (hydr)oxide. T h u s , 
Cr(III) p r o d u c e d w i t h i n the water c o l u m n b y reduct ion is expected to b i n d 
to particles and to be found i n the particulate phase. N o evidence for release 
of C r from sediments was found. Cr(III) is expected to be reta ined very 
strongly i n sediments, so the release of Cr(III) u n d e r anoxic condit ions is 
u n l i k e l y . U n d e r oxic conditions the oxidation of Cr(III) b y M n oxides, for 
example, and release of Cr(VI) f rom the sediments is plausible ; such a m e c h ­
anism i n sediment pore waters is indicated i n ref. 84. 

These results are i n broad agreement w i t h the findings i n ref. 11, w h i c h 
indicate the reduct ion of Cr(VI) i n the presence of H 2 S . In Saanich Inlet 
H 2 S is always present i n the deeper water, whereas i n L a k e G r e i f e n an 
intermediate situation is observed w i t h the predominance of Mn(II ) i n the 
h y p o l i m n i o n . T h e m e t h o d used for the determinat ion of Cr(III) i n ref. 11 
w o u l d probably inc lude col lo idal Cr(III) ; the present study at tempted to 
determine dissolved Cr(III) . 

Zinc. A l t h o u g h Z n is not a redox-active e lement , the z inc concentra­
t ion i n L a k e G r e i f e n is expected to be in f luenced b y the processes repre­
sented i n F i g u r e 1. Z i n c may be b o u n d to algal mater ia l i n the e p i l i m n i o n 
b y both uptake and adsorption, and it may be transported to the sediments 
together w i t h biological material . T h e importance of b i n d i n g of Z n to b io ­
logical material has been shown for sett l ing particles i n L a k e Z u r i c h (85). 
T h e precipi tat ion of manganese oxides w i t h i n the water c o l u m n at the e n d 
of stagnation provides addit ional sediment ing material w i t h large surfaces 
to w h i c h z inc may be b o u n d and sedimented. T h e role of the dissolut ion of 
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Cr(V!) nmol/L Cr(Vi) nmol/L 

Figure 7. Seasonal variations of Cr(VI) in the water column of Lake Greifen: 
mixed lake (April 19, 1989); summer stagnation (June 14, 1989, and August 

30, 1989); and end of stagnation (November 8, 1989). 
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15. K U H N E T A L . Cycles of Trace Elements in a Lake 491 

manganese oxide has to be considered i n this context. F i n a l l y , the presence 
of sulfide i n the late stagnation stage affects the solubi l i ty of z inc and its 
speciation (23). 

Typica l concent ra t ion-depth profiles of dissolved z inc i n the m i x e d lake 
(January 12, 1989) d u r i n g s u m m e r stagnation 0 u l y 26 and September 20, 
1989) and at the e n d of stagnation ( N o v e m b e r 14, 1990) are shown i n F i g u r e 
8. T h e average concentration i n the m i x e d water c o l u m n is about 30 n M . 
C o m p a r i s o n of Z n w i t h a typical nutr ient e lement (Si) shows that Z n is 
deple ted from the e p i l i m n i o n i n summer . T o w a r d the e n d of the stagnation 
t ime, dissolved Z n is deple ted f rom the w h o l e water c o l u m n ; its concentra­
t ion decreases especially close to the s e d i m e n t - w a t e r interface. N o evidence 
was found for increased concentrations of Z n close to the s e d i m e n t - w a t e r 
interface d u r i n g s u m m e r stagnation. 

T h e deple t ion of Z n from the e p i l i m n i o n i n s u m m e r , w h i c h was observed 
consistently i n the summers of 1989 and 1990, indicates the important role 
of phytoplankton i n b i n d i n g Z n . A l t h o u g h the major inputs into the e p i l i m ­
n i o n occur d u r i n g stagnation, the removal processes are so efficient that Z n 
i n the e p i l i m n i o n decreases f rom 30 n M d u r i n g m i x i n g to an average of 
15-20 n M d u r i n g s u m m e r stagnation. If the removal of Z n occurs most ly 
through uptake b y phytoplankton, the ratios of Δ Ζ η : àSi and Δ Ζ η : Δ Ρ i n the 
water c o l u m n and the ratios of Z n : S i and Z n : P , respect ively, i n the sett l ing 
particles are expected to represent the ratios of Z n to these elements i n 
phytoplankton. F r o m the water c o l u m n profiles i n s u m m e r , w e der ive the 
ratios Δ Ζ η : Δ 8 ί = - 5 Χ 10" 4 and Δ Ζ η : Δ Ρ = - 0 . 0 1 (mol/mol). I n the 
sett l ing particles the Z n : Ρ ratio varies be tween 0.01 and 0.03 i n the s u m m e r 
samples, w h i c h are dominated b y organic material and ca l c ium carbonate 
(86); S i was not d e t e r m i n e d i n the sett l ing particles. T h e ratios i n the particles 
d u r i n g s u m m e r are thus s imilar to those i n water. 

T h e concentration of Z n i n the h y p o l i m n i o n remains rather constant 
u n t i l the e n d of stagnation t ime . A t the e n d of stagnation, decreasing dis ­
solved Z n concentrations are observed i n the h y p o l i m n i o n ( N o v e m b e r 1990); 
the l o w concentrations i n the deepest three samples correspond to the sam­
ples i n w h i c h sulfide was measurable. Th is observation is comparable to the 
decrease of Z n concentration that has been observed i n other cases b e l o w 
an 0 2 - H 2 S interface (12). A c c o r d i n g to ref. 23, the solubi l i ty of Z n i n the 
presence of H 2 S is g iven b y the est imated constants i n eqs 7 and 8. 

where log Κ = - 1 0 . 9 3 or - 8 . 9 5 , d e p e n d i n g o n the sol id phase formed. 

w h e r e log Κ = - 0 . 4 . T h e occurrence and stability of the z inc sulfide c o m ­
plexes is poor ly k n o w n . A c c o r d i n g to reaction 8, the concentrations measured 

ZnS(s) + H + ± = 5 Z n 2 + + H S " (7) 

ZnS(s) + H S - ± = * Z n S 2 H ~ (8) 
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Figure 8. Seasonal variations of filtered Zn ( <0.45 μτη filter pore size) and 
of dissolved Si in the water column of Lake Greifen: mixed lake (January 14, 
1989); summer stagnation (July 26 and September 20,1989); end of stagnation 

(November 14, 1990). 
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i n L a k e G r e i f e n are far b e l o w the solubi l i ty l i m i t . O t h e r processes, such as 
b i n d i n g to other sulf ide-containing particles, may thus be responsible for 
the decrease of Z n concentrations i n the presence of H 2 S . 

F o r the removal of Z n f rom the water c o l u m n b y sedimentat ion, bo th 
algal material and manganese oxides are l i k e l y to be important carr ier phases. 
T h e Z n sedimentat ion rates show maxima f r o m June to August , at the t ime 
of the m a x i m u m sedimentat ion of Ρ ( indicating the sedimentat ion of algal 
material), and i n D e c e m b e r , i n l ine w i t h the sedimentat ion of manganese 
oxides (86). 

There is no indicat ion of a release of Z n f r o m the sediments d u r i n g the 
development of anoxia, u n l i k e the release of phosphate and dissolved silicate. 
Z n b o u n d to algal material may be dissolved u p o n minera l izat ion of this 
material and Z n b o u n d to manganese oxides u p o n dissolut ion of manganese 
oxides. It appears, however , that Z n is eff iciently reta ined i n the sediments , 
probably through b o n d i n g to other less soluble particles, such as i r o n oxides 
and si l ica parts of diatoms. I n the presence of sulf ide, Z n is probably reta ined 
i n association w i t h sulf ide-containing particles. 

Conclusions 

H i g h biological product iv i ty and subsequent anoxic condit ions i n a eutrophic 
lake have significant effects on the speciation and overal l c y c l i n g of trace 
elements such as arsenic, c h r o m i u m , and z inc . 

T h e photosynthetic product ion i n the e p i l i m n i o n drives the redox cycles 
and thus affects the cyc l ing of trace elements . T h e sett l ing phytoplankton 
acts as a scavenger of trace elements [e.g. , Z n and As(V)] and carries t h e m 
into the deeper water layers and into the sediments. R e d u c t i o n processes, 
such as reduct ion of As(V) to As(III), occur i n connect ion w i t h photosynthet ic 
product ion . T h e sett l ing biomass i n the deeper water layers is the p r i m a r y 
reductant; b y microb ia l mediat ion i t consumes oxygen and reduces nitrate, 
M n ( I I I , I V ) hydroxides , Fe(III) hydroxides , and sulfate. T h e products of these 
reduct ion processes, especially Fe(II) and sulf ide, may then act as reductants, 
w h i c h can interact w i t h As(V) and Cr(VI) to produce As(III) and Cr(III) . T h e 
reoxidation of the r e d u c e d species b y oxygen is i n many cases a s low process 
[e.g. , oxidation of Mn(II ) , Cr(III) , and As(III)]. M n ( I I I , I V ) hydroxides may 
act as intermediates for oxidation reactions; for example, As(III), Cr(III) , 
Fe(II), and sulfide undergo fast oxidation reactions o n manganese oxides. 

T h e oxidation state of redox-sensitive trace elements such as As(III)/ 
As(V) and Cr(III)/Cr(VI) is thus affected b y the redox condit ions, as indicated 
b y the occurrence of major reduced species. K i n e t i c contro l of the redox 
reactions plays an important role . As(III) appears i n the anoxic h y p o l i m n i o n 
i n agreement w i t h the thermodynamic redox sequence together w i t h Fe(II) 
and sulfide, a l though the reduct ion of As(V) is incomplete u n d e r these con­
dit ions. Whereas the r e d u c e d As(III) species can clearly be observed i n the 
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anoxic h y p o l i m n i o n , only indirect evidence can be g iven for the reduct ion 
of chromate to Cr(III) . T h e reduct ion of Cr (VI ) is incomplete u n d e r these 
anoxic condit ions; the decrease of Cr (VI ) indicates the formation of Cr(III) , 
w h i c h is b o u n d to particles. 

T h e c y c l i n g of manganese is a very significant process i n the water 
c o l u m n of L a k e G r e i f e n , whereas the cyc l ing of i ron is m u c h less m a r k e d 
i n this system and has only a m i n o r impact on the trace elements investigated. 
T h e prec ipi tat ion of large amounts of manganese oxides d u r i n g over turn 
affects the speciation and the sedimentat ion rates of different e lements . 
Significant amounts of z inc are sedimented i n connect ion w i t h the sedi ­
mentat ion of manganese oxides d u r i n g over turn . D u r i n g s u m m e r stagnation 
the sedimentat ion w i t h algal material is important . T h e oxidation of As(III) 
to As(V) on the surfaces of manganese oxides is a l ike ly mechanism. T h e 
sedimentat ion rates of arsenic, however , are relat ively l o w and do not appear 
to be related to the sedimentat ion of manganese oxides. 

T h e retent ion of z inc i n the lake sediments appears to be efficient u n d e r 
bot iToxic and anoxic condit ions; no indicat ion of a release of z inc f rom the 
sediments into the water c o l u m n was found. I n a s imilar way, the re tent ion 
of c h r o m i u m i n the sediments appears to be efficient. U n d e r anoxic con­
dit ions Cr(III) is fo rmed, w h i c h is strongly b o u n d to particles and is thus 
retained i n the sediments .The occurrence of anoxic condit ions favors the 
retent ion i n the sediments of c h r o m i u m and of z inc , i n contrast to the release 
of manganese and of i r o n . 

T h e cycles of trace elements i n eutrophic lakes are thus strongly con­
nected, d irect ly and indirec t ly , to the biological processes and to the cycles 
of major redox-sensitive elements. 
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Manganese Dynamics 
in Lake Richard B. Russell 

Tung-Ming Hsiung and Thomas Tisue 

Department of Chemistry, Clemson University, Clemson SC 29634-1905 

Lake Richard B. Russell is an impoundment of the Savannah River. 
The lake's waters are soft and mildly acidic. Organic matter is abun­
dant. Seasonal oxygen depletion occurs during stratification, and 
reduced species, including Mn2+, accumulate in the hypolimnion. 
Electron paramagnetic resonance studies indicate that Mn in the 
water column is present almost entirely as soluble and colloidal Mn2+ 

species, except near the surface where particulate forms sometimes 
predominate. Field and laboratory studies were used to estimate the 
rate of oxidation of Mn2+ in the water column, and to characterize 
the flux of reduced Mn across the sediment-water interface. Sur­
prisingly, incubating bottom deposits with oxygenated bathylimnetic 
water released more Mn than did maintaining anoxia. 

^ J A N G A N E S E E X H I B I T S C O M P L E X B E H A V I O R i n natural water systems, cy­

c l i n g readi ly among various oxidation states i n response to changing e n v i ­
ronmenta l condit ions (1,2). T h e behavior of manganese i n seasonally anoxic 
h y p o l i m n e t i c waters generally follows the m o d e l d e v e l o p e d b y D e l f i n o and 
L e e (3), w h o traced the migrat ion of the boundary b e t w e e n o x i d i z e d and 
r e d u c e d forms from b e l o w the s e d i m e n t - w a t e r interface u p into the water 
c o l u m n as anoxia deve loped d u r i n g stratification. Manganese thus resembles 
i r o n i n its response to changing redox condit ions, and the biogeochemistr ies 
of the two elements are closely l i n k e d (4). 

A s a rule , however , the oxidation of reduced M n is s lower than that of 
reduced F e . T h e reverse is true for reduct ion ; M n is released first from 
sediments as anoxia develops (5, 6). T h e net result is that the propor t ion of 
particulate F e to total F e is generally larger than the propor t ion of particulate 

0065-2393/94/0237-0499$07.50/0 
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M n to total M n . These differences i n kinetics and speciation can cause 
fractionation of the two elements w h e n redox potential changes rapidly , or 
w h e n particle and solute transport are disjunct. 

Manganese is essential for the oxidation of water to oxygen i n the p h o ­
tosynthetic process, occurr ing at the active site of photosystem II w h e r e its 
redox changes are l i n k e d to the four-electron oxidation of water. It is the 
only metal that has been found to be associated w i t h the water-spl i t t ing 
apparatus i n al l the oxygen-evolving organisms s tudied to date. A l t h o u g h it 
is an essential e lement i n plants and animals, e levated concentrations of M n 
are toxic to a variety of aquatic organisms (7). I n addi t ion , r e d u c e d M n makes 
water unpalatable and causes foul ing and corrosion i n water systems and 
cool ing towers. 

Oxidation 

Oxidat ion of M n 2 + i n aqueous solut ion appears to occur i n a stepwise fashion 
io M n 0 2 , w i t h M n O O H (8) and M n 3 0 4 (9) as possible intermediates . T h e 
reaction exhibits the induct ion p e r i o d and kinetics characteristic of an au-
tocatalytic process (JO). Mn(II) is strongly sorbed to the surfaces of the n e w l y 
formed, insoluble oxides, where its oxidation is greatly facil itated. 

M o r g a n (11) d e r i v e d a rate law that adequately describes the observed 
kinetics and was able to extract rate constants for both homogeneous and 
particle-catalyzed reactions. I n laboratory experiments w i t h sterile, filtered 
synthetic solutions, M n 2 + oxidation proceeds m u c h more slowly than i n 
natural waters. It may not occur at a l l at neutral or acidic p H , especial ly i n 
the absence of catalytically active surfaces such as pre formed oxidation p r o d ­
ucts (12, 13). 

T h e conventional interpretat ion is that rap id oxidation observed u n d e r 
natural circumstances indicates mediat ion b y microorganisms (14), a l though 
an important caveat was offered b y T i p p i n g et al . (12, 15). These authors 
po in ted out that it is diff icult to prove conclusively w h e t h e r oxidation is 
strictly biological ly mediated or is catalyzed b y abiotic particulate matter as 
w e l l . F i l t ra t ion removes abiotic catalysts along w i t h microorganisms, and 
poisons used to halt biological activity also change chemica l propert ies such 
as p H , redox potential , and speciation. 

Reduction 

M n O v can be r e d u c e d to Mn(II) i n natural waters b y several means, i n c l u d i n g 
direct reaction w i t h Fe(II) species (16, 17). Stone and M o r g a n (18-21) and 
others (22) showed that reduct ion of M n 0 2 is rap id i n the presence of readi ly 
oxidizable organic compounds such as catechols, hydroquinones , and related 
compounds. Oxal ic acid is an effective reductant under acidic condit ions 
(23), convert ing hausmanite ( M n 3 0 4 ) to manganite ( M n O O H ) . M a n y M n 0 2 -
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16. H S I U N G & T I S U E Manganese Dynamics in Lake Richard B. Russell 5 0 1 

reactive functionalit ies are present i n natural waters i n appreciable concen­
trations as microorganismal metabolites or the degradation products of n o n ­
l i v i n g organic matter. Reduct ion b y this means thus is a dist inct poss ibi l i ty , 
a l though its occurrence b y strictly abiotic means appears not to have b e e n 
conclusively demonstrated. Cer ta in ly , however , the presence of large 
amounts of exogenous organic matter, such as tannery effluent (24), w i l l 
potentiate M n reduct ion (25). 

R e d u c e d forms of sulfur, such as sulfide and thiols, also react rap id ly 
w i t h M n 0 2 (26-28) as w e l l as w i t h F e O t . H o w e v e r , sulfur i n fresh water is 
often present i n substoichiometric amounts w i t h respect to i r o n . Thus l i t t le 
or no free r e d u c e d S is present even u n d e r strongly anoxic condit ions because 
of the formation of very insoluble F e S x species. O u r e q u i l i b r i u m calculations 
(29) indicate that complexat ion w i t h r e d u c e d sulfur species is not a quan­
titat ively important aspect of M n speciation i n L a k e R i c h a r d B . Russe l l 
(RBR) . H o w e v e r , this result does not rule out the occurrence of such species 
as transient intermediates . 

A t h i r d mechanism for M n reduct ion has been demonstrated more u n ­
equivocal ly . R e d u c t i o n of manganese oxides b y natural ly occurr ing organic 
matter is p r o m o t e d b y sunlight . Sunda et a l . (30) suggested that the sur­
pr i s i ng predominance of Mn(II) i n ocean surface waters is attributable to the 
reaction of ΜηΟ λ . w i t h h y d r o g e n peroxide, p r o d u c e d photochemical ly b y 
sunlight i n the presence of organic matter (fulvic acid, F A ) , perhaps according 
to eqs 1 and 2. 

F A + 0 2 Ά ΟΓ + F A + (1) 

2 0 2 - + 2 H + > H 2 0 2 + 0 2 (2) 

H y d r o g e n peroxide can funct ion as a r e d u c i n g agent w i t h respect to 
M n ( I I I , I V ) , but the chemistry doesn't necessarily stop w i t h reduct ion . M n 0 2 

can b r i n g about the disproport ionat ion of H 2 0 2 , as shown i n eqs 3 and 4. 

M n 0 2 + H 2 0 2 + 2 H + = M n 2 + + 0 2 + 2 H 2 0 (3) 

M n 2 + + H 2 0 2 = M n 0 2 + 2 H + (4) 

B o t h of these reactions are thermodynamica l ly feasible i n neutra l solut ion 
and could play a role i n M n dynamics throughout the water c o l u m n . H o w ­
ever, we were unable to detect H 2 0 2 i n L a k e R B R even w i t h the l u m i n o l 
chemi luminescent m e t h o d (31). Manganese i n seawater acts as an effective 
scavenger of superoxide, whose disproport ionat ion it also catalyzes. 

M n 2 + + 0 2 - + 2 H + = M n 3 + + H 2 0 2 (5) 

M n 3 + + ^ Η 2 0 2 = M n 2 + + H + + ^ 0 2 (6) 
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Adsorption 
A d s o r p t i o n p h e n o m e n a are an important aspect of M n dynamics i n several 
ways. Because of their h i g h surface activity, freshly f o r m e d hydrous m a n ­
ganese oxides can strongly inf luence the cyc l ing of nutrients , heavy metals, 
and organic substances (32, 33). M n O r has a greater affinity for H + and 
mult iva lent cations than for alkali metal cations. M u r r a y (34) found the zero 
point of charge for a fresh M n 0 2 suspension at p H 2.25. H i s e lectron m i ­
croscope studies showed h igh ly aggregated particles ( 0 . 2 - 1 . 0 - μ π ι diameter) 
that became less reactive u p o n aging, perhaps because of condensation and 
dehydrat ion. 

Manganese oxides f o r m e d as precipitates b y raising the p H of M n -
containing solutions are h ighly hydrated and of variable and nonstoichio-
metr ic composi t ion. L i k e the corresponding i r o n phases, the hydrous m a n ­
ganese oxides are h igh ly sorptive of Mn(II ) . Because adsorption also enhances 
the rate of Mn(II) oxidation, it is diff icult to dist inguish the removal of Mn(II ) 
f rom solution b y each of the two mechanisms. 

M a n y surfaces ( inc luding those of the oxides of Ti ( IV) , Si(IV), Sn(IV); 
calcite; clay minerals ; and feldspar) may accelerate the oxidation of Mn(II ) 
(35). M o r r i s and Bale (36) and C o u g h l i n and M a t s u i (37) noted that the 
removal of M n f rom solution is associated w i t h the presence of suspended 
particles. W i l s o n (38) presented evidence that this effect is attr ibutable at 
least i n part to catalysis of Mn(II ) oxidation. 

T h e effects of p H on M n adsorption always must be taken into account 
because they can mask or m i m i c other effects, as H o f f m a n n and E i s e n r e i c h 
(39) demonstrated. F o r example, l o w e r i n g p H releases soluble M n 2 + f rom 
adsorption sites o n particles even w h e n no reduct ion is i n v o l v e d . 

T h e metal oxide surface apparently is not necessarily a passive part ic ipant 
i n photoassisted reduct ion reactions i n v o l v i n g h u m i c and fu lv ic substances. 
Redox processes can be i n d u c e d or enhanced b y interact ion of l ight w i t h 
chromophores on the oxide surface itself. These processes lead to accelerated 
particle dissolution (40). A n o t h e r factor to consider is that l ight absorption 
b y organic matter may result i n the product ion of cationic species that are 
b o u n d more strongly than their neutral counterparts to the usually negatively 
charged surfaces of metal oxides (41). Suwanee R i v e r fu lv ic ac id a n d M n 0 2 

underwent a redox reaction w h e n i l l u m i n a t e d at a rate significantly greater 
than i n the dark; 0 2 was not r e q u i r e d (42). In soft ac idic fresh waters, 
especially those h i g h i n suspended minera l matter or h u m i c substances, 
photoassisted dissolut ion of manganese oxides may occur b y a different m e c h ­
anism than i n ocean surface waters. 

Microbial Mediation 
M a n y of the reactions discussed so far are subject to m i c r o b i a l mediat ion or 
inf luence (43, 44). In fact, a c o m m o n v i e w is that M n biogeochemistry i n 
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16. H S I U N G & T I S U E Manganese Dynamics in Lake Richard B. Russell 5 0 3 

fresh water is dominated b y the element's i n v o l v e m e n t i n the life processes 
of various types of organisms. O r i g i n a l l y , this hypothesis was based largely 
on evidence from field studies, such as the occurrence of temperature max­
i m a for M n oxidation rates (45), seasonal redox c y c l i n g i n synchrony w i t h 
microb ia l populat ion fluctuations, and i n h i b i t i o n b y w e l l - k n o w n poisons such 
as azide (14). 

T h e importance of microbiologica l invo lvement also has b e e n strongly 
supported b y more recent discoveries i n c l u d i n g , for example, bacterial 
strains that can use Μ η Ο τ as the ir sole t e r m i n a l e lectron acceptor (46). M a n y 
different types of microorganisms oxidize manganese, i n c l u d i n g bacteria, 
yeast, and fungi (47). R ichardson and Nealson (48) d i v i d e d microb ia l ly related 
M n redox reactions into conceptual categories, i n c l u d i n g direct oxidation 
i n v o l v i n g specific proteins that are often extracellular; d irect reduct ion , as 
w h e n ox id ized M n is used as the t e r m i n a l e lectron acceptor for anaerobic 
respirat ion; indirec t chemica l oxidation, associated w i t h increases i n the 
envi ronmenta l p H or redox potent ia l as a result of m i c r o b i a l act ivity; and 
indirec t chemica l reduct ion , carr ied out b y reductants released f rom m i c r o ­
b ia l cells , such as sulfide (27) or oxalate (23). These p h e n o m e n a have b e e n 
observed i n b o t h water and sediments. Alexander (49) p o i n t e d out that 
microbiologica l invo lvement is l i k e l y to be least p r o m i n e n t b e l o w p H 5.5, 
w h e r e exchangeable Mn(II) predominates , and above p H 8.0, w h e r e oxi ­
dat ion b y oxygen becomes r a p i d . 

E x t r e m e anoxia is not r e q u i r e d for and may actually i n h i b i t the release 
of r e d u c e d forms of M n near the s e d i m e n t - w a t e r interface i n lakes. Studies 
i n L a k e Constance, for example, revealed that M n can be m o b i l i z e d out of 
the sediment at oxygen concentrations as h i g h as 4 m g / L (50). I n Es thwai te 
Water , r e d u c e d M n i n the surficial sediment reached a m a x i m u m u n d e r 
w e l l - m i x e d condit ions and Mn(II ) accumulated i n the h y p o l i m n i o n u n d e r 
oxic condit ions (51). T w o sediment-trap experiments showed that the flux 
of r e d u c e d M n into the water c o l u m n was actually h igher d u r i n g o v e r t u r n 
than d u r i n g the seasonal anoxic p e r i o d (52, 53). These observations suggest 
that the release of M n accompanying minera l izat ion of organic matter may 
be a more important source at t imes than reduct ive dissolut ion of M n O x . 
W e w i l l discuss this hypothesis i n greater detai l because i t is consistent w i t h 
the behavior of M n i n L a k e R B R . 

Lake Richard B. Russell 

T h e structure i m p o u n d i n g L a k e R B R was c o m p l e t e d i n D e c e m b e r 1983, 
and f u l l poo l e levation (145 m above sea level) was reached i n N o v e m b e r 
1984. T h e i m p o u n d m e n t inundates part of the Savannah R i v e r watershed 
be tween L a k e H a r t w e l l D a m and the headwaters of S t r o m T h u r m o n d L a k e , 
into w h i c h the tailrace discharges (see F i g u r e 1). M a x i m u m d e p t h is about 
40 m , and the surface area is approximately 105 k m 2 (26,000 acres). 
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Figure 1. Locations of Lake Richard B. Russell and of sampling stations 60, 
100, and 120. 
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16. H S I U N G & T I S U E Manganese Dynamics in Lake Richard R. Russell 505 

Harvestable t i m b e r was r e m o v e d f rom the lake b e d d u r i n g site prepa­
rat ion, but the r e m a i n i n g forestation was left untouched except for some 
shorel ine c learing. T h e lake's waters are soft (conductivi ty a round 50 
μ8/ατι), s l ightly acidic ( p H 6-7) , and contain abundant organic matter ; 
dissolved organic carbon ( D O C ) is 2 - 5 m g / L . 

A thermocl ine develops at depths a round 10 m b e g i n n i n g i n M a r c h , 
and the lake remains stratified f rom then u n t i l N o v e m b e r . O x y g e n d e p l e t i o n 
occurs i n the h y p o l i m n i o n d u r i n g stratification, but becomes p r o n o u n c e d 
(dissolved oxygen < 5 mg/L) only i n the bot tom few meters and only d u r i n g 
the warmest months. 

A n unusual feature of the lake is the oxygen in ject ion system instal led 
b y the U . S . A r m y C o r p s of Engineers , w h i c h is constrained b y the states 
of South C a r o l i n a and G e o r g i a to maintain at least 6 m g / L of dissolved oxygen 
i n the discharge waters. This cr i ter ion often is met b y pulse in ject ion of 
oxygen just pr ior to discharge, w h i c h m i n i m i z e s the impact of oxygenation 
on the p o w e r p o o l as a w h o l e . 

To study the effectiveness of the oxygen in ject ion system, as w e l l as to 
investigate other water-qual i ty issues, the Waterways E x p e r i m e n t Station 
( W E S ) , U . S . A r m y C o r p s of Engineers , conducted extensive studies i n b o t h 
L a k e R B R and L a k e T h u r m o n d . These ongoing studies, w h i c h began p r i o r 
to creation of the i m p o u n d m e n t , prov ide a deta i led p ic ture of the course of 
events since i m p o u n d m e n t . Reports containing these data (54) form a v a l ­
uable basis for other studies. 

A n interest ing observation that e m e r g e d early i n the W E S studies was 
accumulat ion of r e d u c e d soluble M n i n the h y p o l i m n i o n at concentrations 
u p to several mi l l igrams per l i ter . O u r attention was d r a w n also to a p r e l i m ­
inary report b y T u r n e r (55) indicat ing r a p i d rates of reoxidat ion of M n 2 + 

despite the lake's l o w p H . 

Experimental Methods 

Hydrological data including temperature, dissolved oxygen, p H , and conduc­
tivity were collected by using a water-quality instrument package (Hydrolab 
Surveyor II, Hydrolab C o r p . , Aust in , Texas) on 11 occasions i n 1988. Three sites 
were sampled: Stations 60, 100, and 120 are shown on the map i n Figure 1. 
These stations correspond, respectively, to the power pool just behind the dam, 
the upstream end of the power pool, and a location further upstream at the head 
of the principal basin. 

Water samples for chemical analyses were pumped through Tygon tubing 
by a submersible pump, then stored i n linear polyethylene containers that had 
been cleaned by soaking in 10% nitric acid, followed by extensive rinsing w i t h 
deionized (Nanopure system) water. Samples were kept on ice in the dark unt i l 
they reached the lakeside field laboratory. Fi l trat ion through 0.45-μιη cellulose 
acetate membranes and acidification took place wi th in a few hours following 
collection, Subsamples for electron spin resonance (ESR) spectrometric deter­
minations were usually frozen promptly i n hematocrit tubes, which were thawed 
just prior to analysis and inserted directly into the spectrometer. Other subsam-
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pies for atomic absorption (AA) speetrophotometrie determinations were pre­
served at p H 2 or below and stored at room temperature i n precleaned linear 
polyethylene bottles. Standards treated in the same way as water samples showed 
no significant changes in M n concentration or speciation. 

A gravity dredge was used to recover samples of the soft, dark, organic-rich 
muds that have accumulated thinly over the inundated clay soils of the watershed. 
In some locations, soft deposits such as alluvial silts could be recovered w i t h a 
2.5-inch-diameter gravity corer. 

A n atomic absorption spectrophotometer (Perkin-Elmer 4000) was used with 
standard operating conditions to determine dissolved and total M n , irrespective 
of oxidation state. Dissolved organic carbon was determined wi th an organic 
carbon analyzer (Beckman model 915B TOCmaster) . 

The basis of E S R spectrometry is the measurement of the energy required 
to reverse the spin of unpaired electrons in an external magnetic f ield. A t a given 
external magnetic f ield strength H0 (in gauss), the energy Δ Ε (in ergs) required 
for the transition between two quantized electron spin states (parallel and an-
tiparallel to the field) is given as Δ Ε = βμΒΗφ where g is the so-called spec­
troscopic splitting factor (2.0023 for the free electron) and μ Β , the Bohr magneton, 
equals 0.92371 Χ 10" 2 0 erg/G. In the octahedral aquo complex, M n ( H 2 0 ) 6

2 + , 
manganese has a 3 d 3 electron configuration wi th a g-value close to 2.0. 

Microwaves are conveniently generated wi th klystrons i n the X-band region 
around 9 G H z . F o r g values around 2, these frequencies require magnetic fields 
of about 3 k G to produce spin transitions. Hyperf ine structure in the spectrum 
results from interactions of the electron spin (S) wi th the nuclear spin (/), leading 
to 21 + 1 transitions. In mobile fluids, anisotropic spin coupling averages to 
zero, leaving isotropic coupling as the only interaction observed. Because ί = 
5/2 for 5 5 M n (100% abundance), aquo M n 2 + gives a six-line absorption spectrum. 

Spectral l ine width varies inversely wi th the excited-state lifetime according 
to Heisenberg's principle, Δ Τ Χ άΗ = /ι/2ιτ, where Δ Γ is the lifetime of the 
excited spin state, h is Planck's constant, and ΔΗ is the effective width of the 
absorption signal. Excited-state lifetimes are subject to environmental ( including 
chemical) influences. The resulting line-shape changes y ie ld information about 
the chemical environment of the M n atoms. Both spin-latt ice and s p i n - s p i n 
relaxation mechanisms can contribute to the overall l ifetime. 

Spin-latt ice relaxation (time Tx) results from dissipation of the excited-state 
energy among vibrational modes of the matrix. In mobile l iquids, vibrational 
fluctuations are spread over a very wide frequency range. This configuration 
decreases the probability of spin-latt ice coupling. As a result, Tl is long and 
thus makes a negligible contribution to the l ine width . 

S p i n - s p i n relaxation (time T 2 ) can result from both intermoleeular homo-
nuclear exchange coupling and dipole -dipole interactions, but only the latter is 
observable at M n 2 + concentrations <10" 2 M . M n 2 + forms both inner- and outer-
sphere complexes. In symmetrical inner-sphere complexes l ike M n ( H 2 0 ) 6

2 + , 
the s p i n - s p i n coupling is strongly forbidden, T2 is long, and lines remain narrow. 
W h e n nonsymmetric inner-sphere complexes form, the resulting anisotropy of 
the electric f ield leads to allowed sp in-sp in transitions that produce very small 
values of T 2 and very broad, perhaps even unobservable, lines (56). 

Fortunately, M n 2 + does not form strong (inner-sphere) complexes at the 
ligand concentrations normally present in natural waters. F o r example, nitrate, 
chloride, bicarbonate, and sulfate do not form observable complexes i n fresh 
water, and p H has no effect in the range from 2 to 7. Weakly interacting species 
that form only outer-sphere complexes, such as naturally occurring organic mat­
ter, could have some influence on line width , but solvent- l igand exchange i n 
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16. H S I U N G & T I S U E Manganese Dynamics in Lake Richard B. Russell 507 

the absence of a strong ligand field produces little perturbation of the electron-
spin system. Ligand exchange rates for outer-sphere complexes would be ex­
pected to be very close to solvent fluctuation rates. This similarity would make 
their line-broadening effect, i f any, difficult to observe (57). 

E S R offers compelling advantages in studies of M n biogeochemistry (57, 
58). Chiswel l and Mokhtar (59) compared various means for studying M n spe­
ciation. They concluded that E S R offers optimal specificity for M n 2 + , sufficient 
sensitivity, and minimal alteration of the sample. W i t h its 3 d 0 electron config­
uration on M n , M n ( H 2 0 ) 6

2 + gives a strong, highly characteristic spectrum at a 
field strength wel l separated from other commonly occurring paramagnetic spe­
cies. Several groups have reported (60-62) that the only E S R signal detectable 
in nonchemically isolated humic material was that of M n 2 + . Thus, association of 
M n 2 + wi th even relatively large colloids does not interfere wi th its determination 
by E S R spectroscopy. 

A n E S R spectrometer (Varian model E-3) was used to observe and quantify 
M n 2 + species at a field strength of 3155 ± 50 G and a frequency of 9.5 G H z . 
A flat fused silica " r i b b o n " cell (Wilmad Glass N o . WG-812) was used at very 
low concentrations to optimize the signal-to-noise ratio by minimiz ing dielectric 
losses. Microwave power was set routinely to 4 m W , but was occasionally raised 
to optimize sensitivity at very low concentrations. Quantitation was based on 
the height of the lowest-field peak in the first derivative of the absorption spec­
trum. As reported by others (63), this technique is characterized by precision 
and accuracy of about 1% relative standard deviation over a linear range from 
<10" 6 to ΙΟ" 4 M (<0.05-5 mg/L). 

Two types of incubations were carried out to simulate in situ conditions. In 
the first, the kinetics of the oxidation of M n 2 + were observed by using an 
apparatus in which liter-sized lake-water samples were equilibrated wi th various 
gases as shown in Figure 2. The major features of this device were a 1-L per-
fluoroalkoxy Teflon reservoir that fed the sample to a borosilicate glass counter-
flow gas- l iquid equilibration chamber by means of a recirculation pump oper­
ating at 120 m L / m i n . The l iquid fell as a continuous f i lm down the undulating 
inner surface of an A l l i h n condenser, where it met the upward-flowing (50 
mL/min) gas stream. After passing through the equilibrator, the l iqu id stream 
returned to the reservoir via a pear-shaped still ing wel l . The entire apparatus 
was wrapped in A l foil to minimize photoreduction. The feed gases (oxygen, 
nitrogen, and air) were humidif ied to prevent evaporation, and C O 2 was scrubbed 
with 1 M N a O H to avoid large p H changes. Bubble formation was strictly avoided 
because particle nuclei may be formed by adsorption of dissolved organic com­
pounds on bubble surfaces. Such adsorption would lead to irreproducible effects 
in successive experiments. W i t h purified nitrogen as the feed gas, M n 2 + solutions 
underwent no concentration changes in this apparatus for periods of up to 1 
week. 

In the second incubation study we observed the rate of mobilization of M n 
from bottom deposits as oxygen partial pressure was varied in the overlying 
water. Freshly collected muddy sediment was centrifuged briefly under nitro­
gen, then transferred into a 4 - L high-density polyethylene jar to form a layer 
about 4 cm thick. This layer was then quickly frozen. About 3 L of freshly 
collected bathylimnetic water, chi l led to 4 °C, was carefully added without 
disturbing the frozen mud surface. A l i d was affixed with ports for a gas inlet 
and sampling and gas outlets. The contents were then allowed to come to room 
temperature while a slow stream of purified nitrogen or oxygen was admitted 
through a plastic tube 5 cm above the sediment-water interface to keep the 
aqueous phase homogeneous and gas-saturated. Samples were withdrawn at 
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designated time intervals by closing the gas outlet to force l iqu id out through 
the sampling port. To assess the effect of biological activity, phenylmercuric 
acetate (3-5 mg/L) was added i n some experiments. 

Discussion of Results 

T h e relat ionship between M n 2 + d i s t r ibut ion and the usual hydrologica l 
variables is depic ted i n F i g u r e 3 for station 120 d u r i n g 1988. T h e three-

1. 3 -way valve 
2. Masterf lex pump 
3. Magnet ic stirrer 
4. One liter teflon P F A vessel 
5. Counterf low gas- l iquid equilibrator 
6. Gas pressure regulator and gauge 

7. Rotameter 
8. Activated carbon bed 
9. L O M N a O H 

10. Heating mantle 
11. D e ionized water 
12. Thermometer 

Figure 2. Sketch of the falling-film gas-liquid equilibrator. 
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16. H S I U N G & T I S U E Manganese Dynamics in Lake Richard B, Russell 509 

Figure 3. Variations in M n 2 + and some hydrological variables in Lake RBR 
during 1988. Height, distance above the sediment-water interface, is used in 
place of depth because the level of the reservoir fluctuates by ~ 3 m during 

the year. Continued on next page. 
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Figure 3. Continued. 
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£" Temperature 
40 r 

Figure 3. Continued. 
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dimens ional surface plots and a two-dimensional contour p lot were generated 
b y proprietary software (64), us ing moderate tension i n the smoothing r o u ­
tines to assist visual izat ion of general trends. Some ideal izat ion of the data 
inevi tably results f rom generating contours i n ei ther two or three d i m e n ­
sions. Temperature was p lot ted i n two dimensions because the o p t i m a l per ­
spective i n that case was not the same as for the other variables. 

D a t a were also col lected at stations 60 and 100, but they are not pre ­
sented here because of their s imi lar i ty to the results at station 120. Because 
station 120 was w e l l upstream f rom the site of oxygen in ject ion i n the p o w e r 
pool near stations 60 and 100, we conclude that operat ion of the oxygen 
inject ion system i n 1988 had only m i n o r effects o n the chemica l and phys ica l 
variables investigated. A detai led study of M n speciation was carr ied out at 
station 120 d u r i n g the stratified p e r i o d i n 1990, and the results are s u m ­
m a r i z e d i n F i g u r e 4. A sediment core col lected d u r i n g the w e l l - m i x e d p e r i o d 
had subsurface maxima i n both s o l u b l e - c o l l o i d a l and adsorbed M n 2 + con­
centrations (F igure 5). T h e results obtained i n laboratory studies of M n 2 + 

oxidation are d isplayed i n the rate plots shown i n F igures 6 and 7. Manganese 
behavior d u r i n g laboratory simulations of forced benthic reoxygenation is 
presented i n F i g u r e 8. 

Speciation. M o s t of the M n found i n the water c o l u m n of L a k e R B R 
occurred i n the Mn(II) oxidation state, as both s o l u b l e - c o l l o i d a l and part ic­
ulate species. This conclusion rests o n the fo l lowing evidence . A t station 
120, for a l l of 1988 at a l l depths (N = 52), there was no statistically significant 
difference be tween total Μ η d e t e r m i n e d b y A A spectrophotometry o n u n -
filtered samples after acidif ication (0.62 mg/L) , dissolved M n d e t e r m i n e d 
b y A A spectrophotometry o n f i l tered samples after acidif ication (0.60 
mg/L) , and M n 2 + d e t e r m i n e d b y E S R spectroscopy o n unf i l tered samples 
(0.63 mg/L) . 

A more detai led investigation was carr ied out at station 120 d u r i n g 
stratification. Manganese concentrat ion exhib i ted a nearly logar i thmic prof i le 
spanning more than 2 orders of magnitude, decreasing w i t h height above 
the bot tom (Figure 4). (The slight bulge i n the profi le near the surface may 
reflect the inf luence of photoassisted reduct ion.) Th is study showed that 
most of the M n i n the water c o l u m n was i n the b a t h y l i m n i o n , i n the f o r m 
of s o l u b l e - c o l l o i d a l species. Ac id i f i ca t ion of 0.45-μιτι filtrates f rom al l depths 
l e d to no change i n the E S R signal. Thus M n passing through the filter must 
have b e e n present e i ther as M n ( H 2 0 ) 6

2 + or as outer-sphere complexes w i t h 
weakly interact ing organic l igands. N o n s y m m e t r i c inner-sphere complexes 
give undetectably broad E S R signals, and outer-sphere complexes w i t h 
strongly interact ing ligands show decreased peak height . B o t h are conver ted 
to M n ( H 2 0 ) 6

2 + i n 1 Μ H N 0 3 . 
Previous E S R determinations of stabil i ty constants for complexes of 

M n 2 + w i t h c o m m e r c i a l fulvic ac id preparations (Aldrich) gave log Κ values 
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1 5 
0 3 6 9 

Mn(ll) by ESR, mg/L 

Figure 5. Mn2+ concentration in silt sediment core from Shuckpin Eddy. Key: 
#, total M n 2 + in acidified pore fluids in milligrams per liter; and •, Cu2+-

exchangeable Mn2+ in milligrams per liter in wet sediment. 
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Figure 6. Kinetic data for the falling-film equilibrator with various gases. 
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Figure 7. Linearized rate plots at 293 K. 
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Figure 8. Incubation of initially anoxic mud with bathylimnetic water under 
various conditions. 
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of 4 . 2 - 4 . 8 i n the p H range 5 . 5 - 6 . 5 (29), i f one accepts the average molecular 
weight of 1000 Daltons d e t e r m i n e d by f ie ld- f low fractionation (65). These 
values agree w e l l w i t h stability constants reported i n the l i terature (66) for 
complexes of M n 2 + w i t h peat, lake, and marine fu lv ic acids. 

E S R examination of nonchemical ly isolated fulvic acids showed that 
M n 2 + was the p r i m a r y paramagnetic species observable (60, 61), M o s t l i k e l y , 
the s o l u b l e - c o l l o i d a l fraction w e ident i f ied i n the speciation studies consisted 
p r i m a r i l y of such complexes. Because the E S R spectral characteristics of M n 
i n fulvic acid complexes are quite s imilar to M n ( H 2 0 ) 6

2 + , Alber ts et al . (62) 
suggested that the meta l - fu lvate interact ion was weak. Stronger interact ion 
w o u l d be expected to lead to changes i n peak shape. This v i e w leaves unex­
pla ined the abi l i ty of the complexes to survive the isolation procedure 's l o n g 
ultrafi l tration steps, because weak interactions are usual ly associated w i t h 
reversible complexat ion. 

Particulate forms of M n 2 + predominated (>60% of total M n ) above the 
thermocl ine , a l though the total concentration was l o w (F igure 4). T h e p r o ­
duct iv i ty , w h i c h was h i g h i n this zone, suggested incorporat ion of M n into 
l i v i n g biomass rather than adsorption onto abiotic particles. Stauber and 
F l o r e n c e (67) noted that M n associated w i t h cells is i n the II or III oxidation 
states, rather than as the ful ly ox id ized M n 0 2 . Thus , desorpt ion of M n 2 + 

f rom particulate matter occurred as detritus settled out of the e p i l i m n i o n 
w i t h l i t t le or no change i n oxidation state, presumably i n association w i t h 
the onset of ce l l lysis and mineral izat ion of organic matter. O n e is l e d to 
hypothesize that M n transport at this t ime of year was dominated b y asso­
ciat ion of r e d u c e d forms w i t h biomass, rather than b y classical c y c l i n g of 
ox idized particulate species and reduced soluble species be tween zones of 
h i g h and l o w redox potential . W e w i l l show that a different situation may 
exist at other t imes. 

A n n u a l C y c l i n g . T h e behavior of Μ η i n L a k e R B R over an ent ire 
year seems to fo l low the classical cycle , as seen i n F i g u r e 3. Concentrat ions 
are relat ively l o w i n the e p i l i m n i o n at a l l t imes, but they increase d u r i n g 
the stratified p e r i o d i n the h y p o l i m n i o n and especially the b a t h y l i m n i o n . 
This increase is correlated w i t h fa l l ing dissolved oxygen concentrat ion (r = 
-0 .81) , r i s ing conduct iv i ty (r = 0.93), and r i s ing dissolved and total organic 
carbon (r = 0.84 and 0.93, respectively). T h e r e is also some association w i t h 
decreasing p H , but the variation i n p H is small and the correlat ion is not 
significant for e i ther p H or [ H 3 0 + ] (r = - 0 . 5 4 and +0 .23 , respectively) . 
In these soft waters w i t h l o w alkal inity, p H changes alone cannot explain 
the observed variat ion i n Μ η concentrations (39). 

After a short lag fo l lowing the onset of destratification, M n that had 
accumulated i n the water c o l u m n decreased sharply as oxygen levels i n ­
creased and organic carbon dec l ined . There was very l i t t le retent ion of Μ η 
i n the water c o l u m n d u r i n g the fo l lowing w e l l - m i x e d p e r i o d . T h e efficient 
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16. H s i U N G & T I S U E Manganese Dynamics in Lake Richard B. Russell 5 1 7 

removal of M n from the water c o l u m n d u r i n g the w e l l - m i x e d p e r i o d probably 
was associated w i t h both an increase i n the rate of oxidation to insoluble 
M n O x and a decrease i n the rate of reduct ion , as oxidizable organic matter 
became less abundant. This mechanism was not operat ing d u r i n g stratifi­
cation, however , because essentially a l l the M n i n the water c o l u m n then 
was present as M n 2 + (F igure 4). Set t l ing of particulate organic matter and 
detritus may remove M n to the b a t h y l i m n i o n at this t ime . O x i d i z e d forms 
of M n that are formed transiently i n the e p i l i m n i o n c o u l d participate act ively 
i n this process b y catalyzing the condensation of the precursors to h u m i c 
substances (68, 69), w h i l e undergoing reduct ion i n the process. 

A n o t h e r source of the M n that accumulated i n the b a t h y l i m n i o n d u r i n g 
stratification is the F e - and M n - r i c h clay soils that characterize the region, 
plus the th in layer of o r g a n i c - m i n e r a l ooze that has accumulated since i m ­
poundment . L i t t l e suspended sediment reaches the lake f rom the watershed 
d u r i n g the warmer , dr ier months. In the inundated soils, Μ η is abundant 
i n the pore fluids and as exchangeable forms adsorbed to particles (F igure 
5), even d u r i n g the w e l l - m i x e d p e r i o d w h e n the s e d i m e n t - w a t e r interface 
is w e l l oxygenated. T h e presence of a subsurface m a x i m u m i n Μ η concen­
tration i n the sediment interst i t ial fluids has been noted i n other lacustrine 
and marine systems (70, 71). O u r measurements indicate that i n L a k e R B R 
the ox ic -anoxic boundary rises to near the s e d i m e n t - w a t e r interface, or just 
above it , as stratification develops. 

O x y g e n concentration is not the only factor i n v o l v e d i n releasing M n . 
It exerted an indirect inf luence, perhaps b y contro l l ing the availabi l i ty of 
oxidizable organic matter. E v e n the particulate forms present i n the w e l l -
oxygenated e p i l i m n i o n were p r i m a r i l y Mn(II ) species. A n y ox id ized species 
that formed must have been reduced rapidly because their steady-state 
concentration remained very low. A c c u m u l a t i o n of r e d u c e d M n u n d e r sub-
oxic conditions has been noted (51, 53). Os tendorp and F r e v e r t (50) found 
that the reduct ion of M n ( I V ) i n lake sediment began at 2 - 3 m g / L of dissolved 
oxygen. In Rostherne M e r e , U n i t e d K i n g d o m , Μ η accumulated i n a hy­
p o l i m n i o n that was not complete ly anoxic (72). Bacteria have b e e n repor ted 
(73, 74) to reduce M n 0 2 under both aerobic and anaerobic condit ions. 

O n e may hypothesize that the mobi l izat ion and accumulat ion of Μ η w e 
observed d u r i n g stratification was l i n k e d to the degradation of organic mat­
ter. T h e degradation rate reaches a m a x i m u m i n the b a t h y l i m n i o n d u r i n g 
summer , as indicated by the sharp increase i n conduct iv i ty . This process 
facilitates the release of M n under suboxic, rather than anoxic, condit ions, 
and is consistent w i t h the incubat ion experiments reported here . 

O x i d a t i o n K i n e t i c s . T h e results of k inet ic experiments carr ied out 
i n the laboratory i n the g a s - l i q u i d equi l ibrator are i l lustrated i n F i g u r e 6. 
F o r these experiments , unf i l tered ep i l imnet i c water f rom L a k e R B R was 
adjusted to p H 6.5 and a m e n d e d w i t h M n ( C 1 0 4 ) 2 to b r i n g the concentrat ion 

Pu
bl

is
he

d 
on

 M
ay

 5
, 1

99
4 

on
 h

ttp
://

pu
bs

.a
cs

.o
rg

 | 
do

i: 
10

.1
02

1/
ba

-1
99

4-
02

37
.c

h0
16



518 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

of M n 2 + to 6 - 7 m g / L . Samples were w i t h d r a w n at intervals f r o m the ap­
paratus, filtered (0.45 μπι), and analyzed for M n 2 + b y E S R spectroscopy. 
S t u m m and M o r g a n (75) postulated a three-step oxidation process to account 
for the reaction's autocatalytic nature. 

Step 1. Homogeneous oxidation 

slow 
M n 2 + ( a q ) + 0 2 (aq) > M n O a ( s ) (7) 

Step 2. A d s o r p t i o n 

fast 
M n 2 + ( a q ) + M n 0 2 ( s ) > M n ( I I ) M n 0 2 ( s ) (8) 

Step 3. Heterogeneous oxidation 

slow 
M n ( I I ) - M n 0 2 ( s ) + 0 2 (aq) > 2 M n 0 2 ( s ) (9) 

T h e rate expression for this process at constant p H and 0 2 part ial pres­
sure is 

~ d [ ™ n 2 + ] = W M n « + ] f + Μ Μ η 2 + ] , [ Μ η Ο χ ] (10) 

w h e r e [ M n 2 + ] t is the concentration of M n i n the 11+ oxidat ion state at any 
t ime t; [ M n O t ] is the concentration of M n w i t h oxidation n u m b e r > I I + 
but < I V + ; k0 is the homogeneous first-order rate constant; and k is the 
heterogeneous second-order rate constant. Af ter separating the variables, 
and assuming no M n O x is present in i t ia l ly , integration gives 

log (lap.) + l o g L + ML M n '*i« - [ M n - ] , : 
[ M n 2 + ] ( 

[ M n 2 + ] 0 f c + L 

2.3 * 1 ' 

I f one also assumes that 

fc([Mn2+]„ - [ M n 2 + ] ( ) » fc0 (12) 

the integrated rate expression becomes 

Pu
bl

is
he

d 
on

 M
ay

 5
, 1

99
4 

on
 h

ttp
://

pu
bs

.a
cs

.o
rg

 | 
do

i: 
10

.1
02

1/
ba

-1
99

4-
02

37
.c

h0
16



16. H S I U N G & T I S U E Manganese Dynamics in Lake Richard B. Russell 5 1 9 

T h e condi t ion r e q u i r e d for d e t e r m i n i n g the exper imental rate constants f rom 
this expression is that a straight l ine be obta ined w h e n 

. / [ M n 2 + ] 0 \ 

l o g Ι ΐ Μ ^ Ι " 1 j 
is plotted against t. For this line the slope is - f c [ M n 2 + ]0/2.3 and the intercept 
is - ( l o g [ M n 2 + ]„*/*„). 

W e a p p l i e d this approach to extract rate constants for the homogeneous 
and heterogeneous reactions f rom the k inet ic data shown i n F i g u r e 6. T h e 
resul t ing l inear ized rate plots are shown i n F i g u r e 7, and the rate constants 
are g iven i n Table I. T h e kinetics demonstrate the dependence on 0 2 part ia l 
pressure that theory predicts . T h e value of k for 0 2 part ial pressure of 1 
atm is approximately fivefold greater than the value for air . 

Table I. Experimental Rate Constants 

Equilibration k ko 
Gas (10* h1 mgr1 L~l) (10* h-1) 

N 2 0 . 0 0 . 0 
Air - 0 . 9 - 2 . 3 

o2 - 4 . 8 - 2 . 5 

T h e oxidation reactions shown i n F i g u r e 6 were complete ly i n h i b i t e d 
b y e v e n a few mil l igrams per l i ter of p h e n y l m e r c u r i c acetate, a broad-
spectrum poison. A l s o , no oxidation occurred at p H values <5 .5 . W e began 
w i t h fresh, unf i l tered ep i l imnet i c water that contained the natural assem­
blage of particulate matter and microorganisms. Therefore , i t seems l i k e l y 
that w e were measuring the rates of reactions media ted b y biological p r o ­
cesses. This conclusion is consistent w i t h the results of contro l experiments 
i n v o l v i n g sterile filtered ep i l imnet i c water. T h e oxidation rate was r e d u c e d 
u n t i l a barely significant decrease i n M n 2 + was detectable on ly after 72 h of 
equi l ibrat ion w i t h air. 

H o w e v e r , i f one accepts the hypothesis that only microb ia l ly p r o m o t e d 
processes are occurr ing , i t becomes necessary to explain the approximately 
l inear dependence of the oxidation rate on 0 2 part ial pressure as a conve­
nient ly exact effect o n metabolic reaction rates. Ross and Bart let t (76) sug­
gested that oxidation of M n 2 + is ini t iated b y bacteria but that subsequent 
reaction is dominated b y abiotic autocatalytic processes, once catalytically 
active colloids and particles are formed i n sufficient numbers . 

Simulation of Sediment-Water Interactions. To investigate fac­
tors affecting the flux of M n across the s e d i m e n t - w a t e r interface, w e i n -
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cubated m u d (freshly col lected d u r i n g stratification) w i t h ba thyl imnet i c water 
u n d e r both ni trogen and oxygen saturation. T h e m u d was centr i fugea br ie f ly 
u n d e r N 2 to remove most of the interst i t ial f l u i d . C o n d u c t i v i t y , p H , total 
organic carbon ( T O C ) , and the concentrations of oxygen and M n 2 + were 
moni tored i n the over ly ing water. 

T h e results of these experiments are depic ted i n F i g u r e 8. U n d e r n i ­
trogen, l i t t le change took place i n any of the variables after the first 12 h . 
A n exception was T O C , w h i c h increased i n the water, presumably w i t h 
release of fermentat ion products f rom the solids. T h e m u d reta ined its dark 
color and foul odor, and M n 2 + r emained around 1 m g / L i n the green-brown 
supernatant water. Saturation w i t h C 0 2 - f r e e oxygen caused the increase i n 
conduct iv i ty and decrease i n p H expected to accompany oxidative degra­
dation of organic matter. T O C showed l i t t le change. T h e surface of the solids 
changed f rom black to b r o w n , w h i l e the supernatant l i q u i d l ightened v i s ib ly 
and lost m u c h of its stench. 

M n 2 + increased severalfold i n concert w i t h these changes. A s i n the 
water c o l u m n , there was no significant difference i n M n 2 + d e t e r m i n e d b y 
E S R spectroscopy and total M n d e t e r m i n e d b y A A spectrophotometry after 
acidif ication. S imi lar ly , there was no difference i n M n concentrat ion b e t w e e n 
filtered and whole-water samples. A l l the M n released into the water c o l u m n 
was present as s o l u b l e - c o l l o i d a l M n 2 + species. A l t h o u g h surpr is ing w h e n it 
occurred , the mobi l iza t ion of M n 2 + u n d e r oxygen actually is i n accord w i t h 
the reports of other groups, w h o have observed accumulat ion of M n 2 + u n d e r 
oxic condit ions. 

W e surmise that under anoxic condit ions, M n 2 + was associated p r i m a r i l y 
w i t h particulate organic matter and o r g a n i c - m i n e r a l aggregates i n the sol id 
phase. A e r o b i c degradation of this organic matter released M n 2 + into the 
supernate, presumably i n the form of complexes w i t h lower molecular weight 
h u m i c substances. P h e n y l m e r c u r i c acetate at a few mil l igrams per l i ter 
strongly i n h i b i t e d the release of soluble M n (see F i g u r e 8). Thus , it is l ike ly 
that microorganisms are responsible for degradation of the organic matter. 
This release mechanism was probably abetted b y the accompanying decrease 
i n p H . Observat ion of this p h e n o m e n o n was probably made easier b y the 
very l o w rate of oxidation of M n 2 + that w o u l d be expected under these 
conditions of l o w p H and alkal inity. I n other natural water systems w h e r e 
the oxidation rate is higher , this effect might manifest i tself as an increase 
i n the M n c y c l i n g rate d u r i n g the m i x i n g p e r i o d , as has b e e n observed (52, 
53). 

N e t fluxes of M n 2 + f rom the m u d to the o v e r l y i n g water i n the incubat ion 
experiments averaged 0.20 ± 0.01 g/m 2 per day under oxygen and 0.018 ± 
0.006 g/m 2 per day u n d e r ni trogen (N = 2), over the p e r i o d of the exper­
iment . These values can be used to calculate apparent diffusion coefficients 
i n the sediment . T h e mean calculated value, 68 ± 31 X 10~ 6 m 2 / d a y , is 
close to L i and Gregory 's reported value of 50 x 10~ 6 m 2 / d a y at 25 °C near 
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the w a t e r - s e d i m e n t interface i n marine sediments (77). This result indicates 
that physical resuspension and bioturbat ion effects w e r e probably absent i n 
our experiment . 

A r e the fluxes observed i n the incubat ion experiments representative 
of condit ions i n situ? A l inear regression of M n 2 + concentrat ion o n the 
logar i thm of distance above the interface gives a good fit (r > 0.99) to the 
data col lected for the speciation study shown i n F i g u r e 4. T h e regression 
equation yie lds a value for the gradient i n M n 2 + concentrat ion, dCldz = 
0.1 m g / L per cent imeter at a height ζ = 1 c m above the interface. Th is 
gradient must be created b y a flux, /, of M n 2 + out of the sediment , w h i c h 
is g iven by 

(14) 
<dz/ 

w h e r e Κ is the e d d y diffusion coefficient. Thus , i f the flux i n the lake falls 
i n the range observed i n the incubat ion experiments (~0 .02-0 .20 g / m 2 per 
day), the observed gradient impl ies values of the e d d y diffusion coefficient 
i n the range 10" 3 < Κ < 10~ 2 m 2 /day . Unfortunate ly , there have b e e n very 
few direct determinations of eddy di f lus ivi ty i n lakes and reservoirs . U n d e r 
w i n t e r ice cover, C o l e m a n and Armstrong's 2 2 2 R n profiles y i e l d e d values of 
ΙΟ" 3 < Κ < 10 (78). T h e values i m p l i e d b y our data for L a k e R B R fal l toward 
the lower e n d of this range, as perhaps they should , g iven the general ly 
quiescent condit ions associated w i t h the stratified p e r i o d . A d d i t i o n a l w o r k 
clearly is needed i n this area. T h e 2 2 2 R n prof i le m e t h o d descr ibed i n deta i l 
b y C r a i g (79) c o u l d y i e l d Κ values of i m p r o v e d accuracy and greatly facilitate 
calculation of s e d i m e n t - w a t e r exchange fluxes. 
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Environmental Behavior and Fate 
of Anionic Surfactants 

Nicholas J. Fendinger, Donald J. Versteeg, Els Weeg, Scott Dyer , 
and Robert A . Rapaport 

Procter and Gamble Company, Ivorydale Technical Center, 
Cincinnati, OH 45217 

Linear alkylbenzenesulfonates, alcohol sulfates, and alcohol eth­
oxysulfates are used in a variety of household cleaning and personal 
care products that are generally disposed of "down the drain". Even 
though these surfactants are characterized as highly biodegradable 
and are not expected to persist in aquatic environments, the current 
use of anionic surfactants in consumer products requires increased 
understanding of anionic surfactant degradation, toxicity, and en­
vironmental behavior. This chapter reviews anionic surfactant bio-
degradation, removal during sewage treatment, environmental con­
centrations, and aquatic-effects data that illustrate the environmental 
safety of these materials. 

A L N I O N I C S U R F A C T A N T S U S E D I N S H A M P O O S , cosmetics, toothpaste, and 

l aundry products inc lude l inear alkylbenzenesulfonates ( L A S ) , a lcohol sul ­
fates (AS), alcohol ethoxysulfates ( A E S ) , alcohol g lycerol ether sulfonates, 
and alpha-olefln sulfates. H o u s e h o l d e n d use of anionic surfactants i n the 
U n i t e d States was 7.3 Χ 10 5 metr ic tons i n 1987; L A S , A S , and A E S ac­
counted for 9 8 % of the total (I). 

L A S , the major anionic surfactant used i n the w o r l d today, accounts for 
approximately 28% of a l l synthetic surfactant use. I n the U n i t e d States it is 
w i d e l y i n c l u d e d i n detergent formulations (about 270,000 metr ic tons per 
year) (I). It is used i n almost every household c leaning appl icat ion except 
automatic dishwasher detergents (2). L A S represents a mixture of homologs 
w i t h a lky l chain lengths ranging f rom 10 to 15 carbon units and w i t h isomers 
of vary ing p h e n y l posi t ion (structure 1). Dodecylbenzenesul fonate ( C 1 2 L A S ) 

0065-2393/94/0237-0527$08.75/0 
© 1994 American Chemical Society 
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CH3CH(CH2)nCH3 

η = 7 to 12 

1 

is the h o m o l o g most w i d e l y used i n detergent applications. Therefore the 
fo l lowing discussion of aquatic hazard w i l l focus o n this homolog . 

A l c o h o l sulfates (AS) are current ly used i n shampoos, bath preparations, 
cosmetics, medic ines , toothpaste, r u g shampoos, hard-surface cleaners, and 
l ight- and heavy-duty laundry applications (2). Total A S use i n the U n i t e d 
States is about 136,000 metr ic tons per year. T h e 91,000 metr ic tons p e r 
year used i n household products (3) ranges f rom C 1 2 to C 1 8 i n a l k y l cha in 
lengths (structure 2) and may contain some e thyl or m e t h y l branching . T h e 
C 1 4 A S h o m o l o g is w i d e l y used i n detergent formulations and approximates 
the average commerc ia l A S chain length. Therefore , our aquatic hazard 
discussion w i l l focus on the C 1 4 homolog. 

9 - • 
R-O-S-0 M 

II 

ο 

R-alkyl chain length from 10 to 18 carbons 

2 
A l c o h o l ethoxysulfates ( A E S ) are w i d e l y used i n household and personal 

care applications (dishwasher detergents, l aundry detergents, and shampoos; 
204,000 metr ic tons per year i n the U n i t e d States) (3) (structure 3). A E S are 
descr ibed b y the dominant a lky l chain length (C t ) and n u m b e r of ethoxylate 
units (Ey) i n the technical-grade material . Because the v o l u m e of A E S used 
i n household c leaning applications is d i v i d e d almost equal ly be tween 
C 1 2_i 3E 3 S and C 1 4_i 5E 3 S , the hazard assessment w i l l focus o n the approximate 
average chain length of C 1 3 E 3 S . 

RO-(CH CH O) -SO " 
2 2 η 3 

R-alkyl chain length from 10 to 18 carbons 
η = 1 to 5 
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Figure 1. Factors considered in determination of environmental hazard as­
sessment for anionic surfactants. 

G i v e n the current use of L A S , A S , and A E S i n consumer products , 
unders tanding of anionic surfactant degradation, toxicity, and envi ronmenta l 
behavior is needed. E v e n though these surfactants are a l l readi ly b iode­
gradable (easily converted to carbon dioxide and ce l lular material) and are 
not expected to persist i n the environment , integrat ion of mater ia l usage, 
envi ronmenta l fate, exposure, and aquatic toxicity data is necessary to obtain 
a comprehensive environmenta l hazard assessment (4) (F igure 1). Th is chap­
ter presents information on the use, biodégradation or removal d u r i n g sew­
age treatment, envi ronmenta l concentrat ion, and aquatic effects of L A S , A S , 
and A E S . These data are then used to calculate protect ion factors. 

Fate Studies 

Biodégradation, hydrolysis , and sorption inf luence the env i ronmenta l fate 
of L A S , A S , and A E S . P r i m a r y degradation of surfactants is important be­
cause this process usually results i n loss of surfactancy and r e d u c e d toxicity 
(5, 6). C o m p l e t e minera l izat ion ensures that persistent intermediates w i l l 
not be f o r m e d and that biodégradation w i l l be an effective mass-removal 
mechanism i n the environment . Sorpt ion and association of surfactants w i t h 
particles or dissolved organic substances are processes that decrease b io ­
availabil i ty and can be correlated w i t h decreased surfactant toxicity (7). 

Photolysis also may degrade surfactants i n surface waters. It is not l i k e l y 
to be a direct degradation mechanism for A S and A E S because these m o l ­
ecules lack a chromophor ic group, but it c o u l d affect the fate of L A S . Because 
surfactants are in t roduced into the e n v i r o n m e n t m a i n l y through waste-
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treatment systems, biodégradation is expected to be the major e n v i r o n m e n t a l 
removal mechanism. Thus , it w i l l be discussed i n the most detai l . 

L A S Biodégradation. T h e in i t ia l enzymatic attack of L A S occurs b y 
omega oxidation of the te rmina l carbon of the a lky l side chain . T h e enzymes 
i n v o l v e d i n this reaction, al though not yet isolated, are probably associated 
w i t h ce l l membranes . This enzymatic attack results i n a carboxylated a l k y l 
chain or sulfophenylcarboxylate. T h e a lky l chain biodegrades further through 
beta oxidation, w i t h two carbon units conver ted into acetic ac id at a t ime 
(8). O n c e carboxylated, the molecule loses its surfactant propert ies because 
it no longer has a hydrophobic side chain. F o l l o w i n g complete minera l izat ion 
of the a lky l chain, the benzene ring is desulfonated and c leaved (9, 10). 

M i n e r a l i z a t i o n of the L A S a lky l chain can be accompl ished b y p u r e 
bacterial cultures (11). H o w e v e r , complete L A S minera l izat ion i n natural 
systems is most l i k e l y to be accomplished b y a consort ium of microorganisms 
(12). J imenez et al . (13) ident i f ied a consort ium of four bacterial species that 
are capable of complete I A S mineral izat ion f r o m activated sludge. O t h e r 
types of consortia that are capable of L A S mineral izat ion probably also exist. 

Biodégradation Rate. T h e biodégradation rate i n surface water depends 
on many variables such as biomass and substrate concentrat ion, presence of 
suspended material , and availabil i ty of nutrients . Larson and Payne (14) and 
Larson (15) investigated factors that contro l led L A S minera l izat ion i n r iver 
water b y fo l lowing 1 4 C 0 2 evolut ion and 1 4 C incorporat ion into biomass f rom 
samples a m e n d e d w i t h 1 4 C ring- labeled L A S homologs and p h e n y l isomers 
(2-phenyl C 1 0 _ 1 4 and 5 -phenyl C 1 0 _ 1 2 L A S ) . T h e r iver-water L A S half-life was 
approximately 24 h , d i d not vary significantly as a funct ion of L A S h o m o l o g 
or isomer, and was not affected b y h i g h concentrations of c o m p e t i n g h o m o -
logs. Intermediates f rom L A S biodégradation d i d not appear to accumulate . 
In addi t ion , the rate and extent of L A S minera l izat ion w e r e not significantly 
different between river water w i t h a l o w suspended-solids content and river 
water w i t h u p to 1000 m g / L of suspended sediment , despite the fact that 
significant amounts of L A S homologs w i t h the longer a lky l chain length w e r e 
sorbed on suspended sediment. Larson (15) theor ized that sorption d i d not 
affect the extent or rate of biodégradation as l o n g as L A S sorption to solids 
was reversible and the desorpt ion kinetics were more r a p i d than the kinet ics 
of biodégradation. 

A d d i t i o n of sediment solids to over ly ing surface water increases biomass 
and may increase the rate of L A S degradation i f the system biomass is l i m i t e d . 
F o r example, Larson and Payne (14) correlated increases i n the L A S b i o -
degradation rate constants i n r iver water w i t h increased bacterial populat ions 
resul t ing f rom addi t ion of sediment solids. S imi lar ly , Y e d i l e r et a l . (16) found 
that p r i m a r y L A S degradation i n lake water was affected b y the size of the 
microb ia l populat ion present. 
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Laundromat Pond. F e d e r l e and Pastwa (17) compared L A S biodég­
radation i n sediments from a p o n d that rece ived discharge from a local 
laundromat to biodégradation that occurred i n a pr is t ine control p o n d . Sed­
iment cores col lected f rom each of the ponds were used to de termine sed­
iment depth profiles for surfactant concentrations, bacterial n u m b e r and 
activity, and abi l i ty to minera l ize 1 4 C r ing- labeled C 1 3 L A S . Biomass and 
microb ia l activity were found to decrease w i t h d e p t h i n the sediments for 
bo th ponds, w i t h h igher biomass and activity measured i n the laundromat 
p o n d . L A S was m i n e r a l i z e d wi thout a lag p e r i o d b y the laundromat p o n d 
sediments at a l l depths w i t h half-lives that ranged be tween 3.2 and 16.5 
days. In the pr is t ine control p o n d , L A S was m i n e r a l i z e d only after a lag 
p e r i o d of 3 . 2 - 4 0 days. T h e mineral izat ion progressed more s lowly than that 
observed i n the laundromat p o n d (calculated half-lives were f rom 5.2 to 1540 
days). 

C l e a r l y , L A S undergoes rap id (within days) and complete biodégradation 
i n natural water systems. A l t h o u g h many factors inf luence L A S degradation 
i n natural waters, the governing factor is probably accl imation that results 
f rom previous L A S exposure. H o w e v e r , because L A S has been i n use 
for approximately 25 years, both sewage-treatment operations and the 
rivers that receive treated sewage are already accl imated and contain L A S -
minera l iz ing consortia that are capable of r a p i d L A S degradation. F o r ex­
ample , M o r e n o et a l . (18) found that L A S removal b y biodégradation i n 
aerated sewers can be as h i g h as 50%. 

Anaerobic Environments. Because the in i t ia l attack of the L A S m o l ­
ecule is oxidative, L A S does not biodegrade u n d e r anaerobic condit ions (19). 
Therefore concerns are sometimes expressed that L A S may accumulate i n 
deep anaerobic sediment layers, where it w i l l not biodegrade further . H o w ­
ever, g iven the h i g h rate of L A S removal d u r i n g sewage treatment c o m b i n e d 
w i t h in-stream degradation, it is u n l i k e l y that L A S sediment accumulat ion 
w i l l occur unless there is r a p i d deposi t ion into an anaerobic env i ronment . 

AS Biodégradation. T h e p r i m a r y step i n the aerobic degradation of 
A S is the sulfatase-catalyzed hydrolysis of the sulfate ester from the h y d r o ­
phobic group to form inorganic sulfate and an alcohol (20). Degradat ion 
proceeds through oxidation of the alcohol catalyzed b y dehydrogenases (12), 
to give first the corresponding aldehyde and then the corresponding fatty 
acid. T h e final degradation of the fatty ac id is b y beta oxidation. Thomas 
and W h i t e (21) indicated that elongation and desaturation of the fatty ac id 
chain may also occur w i t h fatty acid residues that are rap id ly incorporated 
into l i p i d fractions. T h e y also demonstrated (21) that h y d r o p h o b i c metabo­
lites of the A S a lky l chain can be incorporated into cel lular components ( l ip id 
membranes) wi thout pr ior degradation b y beta oxidation. 
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Measurement of Biodégradation. N u m e r o u s studies have d o c u m e n t e d 
the aerobic biodegradabi l i ty of various A S compounds (see ref. 12). M o s t of 
these studies used methylene b lue active substance ( M B A S ) and other eol-
or imetr i c determinations, change i n surface tension, foaming capacity, and 
sulfate formation as an indicat ion of p r i m a r y A S degradation. 

Ul t imate biodégradation of A S has been measured b y biological oxygen 
d e m a n d ( B O D ) , chemica l oxygen d e m a n d ( C O D ) , carbon loss, C 0 2 p ro ­
duct ion , and 1 4 C - l a b e l e d A S . These tests also indicate total degradation of 
p r i m a r y straight- and branched-chain A S i n laboratory experiments w i t h 
M e d i t e r r a n e a n Sea water (22), Black Sea water (23), activated sludge (24-26), 
forest soi l (27), and river water (12). H o w e v e r , h igh ly branched A S (sec­
ondary and tertiary branched) are reported (28-30) to be more resistant to 
biodégradation than l inear p r i m a r y A S . A S manufactured f rom natural oils 
(animal and vegetable) do not contain any branched components , and A S 
manufactured from pet ro leum-der ived oils w i l l general ly contain less than 
20% branched material . V i r t u a l l y a l l of the branched mater ia l that is present 
i n p e t r o l e u m - d e r i v e d A S consists of p r i m a r y m e t h y l or e t h y l branched m a ­
terial (Shell D e v e l o p m e n t Corpora t ion , u n p u b l i s h e d data). C n _ 1 5 A S w i t h 
this type of branching underwent rap id and complete degradation 
( > 8 0 - l l l % b y C 0 2 product ion ; Procter and G a m b l e , u n p u b l i s h e d data). 

Studies of A S degradation d u r i n g s imulated sewage treatment also show 
rapid and complete biodégradation. F o r example, M c G a u h e y and K l e i n (31) 
and K l e i n and M c G a u h e y (32) found complete p r i m a r y degradation of A S 
based o n formation of 3 5 S 0 4

2 " i n m o d e l septic tank systems. Steber et a l . 
(26) used uni formly labeled C 1 6 A S to demonstrate ult imate degradation i n 
a m o d e l activated-sludge treatment system. A n average of 60% of the A S 
fed into the system was measured as carbon dioxide . T h e effluent contained 
0 .3% of the or ig inal feed as intact A S and less than 10% of the total 1 4 C 
spike. This analysis indicates > 9 0 % carbon e l iminat ion d u r i n g wastewater 
treatment. 

Bacterial enzymes capable of in i t ia t ing A S hydrolysis are widespread i n 
the environment . Sulfatase has been isolated f rom soi l , activated sludge, 
r iver water, and raw sewage bacteria (33-38). A l t h o u g h W h i t e et a l . (37) 
found more AS-resistant strains and a greater propor t ion of alkylsulfatase-
p r o d u c i n g bacteria at p o l l u t e d sites than at clean sites i n the R i v e r E l y , 2 9 % 
of al l bacterial isolates tested were alkylsulfatase producers . A n d e r s o n et a l . 
(39) isolated epi l i th ic bacteria f rom r i v e r b e d stones col lected f rom p o l l u t e d 
and clean sites f rom the South Wales R i v e r and assessed their abi l i ty to 
produce alkylsulfatase. T h e n u m b e r of alkylsulfatase-producing bacteria was 
greater i n p o l l u t e d sites, but they were present at bo th locations and var ied 
as a funct ion of season and water qual i ty . Greater numbers of alkylsulfatase 
bacteria were present at sampl ing sites d u r i n g late s u m m e r than d u r i n g 
winter ; the count was lower at sewage discharge sites than at downstream 
locations. I n addi t ion , because of enzyme composi t ion (far more consti tutive 
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than induc ib le enzymes), the ep i l i thon w o u l d not lose its abi l i ty to degrade 
A S even i f levels f luctuated. 

Microbial Degradation. Identif ication of bacteria responsible for A S 
degradation was at tempted i n part to understand what condit ions favor m i ­
crobial degradation, ei ther i n nature or under control led condit ions. P u r e 
cultures of Escherichia coli, Serratia marcescens, Proteus vulgaris, and Pseu-
domonas fluorescens degraded C 1 2 A S (8). O t h e r researchers (36, 37) showed 
that Pseudomonas strains are also capable of degrading C 1 2 A S . Extens ive 
degradation of ta l low C 1 6 _ 1 8 A S occurred w i t h 35 out of 47 strains of bacteria 
f rom the fo l lowing genera: Acetobacter, Chromobacterium, Bacillus, Co-
rynebacterium, Escherichia, Micrococcus, Mycobacterium, Pseudomonas, 
Staphylococcus, and Vibrio. 

Anaerobic degradation was also demonstrated for A S (12, 26). O b a et 
a l . (40) suggested that the anaerobic degradation of A S may consist of sulfate 
ester hydrolysis , w i t h formation of a fairly inert alcohol . W a g n e r and Schink 
(41) measured accumulat ion of sulfide and fatty acids d u r i n g the anaerobic 
degradation of C 1 2 A S . Degradat ion of the A S was ini t ia ted b y the h y d r o l y t i c 
cleavage of the sulfate. Because there was no other source of sulfur i n the 
system, Wagner and Schink speculated that the sulfide resul ted f r o m re­
duct ion of the l iberated sulfate. H i g h concentrations of acetate and valerate 
indicated that the A S residues were at least part ial ly degraded. H o w e v e r , 
Steber et al . (26) found 90% of the 1 4 C label f rom stearyl sulfate and d o d e c y l 
sulfate i n the final degradation products ( C 0 2 and C H 4 ) w h e n they tested 
for t h e m i n a s imulated anaerobic treatment system. 

A E S Biodégradation. P r i m a r y degradation of A 1 2 E 3 S was accom­
p l i s h e d enzymatical ly b y sulfatase or etherase, or b y omega and beta ox i ­
dat ion. Sulfatase h y d r o l y z e d the A E S into its corresponding alcohol ethox-
ylate ( A E ) and inorganic sulfate. L i b e r a t i o n of the sulfate f rom p r i m a r y A S 
was shown to be accomplished b y p r i m a r y a lky l sufatases (12). A l t h o u g h 
l inear alcohol ethoxysulfates are structurally s imilar to p r i m a r y A S , the sulfate 
may not be h y d r o l y z e d b y the same enzyme. T h e rate of A E S degradation 
b y sulfatase varies as a funct ion of hydrophobe structure f rom r a p i d and 
complete to no observed degradation, based o n the " f i t " of the e n z y m e (12). 
F o u r strains of bacteria (three Pseudomonas and one unident i f i ed strain) 
were shown to ut i l ize this pathway. T h e i r extent of degradation varies f rom 
6% for T E S 5 to as h i g h as 39% for C 1 2 B (42, 43). 

T h e rate of p r i m a r y A E S degradation b y etherase is also strain-specific. 
F o r example, Hales et a l . (42, 43) reported that etherases of three strains 
of Pseudomonas and an unident i f i ed strain isolated f r o m sewage effluent 
c o u l d cleave at each of the three available ether l inkages. Ex tent of degra­
dation (1-72%) var ied as a funct ion of the bacterial strain and ether l inkage 
affected. G l y c o l sulfates that result f rom etherase activity are degraded fur-
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ther v i a oxidation of the t e rmina l alcohol to a carboxylic ac id. T e r m i n a l C - C 
units are sequential ly r e m o v e d v ia hydrolysis to y i e l d the next shorter 
polyglyco l sulfate (12). 

Degradat ion b y omega, beta oxidation was ident i f ied as a mechanism that 
shortens the hydrophobe chain b y two carbon increments . This route is 
responsible for 1 1 % of the parent A E S degradation (43). 

Exposure Assessments 

Exposure of an organism to a surfactant i n surface water w i l l d e p e n d o n the 
amount of material used, disposal practice, removal rate d u r i n g sewage 
treatment, d i l u t i o n i n the rece iv ing stream, and sorpt ion on particles or 
aquatic dissolved organic carbon. T h e exposure component of an e n v i r o n ­
mental hazard assessment uti l izes information f rom the fate studies descr ibed 
i n the previous section, mathematical m o d e l i n g to predic t env i ronmenta l 
concentrations, and environmenta l moni tor ing to veri fy m o d e l predict ions . 

P r e d i c t e d W a s t e w a t e r C o n c e n t r a t i o n s o f L A S , A S , a n d A E S . 
Wastewater concentrations of L A S , A S , and A E S i n the U n i t e d States w e r e 
calculated b y us ing the fo l lowing equation. 

540 L/person-day · 365 days · 240 Χ 10 6 persons 

w h e r e X is the amount of material used i n down- the -dra in applications (mi l ­
ligrams) and C is the wastewater concentration i n mi l l igrams per l i ter . T h e 
per capita water use of 540 L/person-day, obtained f rom the E n v i r o n m e n t a l 
Protect ion A g e n c y ( E P A ) needs survey, was calculated b y d i v i d i n g treatment-
plant flow rates (obtained f rom survey information) b y populat ion serviced 
b y the same plants (44). This calculation yie lds a h igher flow rate than the 
i n d i v i d u a l home per capita flow rate of 200 L/person-day because of con­
tr ibutions f rom nondomest ic wastewater sources. Thus it is a more realistic 
flow determinat ion for t reatment-plant-model ing purposes than the i n d i v i d ­
ual p e r capita home flow (45). A n n u a l U n i t e d States L A S , A S , and A E S use 
i n down-the-dra in applications were stated previously . O n the basis of these 
values, predic ted wastewater concentrations of L A S , A S , and A E S are 4 .5 , 
1.8, and 4.3 p p m , respectively (45). 

L A S T r e a t a b i l i t y a n d E n v i r o n m e n t a l C o n c e n t r a t i o n s . T h e re­
moval of L A S d u r i n g sewage treatment was conf i rmed b y m o n i t o r i n g studies 
i n both the U n i t e d States and E u r o p e . N u m e r o u s studies repor ted anionic 
surfactant concentrations i n surface waters measured b y nonspecif ic analyt­
ical techniques such as methylene b lue active substance ( M B A S ) . H o w e v e r , 
the correlat ion between M B A S and L A S concentrations d e t e r m i n e d b y spe-
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cific analytical techniques are variable and, i n general , not useful . Therefore , 
only those studies that used specific analytical techniques for L A S are re­
v i e w e d here. 

I n the U n i t e d States the most extensive L A S m o n i t o r i n g studies w e r e 
reported b y Rapaport and E c k h o f f (46) and M c A v o y et a l . (47). Rapaport 
and E c k h o f f (46) descr ibed the results of 13 years (1973-1986) of L A S m o n ­
i tor ing at 36 se wage-treatment plants, 35 r iver w a t e r - s e d i m e n t sites, and 5 
s ludge-amended soil sites. A m i c r o d e s u l f o n a t i o n - G C analysis technique 
w i t h a detect ion l i m i t of 0.01 m g / L was used to measure L A S i n the col lected 
samples. Influent sewage L A S (average chain length C 1 2 ) concentrat ion av­
eraged 3.5 ± 1.2 m g / L . Ef f luent L A S levels v a r i e d as a funct ion of treatment 
type. F o r example, L A S concentrations i n activated-sludge effluents aver­
aged 0.06 m g / L and ranged f rom 0.01 to 0.13 m g / L , whereas p r i m a r y 
treatment effluents averaged 2.1 m g / L and ranged f rom 1.7 to 2.5 m g / L . 

Rapaport and E c k h o f f (46) also reported results f r o m an extensive L A S 
study i n R a p i d C r e e k , South Dakota . L A S r iver-water concentrations w e r e 
rapidly attenuated as a funct ion of distance downstream f r o m a t r i c k l i n g -
filter treatment plant. L A S concentrat ion i n sediments downstream was 
probably d i m i n i s h e d b y movement of the surflcial sediments, biodégrada­
t ion , and d i l u t i o n b y bank solids. T h e L A S concentrat ion of 190 ± 95 
mg/kg i n sediments immedia te ly be low the plant outfall was at the l o w range 
of the calculated steady-state concentrations, w h i c h ranged f rom 190 to 740 
mg/kg. 

M c A v o y et a l . (47) m o n i t o r e d L A S levels f rom several drainage basins 
at a variety of treatment plants i n 11 states. T h e plant types i n c l u d e d activated 
sludge (15 sites), t r i c k l i n g filter (12 sites), oxidation d i t c h (6 sites), lagoon (8 
sites), and rotating biological contactor (9 sites). Inf luent wastewater, ef­
fluent, upstream and downstream r iver water, and sediment samples w e r e 
col lected at each site. S a m p l i n g was conducted d u r i n g per iods of l o w r i v e r 
flow, w h e n effluent d i l u t i o n w o u l d be lowest. Inf luent and effluent samples 
were col lected as 24-h composites and then c o m b i n e d into 3-day flow-
averaged composites. R iver -water samples were col lected as grab sam­
ples across a hor izontal transect of the r iver to assess m i x i n g of the effluent 
p l u m e . 

Solid-phase extraction and cleanup w e r e used, fo l lowed b y high-pressure 
l i q u i d chromatography ( H P L C ) - f l u o r e s c e n c e detect ion for quanti tat ion of 
L A S levels (48). De te c t i on l imits i n water samples and sediments w e r e 0.010 
m g / L and 1 mg/kg, respect ively. T h e average inf luent concentrat ion was 5 
m g / L . Ef f luent L A S concentrations var ied as a funct ion of treatment type 
(Table I). Average effluent concentrations ranged f r o m 0.04 m g / L for 
activated-sludge plants to 1 m g / L for t r ickl ing-f i l ter plants. I n terms of 
removal , this concentration corresponds to > 9 9 % for activated-sludge plants 
and an average of 77% for tr ickl ing-f i l ter plants. T h e average r e m o v a l for 
other types of treatment plants ranged f rom 96 to 98%. 
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Table I. Sewage Treatment Plant Influent and Effluent 
Concentrations of L A S for Different Types 

of Sewage Treatment 

Average Removal 
Cone. Rate 

Treatment Type (mg/L) (%) 

Influent L A S concentrations 4.8 ± 2.0 
Effluent L A S concentrations: 
Primary treatment 27 19 
Activated sludge 0.04 ± 0.3 99.3 0.61 
Trickling filter 1.04 0.98 77.4 15.46 
Lagoons 0.06 ± 0.1 98.5 1.81 
Oxidation ditch 0.12 ± 0.27 98.0 ± 4.24 
Rotating biological contactor 0.19 ± 0.38 96.2 ± 6.10 

S O U R C E : Data are taken from refs. 4 6 and 4 7 . 

F i g u r e 2 shows a histogram recording the frequency of observed i n -
stream concentration of L A S measured b e l o w sewage-treatment outfalls. 
Concentrat ions of L A S measured i n samples f rom the left, m i d d l e , a n d r ight 
stream channels f rom sampl ing locations w e r e consistent, w h i c h indicated 
complete m i x i n g . Stream concentrations of L A S were general ly less than 
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Figure 2. Frequency of observed in-stream LAS concentrations below sewage 
outfalls. (Data are from ref 47.) 
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0.05 m g / L . H o w e v e r , a concentration of 0.320 m g / L was measured at one 
location i n an irr igat ion d i t ch that served as a rece iv ing stream for a t r i c k l i n g -
f i l ter plant discharge. T h e stream-water concentrations represent worse-case 
condit ions because the samples were col lected u n d e r low-f low condit ions at 
locations w i t h m i n i m a l effluent d i l u t i o n . 

D e H e n a u and Matthi js (49) reported L A S sediment m o n i t o r i n g results 
f rom G e r m a n y (14 sites). Sediment concentrations of L A S w e r e measured 
b y H P L C - U V spectroscopy and were found to be dependent on the distance 
between sampl ing location and sewage-treatment-plant (STP) outfal l . M e a ­
sured concentrations ranged f rom a few mil l igrams per k i logram of d r i e d 
sediment at 48 k m downstream to a m a x i m u m of 275 mg/kg at on ly 1 k m 
downstream from the S T P effluent. 

AS Treatability and Environmental Concentrations. Studies of 
A S degradation i n the environment or d u r i n g actual sewage treatment have 
been l i m i t e d because specific analytical methods to measure A S w e r e not 
available u n t i l recently . W e deve loped a m e t h o d that isolated A S f rom water 
samples on a strong anion-exchange c o l u m n . T h e A S were then h y d r o l y z e d 
to a fatty ac id and analyzed b y gas chromatography w i t h flame-ionization 
detect ion ( G C - F I D ) . T h e m e t h o d has a detect ion l i m i t of 5 μg/L p e r c o m ­
ponent (50). 

L e v e l s of A S i n wastewater flowing into sewage-treatment plants that 
discharge to surface water were pred ic ted to be near 1.7 p p m (see e q 1). 
H o w e v e r , A S levels i n wastewater samples col lected as 1-h composite sam­
ples f rom two STPs near C i n c i n n a t i , O h i o , averaged 0.27 ± 0.18 m g / L and 
ranged f r o m 0.04 to 0.53 m g / L . R a p i d loss of A S from wastewater b y ei ther 
microb ia l or enzymatic hydrolysis may account for the measured A S con­
centrations b e i n g lower than expected. 

Analyses of A S i n A S - a m e n d e d r iver water and f i l tered and unf i l te red 
wastewater as a funct ion of t ime conf i rm this hypothesis . F o r example, A S 
levels i n unf i l tered wastewater decreased to less than 4 0 % of the or ig inal 
spike after only 6 h (Figure 3). Af ter 24 h the A S levels r e m a i n e d at less 
than 4 0 % of the or iginal spike. A S concentrations i n r i v e r water (F igure 4) 
a m e n d e d w i t h A S also decreased to levels less than 4 0 % of the or ig inal spike 
after 24 h . R e d u c e d A S degradation after addi t ion of formaldehyde to the 
samples indicated that the A S loss was biological ly media ted . 

A S levels i n effluent from an activated-sludge plant near C i n c i n n a t i , 
O h i o , averaged 0.0178 ± 0.0091 m g / L (n = 5) w i t h a removal rate of 9 3 % 
(50). M a n n and R e i d (51) reported near complete p r i m a r y degradation of 
A S d u r i n g tr ickl ing-f i l ter treatment. 

G i v e n the h i g h rate of A S degradation i n natural waters and the h i g h 
removal d u r i n g sewage treatment, surface-water concentrations are expected 
to be very low. E v e n direct discharge of A S - c o n t a i n i n g wastewater to a r iver 
or stream that feeds a lake or reservoir is not l i k e l y to transport measurable 
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Figure 4. Plot of AS concentrations in river water as a function of time. 
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17. F E N D I N G E R E T A L . Behavior and Fate of Anionic Surfactants 539 

amounts of A S because of the abundance of sulfatase-producing organisms 
i n the environment . 

A E S Treatability and Environmental Concentrations. R e m o v a l 
of C 1 2 _ 1 5 E 3 S d u r i n g laboratory-scale semicontinuous activated-sludge test ing 
was greater than 95%, w i t h greater than 98% removal b y activated-sludge 
treatment (52). R a p i d loss was also observed i n r iver water and estuarine 
water. F o r example, K i k u c h i (53) found 8 0 - 1 0 0 % of A E S degraded i n r i v e r 
water w i t h i n 3 to 5 days, as measured b y M B A S . I n addi t ion , Vashon a n d 
Schwab (54) measured 8 0 - 1 0 0 % A E S mineral izat ion b y 1 4 C 0 2 evolut ion 
w i t h i n 15 days i n estuarine water. 

A E S are typical ly measured i n environmenta l matrices b y nonspecif ic 
color imetr ic analyses ( M B A S ) that col lect ively measure L A S , A S , and nat­
ural ly occurr ing anionic surfactants. Al ternat ive ly , a specific gas chromato­
graphic m e t h o d for A E S , deve loped by N e u b e c k e r (55), was e m p l o y e d to 
measure A E S concentrations i n inf luent and effluent from STPs and r iver 
water. Total A E S measured i n inf luent wastewater to a S T P was 1.88 
m g / L . A E S removal of 9 4 - 1 0 0 % was measured d u r i n g actual sewage treat­
ment b y activated sludge; the resul t ing effluent concentrat ion was 0.06 
m g / L . Total A E S levels i n r iver water were less than 0.01 m g / L . A E S 
accounted for 6 - 1 3 % of M B A S measured i n natural water. 

Predicted Anionic Surfactant Concentrations in Surface Water. 
M o d e l i n g of surfactant concentrations i n surface water provides exposure 
estimates w h e n large-scale moni tor ing data are not available. T h e models 
w e used to estimate surfactant concentrations i n surface waters are U S T E S T 
(56) and P G - R O U T (57). F o r both models only wastewater levels f rom actual 
m o n i t o r i n g are used, along w i t h removal rates f rom actual sewage treatment 
(Table I). A S and A E S removal rates for treatment types other than activated 
sludge are not available. F o r these surfactants, L A S removal rates w e r e used 
to estimate removal d u r i n g p r i m a r y and various forms of secondary sewage 
treatment. This assumption provides a conservative estimate of A S and A E S 
removal because these surfactants are expected to be r e m o v e d f rom waste­
water at least as efficiently as L A S . 

U S T E S T , deve loped b y Rapaport (56) is a r iver concentrat ion m o d e l 
applicable throughout the U n i t e d States. T h e m o d e l predicts concentrations 
b e l o w the m i x i n g zones of sewage-treatment plants. It is b u i l t on three large 
databases that l i n k r iver flow, treatment type, and sewage-discharge v o l u m e . 
Thus d i l u t i o n factors are predic ted for each of the 11,500 p u b l i c l y o w n e d 
treatment works ( P O T W ) i n the U n i t e d States. T h e m o d e l l inks the treatment 
type to the d i l u t i o n factor so that different removal rates for the chemica l 
b e i n g m o d e l e d can be assigned for each treatment. T h e result is a national 
frequency dis t r ibut ion of r iver concentrations just b e l o w the m i x i n g zones 
of treatment-plant outfalls. These predict ions can be done u n d e r mean or 
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cr i t ica l - low river flow rates. T h e latter closely approximates 7-consecutive-
day, 10-year low-f low (7Q10) condit ions (56). Concentrat ions pred ic ted b y 
U S T E S T are typical ly the highest that are expected to occur i n the e n v i ­
ronment because the m o d e l does not take into account in-stream removal 
processes such as biodégradation and sorption onto particles w i t h sett l ing 
out o f the water c o l u m n . M o d e l input includes wastewater concentration 
and removal b y p r i m a r y , t r ickl ing-f i l ter , and activated-sludge treatment. 
Tr ick l ing- f i l ter removal , used i n U S T E S T predict ions , was calculated as the 
flow-weighted ( U n i t e d States) average removals for tr ickl ing-f i l ter , rotat ing 
biological contactor, lagoon, and oxidat ion-ditch treatment systems. 

F i g u r e 5 shows the frequency dis t r ibut ion for L A S b e l o w the 11,500 
P O T W s i n the U n i t e d States u n d e r mean-f low and low-f low condit ions, p lus 
ranked dis t r ibut ion of the actual r i v e r - m o n i t o r i n g data from Rapaport and 
E c k h o f f (46) and M c A v o y et a l . (47). T h e U S T E S T m o d e l predicts that 
concentrations w i l l be less than 0.148 and 0.038 m g / L for cr i t ical low- f low 
and mean-f low condit ions, respect ively, at 9 0 % of the locations. C o n c e n t r a ­
tions at mean-f low condit ions are lower because of greater in-stream d i l u t i o n . 
T h e m o n i t o r i n g results correspond closely to the pred ic ted low-f low con-

100 h 

90 

80 

70 

60 -

50 -

20 

10 h 

7Q10 FLOW 
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Figure 5. Frequency distribution of LAS concentrations below the 11,500 
publicly owned treatment works in the United States under mean-flow and 
low-flow conditions plus ranked distribution of actual river-monitoring data. 

(Data are from ref. 47.) 

 P
ub

lic
at

io
n 

D
at

e:
 M

ay
 5

, 1
99

4 
| d

oi
: 1

0.
10

21
/b

a-
19

94
-0

23
7.

ch
01

7

In Environmental Chemistry of Lakes and Reservoirs; Baker, L.; 
Advances in Chemistry; American Chemical Society: Washington, DC, 1994. 



17. F E N D I N G E R E T A L . Behavior and Fate of Anionic Surfactants 5 4 1 

centrations. These results indicate that the m o d e l is a good predic tor of 
actual L A S envi ronmenta l concentrations. 

F igures 6 and 7 show the frequency distr ibutions for A S and A E S , 
respectively, b e l o w the 11,500 P O T W s i n the U n i t e d States u n d e r mean-
flow and low-f low condit ions. A S concentrations are expected to be less than 
0.010 m g / L u n d e r low-f low condit ions and less than 0.002 m g / L u n d e r 
mean-f low condit ions for 9 0 % of the locations. A E S concentrations are ex­
pected to be less than 0.063 and 0.015 m g / L u n d e r low-f low and mean-f low 
condit ions, respect ively, for 9 0 % of the locations. A s was the case w i t h L A S , 
the concentrations p r e d i c t e d at the 90th percent i le (only 10% of the treat­
ment plants are expected to have h igher concentrations) are the highest 
concentrations that are expected to be encountered i n the environment . 

P G - R O U T is a determinis t ic river m o d e l applicable throughout the 
U n i t e d States (57). Predict ions are based o n more than 500,000 U n i t e d States 
river mi les . Th is m o d e l also predicts concentrations under 7Q10 and mean-
flow condit ions. T h e m o d e l is d r i v e n b y several large E P A databases. P r e ­
dictions are made b e l o w each of the 11,500 P O T W s , at d r i n k i n g water intakes 
and at any des i red m i l e points i n the r i v e r systems. T h e m o d e l output 
includes a frequency dis t r ibut ion b y river m i l e and a detai led P C database. 

7Q10 FLOW 
MEAN FLOW 

AS CONCENTRATION (PPB) 
Figure 6. Frequency distribution of AS concentrations below the 11,500 pub­
licly owned treatment works in the United States under mean-flow and low-

flow conditions. 
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Figure 7. Frequency distribution of AES concentrations below the 11,500 
publicly owned treatment works in the United States under mean-flow and 

low-flow conditions. 

F o r comparison, biological oxygen d e m a n d ( B O D ) , ammonia , and dissolved 
oxygen concentrations are also predic ted . 

A s an example of h o w the m o d e l works , an i n d i v i d u a l river reach can 
be considered. T h e m o d e l first locates P O T W s , d r i n k i n g water intakes, and 
industr ies . T h e n the load for each part icular P O T W that discharges into the 
stream is de termined . T h e resul t ing concentration is a funct ion of the p e r 
capita usage rate for the chemical , the type of treatment that the wastewater-
treatment plant employs , the effluent f low rate, and the r iver f low rate at 
the discharge point . T h e treatment type and f low rates are accessed f rom 
the E P A databases. T h e in i t ia l concentration is a l lowed to decay b y first-
order kinetics d e t e r m i n e d f rom biodégradation studies to the next point of 
interest. This process continues for selected m i l e points , industr ies , and 
P O T W s . A t each P O T W a n e w load is added to the stream. F o r b o t h i n ­
dustries and P O T W s , ammonia and B O D loading are s imulated. This process 
continues for a l l 500,000 r iver miles i n exact hydrologie sequence. 

F i g u r e 8 shows a comparison between L A S levels p r e d i c t e d b y P G -
R O U T and actual levels obtained b y moni tor ing for the west branch of the 
T r i n i t y R i v e r (Texas). This r iver reach is especially diff icult to m o d e l because 
there are a n u m b e r of i m p o u n d m e n t s . H o w e v e r , p r e d i c t e d L A S concentra­
tions ranging f rom 0 to near 3.0 X 10 2 m g / L were s imilar to concentrations 
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Figure 8. Comparison between LAS levels predicted by PG-ROUT and actual 
levels from monitoring the west branch of the Trinity River (Texas). 

d e t e r m i n e d b y actual moni tor ing . M u c h of the variat ion be tween the m o d e l 
and moni tor ing data can be explained by discrepancies i n the discharge m i l e -
point location data. 

P G - R O U T was also used to predic t L A S r iver-water concentrations as 
a funct ion of U n i t e d States r iver miles . F i g u r e 9 shows the L A S concentra­
tions predic ted b y P G - R O U T on a log scale versus the percentage of U n i t e d 
States river ki lometers w i t h carbonaceous B O D ( C B O D ) and L A S as C B O D 
for comparison. L A S concentrations are pred ic ted to be less than 0.004 
m g / L for 90% and less than 0.020 m g / L for 9 5 % of U n i t e d States r iver 
ki lometers . B y comparison, C B O D is 9.8 m g / L for 9 5 % of U n i t e d States 
r iver k i lometers . L A S expressed i n terms of C B O D is 0 .5% of the total 
C B O D at the 95th percent i le . P G - R O U T predict ions have not b e e n con­
ducted for A S or A E S . 

Aquatic Toxicity 

L A S . T h e toxicity of C 1 2 L A S to aquatic organisms has been w i d e l y 
s tudied and is reported to span a w i d e concentrat ion range (Table II ; see 
ref. 65 for a more extensive rev iew; the references w e report i n this chapter 
were selected for appl icabi l i ty to the U n i t e d States and E u r o p e and for data 
quality) . T h e toxicity mechanism of L A S and other surfactants (AS and A E S ) 
is u n k n o w n but is suspected to be polar narcosis. A c u t e toxicity to i n v e r ­
tebrate species (48-h LCgo) range f rom 1.7 m g / L for the oligochaete, Dero, 
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PERCENTAGE OF RIVER KILOMETERS 

Figure 9. LAS concentrations predicted by PG-ROUT versus United States 
river kilometers with carbonaceous BOD (CBOD) and LAS as CBOD for 

comparison. 

to 270 m g / L for the isopod, Asellus (58). F o r the invertebrates used most 
c o m m o n l y i n aquatic toxicity testing (the daphnids , Daphnia and Cenodaph-
nia, and the a m p h i p o d , Gammarus) acute toxicity values are repor ted to 
range from 3.3 to 8.6 m g / L . Because d a p h n i d sensit ivity to C 1 2 L A S is s imi lar 
to or lower than the sensit ivity of other invertebrate species, acute toxicity 
values for the daphnids are used to assess risk to a l l invertebrate organisms. 

T h e available C 1 2 L A S acute toxicity data for fish indicate l i t t le in tra-
species var iabi l i ty (Table II). F o r the four species tested, the 96-h L C ^ 
concentrations of C 1 2 L A S range from 1.2 m g / L for the fathead m i n n o w 
Pimephales promelas (64) to 6.2 m g / L for the m i n n o w Phoxinus phoxinus 
(68). A l t h o u g h the variety of species tested is not as broad as for the inver ­
tebrates, the available data suggest that sensit ivity of fish to C 1 2 L A S is s imi lar 
to that of the most sensitive invertebrates. 

N o studies on the acute toxicity of C 1 2 L A S to algae and aquatic plants 
were found i n the l i terature. T y p i c a l toxicity-testing protocols use a test 
durat ion of 4 - 7 days. This durat ion of testing represents a significant p o r t i o n 
of the organisms' life span for the taxa tested. Thus these toxicity tests are 
appropriately considered chronic-toxici ty tests. 

T h e chronic toxicity of C 1 2 L A S to invertebrates, fish, a n d algae span a 
relat ively narrow toxicity range (Table III). Toxic i ty to fish and one algal 
species is comparable and sl ightly greater than toxicity to invertebrates. 

No-observed-effect concentrations ( N O E C ) for fish range from 0.3 to 
1.1 m g / L for the fathead m i n n o w (64, 66). T h e most appropriate chronic -
toxicity value from the F a i r c h i l d et a l . (64) s tudy is the 0.7 m g / L value, as 
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Table II. Acute Toxicity of C 1 2 L A S to Invertebrates 
and Fish 

Test 
Organism Duration (h) (mg/L) Ref 

Invertebrates 
Dero 48 1 .7 58 
(oligocheate) 
Daphnia magna 48 1.8 59 
(water flea) 3.5 60 

5.9 61 
Dugesia 48 1.8 58 
(flatworm) 
Gammarus 48 3.3 58 
(amphipod) 
Daphnia pulex 8.6 61 
(water flea) 
Ceriodaphnia dubia 48 5.3 62 
(water flea) 
Rhadbitis 48 16 58 
(nematode) 
Paratanytarsus 48 23 58 
(midge) 
Goniobasis 24 19 63 
(snail) 48 92 62 
Asellus 48 270 58 
(isopod) 

Fish 
Pimephales promelas 96 1.2 64 
(fathead minnow) 96 3.8 65 

96 4.1 66 
96 4.7 60 

Lepomis macrochirus 96 1 .7 67 
(bluegill sunfish) 
Oncorhynchus mykiss 96 2.5 62 
(rainbow trout) 
Phoxinus phoxinus 48 6.0 68 
(minnow) 48 6.2 

this was the 28-day early-life-eyele test. T h e other values reported b y F a i r -
c h i l d et al . are 7-day chronic estimator tests. These tests are of shorter 
durat ion, more h igh ly variable, and thus not cons idered as good a measure 
of toxicity as the longer- term test from the same study. S imi lar ly , the most 
appropriate chronic-toxici ty value f rom the H o l m a n and M a c e k (66) s tudy 
is 1.1 m g / L , as this value was based on results f rom a l i fe-cycle study. T h e 
other chronic-toxici ty values for the fathead m i n n o w repor ted b y H o l m a n 
and M a c e k (66) are f rom 30-day early-life-stage tests. 

A l g a l m e d i a n effective concentrations (EC50) range from a l o w of 0.9 
m g / L for the b lue-green alga Microcystis to 29 m g / L for Selenastrum (71). 
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Table III. Chronic Toxicity of C 1 2 L A S to Invertebrates, F ish , and Algae 

Organism Toxicity Text 
NOECa-LOECb 

(mg/L) Ref. 

Invertebrates 
Hyalella azteca 7-day survival 0.9-2.1 64 
(amphipod) 1.4-2.9 

0.9-2.0 
0.6-1.5 

Daphnia magna 21-day survival; 1.2 ( N O E C ) 65 
(water flea) reproduction 1.5-2.25 69 

4.9 ( N O E C ) 70 
Ceriodaphnia dubia 7-day survival; 1.4C 62 
(water flea) reproduction 

Fish 
Pimephales promelas life cycle 1.1 ( N O E C ) 66 
(fathead minnow) (growth, survival, 

reproduction) 
early lifestage 0.48-0.49 

(40-day survival, 
growth) 

early lifestage 0.65-0.98 
early lifestage 0.7-1.8 64 
7-day growth 0.9-2.1 
7-day growth 0.3-0.6 
7-day growth 0.3-0.9 
7-day growth 0.6-1.5 

Plants 
Microcystis aeruginosa 4-day pop. growth 0.9 71 
(blue-green algae) 2-day pop. growth 10-20 72 

0.09 73 
Lemna minor 7-day growth 2.7 59 
(duckweed) 
Nitzschia fonticula 2-day pop. growth 20-50 72 
(diatom) 
Selenastrum 4-day pop. growth 29 71 
capricornutum 2-day pop. growth 50-100 72 
(green algae) 

"NOEC indicates no-observed-effect concentration. 
foLOEC indicates lowest-observed-effect concentration. 
cMean of eight toxicity tests. 

T h e EC50 value of 0.09 m g / L reported b y L e w i s (73) is b e l i e v e d to be i n 
error. E v i d e n c e available i n proprietary reports indicates the correct value 
to be 0.9 m g / L , as reported b y L e w i s and H a m m (71). This value is further 
corroborated b y the study of Yamane et a l . (72). 

F o r invertebrates, F a i r c h i l d et a l . (64) reported results of 4- and 7-day 
survival studies w i t h Hyallela. N O E C values ranged f r o m 0.6 to 1.4 m g / L 
i n these studies. T h e C 1 2 L A S 21-day N O E C for Daphnia range f rom 1.2 
(65) to 4.9 (70), and for Ceriodaphnia the 7-day N O E C was 1.4 m g / L (62). 
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A c u t e - to chronic-toxici ty ratios based o n one or several organisms can 
be used to extrapolate f rom acute data to chronic data for other groups of 
organisms. A l t h o u g h a n u m b e r of assumptions are inherent i n this approach, 
the m e t h o d generates chronic values that can be used i n in i t ia l risk assess­
ments. B y us ing the data f rom Tables II and III, and calculat ing geometr ic 
mean values where more than one toxicity value exists, acute-to-chronic 
ratios for Daphnia magna, Ceriodaphnia duhia, and Pimephales promelas 
were d e t e r m i n e d to be 2.2, 3.8, and 3.5, respect ively. 

A S . T h e acute toxicity of C 1 2 A S has rece ived a significant amount of 
research (Table IV) , i n part because of the recommendat ion that s o d i u m 
d o d e c y l sulfate (SDS) be used as a reference toxicant ( U . S . E P A , u n p u b l i s h e d 
reference literature). Results of toxicity tests w i t h three invertebrate species 
are reported, w i t h acute 24- and 48-h ECgo values ranging from 1.4 m g / L 
for the rotifer Brachionus rubens to 10.3 m g / L for Daphnia magna. In fish, 
96-h acute LCgo values reported range from 4.5 m g / L for the b l u e g i l l sunfish 
(Lepomis tnacrochirus) to 18.3 m g / L for the adult guppy (Lebistes reticu-
latus). N e w s o m e (79) studied C 1 2 A S toxicity to three life stages of fish—fry 
(3 weeks of age), juveni le (12 weeks of age), and adult (20 weeks of age)— 
and observed that fry were generally the most sensitive and adults the least 
sensitive to the acute toxicity of A S . 

A n y g iven organism appears to have a fair amount of var iabi l i ty i n the 
acute toxicity of C 1 2 A S . Var iabi l i ty occurs w i t h i n studies (tests conducted b y 
a single author), as w e l l as between studies. F o r example, i n the study of 
L e B l a n c (75) the eight 48-h ECgo values for Daphnia magna were reported 
to range f rom 3.3 to 9.8 m g / L . B e t w e e n studies, the 48-h E C 5 0 value for 
Daphnia magna ranges from 1.8 m g / L (59) to a h i g h of 15.2 m g / L (77). 

A por t ion of the between-study variabi l i ty may indicate the direct effect 
of water hardness on toxicity (83, 84). This effect appears to result f r o m an 
increased availabil i ty of A S i n hard water (84, 85), not a l l of w h i c h is attr ib­
utable to changes i n A S environmenta l chemistry . T h e toxicity of A S appears 
to increase w i t h the hardness of the accl imation water w h e n organisms are 
tested at the same water hardness (84). This study suggests that accl imation 
condit ions affect the susceptibil it ies of organisms to A S toxicity. Some of the 
variabi l i ty i n the toxicity estimates, bo th w i t h i n and be tween studies, is 
expected to stem f rom the rapid biodégradation or other loss processes of 
A S . A c u t e toxicity testing is usually conducted by us ing a static exposure 
system without test substance renewal . U n d e r these condit ions w e expect 
A S to degrade and thereby introduce an unquant i f ied l e v e l of uncertainty 
into the acute toxicity test results. 

P u b l i s h e d reports of the chronic toxicity of C 1 2 A S are s u m m a r i z e d i n 
Table V. L e B l a n c (75) exposed Daphnia magna to C 1 2 A S i n a four-generat ion 
toxicity test. Daphnia (<24 h old) were exposed to C 1 2 A S for 10 days; then 
some of the y o u n g were isolated f rom each concentration and exposures 

A m e r i c a n C h e m i c a l 
S o c i e t y Library 

1155 16th St. N.W, 
Washington, D.C. 20036 
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Table IV. Acute Toxicity of C I 2 A S to Invertebrates and Fish 

Test 
Organism Duration (h) LCm (mg/L) Ref. 

Invertebrates 
Brachionus rubens 2 4 1 .4 E 7 4 
(rotifer) 
Daphnia magna 4 8 1 .8 5 9 
(water flea) 4 8 7 . 0 6 7 5 

4 8 6 . 3 7 6 
4 8 10.3 b 7 7 

Daphnia pulex 4 8 8 . 9 ' 7 7 
(water flea) 

Lepomis macrochirus 9 6 4 . 5 5 9 
(bluegill sunfish) 9 6 4 . 8 6 5 

9 6 2 0 . 3 
Oncorhynchus mykiss 2 4 4 . 6 7 8 
(rainbow trout) 4 8 6 . 2 7 9 
Brachydanio rerio 2 4 7 .8 7 8 
(zebrafish) 9 6 9 . 9 (fry) 7 9 

9 6 1 2 . 8 (juv.) 
9 6 2 0 . 1 (adult) 

Jordanella floridea 2 4 8 . 1 7 8 
(flagfish) 
Pimephales promelas 9 6 1 0 . 2 (fry) 7 9 
(fathead minnow) 9 6 1 7 . 0 (juv.) 

9 6 2 2 . 5 (adult) 
Lebistes reticulatus 9 6 1 3 . 5 (adult) 7 9 
(guppy) 9 6 1 6 . 2 (juv.) 

9 6 1 8 . 3 (fry) 
Salmo trutta 4 5 1 8 8 0 
(brown trout) 
Phoxinus phoxinus 2 4 3 0 . 5 8 1 
(minnow) 
Carassius auratus 6 6 0 8 2 
(goldfish) 9 6 2 8 . 4 7 9 
Oryzias latipes 2 4 7 0 8 3 
(Japanese killifish) 

"Indicates mean of six toxicity tests. 
hIndicates mean of eight toxicity tests. 
cIndicates mean of 10 toxicity tests. 

cont inued w i t h the y o u n g as test organism for another 10 days. T h i s p r o ­
cedure was repeated for four generations w i t h survival and reproduct ion 
used as e n d points. O n the basis of survival and reproduct ion , 2.0 m g / L 
was the no-observed-effect concentration. C o w g i l l and W i l l i a m s (86) inves­
tigated the toxicity of C 1 2 A S to Ceriodaphnia dubia i n 7-day chronic toxicity 
tests. T h e mean E C 5 0 value for reproduct ion , the most sensitive measure 
of toxicity, was 36 m g / L . A no-observed-effect concentrat ion was not re­
ported . 
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Table V. Chronic Toxicity of C i 2 A S to Invertebrates and Algae 

Toxicity NOEC\ ECso 
Organism Test (mg/L) Ref 

Invertebrates 
Daphnia magna 10-day survival, 2.0 ( N O E C ) 75 
(water flea) reproduction, 4 

generations 
tested 

Cenodaphnia dubia 7-day chronic 36 (ECso) 86 
(water flea) reproduction & 

survival 
Plants 

Lemna minor 7-day growth 18 (EC 5 0 ) 59 
(duckweed) 
Selenastrum 2-day population 60 (EQo, C 1 3 AS) 72 
capricornutum growth 
(green algae) 

° N O E C indicates no-observed-effeet concentration. 
N O T E : There are no data for fish. 

Bishop and P e r r y (59) investigated the toxicity of six compounds , i n ­
c l u d i n g C 1 2 A S , w i t h d u c k w e e d (Lemna minor) i n a 7-day mult igenerat ion 
flow-through toxicity test. Test concentrations were analytical ly ver i f i ed , and 
toxicities to f rond count, d r y weight , root weight , and growth rate were 
assessed. As w i t h most of the other compounds tested i n this study, the 
most sensitive indicator of C 1 2 A S toxicity was root length , w i t h an E C 50 
concentration of 18 m g / L . Yamane et a l . (72) repor ted a 2-day E C 5 0 value 
of 60 m g / L based on the specific populat ion growth rate for the green alga, 
Selenastrum capricornutum. 

T h e r e are no p u b l i s h e d reports of the chronic toxicity of C 1 2 A S to fish. 
C o n s i d e r i n g the comparable acute toxicity to fish and invertebrates of C 1 2 A S 
and the other anionic surfactants reported here , f ish chronic toxicity values 
for C 1 2 A S are pred ic ted to be s imilar to those reported for invertebrates. 

T h e chronic toxicity data reported here for C 1 2 A S is i n general agreement 
w i t h the publ ica t ion of Steber et a l . (26). These authors repor ted chronic 
toxicity values to algae (Scenedesmus and Chlorella) and daphnids for the 
tal low A S (a mixture of C 1 6 A S and C 1 8 A S ) . T h e 21-day no-observed-effect 
concentration for Daphnia was 16.5 m g / L , and the E C 1 0 levels were 14.4 
and 25.5 m g / L for Scenedesmus and Chlorella, respect ively. T h e E C 5 0 con­
centrations were 57.6 and 28.6 m g / L for the same species. 

A E S . T h e acute and chronic toxicity of A E S has not b e e n invest igated 
as thoroughly as the toxicities of other anionic surfactants. H o w e v e r , suffi­
c ient data are available to prov ide a p r e l i m i n a r y assessment of the potent ia l 
hazard to aquatic life (Table VI ) . 

M a k i (70) reported a 96-h L C 5 0 value of 1.17 m g / L for Daphnia magna 
exposed to a C 1 4 7 E 2 2 5 S i n a f low-through toxicity test. T h e L C 5 0 value was 
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Table V I . Acute Toxicity of C 1 2 _ 1 5 E 3 S to Invertebrates and Fish 

Test 
Organism Duration (h) L£m{mgih) Ref. 

Invertebrates 
Daphnia magna 48 1.17 70 
(water flea) (C14.7E2.258) 

5 76 
(C l 2 AE 3 S) 

13 
(C 1 2 AE 5 S) 

17 
(C 1 2 _i 4 AE 2 2 S) 

Daphnia pulex 48 20.2 e 87 
(water flea) 

Fish 
Pimephales promelas 96 1.6 (fry) 79 
(fathead minnow) 96 2.5 (juv.) 

96 2.2 (adult) 
Salmo trutta 96 1.5 88 
(brown trout) 
Brachydanio rerio 96 2.2 (fry) 79 
(zebrafish) 96 1.9 (juv.) 

96 2.4 (adult) 
Lebistes reticulatus 96 2.4 (fry) 79 
(guppy) 96 2.4 (juv.) 

96 2.1 (adult) 
Oncorhynchus mykiss 96 1.0 (juv.) 79 
(rainbow trout) 
Carassius auratus 96 3.0 (juv.) 79 
(goldfish) 

3.0 (juv.) 

"Indicates mean of two values. 

based on measured concentrations of the A E S . This value is less than the 
toxicity to a Daphnia species i n a static test system repor ted b y L u n d a h l et 
al . (76). These authors s tudied the toxicity of three samples of A E S , two 
C 1 2 A E 3 S samples, and a ^ C 1 2 _ 1 4 A E 2 2 S , and they observed 48-h E C 5 0 values 
to range from 5.0 to 17 m g / L for these compounds (76). I n tests w i t h Daphnia 
pulex, M o o r e et a l . (87) reported a mean 48-h E C 5 0 value of 20.2 m g / L for 
an A E S . This variabi l i ty i n the toxicity of A E S to members of the genus 
Daphnia may be attributable, i n part, to differences i n species susceptibi l i ty 
and the specific A E S tested. H o w e v e r , the role of biodégradation should 
not be underest imated. L u n d a h l and C a b r i d e n c (68) demonstrated that A E S 
toxicity to daphnids can be complete ly r e m o v e d b y biodégradation w i t h i n 
30 h . 

T h e acute toxicity of A E S to f ish is s imilar across fish species and s imi lar 
to the toxicity to Daphnia magna reported b y M a k i (70). L C 5 0 values range 
from 1.5 for the b r o w n trout (Salmo trutto) (88) to 3.0 m g / L for the goldfish 
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(Carassius auratus) (79). A l l of the f ish toxicity values are based o n static 
exposures, but i n both the N e w s o m e (79) and R e i i f et a l . (88) studies, test 
solutions were r e n e w e d at least dai ly to m i n i m i z e biodégradation. 

C h r o n i c toxicity data for A E S exist for invertebrates, fish, and algae 
(Table VII ) . M a k i (70) reported a N O E C based on the most sensitive e n d 
point (total n u m b e r of young produced) of 0.27 m g / L for Daphnia magna 
exposed to C i 4 . 7 E 3 S i n a flow-through, 21-day toxicity test. I n a flow-through 
l i fe-cycle toxicity test w i t h fathead minnows (Pimephales promelas), g rowth 
was the most sensitive e n d point to C 1 4 7 E 3 S toxicity (70). T h e N O E C was 
0.1 m g / L and the lowest-observed-effect concentration ( L O E C ) was 0.22 
m g / L . T h e 2-day E C 5 0 value for Selenastrum capricornutum populat ion 
growth was reported as 65 m g / L for A E S (72). 

Structure-Activity Relationships. T h e acute toxicity of a variety of 
surfactants increased w i t h increased chain length of the h y d r o p h o b i c por t ion 
of the surfactant (7, 61). This effect was extensively s tudied for L A S homologs 
for both fish and invertebrates (5, 61, 65, 66). These data are shown i n F i g u r e 
10 and are quantitat ively descr ibed b y eqs 2 and 3. F o r toxicity to f ish, 

log (96-h LCso) = ( - 0 . 4 6 * C L ) + 5.99 (2) 

F o r toxicity to invertebrates, 

log (48-h LC50) = ( - 0 . 3 9 * C L ) + 5.41 (3) 

where C L is the chain length of the carbon atoms on the a lky l chain . T h e 
data for f ish are a combinat ion of information on the b l u e g i l l sunfish (Lepomis 
macrochirus) (65) and the fathead m i n n o w (Pimephales promelas) (66). T h e 
data for the invertebrates are f rom studies w i t h Daphnia magna (5, 61) and 
Daphnia pulex (61). 

Table VII . Chronic Toxicity of C 1 2 . 8 E 3 S to Invertebrates, F ish , and Algae 

Organism Toxicity Text 
NOEC-LOEC 

(mg/L) Ref 

Invertebrates 
Daphnia magna 
(water flea) 

Fish 
Pimephales promelas 
(fathead minnow) 

Plants 
Selenastrum 
capricornutum 
(green algae) 

21-day survival 

life cycle 

2-day population 
growth 

0.27 
( N O E C ; C 1 4 . 6 7 E 3 S) 

0.10-0.22 
(C14.67E3S) 

65 (EC 5 0 ) 

70 

70 

72 

 P
ub

lic
at

io
n 

D
at

e:
 M

ay
 5

, 1
99

4 
| d

oi
: 1

0.
10

21
/b

a-
19

94
-0

23
7.

ch
01

7

In Environmental Chemistry of Lakes and Reservoirs; Baker, L.; 
Advances in Chemistry; American Chemical Society: Washington, DC, 1994. 



552 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

10.00 h 

Ε 

ο to 
Ο 

L O O h 

0.10h 

12 14 

ALKYL CHAIN LENGTH 
Figure 10. LAS LCso plotted as a function of alkyl chain length. 

A d d i t i o n of carbons to the a lky l chain length increases the h y d r o p h o -
bic i ty of the surfactant. T h e increased hydrophobic i ty results i n greater 
uptake rate constants, and toxicity increases b y a factor of approximately 2.7 
w i t h each addit ional a lky l carbon. 

A l i m i t e d amount of chain- length versus chronic- toxic i ty informat ion 
exists for L A S , as w e l l as some chain- length versus acute-toxicity informat ion 
for A S and A E S . These l i m i t e d data also support the relat ionship be tween 
a lky l chain length and toxicity. 

Risk Assessment 

Risk assessments for anionic surfactants are obta ined b y c o m par ing e n v i r o n ­
menta l exposure concentrations to effect levels (the quot ient method). A 
protect ion factor that reflects the environmenta l safety of the material is 
calculated b y d i v i d i n g the exposure l eve l b y the effect concentrat ion. I f the 
protect ion factor is greater than 1, the material is d e e m e d safe. A l t h o u g h 
this approach to assessing risk yields a numer ica l value that c o u l d be inter­
pre ted as the relative safety of a c o m p o u n d , comparisons of protect ion factors 
for different compounds should be avoided. T h e risk assessment for each 
material must be considered separately because of differences i n chemica l 
propert ies and differences i n the database used to obtain the protect ion 
factor. I n addi t ion , the degree of uncertainty i n the exposure and effect 
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concentration determinations should be thoroughly unders tood so that the 
degree of confidence i n the protect ion factor can be communica ted . 

LAS. L A S environmenta l levels i n U n i t e d States surface water are 
expected to range f rom <0.04 to 0.14 m g / L , as p r e d i c t e d f rom m o d e l i n g 
results and f rom actual moni tor ing data (see Exposure Assessment section). 
Because of the agreement be tween results f rom the national L A S m o n i t o r i n g 
efforts and m o d e l predict ions , there is a h i g h l eve l of confidence i n this 
exposure assessment. 

F o r the effect l eve l , applicat ion of the invertebrate acute-to-chronic ratio 
to the most acutely sensitive invertebrate species, Dero, generates a chronic 
toxicity value of 0.6 m g / L . This value compares favorably w i t h the measured 
N O E C s of 1.2 and 1.4 m g / L , respectively, for the invertebrates Daphnia 
magna and Ceriodaphnia dubia. T h e fish species most sensitive to C 1 2 L A S 
chronic toxicity is the fathead m i n n o w , Pimephales promelas. M o s t recently , 
F a i r c h i l d et a l . (64) reported a chronic C 1 2 L A S N O E C of 0.7 m g / L for the 
fathead m i n n o w . This N O E C compares favorably w i t h the N O E C of 1.1 
m g / L reported b y H o l m a n and M a c e k (66) for the same species. 

A n exposure l eve l of 0.02 m g / L reflects mean r i v e r flow; w i t h a lowest 
no effect concentration of 0.6 m g / L it y ie lds a 90th percent i le protect ion 
factor of 30. This agrees w i t h the risk assessment of K i m e r l e (89), w h o 
reported a L A S protect ion factor that exceeded 10. I n addi t ion , cons ider ing 
the l i terature and the k n o w n inf luence of envi ronmenta l factors on the uptake 
and toxicity of C 1 2 L A S i n aquatic organisms, a risk assessment for C 1 2 L A S 
based on laboratory toxicity studies is b e l i e v e d to be conservative. F o r ex­
ample , L e w i s (73) compared the toxicity of C 1 2 L A S to the b lue-green algae 
Microcystis and the green algae Selenastrum, w h i c h were exposed i n lab­
oratory 4-day toxicity tests, w i t h a 10-day exposure of a natural phytoplankton 
assemblage (82 species obtained from a lake). These assemblages w e r e as­
sessed for effects of C 1 2 L A S o n species divers i ty , s imi lar i ty , and n u m b e r , 
and for changes i n dissolved oxygen. T h e N O E C for algae exposed i n this 
study was 27 m g / L . This N O E C is far greater than the laboratory-der ived 
96-h E C so for Microcystis and Selenastrum; apparently laboratory algae tests 
prov ide conservative estimates of safe concentrations i n the environment . 

In addi t ion , F a i r c h i l d et a l . (64) exposed an outdoor stream c o m m u n i t y 
consist ing of a diverse invertebrate benthic popula t ion , Hyallela azteca, and 
Pimephales promelas. These organisms were exposed to a mean concentra­
t ion of 0.35 m g / L , a concentration not expected to cause adverse effects i f 
the laboratory-generated N O E C data were protect ive of the system. E n d 
points assessed d u r i n g the 45-day exposure i n c l u d e d a variety of p e r i p h y t i c 
and benthic invertebrate c o m m u n i t y measurements . These authors found 
no effects on the biota contained i n this study at 35 m g / L of C 1 2 L A S . 
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F i n a l l y , P i t t inger and K i m e r l e (62) calculated hypothet ica l water-qual i ty 
cr i ter ia for C 1 2 L A S . T h e values calculated are 0.23 m g / L for continuous 
concentration and 0.625 m g / L for m a x i m u m concentrat ion. Therefore , lab­
oratory and field data conf i rm that current concentrations of C 1 2 L A S i n the 
aquatic environment are safe. 

AS. A S concentrations i n U n i t e d States surface waters are expected 
to be less than 0.01 m g / L , based on U S T E S T predict ions and actual mea­
sured concentrations at S T P effluents. This value w i l l serve as the A S ex­
posure l e v e l for the aquatic risk assessment. 

T h e majority of the A S toxicity studies have been conducted o n C 1 2 A S . 
Because the average A S chain length used i n c leaning products is approxi ­
mately C 1 4 A S , a chronic N O E C for this mater ia l is n e e d e d for the risk 
assessment. T h e quantitative s t ructure-ac t iv i ty relat ionship d e r i v e d for L A S 
appl ied to the lowest C 1 2 A S chronic N O E C of 2.0 m g / L for Daphnia magna 
yields an est imated C 1 4 A S chronic N O E C of 0.27 m g / L . 

T h e exposure to effect-level concentration ratio for A S yie lds a protect ion 
factor of >27 for C 1 4 A S . Because of the r a p i d A S biodégradation observed 
i n natural water and toxicity ameliorat ion or attenuation resul t ing f r o m sorp­
t ion to solids, this safety factor is expected to be conservative. A d d i t i o n a l 
C 1 4 A S chronic-toxici ty studies w i t h f u l l analytical support to conf i rm expo­
sure concentrations are suggested to validate the safety of C 1 4 A S i n the 
aquatic environment . 

A E S . Exposure concentrations for A E S are expected to be 0.015 
mg/ L , o n the basis of U S T E S T predict ions for mean-f low condit ions. Because 
U S T E S T - p r e d i c t e d concentrations are for the m i x i n g zone i n rivers d o w n ­
stream from S T P effluents, the m o d e l predict ions do not take into account 
removal b y sorption or biodégradation i n the rece iv ing stream. Therefore , 
the predic ted A E S exposure concentrations are the highest expected e n v i ­
ronmenta l concentrations. 

T h e average A E S chain length used i n c leaning products is approximately 
C 1 3 E 3 S . T h e chronic-toxici ty information was generated w i t h C 1 4 7 E 3 S . H o w ­
ever, the results can be extrapolated to de termine the chronic toxicity of 
C 1 3 E 3 S b y us ing the L A S quantitative s t ruc ture -ac t iv i ty relat ionship 
( Q S A R ) . T h e extrapolated chronic toxicity N O E C s for C 1 3 E 3 S are t h e n 0.53, 
1.5, and 79 for fish, invertebrates, and algae, respect ively. T h e toxicity value 
used i n the risk assessment represents the N O E C f rom a test on the most 
sensitive species, the fathead m i n n o w . T h e ratio of the effect-level concen­
tration to the exposure- level concentration yie lds a a protect ion factor of 35 
u n d e r mean-f low condit ions. As is the case w i t h L A S and A S , this r isk 
assessment is considered conservative because of the amel iorat ion of toxicity 
resul t ing from sorption to effluent and surface water suspended solids. I n 
addi t ion , A E S are expected to undergo an in i t ia l hydrolys is l ike A S . This 
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mechanism w o u l d rapidly remove A E S f rom natural waters and w o u l d result 
i n a m u c h lower exposure. H o w e v e r , addi t ional studies o n the fate and 
effects of A E S are p lanned to further support these conclusions. 

Conclusions 

Integration of use, biodégradation or removal d u r i n g sewage treatment, 
environmenta l concentrations, and aquatic effect data into an aquatic risk 
assessment demonstrates the safety of L A S , A S , and A E S i n consumer p r o d ­
ucts. F i e l d investigations collaborate the risk assessments based o n laboratory 
and m o d e l measurements. A d d i t i o n a l investigations are u n d e r w a y to gain 
addit ional confidence i n the risk assessments made for A S and A E S . 
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Fate of Hydrophobic Organic 
Contaminants 
Processes Affecting Uptake by Phytoplankton 

Robert S. Skoglund and Deborah L. Swackhamer 

Environmental and Occupational Health, School of Public Health, Box 807 
UMHC, University of Minnesota, Minneapolis, MN 55455 

The accumulation of hydrophobic contaminants in phytoplankton 
plays a significant role in the transport and fate of these potentially 
toxic compounds. However, the limited amount of available field data 
indicate that partitioning models fail to adequately predict the dis­
tribution of these compounds in the water column. Several hypotheses 
have been proposed to explain these differences. In this chapter we 
propose additional explanations for these differences. We hypothesize 
that assumptions in the partitioning model about the rate of uptake, 
mechanism of uptake, and effect of phytoplankton growth also con­
tribute to these deviations. 

G R O W I N G C O N C E R N OVER T H E POTENTIAL TOXICOLOGICAL and ecological 

effects of h y d r o p h o b i c organic compounds ( H O C s ) has made the d e t e r m i ­
nation of the environmenta l and h u m a n heal th impact of these compounds 
one of the important objectives of environmenta l science. A tool often used 
i n solving ecotoxicological problems is the predic t ion of fluxes, dis tr ibut ions , 
and toxicology of compounds f rom a combinat ion of p h y s i c a l - c h e m i c a l gen­
eralizations and a l i m i t e d amount of compound-speci f ic data. T h e m o v e m e n t 
of dissolved H O C s into the aquatic food w e b is an important flux because 
this d is t r ibut ion can greatly increase the exposure of h igher organisms, i n ­
c l u d i n g humans, to these compounds . 

Phytoplankton play an important role i n the incorporat ion of H O C s into 
the aquatic food w e b . T h e l i p o p h i l i c i t y of H O C s results i n an enhanced 

0065-2393/94/0237-0559$06.00/0 
© 1994 American Chemical Society 
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association w i t h l i p i d - r i c h phytoplankton i n the water c o l u m n . O n c e asso­
ciated w i t h phytoplankton, the d is t r ibut ion and fate of H O C s are contro l led 
b y that of the phytoplankton. T h e p r i n c i p a l source of organic carbon to the 
aquatic food w e b is phytoplankton, and a significant por t ion of the H O C s 
found i n the food w e b probably entered w i t h this organic carbon (J). Thus 
w a t e r - p h y t o p l a n k t o n par t i t ioning is an important parameter i n the flux of 
H O C s into food webs. 

T h e most c o m m o n l y h e l d theory is that w a t e r - p h y t o p l a n k t o n par t i t ion­
i n g of H O C s is a passive thermodynamic process (2, 3). Mass transfer of 
these compounds appears to be d r i v e n b y a net decrease i n the free energy 
of the system associated w i t h movement of H O C s from an aqueous to an 
organic phase. T h u s , at e q u i l i b r i u m , par t i t ioning of H O C s should be d i rec t ly 
proport ional to the ir oc tanol -water part i t ion coefficients ( K o w ) and inverse ly 
proport ional to their aqueous solubil i t ies . Par t i t ioning is parameter ized b y 
a part i t ion coefficient, referred to as the b ioaccumulat ion factor ( B A F ) , and 
def ined as the concentration of a c o m p o u n d i n phytoplankton d i v i d e d b y 
the dissolved concentration i n ambient water i n equivalent units . Several 
researchers (4-6) repor ted a correlat ion be tween log-transformed values of 
B A F and K o w . A l t h o u g h the slopes of these relationships are consistently 
less than 1, w h i c h is the value suggested b y the fugacity concept (2), these 
data support the theory that b ioaccumulat ion of H O C s i n phytoplankton 
results f rom thermodynamic part i t ioning. 

H o w e v e r , Baker et a l . (2) reported that field data suggest that several 
assumptions of H O C part i t ioning models are v iolated i n surface waters and 
that these models fail to adequately predic t H O C dis t r ibut ion i n the water 
c o l u m n . F u r t h e r m o r e , a consistent slope of < 1 for the l o g B A F - l o g K o w 

regression i n laboratory studies and reports of species-specific differences 
i n accumulat ion (I , 8, 9) indicate that accumulat ion appears to be in f luenced 
b y other factors. 

P u b l i s h e d values of B A F s for H O C s , s u m m a r i z e d b y Swackhamer and 
Skoglund (JO), range f rom 18 to 1,000,000. T h e variety of methods used i n 
these studies prevents direct comparison, so i t is unclear what factors are 
responsible for the large variation i n B A F s . Several hypotheses have b e e n 
proposed to explain these variations i n accumulat ion and the i r deviations 
from Ko W -based predict ions. O n e hypothesis ( I I , 12) proposed that a lack of 
complete revers ib i l i ty i n the part i t ioning process is responsible for the de­
viations. A second (13-16) theory at tr ibuted the deviations to the presence 
of a t h i r d phase (colloids or dissolved organic matter) and the inabi l i ty to 
accurately separate the dissolved and sorbed states. A t h i r d (17) proposal is 
that par t i t ioning is dependent o n sorbent concentration. A n d f inal ly , a fourth 
(IS, 19) hypothesis holds that this deviat ion is a funct ion of the effects of 
molecular size and shape on cel lular transport. 

T h e data indicate that a l l of these processes may affect accumulat ion 
and thus contr ibute to deviations from the p r e d i c t e d accumulat ion values. 
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I n this chapter w e present three addit ional factors that have been observed 
to affect accumulat ion. W e hypothesize that the assumptions i n the par t i ­
t ioning m o d e l about the rate of accumulat ion, the mechanism of accumu­
lat ion, and the effect of growth are inappropriate and thus contr ibute to the 
deviations from the pred ic ted values. 

W e conducted laboratory experiments designed to measure the inf luence 
of various sorbent and sorbate properties on the accumulat ion of H O C s b y 
phytoplankton. T h e specifics of these experiments were p u b l i s h e d elsewhere 
(JO, 20). In summary, 40 polychlor inated b iphenyls (PCBs) (Table I) were 
a l lowed to part i t ion to a unialgal cul ture of Scenedesmus quadricauda u n d e r 
batch condit ions. A t various t ime points be tween 0.02 and 30 days, the 
phases were operationally separated b y centrifugation. Par t i t ion ing was de­
t e r m i n e d b y the congener-specific measurement of P C B s i n each phase. A t 
the b e g i n n i n g of each experiment , P C B congener concentrations ranged 
from 30 to 1100 n g / L , and phytoplankton mass was approximately 10 
m g / L . E x p e r i m e n t s were conducted u n d e r g r o w t h - l i m i t i n g condit ions (av­
erage growth rate = 0.03 d o u b l i n g per day) and g r o w t h - u n l i m i t e d condit ions 
(average growth rate = 0.13 d o u b l i n g p e r day). Parameters thought to i n ­
fluence part i t ioning were measured concurrent ly . D a t a from these studies 
were used to evaluate the rate and magnitude of w a t e r - p h y t o p l a n k t o n par­
t i t ion ing and the factors that inf luence the process. 

Rate of Accumulation 

E q u i l i b r i u m i n an accumulat ion process is empir i ca l ly def ined as the point 
at w h i c h a part i t ioning coefficient becomes invariant (reaches steady state), 
and theoretical ly as the point at w h i c h the fugacity ratio equals 1 (21). W i t h 
phytoplankton, most p u b l i s h e d reports indicated that e q u i l i b r i u m was 
reached i n a matter of hours (6, 8, 22-26). A s a result , predict ions of H O C 
accumulat ion i n phytoplankton have been expressed as e q u i l i b r i u m - b a s e d 
equations exclusively. 

O u r data demonstrate that accumulat ion of P C B s b y phytoplankton is 
not as rapid as was in i t ia l ly thought; thus e q u i l i b r i u m - b a s e d equations are 
inappropriate i n some instances. W o r k b y M a c k a y (2) and C o n n o l l y and 
Pedersen (27) demonstrated that w h e n the fugacity ratio is 1, the l i p i d -
normal ized B A F ( B A F ( l i p ) ) is equal to K o w . Therefore at e q u i l i b r i u m , the 
B A F ( l i p ) - K 0 W relat ionship should have a slope of 1 and an intercept of 0. 
F i g u r e 1 is a plot of log-transformed values of B A F ( l i p ) and Kow for five of the 
seven t ime points of our growth- l imi ted exper iment . Biomass increase was 
m i n i m i z e d b y mainta in ing the incubat ion temperature at 10 -12 °C to 
reduce the confounding effects of growth. A reduct ion i n temperature f rom 
22 to 12 °C was reported (J) to have l i t t le or no effect o n accumulat ion of 
H O C s b y phytoplankton. 
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Table I. Results from Applying the Modified Richards Model to Data 
from the Limited-Growth Experiment with 40 PCBs 

IUPAC 
Number 

Substitution 
Pattern Log m F Value ρ Value 

001 2 4.46 
003 4 4.69 
004 2,2' 4.65 
008 2,4' 5.07 
018 2,2',5 5.24 -0.64 4.31 0.08 
022 2,3,4' 5.58 -0.26 0.99 >0.25 
031 2,4',5 5.67 -0.50 1.93 0.25 
052 2,2',5,5' 5.84 -0.72 4.90 0.06 
053 2,2',5,6' 5.62 -0.60 4.99 0.06 
054 2,2',6,6' 5.21 -0.45 3.20 0.13 
072 2,3',5,5' 6.26 -0.67 1.11 >0.25 
077 3,3,4,4' 6.36 -0.03 0.02 >0.25 
080 3,3',5,5' 6.48 -0.33 1.54 >0.25 
081 3,4,4',5 6.36 -0.09 0.21 >0.25 
097 2,2',3',4,5 6.29 -0.29 1.24 >0.25 
100 2,2',4,4',6 6.23 -0.36 1.46 >0.25 
101 2,2',4,5,5' 6.38 -0.36 1.66 >0.25 
104 2,2',4,6,6' 5.81 -0.60 4.58 0.07 
105 2,3',4,4',5 6.65 -0.08 0.12 >0.25 
118 2,3',4,4',5 6.74 0.02 0.01 >0.25 
126 3,3',4,4',5 6.89 0.30 5.86 0.04 
138 2,2',3,4,4',5 6.83 0.12 0.49 >0.25 
141 2,2',3,4,5,5' 6.82 -0.01 0.00 >0.25 
151 2,2',3,5,5',6 6.64 -0.05 0.02 >0.25 
154 2,2',4,4',5,6 6.76 0.08 0.10 >0.25 
155 2,2',4,4',6,6' 6.41 -0.07 0.12 >0.25 
156 2,3,3',4,4',5 7.18 0.39 9.62 0.02 
169 3,3',4,4',5,5' 7.42 0.68 31.41 <0.005 
170 2,2',3,3',4,4',5 7.27 0.49 20.08 <0.005 
180 2,2',3,4,4',5,5' 7.36 0.46 19.83 <0.005 
183 2,2',3,4,4',5',6 7.20 0.35 7.56 0.02 
185 2,2',3,4',5,6,6' 7.11 0.37 9.02 0.02 
188 2,2',3,4',5,6,6' 6.82 0.27 4.37 0.08 
189 2,3,3',4,4',5,5' 7.71 0.69 21.56 <0.005 
194 2,2',3,3',4,4',5,5' 7.80 0.52 14.25 0.007 
195 2,2',3,3',4,4',5,6 7.56 0.44 7.08 0.03 
199 2,2',3,3',4,5,6,6' 7.20 0.41 3.09 0.14 
206 2,2',3,3',4,4',5,5',6 8.09 0.36 2.51 0.19 
207 2,2',3,3',4,4',5,6,6' 7.74 0.35 2.40 0.20 
209 2,2',3,3',4,4',5,5',6,6' 8.18 0.02 0.00 >0.25 

"Values are taken from reference 41. 
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Figure 1. Log-normalized relationship of BAF(\lp) vs. K w t (41) for five of seven 
time points under growth-limited conditions. Key: ·, 0.02 day; Δ , I dat/; I , 
3 ciat/s; V , 6 days; and • , 2 0 days. Error bars are 1 standard deviation for 
duplicate samples. The data set for t = 1 was not sampled in duplicate. The 

reference line is the slope of 1. 

T w o aspects of F i g u r e 1 indicate that e q u i l i b r i u m is not achieved as 
rapid ly as was hypothes ized earl ier . F i r s t , many i n d i v i d u a l P C B s show a 
consistent increase i n the measured B A F ( l i p ) , thus indicat ing a lack of steady 
state. T h e magnitude of these increases is a funct ion both of transfer of P C B s 
from the aqueous to phytoplankton phases and of a decrease i n l i p i d content 
of the phytoplankton (Table II). Nevertheless , a net f lux of P C B s f r o m the 

Table II. Phytoplankton L i p i d Content from Growth-Limited Experiment 
(Figure 1) and Regression Data for Groups of Congeners 

Time 
(days) 

Lipid 
(%) 

Slopes Calculated within Groups of Congeners 
Time 
(days) 

Lipid 
(%) log K w t . : < 6 6-7 7-7.5 >7.5 

0 . 0 2 1 6 0 . 6 4 0 . 0 0 - 0 . 4 1 - 0 . 0 6 
0 . 5 1 7 0 . 4 5 - 0 . 1 6 - 0 . 3 4 - 0 . 0 5 
1 2 3 0 . 5 2 - 0 . 0 2 - 0 . 6 8 - 0 . 1 6 
3 1 2 0 . 5 9 0 . 3 6 - 0 . 6 2 - 0 . 4 7 
6 1 0 0 . 6 2 0 . 4 3 - 0 . 5 1 - 0 . 5 7 

1 2 8 0 . 7 7 0 . 6 0 0 . 1 7 - 0 . 7 6 
2 0 7 0 . 9 8 0 . 6 1 0 . 4 2 - 0 . 7 7 
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m e d i a to the phytoplankton is seen throughout the entire exper imental 
p e r i o d . 

T h e second aspect, w h i c h is independent of sorbate parameters, deals 
w i t h the relat ionship between B A F s over a range of K o w s . T h e complete 
data sets i n F i g u r e 1 cannot be descr ibed b y a straight l ine , and thus a 
straight-l ine m o d e l is appropriate only for portions of these data. A s a result , 
these data are d i v i d e d into four groups according to natural gaps i n the data 
(Table II). T h e slope of the B A F ( l i p ) - K o w regression increased w i t h t ime for 
each group except the one w i t h the highest K o w values. Changes i n the slopes 
of these data sets conf i rm our or ig inal observation that steady state was not 
reached d u r i n g the exper imental p e r i o d . 

A l t h o u g h steady state was not reached, at 20 days a l l congeners w i t h 
log K o w < 7 have a fugacity ratio > 1 . This h i g h ratio may s i m p l y be the result 
of a decreasing l i p i d content (Table II) and a P C B depurat ion rate s lower 
than that of l ip ids , or it c o u l d indicate an error associated w i t h the l i p i d 
measurement. H o w e v e r , it brings into quest ion the hypothesis that H O C s 
part i t ion exclusively to the l i p i d por t ion of phytoplankton . These data may 
indicate that H O C s part i t ion to ce l lular components other than l i p i d s , and 
that a parameter such as the organic carbon content of the phytoplankton 
may be a more appropriate sorbent parameter. 

These data demonstrate that e q u i l i b r i u m is not reached as rap id ly as 
was previous ly assumed. I n addi t ion , they indicate that the t ime r e q u i r e d 
to reach e q u i l i b r i u m can differ significantly be tween compounds . H o w e v e r , 
because the system had not reached e q u i l i b r i u m , they do not reveal the 
t ime r e q u i r e d to reach e q u i l i b r i u m or the extent of par t i t ioning at e q u i l i b ­
r i u m . T h e p r i m a r y ramification of s lower par t i t ioning is that measured B A F s 
may differ f rom predic ted e q u i l i b r i u m values because the process has not 
reached e q u i l i b r i u m . In order to better predic t accumulat ion i n a system 
that is not at steady state, equi l ibr ium-based equations n e e d to be replaced 
w i t h kinet ic-based equations. 

Mechanism of Accumulation 

Tradit ional ly , accumulat ion i n phytoplankton is descr ibed b y the m o d e l 

= C w ku — C p * kx (1) 

where C w is the concentration of dissolved chemica l i n water, ku is the 
uptake rate constant, C p is the chemical concentration i n the phytoplankton , 
and fcx is the e l iminat ion or depurat ion rate constant (28-30). Th is m o d e l 
assumes that the mechanism of accumulat ion is diffusion into a single u n i f o r m 
phase. It indicates that the pattern of accumulat ion is an in i t ia l m a x i m u m 
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rate, w h i c h gradually decreases u n t i l a steady-state concentrat ion is attained 
(31). 

O u r data demonstrate that the accumulat ion of contaminants i n p h y ­
toplankton deviates significantly f rom this classical pattern and instead shows 
an S-shaped or s igmoidal pattern of accumulat ion. This s igmoidal pattern is 
characterized b y an in i t ia l instantaneous accumulat ion based on the t i m e 
resolut ion attainable i n laboratory experiments , fo l lowed b y a lag p e r i o d of 
approximately 1 day and then a slower but sustained p e r i o d of accumulat ion. 
A l t h o u g h clear deviations from the classical m o d e l can be detected i n some 
cases f rom a qualitative examination of the data, B r i s b i n et a l . (30) repor ted 
a quantitative assessment i n w h i c h the statistical significance of the s igmoidal 
nature of a data set is d e t e r m i n e d . 

B r i s b i n et a l . (30) descr ibed the deve lopment of the Richards s igmoidal 
m o d e l and presented it as an equation for contaminant uptake based on the 
amount of contaminant i n an organism or compartment . F o r our data, the 
equation was reparameter ized to use a part i t ion coefficient rather than a 
concentration. It takes the form 

Pt = [ p e » - > - Ρ β α - > · e x p ^ - (m + l ) ) ] 1 _ m (2) 

w h e r e Pt is the l i p i d - n o r m a l i z e d part i t ion coefficient ( B A F ( l i p ) ) at t ime t, Pe 

is B A F f l ^ at e q u i l i b r i u m , Τ is the t ime r e q u i r e d for Pt to reach 9 0 - 9 5 % of 
P e , and m is the Richards shape parameter. Reparameter izat ion was nec­
essary because i n the laboratory experiments the dissolved f o r m of the con­
taminant is not an inf ini te source and P 0 is zero. 

This m o d e l was used to test the s igmoidal nature of a data set b y test ing 
the n u l l hypothesis m = 0. T h e data were fit (32) to a " c o m p l è t e " m o d e l i n 
w h i c h Pt, T, and m were a l lowed to vary, and then to a " r e d u c e d " m o d e l 
i n w h i c h Pt and Γ were a l lowed to vary w h i l e m was set equal to zero. A n 
F-test evaluation of the increase i n the res idual s u m of squares b e t w e e n the 
complete and r e d u c e d models was used to determine the acceptance of the 
n u l l hypothesis (33). If the n u l l hypothesis is re jected, the s igmoidal nature 
of the data set is statistically significant. 

T h e results from testing the s igmoidal nature of the P C B data from our 
growth- l imi ted experiments are l i s ted i n Table I. T h e m o n o - and d ich loro-
b iphenyls are not i n c l u d e d i n the analysis because a significant por t ion of 
these congeners was lost through volat i l izat ion d u r i n g the course of the 
experiments . T h e analysis indicates that w i t h a significance l eve l of 0.05, 10 
of the 36 congeners tested show a s igmoidal accumulat ion pattern. A n ad­
di t ional five congeners are i n c l u d e d i f the significance l e v e l is increased f r o m 
0.05 to 0.10. Thus , even w i t h a small sample size (n = 7), the accumulat ion 
patterns of several congeners quantitat ively deviated f r o m the classical pat­
tern . T h e r e are no easily identif iable relationships be tween K o w and the 
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s igmoidal shape of the uptake curve . H o w e v e r , this situation is consistent 
w i t h the hypothesis that accumulat ion is not a funct ion m e r e l y of K o w but 
rather of several parameters. 

T h e Richards m o d e l reduces the unexpla ined statistical variat ion i n the 
accumulat ion of P C B s b y phytoplankton, but it does not prov ide any infor­
mat ion about the mechanisms responsible for the observed pattern. N u ­
merous causes are possible for deviat ion from the classical pattern of accu­
mulat ion . H o w e v e r , violations of assumptions associated w i t h the classical 
m o d e l (i .e. , constant uptake rate, instantaneous m i x i n g w i t h i n a single c o m ­
partment , and a t ime- independent probabi l i ty of depuration) are most l i k e l y 
the cause. W i t h phytoplankton, several physiological mechanisms can p o ­
tential ly contr ibute to a s igmoidal accumulat ion curve . 

1. L a c k of homogenei ty w i t h i n the phytoplankton . T h e cultures 
used i n the laboratory experiments were unialgal . H o w e v e r , 
field samples are composed of m u l t i p l e species, and oth­
er studies indicated a species dependence of accumulat ion 
(I , 8, 9). 

2. M u l t i p l e accumulat ion mechanisms. These data and other 
p u b l i s h e d reports (I) indicated that par t i t ioning of P C B s to 
phytoplankton involves adsorption to the c e l l surface and i n ­
corporat ion into the ce l l matrix. H o w e v e r , there is no i n d i ­
cation whether the processes operate i n paral le l or serial . 

3. Presence of muci laginous sheaths. These sheaths enhance the 
surface sorption of H O C s (9, 22, 24). 

4. T i m e - d e p e n d e n t stability of sorbed H O C s . W a n g et a l . (34) 
reported that stability of a sorbed P C B , as measured b y ex-
tractabil ity, increases w i t h t ime. 

A l t h o u g h the Richards m o d e l does not p r o v i d e mechanist ic informat ion, 
it does point out a n e e d for further study and unders tanding of the uptake 
mechanisms. B r i s b i n et a l . (30) reported that one consequence of s igmoidal 
accumulat ion is that there must be a p e r i o d of accelerated or enhanced 
accumulat ion after the lag p e r i o d i n order to attain e q u i l i b r i u m levels s imilar 
to the classical m o d e l . In contrast to reports that ce l lular processes play no 
role i n the accumulat ion of contaminants b y phytoplankton (23, 25, 34-36), 
a s igmoidal accumulat ion curve may indicate that cel lular processes such as 
the c y c l i n g of materials w i t h i n the c e l l may enhance the rate of accumulat ion 
or depurat ion to a l eve l above that w h i c h is attainable b y diffusion alone. 

Diluting Effect of Growth 

T h e d i l u t i n g effect that growth has on the chemica l b o d y b u r d e n of an 
organism has been addressed i n accumulat ion models for h igher organisms, 
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but not for phytoplankton. This omission is p r i m a r i l y the result of the as­
sumpt ion that accumulat ion is rapid relative to other processes. H o w e v e r , 
because accumulat ion is not as rap id as in i t ia l ly thought, w e hypothesize 
that growth can potential ly have a significant effect on accumulat ion i n p h y ­
toplankton. I n a kinetic-based m o d e l , B A F at e q u i l i b r i u m is equal to the 
ratio of the net uptake and loss rate constants. Biomass increase is incor­
porated into this type of accumulat ion m o d e l by treating it as an addit ional 
loss funct ion. 

Phytoplankton c o m m u n i t y and species growth rates (GR) are general ly 
reported i n base two as doublings per day (37). G r o w t h rate can be incor­
porated into the loss funct ion b y convert ing it to the fractional change i n 
mass (M) per uni t t ime or the d i l u t i o n - l o s s rate constant (kd), w h i c h has the 
units of per day. A value for kd as a funct ion of G R is d e t e r m i n e d b y so lv ing 
the growth equation for fractional change i n mass per uni t t ime . 

Mt = M 0 · 2 f G R (3) 

k * = è · = 0 6 9 3 * G R ( 4 ) 

M at 
w h e r e M 0 is the in i t ia l mass of phytoplankton and Mt is the mass at t i m e t. 
T h e effects of growth on accumulat ion can then be seen b y est imating the 
e q u i l i b r i u m B A F ( l i p ) for various growth condit ions f rom the equat ion 

Κ + &d /(lip) 
B A F ( l i p ) = -r^-r • (5) 

where / ( l i p ) is the l i p i d fraction of the phytoplankton. Est imates of uptake 
rate constants (ku) and depurat ion rate constants (kx) can be obta ined f r o m 
the l i terature. C o n n o l l y and Pedersen (27) repor ted that ku and kx for animals 
can be est imated from organism mass and c o m p o u n d K o w . W e chose 10 " 5 g, 
a factor of 100 smaller than the value used for zooplankton (27), as an estimate 
of the mass of a phytoplankton ce l l . H o w e v e r , the results of this exercise 
are not part icular ly sensitive to this choice. F i g u r e 2 is a surface plot of the 
estimates of B A F ( i i p ) f rom e q 5, us ing l i terature values for ku and fcx. G r o w t h 
rates ranging f rom 0 to 1 doubl ings per day were used. A l t h o u g h Furnas 
(37) est imated that m a x i m u m diel-averaged growth rates of phytoplankton 
communi t ies fall be tween 3 and 3.6 doubl ings per day, i n s i tu measurements 
from the Great Lakes are considerably lower , reported as 0 .06-0 .60 d o u ­
blings per day i n L a k e M i c h i g a n (38) and 0 .15-0 .65 doubl ings p e r day i n 
L a k e Super ior (39). 

E v e n l o w growth rates can significantly affect the measured par t i t ioning 
of compounds, part icularly those w i t h h i g h K o w . W h e n the growth rate is 0, 
the slope of the B A F ( ] i p ) - K o w relat ionship is 1. H o w e v e r , as the growth rate 
increases there is a rapid drop i n the B A F ( l i p ) of h i g h - K o w compounds . T h e 
result is an apparent plateau i n the B A F ( l i p ) - K 0 W re lat ionship. F u r t h e r i n -
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Figure 2. BAF(iip) as a function of growth rate and I w Estimates of k„ and 
kx are based on data from Connolly and Pedersen (27), and f(nP) = 0.13. 

creases i n growth rate mere ly decrease the magnitude of K o w at w h i c h the 
plateau i n B A F ( l i p ) begins. W i t h i n this plateau area, estimates of B A F ( l i p ) are 
independent of c o m p o u n d l ipophi l i c i ty . 

Gobas et a l . (40) reported equations for est imating fcu and fex for aquatic 
macrophytes, based on K o w , plant v o l u m e , and aqueous-phase and l i p i d -
phase transport parameters. B y assuming that the ratios of plant v o l u m e to 
transport parameters are s imilar for phytoplankton and macrophytes , these 
equations can be used to estimate a second independent set of ku and kx. 
F i g u r e 3 is a surface plot constructed b y us ing these estimates. T h e effect 
of growth on accumulat ion is s imilar to that i n F i g u r e 2, only the magni tude 
is greater. 

Th is effect of growth d i l u t i o n o n accumulat ion was further demonstrated 
b y our laboratory experiments i n w h i c h growth averaged 0.13 d o u b l i n g p e r 
day over 30 days. I n these experiments the in i t ia l par t i t ioning was s imi lar 
to that seen i n our g r o w t h - l i m i t e d experiments . H o w e v e r , a decrease i n the 
B A F for many congeners was observed be tween 4 and 8 days, and these 
lower values r e m a i n e d constant for the remainder of the exper iment a l though 
the solids concentration increased fourfold. F i g u r e 4 is a plot of the log-
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Figure 3. BAF(iip) as a function of growth rate and K ^ . Estimates of k u and 
k r are based on data from Gobas et al. (40), and f(iip) = 0.13. 

transformed values of average B A F ^ for three t ime points (t = 8, 16, and 
30 days) and K o w . A l s o i n c l u d e d i n F i g u r e 4 are est imated B A F ( l i p ) s based 
on F igures 2 and 3. F i g u r e 5 is a s imilar comparison be tween the t = 20 
data set f rom the growth- l imi ted experiments (Figure 1) and estimates f rom 
F igures 2 and 3 for this low-growth condi t ion . I n these comparisons be tween 
the laboratory data and predic ted values, observed par t i t ioning is best es­
t imated b y data from F i g u r e 2. W e speculate that the ratios of plant v o l u m e 
to transport parameters for phytoplankton and macrophytes cannot be as­
sumed to be similar . 

T h e similarit ies between the observed deviations f rom the p r e d i c t e d 
BAFflipj-Kow relat ionship and those hypothes ized to result from d i l u t i o n i n ­
dicate that under certain conditions growth has a significant effect on ac­
cumulat ion . H o w e v e r , the difference between the two estimates indicates 
that choice of rate constants is important . Analysis of e q 4 shows that i t is 
part icular ly sensitive to the estimate of kx. W h e n kx is smal l , even very l o w 
growth rates have a significant effect on accumulat ion. A s a result , u t i l izat ion 
of a kinet ic-based m o d e l is dependent on the availabil i ty of accurate estimates 
of fcx. 
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Figure 4. Comparison between BAF(up) data from non-limited-growth experi­
ments and values estimated from Figures 2 and 3. Data points represent the 
average BAF(iip) from three time points (t = 8, 16, and 30 days). The solid 
line is based on data from Connolly and Pedersen (27), and the dashed line 

is based on data from Gobas et al. (40). 

Summary 

Phytoplankton play an important role i n the accumulat ion of H O C s i n aquatic 
food webs , but equi l ibr ium-based equations have not adequately m o d e l e d 
this process. In addi t ion to present ing three addit ional factors that can i n ­
fluence accumulat ion, this chapter demonstrates the importance of cons id­
er ing the kinetics of accumulat ion. 

T w o of the factors, slow and irregular approach to steady state and 
d i l u t i o n from growth, d irect ly affect the relat ionship be tween observed and 
p r e d i c t e d accumulat ion. It is assumed that accumulat ion is fast enough that 
other parameters can be ignored. H o w e v e r , the data repor ted here d e m ­
onstrate that as the rate constant for uptake decreases, the accumulat ion of 
a c o m p o u n d becomes increasingly susceptible to these parameters. A s a 
result , the observed accumulat ion of rapidly accumulated compounds i n l o w -
growth environments w i l l deviate very l i t t le f rom the e q u i l i b r i u m - b a s e d 
predict ions , and that of s lowly accumulated compounds i n h igh-growth en­
vironments w i l l deviate significantly. T h e t h i r d factor, pattern of accumu­
lation deviat ing from that of diffusion into a single phase, indicates that 
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4 5 6 7 8 

Figure 5. Comparison between t = 20 BAF(lip} data from growth-limited ex­
periments and values estimated from Figures 2 and 3. The solid line is based 
on data from Connolly and Pedersen (27), and the dashed line is based on 

data from Gobas et al. (40). 

mult icompartment models better describe the mechanism of accumulat ion 
and that predictabi l i ty w i l l increase as the mechanisms i n the m o d e l more 
accurately describe the process. 

T h e accumulat ion of H O C s i n phytoplankton plays an important role i n 
food-web bioaccumulat ion. B o t h the increased times to steady state and the 
effect of d i l u t i o n decrease accumulat ion i n phytoplankton . This decrease 
results i n a lower phytoplankton body b u r d e n and a decreased exposure i n 
h igher organisms. As a result , an equi l ibr ium-based m o d e l w i l l t e n d to 
overestimate concentrations i n phytoplankton, and this overestimate w i l l be 
evident throughout the food w e b . 

At tempts to simulate environmenta l condit ions i n laboratory exper i ­
ments consistently fall short. O n e part icular diff iculty i n these experiments 
was the maintenance of the dissolved concentrat ion. I n the env i ronment 
and large-scale experiments , dissolved concentrations are assumed to be 
constant. H o w e v e r , i n these experiments the dissolved concentrat ion de­
creased w i t h accumulat ion. I n addi t ion , a measurable por t ion of many of the 
congeners in i t ia l ly part i t ioned to the bottle surface and then desorbed 
throughout the experiment . These factors presented addit ional variables that 
increased the diff iculty of in terpret ing the data. H o w e v e r , i t is u n l i k e l y that 
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they significantly skewed the accumulat ion data because the consistent de­
crease i n the dissolved concentration w i t h t ime indicated that desorpt ion 
f rom glassware was slower than part i t ioning to phytoplankton . Poss ibly the 
presence of the glassware surface h e l p e d to simulate a pseudoinf ini te source 
b y releasing P C B s over the course of the exper iment . Nevertheless , a better 
s imulat ion of environmenta l conditions should an important part of future 
investigations. 

F u r t h e r studies i n the area of H O C accumulat ion i n phytoplankton 
should concentrate on ident i fy ing and quant i fy ing the mechanisms of uptake 
and depurat ion. A n y descriptions of mechanisms are s t i l l speculative, a l ­
though the data indicate that there are m u l t i p l e uptake and loss processes. 
F u r t h e r m o r e , an understanding of the fate of H O C s w i t h i n phytoplankton 
w o u l d be beneficial and w o u l d assist i n d e t e r m i n i n g the most accurate 
denominator for b o d y b u r d e n (i .e. , d r y weight , organic carbon, or l i p i d 
fraction). 
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Differential Weathering of PCB 
Congeners in Lake Hartwell, 
South Carolina 

Kevin J. Farley, Geoffrey G. Germann, and Alan W. Elzerman 

Environmental Systems Engineering, Clemson University, Clemson, SC 29631 

In the mid-1970s Lake Hartwell was found to be contaminated with 
PCBs from a capacitor-manufacturing plant located on Twelve Mile 
Creek, a tributary of the lake. Congener-specific field data for sed­
iments in Twelve Mile Creek and Lake Hartwell indicated that PCB 
congener distributions vary with distance from the source and, for 
sediment cores in the lower portion of Twelve Mile Creek, with depth. 
Because surface sediments throughout the Twelve Mile Creek-Lake 
Hartwell system are expected to remain aerobic, the longitudinal 
variations in congener distributions provided strong evidence of phys­
iochemical weathering. Sediment core data for Twelve Mile Creek 
suggested that biochemical weathering also occurs at select locations 
as a result of reductive dechlorination in deeper sediments. Steady­
-state model results for PCB congener distributions in the Twelve Mile 
Creek-Lake Hartwell system show that a preferential depletion of 
lower chlorinated congeners occurs when volatilization is the primary 
removal pathway and that higher chlorinated congeners are pref­
erentially depleted when burial is the dominant process. 

P O L Y C H L O R I N A T E D B I P H E N Y L S (PCBs) were or iginal ly cons idered to be re­
fractory environmenta l contaminants because l i t t le change i n the compos i ­
t ion of Aroclors (commercial ly available mixtures of P C B s ) was observed i n 
environmenta l samples, even over pro longed t ime per iods . A l t h o u g h P C B s 
are relat ively stable compounds, i t was the use of inadequate analytical 
technology, specifically packed-co lumn gas chromatography (I), that pre ­
vented the detect ion of i n d i v i d u a l congeners and consequent ly of significant 
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alterations i n P C B congener composi t ion. T h e advent of capi l la ry-co lumn 
gas chromatography and i m p r o v e d applicat ion of mass spectrometry gave 
researchers the abi l i ty to observe the i n d i v i d u a l behavior of the variety of 
congeners contained i n A r o c l o r mixtures. 

A growing body of data n o w indicates that P C B s are weather ing (chang­
i n g relative to congener distributions) i n the envi ronment and suggests that 
over t ime some congeners may be degraded and detoxif ied more rapidly 
than was previously real ized (2). Thus , the focus of debate has shifted f rom 
the existence of P C B weather ing to the identif icat ion of env i ronmenta l pro ­
cesses that mediate these composit ional changes. T h e fate and effects of 
P C B s are actually t i ed to those of the i n d i v i d u a l congeners, and analytical 
techniques capable of dis t inguishing congener composi t ion are n o w avail ­
able. Therefore , it no longer makes sense to talk about d e t e r m i n i n g the fate 
of Aroc lors as i f they were single compounds . 

E n v i r o n m e n t a l weather ing processes i n aquatic systems are current ly 
grouped into two distinct types: those mediated by biological activity and 
those caused b y a physiochemical process. B r o w n et a l . (3) and B o p p et a l . 
(4) showed that P C B s i n sediments f rom the u p p e r H u d s o n R i v e r u n d e r w e n t 
a composit ional alteration that resulted i n decreased proport ions of h igher 
chlor inated congeners and increased proport ions of lower chlor inated con­
geners relative to unweathered mixtures . C o m p o s i t i o n a l changes w i t h i n ­
creasing d e p t h i n a sediment core i m p l i e d the action of microbiologica l ly 
mediated reduct ive dechlor inat ion i n the anaerobic sedimentary e n v i r o n ­
ment (5). 

B r o w n et a l . (2, 5) proposed a stepwise dechlor inat ion of specific ortho-
substi tuted dichlorobiphenyls ( D C B s ) , t r ichlorobiphenyls (TrCBs) , and tet-
rachlorobiphenyls (TCBs) to lower chlor inated congeners of the same ortho 
substi tution patterns. T h e result of this stepwise dechlor inat ion scenario is 
the product ion of 2 , 2 ' - D C B , 2 , 3 - D C B , 2 , 4 ' - D C B , 2 , 2 ' , 6 - T r C B , 2 ,3 ' ,6-
T r C B , 2 , 4 ' , 6 - T r C B , and 2 , 2 ' , 5 ' , 6 - T C B s . L e v e l s of these te rmina l dechlor­
inat ion product congeners i n u p p e r H u d s o n R i v e r sediments were 3 - 8 t imes 
greater o n a relative basis than i n the parent A r o c l o r ; the weight percent of 
the h igher chlor inated congeners decreased b y a factor of 2 - 1 0 (5). 

B u s h et a l . (6), w h o analyzed water and sediments f rom the same reach 
of the H u d s o n R i v e r , also found pronounced differences i n congener mix­
tures between the environmenta l P C B residues and the source Aroc lors . 
T h e congener mixtures i n the sediment samples were significantly skewed 
toward the less chlor inated congeners, but no change i n P C B composi t ion 
w i t h d e p t h i n sediment was observed. Several of these sediment samples 
were contaminated w i t h a P C B residue that resembled congener patterns 
found i n the river water. 

E a r l i e r w o r k (7) had ident i f ied s imilar aqueous P C B residues and at­
t r ibuted their presence at the study site to the preferential dissolution of 
the lower chlor inated congeners [pr imari ly 2 -monochlorobiphenyl ( M C B ) , 
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2 , 2 ' - D C B , and 2 , 6 - D C B ] as the r iver f lowed over contaminated upstream 
sediments. Thus , they hypothes ized that the composi t ion of the P C B s avai l ­
able for deposit ion i n the downstream sediments had already undergone 
major changes. This theory l e d to the conclusion that the alterations i n P C B 
residue patterns found i n bot tom sediments were not l i k e l y to be the result 
of i n situ weather ing processes. Instead they were seen as caused b y the 
scavenging from the water c o l u m n of previous ly altered mixtures of P C B s 
b y suspended particles or water- f i l ter ing macrophytes g r o w i n g i n the sedi­
ments. 

Theoret ica l predict ions of physiochemical weather ing of P C B s w e r e 
tested b y B u r k h a r d et al . (8). Possible changes i n congener composi t ion were 
examined b y consider ing successive batch equi l ibrat ions i n an a i r - w a t e r 
suspended particulate matter ( S P M ) system w i t h pred ic ted phys iochemica l 
propert ies and the fugacity m o d e l (9). B u r k h a r d et a l . (8) found variations 
i n H e n r y ' s law constants ( K H ) , and s e d i m e n t - w a t e r part i t ion coefficients (Kj) 
resulted i n the most significant differences i n congener par t i t ioning behavior , 
w i t h S P M - w a t e r part i t ioning as the dominant process. T h e tendency of 
i n d i v i d u a l homologous chlor inat ion groups to behave dif ferently i n the m o d e l 
systems l e d B u r k h a r d et al . (8) to conclude that phys iochemica l processes 
are a major factor contro l l ing the weather ing of P C B s i n the environment . 
D u n n i v a n t (10) came to s imilar conclusions on the basis of laboratory batch 
system investigations and computer simulations of congener fractionation i n 
successive part i t ioning of congeners i n three-phase w a t e r - s e d i m e n t - a i r sys­
tems. 

T h e environmenta l implicat ions associated w i t h phys iochemica l and b i o ­
chemica l processes make it important to determine w h i c h type dominates 
the weather ing of P C B s i n aquatic systems. Phys iochemica l weather ing 
should redistr ibute congeners into different envi ronmenta l compartments , 
not e l iminat ing the contamination p r o b l e m but unequal ly transferr ing it 
e lsewhere. O n the other hand, b iochemica l weather ing should result i n the 
destruct ion of congeners and possible product ion of others. Ideal ly , but not 
necessarily, this process w o u l d generate a P C B residue that is less toxic and 
more easily biodegradable. 

Thus , knowledge of the dominant transformation or transport processes 
w o u l d lead to a more in formed decis ion concerning remedia t ion of P C B -
contaminated systems and w o u l d i m p r o v e fate predict ions . F o r example, 
the best remedia l action for a biological ly mediated system may s i m p l y be 
to a l low the P C B s to degrade over t ime into a less toxic f o r m . C o n v e r s e l y , 
remediat ion of contaminated systems dominated b y phys iochemica l m o d i ­
fication of the P C B congeners may require an active response to prevent 
the p r o b l e m f rom m o v i n g into environmenta l compartments over w h i c h 
there is l i t t le or no control . 

T h e T w e l v e M i l e C r e e k - L a k e H a r t w e l l system i n northwest South C a r ­
ol ina provides an excellent opportuni ty to examine the presence and relative 
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importance of phys iochemica l and b iochemica l weather ing processes i n an 
aquatic system. In the mid-1970s L a k e H a r t w e l l was f o u n d to be contami­
nated w i t h P C B s . T h e source of the contamination was traced b y the South 
C a r o l i n a D e p a r t m e n t of H e a l t h and E n v i r o n m e n t a l C o n t r o l ( S C D H E C ) (11) 
to a capacitor-manufacturing plant located o n the T w e l v e M i l e C r e e k t r i b ­
utary, 39 k m upstream f rom the top of the lake. 

T h e plant was discharging P C B - l a d e n effluent into the creek v i a two 
serial sett l ing basins. Sediment samples i n these basins were found to have 
average P C B concentrations of 27,300 |xg/g i n the u p p e r basin and 7970 
|xg/g i n the lower basin (11). T h e average total P C B concentrat ion of the 
effluent i n 1976 was 30 μg/L. Subsequent studies of sediments i n T w e l v e 
M i l e C r e e k and L a k e H a r t w e l l showed m a x i m u m concentrations i n excess 
of 150 μg/g (dry weight basis) (12). Total P C B concentrations were highest 
immedia te ly downstream of the source and decreased w i t h distance (11-14). 

Differences i n the hydrologie characteristics for the u p p e r and lower 
portions of T w e l v e M i l e C r e e k and for L a k e H a r t w e l l are b e l i e v e d to have 
a significant effect on physiochemica l and b iochemica l weather ing processes. 
T h e u p p e r por t ion of T w e l v e M i l e C r e e k (0-32 km) is characterized b y 
relat ively shallow waters and h i g h water velocit ies . In the lower por t ion 
(32-39 km), the creek deepens and widens because of the i m p o u n d m e n t of 
L a k e H a r t w e l l . Water velocities are m u c h slower i n this por t ion of the creek, 
and a significant por t ion of the solids load is deposi ted i n the sediments . 
F l o w f r o m T w e l v e M i l e C r e e k eventual ly enters the top of L a k e H a r t w e l l , 
w h e r e it mixes w i t h uncontaminated waters f rom the K e o w e e R i v e r . T h e 
waters then move s lowly d o w n this 50 -km-long reservoir toward the H a r t w e l l 
D a m . 

Phys iochemica l and biochemica l weather ing of P C B s i n T w e l v e M i l e 
C r e e k - L a k e H a r t w e l l was examined b y us ing the congener-specif ic data set 
obtained b y G e r m a n n (12). Results for the longi tudina l variat ion i n P C B 
congener distr ibutions for surficial sediments are presented first. Because 
surficial sediments throughout the T w e l v e M i l e C r e e k - L a k e H a r t w e l l sys­
tem are expected to remain aerobic, the changing composi t ion of P C B s i n 
surficial sediments is used i n evaluating phys iochemica l weather ing p r o ­
cesses. B i o c h e m i c a l weather ing through reduct ive dechlor inat ion is then 
examined by us ing the results for P C B congener distr ibut ions i n sediment 
cores from the lower por t ion of Twelve M i l e C r e e k and the u p p e r basin of 
L a k e H a r t w e l l . F i n a l l y , steady-state m o d e l calculations for phys iochemica l 
weather ing are presented and are used i n an in i t ia l assessment of the trans­
port and fate of P C B s i n the T w e l v e M i l e C r e e k - L a k e H a r t w e l l system. 

Summary of Congener-Specific Field Data 

Sample Collection. T h e samples used i n this study w e r e a subset of 
85 sediment core samples col lected be tween October 1986 a n d August 1987 
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for a larger study on the d is t r ibut ion of P C B s i n the T w e l v e M i l e C r e e k - L a k e 
H a r t w e l l system. Sediment core sampl ing was done w i t h a W i l d c o sediment 
corer (Wi ld l i fe S u p p l y C o . , Saginaw, M I ) containing 5 -cm inner -d iameter 
polycarbonate tubes. P r i o r to use the polycarbonate tubes w e r e washed i n 
a hot detergent bath and rinsed three t imes w i t h d i s t i l l ed water . 

Af ter col lect ion, samples were d i v i d e d into 5-cm sections or into sections 
d e t e r m i n e d b y changes i n sample matrix. O n l y sediment f r o m the in ter ior 
of the core (not i n contact w i t h the corer) was used to avoid possible con­
tamination from the polycarbonate and f r o m sediment fines forced along the 
w a l l of the tube. Sect ioned samples were stored i n solvent-r insed bottles at 
4 °C u n t i l analyzed. Some samples used i n this study w e r e col lected from 
reaches of the submerged r i v e r b e d (where P C B s were deposi ted before the 
reservoir was filled). Sample locations (F igure 1) were d e t e r m i n e d i n re lat ion 
to buoys placed and mainta ined b y the U . S . A r m y C o r p s of E n g i n e e r s . 
Samples used i n this study w e r e l i m i t e d to those found to be contaminated 
w i t h at least 1 μg/g of total P C B to m i n i m i z e quantif ication error d u r i n g 
weight-percent calculations. 

Extraction, Analysis, and Quantification Procedures, Ex t rac t ion 
and analysis of the sediments for P C B s were per formed b y us ing the m e t h o d 
deve loped b y D u n n i v a n t and E l z e r m a n (15). It was m o d i f i e d for this study 
to m i n i m i z e the v o l u m e of solvents used and the total extraction t i m e . 
Sediment (3-5 g per sample) was w e i g h e d into 150 -mL beakers, and 50 mL 
of acetone was a d d e d to each beaker. T h e mixture was sonicated w h i l e m i x i n g 
on a magnetic stir plate i n an ice-water bath for 5 m i n at 0.8 relative output 
b y us ing a sonic d ismembrator (Fisher , m o d e l 300) e q u i p p e d w i t h a standard-
size probe and a 3 0 0 - W generator. T h e sample was a l lowed to settle for 5 
m i n and then passed through a v a c u u m filter apparatus (Mi l l ipore ) conta ining 
a glass fiber pref i l ter (Ge lman , T y p e A) into a 2 5 0 - m L E r l e n m e y e r flask. 
T h e filter cake was r insed twice w i t h acetone to complete ly remove a l l of 
the P C B - c o n t a i n i n g acetone. T h e extract was quanti tat ively transferred to a 
2 5 0 - m L separatory funnel containing 60 m L of double -d is t i l l ed water , 10 
m L of saturated N a C l solution, and 15 m L of isooctane. T h e n it was shaken 
for 3 m i n at 300 r p m on a gyratory shaker ( N e w B r u n s w i c k Scientif ic G10) . 
Af ter the solution settled for 1 h , the aqueous phase was col lected and the 
isooctane was placed o n a prewashed N a 2 S 0 4 c o l u m n and col lected i n a 100-
m L graduated cy l inder . T h e aqueous phase was re turned to the separatory 
f u n n e l w i t h 15 m L of clean isooctane and reshaken. T h e isooctane was p laced 
on the N a 2 S 0 4 c o l u m n and col lected. T h e extracts w e r e then composi ted 
and brought to a final v o l u m e of 60 m L . F i v e mi l l i l i t e rs of extract was p laced 
o n a 1-em-diameter c o l u m n containing approximately 1.5 g of a l u m i n a 
(80-200 mesh, deactivated 10%), the c o l u m n was rinsed w i t h 5 m L of isooc-
tane, and the final extract was concentrated to an appropriate v o l u m e b y 
evaporation w i t h ni trogen gas. Extract ion efficiency was f o u n d to be 99 ± 
4 .9%. 
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19. F A R L E Y E T A L . Differential Weathering of PCB Congeners 581 

Analysis of extracts was per formed o n a gas chromatograph ( G C ) (5880A, 
H e w l e t t - P a c k a r d ) e q u i p p e d w i t h an electron-capture detector ( E C D ) and 
a 30-m fused si l ica capil lary c o l u m n w i t h an outer diameter of 0.25 m m and 
a film thickness of 0.25 jxm ( D u r a b o n d D B - 5 , J & W Scientific) . T h e internal 
standard m e t h o d deve loped b y D u n n i v a n t and E l z e r m a n (15) was used, 
except that that on ly one internal standard was used (Aldrin) to m i n i m i z e 
r u n t ime on the gas chromatograph. D a i l y w o r k i n g standards w e r e composed 
of 80% A r o c l o r 1016 and 2 0 % A r o c l o r 1254. This ratio was chosen because 
it matches the A r o c l o r d is t r ibut ion found i n the sediments b y Polansky (13). 
Quanti f icat ion and col lat ion of data were done o n microcomputers w i t h a 
spreadsheet program (SuperCalc 4, C o m p u t e r Associates International). 

Field Evidence of Physiochemical Weathering. F i g u r e 2 shows 
the weight-percent d is t r ibut ion (mass of congener/mass of total P C B X 
100%) of the 64 peaks resolved i n the G C analysis for a standard 8 0 % A r o c l o r 
1016 plus 20% A r o c l o r 1254 mixture and for surface sediment samples at 
vary ing distances f rom the source. Plots of weight-percent d is t r ibut ion w e r e 
used instead of actual gas chromatograms because they e l iminate any biases 
for or against a part icular peak that may result from absolute levels of total 
P C B concentration i n different samples. I n the standard A r o c l o r mixture , 
the ear ly-e lut ing peaks (peaks 1-22 , represent ing less chlor inated congeners) 
account for almost 76% of the total P C B weight . T h e later-e lut ing peaks 
(peaks 25-63 , represent ing the h igher chlor inated congeners) accounted for 
the remain ing 24%. A l l of the sample residues had significantly different 
weight-percent d is t r ibut ion patterns compared to the standard mixture . 

A s distance from the P C B source increased, a significant change i n the 
weight-percent distr ibutions was observed (as shown i n F i g u r e 2 for stations 
G 2 6 and G 3 3 i n the lower por t ion of T w e l v e M i l e C r e e k and stations G 4 9 A , 
G 5 6 , and G 6 0 i n L a k e Har twel l ) . I n the lower por t ion of T w e l v e M i l e C r e e k 
the d is t r ibut ion was dominated b y the lower chlor inated congeners. T h e 
dis t r ibut ion i n L a k e H a r t w e l l sediments shifted toward the higher c h l o r i ­
nated congeners u n t i l an approximate 5 0 : 5 0 ratio was reached. 

A more detai led analysis of variations of homologous chlor ine groups 
w i t h distance f rom the source is shown i n F i g u r e 3. A s shown, d i - C B ( D C B ) , 
t r i - C B (TrCB) , t e t ra -CB ( T C B ) , and the summat ion of penta- , hexa-, and 
h e p t a - C B ( P H H C B ) groups var ied w i t h distance f rom the source i n different 
manners. T h e weight percent of both D C B s and T r C B s decreased w i t h 
distance. T h e weight percent of the T C B s increased sl ightly w i t h increasing 
distance from the source, whereas the P H H C B s in i t ia l ly showed a dramatic 
increase, fo l lowed by a slight decrease farther d o w n the lake. 

Field Evidence of Biochemical Weathering. P C B congener c o m ­
posit ion variat ion w i t h d e p t h i n sediment was analyzed for evidence of b i o -
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1 

STANDARD 
1-22=76% 25-04=24% 

G26: 33.6 km 
1-22=71% 25-64=29% 

J 4 W 
G33: 38.7 km 

1-22=66% 25-64=34% 

Peak Number 

G49A: 40.9 km 
1-22=59% 25-64=41% 

M iJUi 
G56: 53.3 km 

1-22=49% 25-04=51% 

G60: 60.1 km 
1-22=49% 25-64=51% 

«a a « 
Peak Number 

Figure 2. Weight percent (peak mass I total mass X 100%) of each peak for an 
80% 1016120% 1254 standard Aroclor mixture and for the top section of five 
Twelve Mile Creek-Lake Hartwell sediment cores. Sample location distances 
from the PCB source and weight-percent summaries for peaks 1-22 and 25-64 
are given. Some peaks are not quantified because of chromatographic inter­
ferences (GC peaks 24, 27, and 64) or lack of analytical sensitivity (GC peaks 
45, 48, 55, 56, 59, and 62). Peak 15 coelutes with peak 14. Peak 23 is the 

internal standard aldrin. 

chemica l alteration of the relative congener composi t ion . C o n g e n e r c o m ­
posi t ion var ied significantly w i t h d e p t h i n sediments for the lower por t ion 
of T w e l v e M i l e C r e e k (e. g . , station G26). I n these core samples, the congener 
composi t ion became increasingly dominated b y the lower chlor inated con­
geners w i t h increasing d e p t h i n the sediment (F igure 4). T h i s t r e n d was 
absent i n the less contaminated sediments farther d o w n L a k e H a r t w e l l . 

F i g u r e 5 shows a more detai led analysis of variations of homologous 
chlor ine groups w i t h d e p t h i n sediment . A g a i n two seemingly different sys­
tems are revealed for the lower por t ion of T w e l v e M i l e C r e e k and for L a k e 
H a r t w e l l . T h e T w e l v e M i l e C r e e k samples (G26 and G33) showed D C B 
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19. F A R L E Y E T A L . Differential Weathering of PCB Congeners 5 8 3 

5 0 

0 Η—ι—ι—ι—ι—ι—ι—ι—r—ι—ι—ι—ι—ι—ι—ι—ι—η—ι—ι—ι—r 
2 0 3 0 4 0 5 0 6 0 

Distance Downstream (kilometers) 
Figure 3 . Weight-percent data for DCBs, TrCBs, TCBs, and PHHCBs versus 
distance from the PCB source for the top sections of six Twelve Mile 
Creek-Lake Hartwell sediment cores. Peaks containing two or more congeners 
were assigned to a homologous chlorination group on the basis of which con­
gener accounted for most of the total peak mass (as reported in references 25 
and 26). Peaks that could not be accurately classified (26, 28, and 31) were 

excluded. 

levels increasing, T r C B s remain ing constant, and T C B s and P H H C B s de­
creasing w i t h d e p t h . T h e L a k e H a r t w e l l samples ( G 4 9 A and G56) d i d not 
show similar changes i n congener composi t ion w i t h d e p t h . A l t h o u g h stations 
G 3 3 and G 4 9 A are less than 3 k m apart, the different f low regimes (and 
possibly different redox condit ions of sediments) i n T w e l v e M i l e C r e e k and 
L a k e H a r t w e l l appear to have a profound effect o n P C B weather ing p r o ­
cesses. 

To determine i f h igher levels of dechlorinat ion products were present 
i n the sediments, the sum of the weight percents of the four ortho-substi tuted 
terminal dechlor inat ion congeners (congeners containing only ortho-substi ­
tuted chlorines) was plot ted versus depth i n sediment at four stations (F igure 
6). T h e presence of two separate systems was again indicated; the T w e l v e 
M i l e C r e e k samples (G26 and G33) showed an increase i n the weight percent 
of the terminal dechlor inat ion congeners, whereas the weight percent of the 
terminal congeners i n the L a k e H a r t w e l l samples (G49A and G56) r e m a i n e d 
fairly constant w i t h depth . 
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G26: Ocm 
1-22=71% 25-64=29% 

G26: 15 cm 
1-22=77% 25-64=23% 

G26: 30 cm 
1-22=83% 25-64=17% 

/ f l t inOfWl . f\.n . . , t . . '\ 

φ 
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Έ 
σ> 

I 5 

G56: 0 cm 
1-22=49% 25-64=51% 

M W W W 

G56; 15 cm 
1-22=59% 25-64=41% 

G56: 30 cm 
1-22=49% 25-64=51% 

Peak Number Peak Number 

Figure 4. Weight-percent data for each peak for three sections of two repre­
sentative cores, G26 (for the lower portion of Twelve Mile Creek) and G56 
(for Lake Hartwell). Depth in core and weight-percent summaries for peaks 
1-22 and 25-64 are given. Figure 2 gives sample locations and identification 

of peaks not quantified and sample locations. 

Modeling Physiochemical Weathering Processes 

Steady-state m o d e l i n g calculations were per formed to examine h o w 
congener-specific propert ies (such as s e d i m e n t - w a t e r part i t ion coefficients, 
H e n r y ' s law constants, and molecular diffusion rates) affect the transport and 
fate of P C B s . A basic descr ipt ion of the m o d e l , along w i t h m o d e l i n g results, 
is presented here to further explain the importance of phys iochemica l weath­
er ing processes i n contro l l ing the fate and dis t r ibut ion of P C B congeners i n 
Twelve M i l e C r e e k and the upper por t ion of L a k e H a r t w e l l . 

Background Information. F o r m o d e l calculations T w e l v e M i l e 
C r e e k is d i v i d e d into an u p p e r and lower reach (as shown i n F i g u r e 1). I n 
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19. F A R L E Y E T A L . Differential Weathering of PCB Congeners 585 

50 

30 

20 4 

10 
C Φ 
υ Φ 
a. ο 

G26: 33.6 km 

G33: 38.1 km 

10 15 20 

Depth in Sediment (cm) 

— ι — 
25 30 

Figure 5. Weight-percent data for DCBs, TrCBs, TCBs, and PHHCBs versus 
depth in core for four Twelve Mile Creek-Lake Hartwell sediment cores. 
Distance of sample location from the PCB source is indicated. Figure 3 gives 
a description of homologous chlorination groups. Continued on next page. 

the u p p e r reach (0-32 km), the channel is relat ively shallow (—0.4 m) w i t h 
an average w i d t h of 25 m . T h e average annual f low i n the creek is g iven as 
6 m 3 /s (16), and water velocities i n the u p p e r reach are relat ively h i g h (~0.6 
m/s). In the lower reach (32-39 km) the creek deepens and widens because 
of the i m p o u n d m e n t of L a k e H a r t w e l l . T h e average d e p t h and w i d t h i n 
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50-

G49A: 40.9 km 

10 15 20 
Depth in Sediment (cm) 

Figure 5. Continued. 

25 30 

this reach are 4 and 60 m , respectively, and water velocit ies are l o w 
( -0 .01 m/s). 

T h e lower reach of T w e l v e M i l e C r e e k empties into the u p p e r por t ion 
of L a k e H a r t w e l l , w h i c h is descr ibed as a series of three m i x i n g basins (see 
F i g u r e 1). T h e uppermost basin, w h i c h receives inflows from both T w e l v e 
M i l e C r e e k and the K e o w e e R iver , is physical ly separated f rom the second 
basin b y a submerged s i l l u n d e r the U . S . H i g h w a y 123 br idge i n C l e m s o n , 
South C a r o l i n a . T h e average annual flow i n the K e o w e e R i v e r is approxi -
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19. F A R L E Y E T A L . Differential Weathering of P C Β Congeners 5 8 7 

5 0 τ 1 

4 0 H 

0 -I 1 ι 1 ι 1 1 
0 5 10 15 2 0 2 5 3 0 

Depth in Sediment (centimeters) 
Figure 6. Sum of weight percents of the four ortho-substituted terminal de­
chlorination congeners (2,2'-DCB, 2,6-DCB; 2,2'£'-TrCB; and 2,2',6,6'-

TCB) versus depth in core. 

mately 40 m 3 /s (16). T h e second basin is b o u n d e d b y S C H i g h w a y 123 and 
the land constrict ion at S C H i g h w a y 93. T h e last basin is b o u n d e d b y l a n d 
constrictions at S C H i g h w a y s 93 and 37. Surface areas of the three basins 
are g iven as 998,000, 780,000, and 2,866,000 m 2 , respect ively. A l t h o u g h 
this por t ion of the lake is typical ly stratified d u r i n g the w a r m e r months , the 
water i n each basin is considered w e l l - m i x e d for a l l m o d e l calculations. 

D u r i n g the year suspended solids concentrations i n T w e l v e M i l e C r e e k 
vary f r o m 20 to several h u n d r e d mi l l igrams p e r l i ter . These solids are c o m ­
posed p r i m a r i l y of clay- and si l t -s ized particles w i t h average sett l ing velocit ies 
i n the range of 0.16 to 7.8 m/day (17). T h e large variat ion i n solids concen­
trations results p r i m a r i l y f rom land erosion and sediment resuspension d u r ­
i n g storm events. Organic content of suspended solids i n T w e l v e M i l e C r e e k 
and the u p p e r por t ion of L a k e H a r t w e l l is approximately 2 % b y weight (18). 
Solids concentrations i n the top sediment layers (0-10 cm) are i n the range 
of 300 g/L (12). Because waters throughout the T w e l v e M i l e C r e e k - L a k e 
H a r t w e l l system are w e l l oxygenated and the organic carbon content of the 
sediments is low, surface sediments are b e l i e v e d to r e m a i n aerobic. B i o ­
chemica l weather ing through reduct ive dechlor inat ion is , therefore, not ex­
pected to be significant i n surface sediments. H o w e v e r , they may play an 
important role i n deeper sediments. Based o n bottom-prof i le measurements 
per formed b y the U . S . A r m y C o r p s of Engineers (J9), l i t t le or no net sedi -
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mentat ion is b e l i e v e d to occur i n the u p p e r reach of T w e l v e M i l e C r e e k . 
Converse ly , sedimentat ion rates i n the lower reach of the creek and i n the 
u p p e r por t ion of L a k e H a r t w e l l are est imated to be 1 .5 -3 .0 cm/year (17). 

Model Description. T h e transport and fate of P C B s i n T w e l v e M i l e 
C r e e k and the u p p e r port ion of L a k e H a r t w e l l are descr ibed by a series of 
mass conservation equations for solids and P C B s i n the water c o l u m n and 
i n the active sediment layer (given as the top 10 c m of sediment) f o l l o w i n g 
the approach descr ibed b y O ' C o n n o r (20-22). F o r solids, the equations for 
the water c o l u m n and active sediment layer are g iven as: 

dm _ ws k'u 

h transport tluxes = — m + — raa (1; 
dt h h 

dma ws Κ ki . 
— = — m - — m a - — m a (2) 

at o a o a o a 

where m and m a are solids concentrations i n the water c o l u m n and active 
sediment layer, respect ively; t is t ime ; ws is the sett l ing veloci ty (m/day); h 
is the mean d e p t h ; 5 a is the thickness of the active b e d layer; k'u is the 
resuspension rate coefficient (m/day); and ki is the sediment b u r i a l rate 
(m/day). 

F o r m o d e l calculations, the average suspended solids concentrat ion e n ­
ter ing the creek is assumed to be 50 g/m 3 . T h e average suspended solids 
concentration i n the K e o w e e R i v e r input is taken as 26 g / m 3 to reflect the 
effect of solids removal of L a k e K e o w e e . T h e average sett l ing veloci ty for 
the entire system is taken as 0.5 m/day. T h e sett l ing f lux i n the u p p e r reach 
of the creek is balanced b y an equivalent resuspension flux, y i e l d i n g a no­
net-sedimentat ion condi t ion for this por t ion of T w e l v e M i l e C r e e k . I n the 
lower reach of the creek and the u p p e r por t ion of the lake, resuspension is 
not considered. T h e flux of solids sett l ing to the active sediment layer is 
balanced b y the b u r i a l t e r m . W i t h this set of m o d e l parameters, calculated 
sedimentat ion rates for the lower reach of T w e l v e M i l e C r e e k a n d the u p p e r 
por t ion of L a k e H a r t w e l l are i n the range of 1 .2 -3 .0 cm/year. 

F o r P C B s , separate equations are w r i t t e n for 36 congener classes as 
follows: 

dC 

dt 
+ transport fluxes = -r C d i s — r i m + 

h I Ku J h 
kf k'( 

-~ T a m a - — [ C d i s - C a J (3) 

at o a o a o a o a 
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19. F A R L E Y E T A L . Differential Weathering of PCB Congeners 5 8 9 

where C and C a represent the total (dissolved plus particulate) congener 
concentrations i n the water c o l u m n and active sediment layer, respectively; 
C d i s and C a i j s represent the dissolved concentrations; Γ and T a represent the 
solid-phase concentrations (pglg); Κ is the volat i l izat ion rate coefficient 
(m/day); F g is the part ial pressure of the congener i n the gas phase (atm); 
M W is the molecular weight (g/mol); K H is the H e n r y ' s law coefficient 
(atm-m 3 /mol); and fc'f is the dissolved exchange rate coefficient be tween 
the water c o l u m n and sediment layer pore waters (m/day). 

In these equations, dissolved and solid-phase congener concentrations 
can be expressed i n terms of the total congener concentrations b y us ing the 
e q u i l i b r i u m part i t ioning relat ionship (iQ = r/Cd i s) and the total congener 
mass concentration equation (C = C d i s + Tm). In subsequent calculations, 
the part ial pressure of P C B s i n the o v e r l y i n g atmosphere is assumed to be 
negl igible (because of air transport from the source region). F i n a l l y , p h o ­
tochemical degradation of P C B s , w h i c h has been observed to occur i n lab­
oratory systems (23, 24), is not considered because conclusive evidence has 
yet to be presented for its significance i n natural aquatic systems such as 
L a k e H a r t w e l l . 

A l is t ing of the 36 congener classes, a long w i t h corresponding values for 
chemica l m o d e l i n g parameters, is g iven i n Table I. This choice of congener 
classes is consistent w i t h analytical measurements for congener separation 
obtained b y us ing the H e w l e t t - P a c k a r d gas chromatography system. F o r 
classes containing two or more congeners, parameter values are based on a 
weighted average assuming a 4 : 1 mixture of Aroclors 1016 and 1254. This 
composi t ion closely matches the or iginal mixture of Aroc lors that was re­
leased into the T w e l v e M i l e C r e e k - L a k e H a r t w e l l system (31). 

Volat i l izat ion rates were d e t e r m i n e d f rom information g iven i n Table I 
b y us ing the two-layer m o d e l of the a i r - w a t e r interface w h e r e 

In e q 5, k[ and fcg represent the mass-transfer rate coefficients for the water 
and air side of the interface, respectively (m/day); KH is the H e n r y ' s law 
coefficient (atm-m 3 /mol); R is the universal gas constant (a tm-m 3 /mol-K) ; 
and Γ is temperature (taken as 293 K ) . F o r the u p p e r reach of T w e l v e M i l e 
C r e e k , k{ was calculated b y us ing the O ' C o n n o r - D o b b i n s formula for free-
f lowing streams (32). F o r the lower reach of T w e l v e M i l e C r e e k and the 
u p p e r port ion of L a k e H a r t w e l l , k'} was d e t e r m i n e d f rom the oxygen-transfer 
rate coefficient (taken as 0.5 m/day for l ight w i n d conditions) t imes the square 
root of the ratio of molecular diffusion rates for the P C B congener and for 
oxygen i n water. F o r the entire system, k'% was given as the water-evapo­
ration rate coefficient (taken as 500 m/day) t imes the square root of the ratio 
of molecular diffusion rates for the P C B congener and for water vapor i n 

1 1 RT 
(5) 

k'y k[ 
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air. I n the u p p e r reach of T w e l v e M i l e C r e e k , resistances o n the water and 
air side of the interface were both important i n contro l l ing volat i l izat ion of 
P C B s , and calculated values for the volat i l izat ion rate coefficient ranged from 
1.54 m/day (for the lower weight congeners) to 1.20 m/day (for the h igher 
weight congeners). I n the lower reach of the creek and the u p p e r por t ion 
of L a k e H a r t w e l l volat i l izat ion rates were p r i m a r i l y contro l led b y mass-
transfer rates on the water side of the interface, and coefficients ranged f r o m 
0.098 to 0.081 m/day. 

F o r transport terms i n eqs 1 and 3, the u p p e r and lower reaches of 
T w e l v e M i l e C r e e k were treated as one-dimensional advective (plug flow) 
systems. T h e upper basin of L a k e H a r t w e l l was m o d e l e d as a series of 
complete ly m i x e d reactors, w i t h inflows into the first reactor f rom T w e l v e 
M i l e C r e e k and the K e o w e e R i v e r . Analy t i ca l solutions for steady-state dis ­
tr ibutions of solids and P C B congeners i n the water c o l u m n and the active 
sediment layer were d e t e r m i n e d b y us ing approaches o u t l i n e d b y O ' C o n n o r 
(20-22). Because K d values for a specific congener class w e r e taken to be 
equivalent for the water c o l u m n and active sediment layer, the solutions are 
independent of k'( values. 

Modeling Results. Steady-state calculations for P C B distr ibutions i n 
T w e l v e M i l e C r e e k and the upper por t ion of L a k e H a r t w e l l were per formed 
b y assuming a dai ly loading of 6.6 kg/day f rom the Sangamo E l e c t r i c site. 
This loading rate was based on the average quanti ty of P C B s purchased b y 
Sangamo d u r i n g 1970-1975 (17) and the assumption that 0 .5% of the P C B s 
entered the T w e l v e M i l e C r e e k - L a k e H a r t w e l l system. A 4 : 1 mixture of 
Aroclors 1016 and 1254 was considered for the input . U n d e r these loading 
condit ions, calculated values for sediment concentrations var ied f rom ap­
proximately 100 μg/g near the source to 40 μg/g i n the lower reach of 
T w e l v e M i l e C r e e k (Figure 7). Sediment concentrations i n the u p p e r por t ion 
of L a k e H a r t w e l l were further reduced to approximately 5 μg/g through 
m i x i n g of contaminated waters from T w e l v e M i l e C r e e k w i t h uncontaminated 
waters from the K e o w e e R iver . This calculated d is t r ibut ion of P C B contam­
inat ion i n sediments is consistent w i t h field observations. T h e steady-state 
concentrations shown i n F i g u r e 7 are roughly a factor of 2 greater than the 
1987 field measurements for sediment concentrations i n the lower reach of 
T w e l v e M i l e C r e e k and the upper por t ion of L a k e H a r t w e l l . 

Calculat ions for the relative d is t r ibut ion of congeners i n the system are 
s u m m a r i z e d i n F i g u r e 8 i n terms of weight percentages for d i - C B ( D C B ) , 
t r i - C B (TrCB) , t e t r a - C B ( T C B ) , and the summat ion of penta- , hexa-, and 
h e p t a - C B ( P H H C B ) groups. W e i g h t percentages for D C B and T r C B de­
creased i n the u p p e r reach of the creek, indicat ing preferent ia l removal of 
these compounds . Because P C B removal i n the u p p e r reach resulted f rom 
volat i l izat ion (we specif ied that no net deposi t ion occurs i n this reach), pref-

Pu
bl

is
he

d 
on

 M
ay

 5
, 1

99
4 

on
 h

ttp
://

pu
bs

.a
cs

.o
rg

 | 
do

i: 
10

.1
02

1/
ba

-1
99

4-
02

37
.c

h0
19



19. F A R L E Y E T A L . Differential Weathering of PCB Congeners 5 9 3 

1 2 0 

10 2 0 3 0 4 0 

Distance Downstream (kilometers) 
Figure 7. Model results for PCB particulate concentrations in Twelve Mile 

Creek-Lake Hartwell sediments versus distance from the source. 

erent ial removal of the lower chlor inated b iphenyls was p r i m a r i l y associated 
w i t h lower K d values. This situation translated into h igher dissolved fractions 
for D C B and T r C B , and hence into h igher volat i l izat ion rates. T C B and 
P H H C B were also lost from the creek through volat i l izat ion, but at m u c h 
slower rates. Thus their weight percentages are shown to r e m a i n constant 
(for T C B ) and to increase (for P H H C B ) . 

In the lower reach of T w e l v e M i l e C r e e k and the u p p e r por t ion of L a k e 
H a r t w e l l , both volat i l izat ion and b u r i a l of P C B s i n deep sediments are i m ­
portant removal pathways (as shown i n F i g u r e 9). Because volat i l izat ion is 
more effective i n r e m o v i n g congeners w i t h l o w Kd values and b u r i a l is more 
effective i n r e m o v i n g congeners w i t h h i g h Kd values, l i t t le variat ion is cal ­
culated for the weight percentages i n this por t ion of the system. I n the u p p e r 
por t ion of the lake, calculated weight percentages for the various chlor inat ion 
groups are i n general agreement w i t h 1987 field observations (see Table II). 
Far ther d o w n the lake, f i e ld data (F igure 3) show a slight reduct ion i n 
P H H C B , indicat ing that b u r i a l may be the preferred pathway for P C B re­
moval . 

O v e r a l l , the steady-state m o d e l for phys iochemica l weather ing p r o v i d e d 
a good descr ipt ion of observed variations i n congener distr ibut ions for sur-
ficial sediments i n the T w e l v e M i l e C r e e k - L a k e H a r t w e l l system. I n general , 
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5 0 

0 τ—ι—ι—ι—ι—ι—ι—ι—ι—ι—ι—ι—ι—r—ι—ι—r—ι—ι—ι—r—ι—ι—r—I 
0 10 20 30 40 

Distance Downstream (kilometers) 
Figure 8. Model results for rehtive weight percentages ofDCBs, TrCBs, TCBs, 

and PHHCBs versus distance from the source. 

results showed that lower chlor inated congeners are more effectively re­
m o v e d b y volat i l izat ion, whereas h igher chlor inated congeners are prefer­
ential ly r e m o v e d b y bur ia l i n the deeper sediments. 

These trends, however , may be masked b y t ime-variable processes. F o r 
example, "chromatographic separat ion" w o u l d be l ike ly to occur i n the sys­
tem d u r i n g periods of increased P C B loading, w i t h lower chlor inated con­
geners migrat ing d o w n the creek and into the lake at faster rates because 
of their lower Kd values. U n d e r these condit ions, the downstream sediments 
w o u l d in i t ia l ly contain h igher weight percentages for the lower chlor inat ion 
groups. A s steady-state condit ions are approached (and h igher chlor inated 
congeners have sufficient t ime to migrate downstream), the relat ive weight 
percentages of chlor inat ion groups i n downstream sediments w o u l d more 
accurately reflect the dominance of volat i l izat ion or b u r i a l i n P C B removal . 

F u r t h e r studies examining t ime-variable behavior of P C B s i n the T w e l v e 
M i l e C r e e k - L a k e H a r t w e l l system and sensit ivity of m o d e l calculations to 
various system parameters are presently b e i n g per formed. T h e steady-state 
m o d e l i n g results presented i n this chapter, however , p r o v i d e a reasonable 
base for an in i t ia l assessment of the fate of P C B s i n the T w e l v e M i l e 
C r e e k - L a k e H a r t w e l l system. T h e cumulat ive removals of P C B s from the 
system b y volat i l izat ion and b u r i a l are shown as percents of the total P C B 
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19. F A R L E Y E T A L . Differential Weathering of PCB Congeners 595 

9 
cti 

I 8 -| \ 

X 

5 4 

> 

ω 

^ 1 

P Q 

V o l a t i l i z a t i o n 

B u r i a l 

Distance Downstream (kilometers) 
Figure 9. Model results for PCB removal by volatilization and burial fluxes 

in Twelve Mile Creek and the upper portion of Lake Hartwell. 

Table II. Comparison of Observed and Calculated 
Weight Percentages for D C B , T R C B , T C B , and P H H C B 

in Sediments in the Upper Portion of Lake Hartwell 

Upper Portion 
of Lake Hartwell 

Compound Source Observed Model Results 

D C B 6 5 3 
T r C B 41 33 29 
T C B 29 25 28 
P H H C B 24 37 40 

i n p u t i n F i g u r e 10. U n d e r steady loading condit ions, approximately 6 5 % of 
the P C B input is calculated to be r e m o v e d f r o m the system b y volat i l izat ion, 
w i t h most of the loss occurr ing i n the u p p e r reach of the creek. R e m o v a l 
b y b u r i a l i n the deeper sediments accounts for approximately 15% of the 
P C B input . A s shown by the b u r i a l flux d is t r ibut ion i n F i g u r e 9, the highest 
values for the P C B b u r i a l flux are i n the lower reach of T w e l v e M i l e C r e e k . 

This finding, w h i c h is consistent w i t h our analyses of sediment cores, 
indicates that the lower reach of T w e l v e M i l e C r e e k serves as an effective 
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70 

Distance Downstream (kilometers) 
Figure 10. Model results for the cumulative loss of PCBs by volatilization and 

burial in Twelve Mile Creek and the upper portion of Lake Hartwell. 

sediment trap for part of the contamination. H o w e v e r , these steady-state 
calculations show that approximately 15% of the P C B discharge is p r e d i c t e d 
to pass u n d e r S C H i g h w a y 37 and cont inue to migrate d o w n L a k e H a r t w e l l 
toward the H a r t w e l l D a m . D i l u t i o n of P C B s — p a r t i c u l a r l y b y inflows f rom 
Coneross C r e e k , E i g h t e e n M i l e C r e e k , Twenty-S ix M i l e C r e e k , and the 
Tugaloo R i v e r — i s expected to be effective i n r e d u c i n g P C B concentrations. 
T h e remain ing 5 % of the P C B i n p u t is contained i n congener classes that 
were not considered i n our m o d e l calculations. 

Possible Importance of Biochemical Weathering 

In situ reduct ive dechlor inat ion has been c i ted as an important pathway for 
b iochemica l weather ing of P C B s i n sediments (2, 5). T h e reduct ive dechlo­
r inat ion hypothesis is based o n the premise that microbia l action on P C B 
congeners is sterically selective for the chlorines i n the meta and para p o ­
sitions o n the b i p h e n y l rings (i .e. , 3, 3 ' , 4, 4 ' , 5, and/or 5'). Such select ivity 
w o u l d result i n the c leaving of the chlorines i n these positions (5). I f this 
process occurs, the t e rmina l dechlor inat ion products of the microb ia l ly re­
sistant ortho-substi tuted congeners i n the anaerobic env i ronment should be 
2 , 2 ' - D C B , 2 , 6 - D C B , 2 , 2 ' , 6 - T r C B , and 2 , 2 ' , 6 , 6 ' - T C B . Thus , the weight 
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19. F A R L E Y E T A L . Differential Weathering of PCB Congeners 597 

percent of these congeners should increase w i t h d e p t h as dechlor inat ion of 
the h igher chlor inated congeners progresses. 

This expected increase i n weight percent for the t e r m i n a l dechlor inat ion 
congeners is c learly observed i n the two T w e l v e M i l e C r e e k core samples 
(F igure 6). F o r the L a k e H a r t w e l l samples ( G 4 9 A and G56) , however , the 
i n d i v i d u a l chlor ine substi tution groups and the te rmina l dechlor inat ion con­
geners remain relat ively constant w i t h d e p t h . A p p a r e n t l y b iochemica l weath­
er ing is not significant i n the u p p e r basin of L a k e H a r t w e l l . 

Differences i n biodegradative abi l i ty be tween the T w e l v e M i l e C r e e k 
and L a k e H a r t w e l l samples may reflect differences i n redox condit ions of 
the sediments. This correlat ion can be explained b y cons ider ing the reduc­
t ive dechlor inat ion scenario i n w h i c h P C B s are used as e lectron acceptors 
b y anaerobic microorganisms. In L a k e H a r t w e l l sediments , P C B concen­
trations are l o w because of m i x i n g of P C B s w i t h uncontaminated waters f r o m 
the K e o w e e R i v e r . A t l o w concentrations, the abi l i ty of P C B s to serve as 
electron acceptors may be d i m i n i s h e d compared to other r e d u c i n g agents 
(e.g., organic carbon molecules). A s a result , no change i n P C B congener 
composi t ion w o u l d be observed w i t h sediment depth . F o r h igher concen­
trations i n the T w e l v e M i l e C r e e k sediments, P C B s may prov ide a significant 
fraction of the e lectron-receiving capacity, resul t ing i n more c leaved chlo-
ines and hence i n observable b iochemica l weather ing of P C B s . 

S imi lar results for biodegradative and nonbiodegradative zones w e r e 
previous ly reported b y B o p p et a l . (4) for the H u d s o n R i v e r . C o n s i d e r i n g 
the occurrence of al tered residues i n the more h ighly contaminated u p p e r 
H u d s o n R i v e r sediments, B o p p et a l . (4) conc luded that reduct ive dechlo­
r inat ion may not be significant at P C B concentrations less than approximately 
150 μg/g. This value is m u c h h igher than the m a x i m u m concentrations seen 
i n both the L a k e H a r t w e l l (16 and 7 μg/g) and T w e l v e M i l e C r e e k (26 and 
40 μg/g) cores. 

T w o possibil i t ies are g iven here to explain w h y b iochemica l weather ing 
may be occurr ing at m u c h lower residue concentrations i n the T w e l v e M i l e 
C r e e k sediments. F i r s t , the organic carbon content i n the T w e l v e M i l e C r e e k 
sediments may be significantly lower than that of the H u d s o n R i v e r . Th is 
difference w o u l d cause the P C B s to make u p a larger fraction of the e lectron-
rece iv ing capacity and result i n the biodégradation of P C B s w i t h d e p t h . 
Second, any b iochemica l weather ing occurr ing i n the T w e l v e M i l e C r e e k 
and the H u d s o n R i v e r may be mediated b y different types of microorganisms 
and vary according to differences i n temperature-dependent metabol ic rates. 

O t h e r explanations for differences i n T w e l v e M i l e C r e e k and L a k e H a r t ­
w e l l sediment cores are possible. F o r example, temporal variations i n the 
P C B loading rate, along w i t h chromatographic separation of congeners m i ­
grating d o w n the creek, may also be important i n expla in ing the congener 
distr ibutions i n sediments. H o w e v e r , i t is diff icult to imagine condit ions that 
w o u l d lead to such an abrupt change i n the sedimentary core records of 
stations G 3 3 and G 4 9 A , w h i c h are less than 3 k m apart. 
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In summary, no conclusive evidence exists to support the hypothesis of 
reduct ive dechlor inat ion of P C B s i n the sedimentary e n v i r o n m e n t of L a k e 
H a r t w e l l . H o w e v e r , sediment core data for the lower por t ion of T w e l v e M i l e 
C r e e k suggest that degradation of the h igher chlor inated groups is o c c u r r i n g 
and may be a significant weather ing process. F u r t h e r research is needed to 
conf i rm or refute this c la im and to quantify the possible significance of 
reduct ive dechlor inat ion on the ult imate fate of P C B s i n the sediments . 

Conclusions 

F i e l d data for the T w e l v e M i l e C r e e k - L a k e H a r t w e l l system indicated that 
sediments i n the lower por t ion of T w e l v e M i l e C r e e k contain significantly 
h igher concentrations of P C B s than sediments i n L a k e H a r t w e l l . P C B con­
gener distr ibutions i n sediments were also shown to vary w i t h distance f r o m 
the P C B source and, for sediment cores i n the lower por t ion of T w e l v e M i l e 
C r e e k , w i t h d e p t h i n the sediments. F o r surface sediments, the longi tudina l 
variat ion i n congener dis tr ibut ion was at tr ibuted to phys iochemica l weath­
er ing because surficial sediments are expected to r e m a i n aerobic throughout 
the T w e l v e M i l e C r e e k - L a k e H a r t w e l l system. T h e sediment core data 
indicated that b iochemica l weather ing also occurs at select locations i n 
T w e l v e M i l e C r e e k through reduct ive dechlor inat ion. 

Steady-state m o d e l calculations were per formed to further examine phys­
iochemical weather ing behavior. Results were consistent w i t h congener 
distr ibutions i n surficial sediments. I n general , they showed that a prefer­
ent ial deple t ion of the lower chlor inated congeners occurred i n the u p p e r 
por t ion of Twelve M i l e C r e e k , w h e r e volat i l izat ion was the only removal 
mechanism. In the lower por t ion of T w e l v e M i l e C r e e k a n d the u p p e r por t ion 
of L a k e H a r t w e l l , b u r i a l of P C B s i n deeper sediments p l a y e d a more i m ­
portant role . A preferential deple t ion of h igher chlor inated congeners occurs 
w h e n b u r i a l is the dominant process by phys iochemica l weather ing . 

F r o m this in i t ia l assessment, approximately 6 5 % of the P C B i n p u t is 
calculated to have been r e m o v e d from the system b y volat i l izat ion and 15% 
of the i n p u t b y b u r i a l i n deeper sediments, p r i m a r i l y i n the lower por t ion 
of T w e l v e M i l e C r e e k . A s indicated most c learly b y h igher levels of specific 
ortho-substi tuted D C B s , T r C B s , and T C B s , P C B s b u r i e d i n the deeper 
sediments of the creek have undergone further weather ing b y reduct ive 
dechlor inat ion. 
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Accumulation of PCB by phytoplankton 
determining factors, 560 
diluting effect of growth, 566-570 
mechanism, 564-566 
rate, 561-564 

Acetylene reductase activity, areal survey, 
128-130 

Acid-neutralizing capacity, definition, 
243 

Acid-sensitive lakes and streams 
northeastern U.S., 256/ 
southeastern U.S., 266/ 
western U.S., 269/ 

Acid tolerance, nitrifying bacteria, 131 
Acidic deposition, paleolimnological recon­

struction, 4 
Acidic episodes, contributing factors, 

247 
Acidic lake, biogeochemical processes of 

sediments, conceptual model, 379, 
380/ 

Acidification 
analytical techniques, 5 
chemical composition and cycles in a 

seepage lake, 121-159 
chronic, 244-246 
episodic, 247-250 
experimental methods, 124-127 
fossil assemblage scores, 15 
large studies, 25 
major ion chemistry, 155 
pH averages, maxima, and minima, 125f 

Acidification-recovery models, based on de­
terministic internal alkalinity genera­
tion, 151-155 

Acidophilic diatom, experimental acidifica­
tion, 133 

Acrylic-tube sampling method, evidence for 
a near-surface mercury source, 436 

Acute toxicity 
alcohol ethoxysulfates, 549-551 
C 1 2 AS, 547, 548f 
C 1 2 LAS, 544, 545f 

Adirondack lakes (New York), long-term 
monitoring project, 257-259 

Adsorption, manganese, 502 
Advection groundwater mercury transport, 

calculation, 444 
Advection rate at Pallette Lake, estimated 

average, 445 
Advective flow, dissolved and colloidal spe­

cies, 441 
Aeration, rates of sulfate reduction, 334 
Aerobic degradation, release of M n 2 + , 520 
Aerobic sulfate reduction, 329 
Aggregate, phosphorus compounds or con­

centrated humic material, 184 
Agricultural runoff, increasing nitrate con­

centration in streams, 261-262 

Alcohol ethoxysulfates (AES) 
applications, 528 
biodégradation, 533-534 
concentrations, frequency distribution, 

542/ 
risk assessment, 554-555 
toxicity to aquatic organisms, 549-551 
treatability and environmental concentra­

tions, 539 
See also Anionic surfactants 

Alcohol sulfates (AS) 
applications, 528 
aquatic toxicity, 547-549 
biodégradation, 532-533 
concentrations, frequency distribution, 541/ 
risk assessment, 554 
treatability and environmental concentra­

tions, 537-539 
See also Anionic surfactants 

Alewife, phosphorus regeneration, 314 
Algae 

arsenic(V), 487 
benthic food web, 110 
enriched in 13C-leucine, 106-108 
sulfate reduction, 328-329 
toxicity 

AES, 551 
C 1 2 AS, 544, 546f, 549f 

uptake and sedimentation of sulfur, 327 
uptake of ammonium before nitrate, 229 
use of phosphorus from particulate pool, 

307 
Algal assimilation, nitrate, 138 
Algal biomass, eutrophic lakes, 474 
Algal growth 

biological availability and biouptake of 
phosphorus, 163 

change in dissolved organic phosphorus 
species, 186 

fertilization, 94 
phospholipids, 186 
supply rates of nutrients vs. concentra­

tions, 251 
Algal material, sedimentation, 494 
Aliphatic alicyclic rings, chemical shifts of 

protons, 206 
Aliphatic alicyclic structure, resistance to bi­

ological oxidation, 199 
Alkalinity 

correlation with pH, 155 
definition, 136 

Alkalinity budget 
acidification period, 141, 142f 
mechanisms responsible, 139 

Alkalinity generation 
internal, 135-155 
reductive dissolution of ferric oxides, 372 

Alkalinity recovery, rates in water column, 
121 
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I N D E X 603 

Alkyl chain length, hydrophobicity and tox­
icity, 552 

Alkylsulfatase-producing bacteria, propor­
tions at polluted and clean sites, 532 

Allochthonous material 
phosphorus deposition and flux, 303 
rapid sedimentation, 285 

Alpine lakes, terrestrial detritus, importance 
to zooplankton, 109 

Aluminosilicates, incongruent dissolution, 
137 

Aluminum 
atmospheric deposition of strong acids, 15 
history in lake water, 8/ 
hypolimnetic alkalinity, 141 
tracer for bottom sediment material, 314 

Ambient nutrient ratios, algal growth, 251-
254 

Ammonification of nitrate, 480 
Ammonium 

assimilation by phytoplankton, 131 
calcium exchange, 148-151 
competition between nitrifiers and vegeta­

tion, 230 
concentrations in precipitation, 225 
decomposition in stratified lakes, 231 
deposited to snowpack and nitrified, 271-

272 
deposition, chronic acidification in the 

Netherlands, 246 
hypolimnetic alkalinity, 141 
microbial catalysis, 480 
rate of nitrification in lakes and streams, 

231 
under-ice accumulation, 130-131 
uptake rates in aquatic plants, 229 
watershed retention, 228 

Anaerobic carbon oxidation, sulfate reduc­
tion, 333 

Anaerobic degradation 
alcohol sulfates, 533 
organic matter, 329 

Anaerobic environments, LAS does not 
biodegrade, 531 

Anaerobic sediments, sulfate reduction and 
oxidation, 339-341 

Anaerobic soils, denitrification, 232 
Anaerobic water columns, dynamic cycling 

of sulfide sulfur, 337-339 
Analog matching, composition of calibration 

and stratigraphie assemblages, 24-25 
Analytical methods, trace element cycling, 

experimental details, 477-478 
Anion-exchange resins, potential dissolved 

organic phosphorus isolation meth­
ods, 188 

Anionic surfactants 
concentrations in surface water, 539-543 

Anionic surfactants—Continued 
environmental behavior and fate, 527-557 
environmental hazard assessment, 529/, 

552-555 
exposure assessments, 534-543 
household end use, 527-529 
structure-activity relationships, 551-552 

Anoxic environments 
higher elevations in the sedimentary col­

umn, 467 
mobilized metals and arsenic, 467-470 

Anoxic hypolimnion 
internal alkalinity generation, 136 
precipitation of iron sulfides, 342 
reduced species appear successively, 479 
thermodynamic redox sequence, 473 

Anoxic mud, incubation with bathylimnetic 
water, 515/ 

Anoxic reactions in the once-oxic zone, 466 
Anthropogenic component, atmospheric 

mercury deposition, 54 
Aquatic biota, data on lake-water chemistry, 

3-31 
Aquatic ecosystems, role of denitrification, 

232 
Aquatic food webs, terrestrial detritus, 95 
Aquatic plants 

chronic toxicity of Ci 2AS, 549* 
uptake of ammonium before nitrate, 229 

Aquatic toxicity 
alcohol ethoxysulfates, 549-551 
alcohol sulfates, 547-549 
linear alkylbenzenesulfonates, 543-547 

Arctic lakes 
stable isotopes in ecosystem-scale experi­

ments, 91-120 
terrestrial detritus, importance to zoo-

plankton, 109 
terrestrial organic matter, 95 

Aroclors, See Polychlorinated biphenyls 
(PCBs) 

Aromatic and olefinic hydrogens, analytical 
difficulties, 202 

Aromatic carbon content 
analytical difficulties, 202 
fulvic acid, 202-206 

Aromatic plus olefinic carbon content, 
method for estimating, 203-206 

Arsenic 
contamination in sediments, 454 
contamination in wells, 457, 463, 464/ 
cycles in eutrophic lake, 473-497 
fluctuations in response to stage rise, 467 
reduction and oxidation processes, 484- 488 
seasonal variation in the water column of 

Lake Greifen, 485/ 
sedimentation rate, 494 
underlying alluvial aquifer, 461-470 

Arsenic(III), anoxic hypolimnion, 487 
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Arsenie(V), occurrence of particulate man­
ganese, 488 

Assemblage data, correlation to chemistry 
measurements, 11 

Assimilation of nitrogen by terrestrial eco­
system, 227-229 

Assimilatory reduction, sulfate, 136 
Atmospheric mercury deposition 

anthropogenic component, 54 
fish, sediments, and water, 426 
historic trends, 33, 49 
industrial sources, 49-50 
lakes and watersheds, 33-66 
movement into lake, 434 
preindustrial and modern rates, 55-56 
ratio of catchment area to lake surface 

area, 55 
Atmospheric moisture, isotopic equilib­

rium, 80 
Atmospheric-moisture measurements, ex­

trapolation of results, 81 
Atmospheric nitrogen, transformation within 

the watershed, 226-227 
Atmospheric sulfate, deposition, 358-360 
Autochthonous inputs, aromatic plus olefinic 

carbon content, 206 
Autoredox dismutation 

formation of H 2 0 2 , 415-416 
rate in salt water and lakes, 416 

Azide ion 
inhibition of bacterial decomposition of 

H 2 0 2 , 406 

pure cultures and natural waters, 410-411 

Β 
Baby Lake (Ontario), pH reconstruction, 6/ 
Bacteria 

decay rate of H 2 0 2 , 403, 418 
iron-reducing and sulfate-reducing, 340 
release of metal ions from sulfides in sedi­

ments, 461-463 
sulfate reduction, 328-329 
sulfide oxidation, 337-341 
sulfur retention in sediments, 353-354 

Bacterial culture studies, decomposition of 
H 2 0 2 , 403-406 

Bacterial enzymes, AS-resistant strains, 532 
Bacterial interaction, mobility of contami­

nants, 461 
Bacterial mat, oxidation of reduced sulfur, 

339 
Bacterially catalyzed reactions, sulfide and 

organic oxidation processes, 463 
Barrier, dacron-reinforced polyvinyl, 124 
Base cations 

concentration, acidic episodes, 248 
exchangeable content and potential in­

crease with ion exchange, 147f 

Base cations—Continued 
interbasin differences, 143 
measurement methods, 126-127 
potential increase attributable to ion ex­

change, 146-148 
production with acidification, 142 
sediment profiles, 143/ 

Bathylimnion, accumulation of manganese 
during stratification, 517 

Bed load, trapped coarse-grained sediment, 
455 

Beggiatoa, rate of sulfide oxidation, 339 
Benthic food web, 1 5 N enrichment, 109-112 
Benthic organisms, incorporation of nitrogen 

from phytoplankton, 110 
Benthos, 1 5 N label time lag, 116 
Bicarbonate 

buffer for sulfide oxidation reactions, 463 
concentrations and pH in well, bubble 

diagram, 468/ 
Big Moose Lake (New York), reconstructions 

of monomelic aluminum, 8/ 
Big Musky Lake (Wisconsin), index-lake 

method, 81-84 
Big Soda Lake (Nevada) 

aromatic plus olefinic carbon in fulvic 
acid, 204-205f 

characteristics, 202 
dissolved organic matter, autochthonous 

sources, 199 
variation among sampling sites, 

206-209 
Bioaccumulation factor 

definition, 560 
estimated and experimental values, 570/ 

571/ 
function of growth rate, 568/ 569/ 
variation in reported values, 560 
vs. to,*, 563/ 

Bioaccumulation of mercury, methylation, 58 
Biochemical weathering 

destruction of PCB congeners, 577 
field evidence, 581-583 
possible importance, 596-598 

Biodégradation 
alcohol ethoxysulfates, 533-534 
alcohol sulfates, 532-533 
linear alkylbenzenesulfonates, 530-531 
redox conditions of sediments, 597 
uncertainty in acute toxicity test results, 

547 
Biofilm 

concentration gradients, 385 
growth on pore walls, 385 
microorganisms adhering to surfaces, 384 
model of sulfate reduction in lake sedi­

ments, 384-387 
Biogenic silica 

deposition pattern, 301, 302/ 
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Biogenic silica—Continued 
molar ratio to phosphorus—Continued 

sediment-trap material, 310/ 
suspended particulate material, 309/ 

particulate material, 302 
primary flux to sediment surface, 302/ 
sediment sample analysis, 289 

Biogeochemical cycling 
measurement methods, 92-93 
phosphorus in Lake Michigan, 285-322 

Biological decay, hydrogen peroxide, 402 
Biological demand, winter and spring nitro­

gen concentrations, 238 
Biological formation, hydrogen peroxide, 

400-401, 404 
Biological material, binding of zinc, 489 
Biological organisms 

reduction of manganese oxides, 481 
resuspension mechanisms, 440 

Biological processes 
hydrogen peroxide decay, 410 
mediated decay 

H 2 0 2 , 403 
summary of recent studies, 407 

uptake of nitrate, 228 
Biomass size, rate of LAS degradation, 530 
Biota 

data on lake-water chemistry, 3-31 
groups used for quantitative inferences, 

8-10 
Bioturbation 

definition, 145 
effect at core sites, 145 
sulfur cycling and retention, 354, 361 

Biplots, patterns of similarity and difference, 
13-15 

Biscuit Brook (New York) 
acid episodes, 259-261 
seasonal chemical variables, 260/ 

Bivariate plots, patterns of similarity and 
difference, 13-15 

Boiling 
formation of H 2 0 2 , 411 
hydrogen peroxide decay, 410 

Bootstrapping 
error estimates, 23 
technique, 24 

Boreal lakes 
terrestrial detritus, importance to zoo-

plankton, 109 
terrestrial organic matter, 95 

Bottom sediments 
chemical controls of mercury, 436 
mercury roughly balanced by atmospheric 

inputs, 426 
Bulk solution, sulfate concentration, 387 
Burial efficiency 

carbon and phosphorus, 315-316 
PCBs in deep sediments, 593, 595 

Butte-Anaconda area (Montana), contamina­
tion from mining wastes, 451-471 

C 
l3C-leucine, enrichment of algae, 106-108 
Cadmium, contaminant concentration in 

sediments, 455 
Calcasieu River (Louisiana) 

aromatic plus olefinic carbon content of 
fulvic acid, 204-205* 

variation among sampling sites, 206-209 
Calcite 

particulate material, 302 
phosphorus deposition and flux, 303 
phosphorus transport, 309-311 

Calcium 
ammonium exchange, 148-151 
buffer for sulfide oxidation reactions, 463 
concentrations and pH in well, bubble 

diagram, 468/ 
hypolimnetic alkalinity, 141 
percent composition of sediment, 145-146 
response to acidification, 127 
sediment selectivity, 151 
solute tracer, 87-88 

Calcium carbonate 
effect on phosphorus flux, 295, 299 
epilimnion during summer stagnation, 480 

Calibration data set 
bias in reconstructed values, 21 
C C A and WA techniques, 12 
chemistry of different types of lakes, 21 
fossil sample data, 15 
measured chemical parameters, 11 
nature and magnitude of error, 24-25 

Canonical correspondence analysis (CCA) 
application to paleoecological data, 12 
pattern of variation, 13 
surface sediments of 41 lakes, 14/ 
technique, 13-15 

Carbohydrates 
component of dissolved organic sub­

stances, 217 
degradation to biomass and carbon diox­

ide, 216-217 
Carbon 

availability, rates of sulfate reduction, 331 
availability of pyrite and partially oxidized 

sulfur, 362 
burial efficiencies, 315-316 
epilimnetic cycling, 313-314 
isotopic composition, food sources for zoo-

plankton, 104 
isotopic tracer of food web, 93-94 
limitation of sulfate reduction, 333-334 
sedimentation rates, fraction of organic 

sulfur in sediments, 355 
stable isotopes in ecosystem-scale experi­

ments, 91-120 
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Carbon—Continued 
sulfur content of sediments, 350-353 

Carbon-13 
enrichment in particulate organic matter 

and zooplankton, 104-108 
macrozooplankton food chain, 106-108 

Carbon dioxide 
algal biomass and uptake, 104-106 
water-atmosphere equilibrium, 155 

Carbon-sulfur ratio 
base of sediment cores, 356/ 
distinguish marine from freshwater sedi­

ments, 357-358 
Carbonates, congruent dissolution, 138 
Carboxylated aliphatic alicyclic component, 

persistence in the environment, 219 
Catalases 

decomposition of H 2 0 2 , 417 
intracellular H 2 0 2 concentrations, 402 

Catchment contribution 
mercury accumulation, 56-58 
nitrogen in particulate organic matter, 

101-102 
release of atmospheric mercury, 33-34 

Cation exchange, experimental methods, 
126-127 

Cation production 
contributions of sediments, 140 
internal alkalinity generation models, 152 
principal internal alkalinity generation 

process, 155 
weathering or ion exchange, 137 

Catskills (New York) 
long-term stream-monitoring project, 

259-263 
nitrogen retention, 273 

Cedar Lake (Minnesota), atmospheric mer­
cury deposition, 33-66 

Cesium-137, dating of sediment core, 433 
Chemical changes in lakes, long-term, 3-31 
Chemical composition and cycles, experi­

mental acidification, 121-159 
Chemical decay, hydrogen peroxide, 411 
Chemical formation, hydrogen peroxide, 401 
Chemical pathways, decomposition of H 2 0 2 , 

418 
Chemical shift 

factors determining position, 171 
Ή nuclei, 167 
3 1 P NMR spectroscopy, 165 
pH dependence, 171-173/ 

Chemical tracers, hydrological budgets, 68 
Chemocline, sample variation, 202 
Chesapeake Bay 

formation and distribution of H 2 0 2 , 391-
422 

sampling locations, 395/ 
Chromatographic separation, polychlorinated 

biphenyls, 594 

Chromium 
chemical properties and oxidation states, 

488-489 
cycles in eutrophic lake, 473-497 
possible reductants, 488 
retention in lake sediments, 494 

Chromium(III), insoluble compounds, 489 
Chromium(VI), seasonal variation, 489, 490/ 
Chronic acidification 

European sites, 246 
nitrate and sulfate relative contributions, 

246 
sulfate, 243 

Chronic toxicity 
C 1 2 AS, 547-549 
C 1 4 E 2 S, 551 
C l 2 L A S , 544, 546* 

Chrysophytes, ecological information, 8-10 
Clark Fork River (Montana) 

contamination from mining wastes, 451-
471 

map, 453/ 
reservoirs now tailings ponds, 452 

Cloud cover, H 2 0 2 formation rates, 397-399 
Cloud deposition, high-elevation sites, 226 
Colloidal particles, sampling and processing 

techniques, 288 
Colloidal phosphorus, 316-318 
Common taxa, ecological conditions, 10 
Competitive interactions, anaerobic bacteria, 

329 
Component model, sediment sample analy­

sis, 289-290 
Computer programs 

CANOCO, 12 
DECORANA, 12 
WACALIB, 12, 16 

Concentration 
effect on H 2 0 2 decay rate, 410 
experimental difficulty in maintaining con­

stant value, 571 
Concentration gradients 

biofilm, 385 
diffusive fluxes, 384 

Conductivity, variations in Lake Richard B. 
Russell, 510/ 

Congener distribution 
change with weathering, 576 
comparison of sediment and river water, 

576 
concentration calculations, 589 

Congener-specific field data, PCBs in 
Twelve Mile Creek-Lake Hartwell, 
578-583 

Constable Pond (New York), patterns in 
acid-base chemistry, 257, 258/ 

Contaminants, 1 3 C uptake in zooplankton, 
106-108 

from bacteria and microheterotrophs, 108 
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Contaminants, 1 3 C uptake in zooplankton— 
Continued 

hydrophobic organic, 559-573 
isotope samples, 87 
mercury in well water, 434 
mining and smelting in the Clark Fork 

Basin, 452-455 
redox pump, metal-contaminated river-

reservoir system, 451-471 
sigmoidal model, 565-566 
trapped in reservoirs, mobilization, 470 

Contour method, calculation of mercury ac­
cumulation, 41 

Copper 
contaminant concentration in sediments, 

Clark Fork River, 454, 455/ 
Milltown Reservoir, 457 

Coring strategy, mercury deposition, 37-40 
Correlations (r2) of peak spectral ratio, dis­

charge, and suspended sediment con­
centrations, 215i 

Correspondence analysis, application to 
paleoecological data, 12 

Coupling, î l P FT-NMR spectrum, 165 
Crane Lake, mercury in sediment cores, 49 
Critical micelle constants, pure phospho­

lipids, 188 
Cross-validation, inferred chemistry 

values, 23 
Crystal Lake (Illinois) 

organic phosphorus experimental meth­
ods, 169-171 

3 l P FT-NMR spectra of samples, 178i-
180/ 182/ 185/ 

pH studies, 180-186 
spectra of lake-water samples, 175-186 

Crystal Lake (Wisconsin) 
dissolved reactive silica, 77 
index-lake method, 81-84 

Cumulative loss of PCBs by volatilization 
and burial, model results, 596/ 

Cycles of trace elements, eutrophic lake, 
473-497 

Cycling, mercury, 425-449 
Cyclops 

diet, 102-108 
fluorescently labeled microspheres, 108 
isotopic labeling of food supply, 106-108 
microbial food web, 116 

D 

Daphnia, diet, 102-108 
Data interpretation, length of period re­

corded, 263 
Database management, ecological investiga­

tions, 12 
Dating of sediment core, cesium-137 and 

lead-210, 433 

Decay rate constants 
correlation with bacteria numbers, 407, 

409f 
temperature effect, 407-408 

Dechlorination products, identification in 
sediments, 583 

Decomposition, intensity, 385 
Deep Lake (New York), reconstructions of 

monomelic aluminum, 8/ 
Degradation of organic matter, mobilization 

and accumulation of manganese, 517 
Denitrification 

availability of oxygen, 232 
definition, 232 
indirect evidence of process, 480 
rates, 232-233 
retention time, 115 

Deposition to sediment surface, measured 
by sedimentation traps, 442/ 

Depositional fluxes, phosphorus, 320 
Depositional history, composition of ex­

changeable fraction, 145-146 
Deprotonation, oxygen atom, 171 
Depth 

H 2 0 2 formation rates, 397, 399/ 
sulfur retention and speciation, 354 

Depth-time profiles, sediment cores, 5 
Deshrinking process, relationship between 

inferred and measured values, 21 
Detergent formulations, anionic surfactants, 

527 
Deuterium 

hydrology of groundwater-lake systems, 
67-90 

recharge to groundwater, 76 
Deuterium excess 

definition, 71 
rain samples, 73 

Devil's Lake (North Dakota), salinity mea­
surements, 9/ 

Diagenetic reactions 
metal sulfide phases, bacterially mediated, 

467 
sulfides on metals and arsenic mobility in 

sediment, 457, 460 
sulfur within sediments, 341-344 
transition to and from oxic and anoxic en­

vironments, 461-470 
Diaptomus, diet, 102-108 
Diatom(s) 

carbon demand, 313 
dissolved reactive silica, 77 
ecological information, 8-10 
phosphorus demand, 285 
phosphorus particle size, 292-293 
phosphorus uptake and release, 303-309 
rapid sedimentation, 285 
silica-utilizing community, 133 
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Diatom(s)—Continued 
spring bloom, effect on phosphorus size 

fractions, 300 
tolerance-weighted vs. unweighted ap­

proaches, 22 
Diatom demand, prestratification period, 

307 
Differential weathering of PCB congeners in 

Lake Hartwell, S.C., 575-600 
Diffusion, sulfate required for reduction, 

335 
Diffusion of mercury 

calculation, 444-445 
seepage of water from lake, 444 

Diffusive flux 
atmospheric deposition, 360 
controlling factors, 347 
mercury from sediments, 441 
mercury loading from pore waters, calcu­

lations, 445-446 
sulfate, 346-347 

Dilution effect 
acidic episodes, 247-248 
unlabeled detritus from previous years, 

110 
Discharge systems, definition, 77 
Dissimilatory reduction, anaerobic bacteria, 

137 
Dissolution reaction, glacial outwash sedi­

ments, 86-87 
Dissolved humic substances 

characterization of samples, 210-217 
effect of discharge conditions, 213 
Ή NMR spectra 

Illinois River, Arkansas River, and Mis­
sissippi River, 214/ 

Ohio River and Mississippi River, 213/ 
ring content, 218 
spectral peak-height ratios and aromatic 

plus olefinic carbon contents, 207* 
Dissolved inorganic nitrogen, background 

concentration, 98 
Dissolved organic carbon (DOC) 

allochthonous and autochthonous sources, 
196/ 

average concentrations, 195 
concentrations, loads, and river discharge, 

212*, 218* 
concentrations with high and low dis­

charge, 217 
mercury complexation, 438 
variations in Lake Richard B. Russell, 

511/ 
yields, humic and hydrophilic isolates, 

211* 
Dissolved organic matter (DOM) 

analytical constraints, 197-198 
differentiation of allochthonous from 

autochthonous sources, 218-219 

Dissolved organic matter (DOM)— 
Continued 

export of mercury to lake from wa­
tersheds, 57-58 

rivers, lakes, and reservoirs, 195-221 
Dissolved organic nitrogen, concentrations 

in precipitation, 226 
Dissolved organic phosphorus 

characterization and analysis methods, 
162-164 

high- and low-molecular-weight fractions, 
162 

importance in aquatic system, 161-162 
sip FT-NMR sample concentration, 189 
seasonal changes, 186/ 

Dissolved organic substances, sources, 217 
Distribution coefficients 

mercury in water and sediments, 440/ 
partitioning of chemicals, 439 

Distribution of contaminants, mining wastes, 
454 

Disturbance studies, history and limitations, 
91-92 

Dormant season, small loss of watershed ni­
trate, 236 

Drainage lakes, definition, 77 
Drought, dissolved silica, 134 
Dry deposition of nitrogen, measurement, 

225 
Dug-well sampling method, groundwater 

mercury concentrations, 436/ 
Dunnigan Lake (Minnesota), atmospheric 

mercury deposition, 33-66 

Ε 

Eastern Lake Survey, probability sampling 
of lakes during fall overturn, 244 

Ecosystem-scale experiments, use of stable 
isotopes in fresh waters, 91-120 

Electron acceptors 
depth of sediment, 378-379 
oxidation of reduced sulfur, 339 
sulfur accumulation rates in sediments, 360 

Electron density, phosphorus nucleus, 171 
Electron donors, sulfate-reducing bacteria, 

329 
Electron mediator, sulfur role, 371 
Electron spin resonance spectroscopy 

basic principles, 506 
determination of manganese, 507 

Electron transfer, formation of superoxide, 399 
Element flux, measurement methods, 92-93 
Elemental cycling, varying particle compo­

nents, 302 
Emerald Lake (California) 

episodic acidification, 271 
outflow chemistry from two snowmelt sea­

sons, 270/ 
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Endoperoxide, formation of H 2 0 2 , 400 
Enzyme decay, hydrogen peroxide, 402 
Enzyme systems 

decomposition of H 2 0 2 , 417 
intracellular H 2 0 2 concentrations, 402 

Epilimnetic cycling, phosphorus and carbon, 
313-314 

Epilimnetic particulate phosphorus, size dis­
tribution, 292-295 

Epilimnion 
calcium carbonate dissolution and precipi­

tation during summer stagnation, 480 
distribution of H 2 0 2 in lakes, 418 
horizontal mixing, 100 
hydrogen peroxide, 411 
major source of H 2 0 2 , 417 
mixing rates, 415 
sunlight available for formation of H 2 0 2 , 

412 
Episodic acidification 

effect of baseline acid-neutralizing 
capacity, 249/ 

effect of nitrate, 263 
Emerald Lake (California), 268-271 
lack of quantified data, 247 
Sierra Nevada Mountains (California), 

268-271 
Equilibrium 

accumulation process, definition, 561 
calcium-ammonium exchange coefficient, 

measurement methods, 126-127 
calculations, mercury complexation, 447 
isotope-exchange processes, definition, 

69-70 
isotopic fractionation, calculation, 73-75 
PCB uptake by phytoplankton, 564 
speciation calculations, mercury(II) with 

sulfur and organic ligands, 437-439 
Error analysis, paleolimnological inferences, 

22-25 
Eutrophic lake, cycles of trace elements, 

473-497 
Eutrophication 

atmospheric inputs of nitrogen, 254-255 
increased sulfur retention, 360 
nitrogen deposition, 250-255 
nutrients from sewage and agricultural ac­

tivities, 473 
sulfur cycling and retention, 361 

Eutrophy, definition, 244 
Evaporation line 

average composition of water entering the 
lake, 81-82 

definition, 75 
function of relative humidity, 85/ 

Evaporative fractionation of water, hydrolog-
ical systems, 73-75 

Evapotranspiration 
definition, 75 
seasonal effects on transfer of water, 75- 76 

Exchange coefficient, calcium and ammo­
nium ions, 148-151 

Exchangeable acidity, sediments, 140 
Exchangeable cations 

determined by ammonium saturation 
method, 144 

interbasin difference, 144-146 
measurement methods, 126-127 

Experimental methods 
groundwater, 428-429 
profundal sediments, 429-430 
sediment traps, 428 
water column, 427-428 

Exposure assessments, anionic surfactants, 
534-543 

Extraction, analysis, and quantification pro­
cedures, PCB distribution, 579-581 

Extraction technique, resolution and sensi­
tivity of 3 1 P FT-NMR spectra, 187 

F 

Falling-film gas-liquid equilibrator, 508/ 
514/ 

Falling water table, redox zonation, 461 
Fate studies, anionic surfactants, 529-534 
Fecal pellets, phosphorus deposition and 

flux, 303 
Feeding experiments, t3C-leueine additions, 

116 
Fernow Experimental Forest (West Vir­

ginia), stream-water chemistry, 267/ 
Fernow Experimental Watershed (West Vir­

ginia), long-term nitrate loss, 263-
267 

Ferric oxides 
nucleation of pyrite on surfaces, 380 
reaction with hydrogen sulfide, 371-390 

Ferric relaxation agent, effect on 3 l P NMR 
spectrum, 174-175 

Fertilization 
algal production, 94 
experimental methods, 98-99 
lakes and streams, watershed nitrogen 

loss, 250 
nitrogen flux, 113 
priming effect, 272 
terrestrial detritus, 94-95 
trophic pathways of nitrogen, 91 

Fertilizers 
increasing nitrate concentration in 

streams, 261-262 
nitrogen in particulate organic matter, 115 
nitrogen loss through deep seepage, 267 

Field studies, hydrogen peroxide decompo­
sition, 406-411 

Filtrable phosphorus, seasonal concentration 
changes, 306 
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Filtration 
decomposition of H 2 O z , 403, 410, 417 
H 2 0 2 formation rates, 397 

Fish 
C ! 2 AS, 547, 548* 
C, 2-i5E 3S acute toxicity, 549-551 
C 1 2 LAS toxicity, 544-546* 
chronic toxicity data for AES, 551 
mercury residues, 58 
phosphorus regeneration, 314 

Flow reversals, groundwater systems, 86-88 
Flow-through systems, definition, 77 
Flushing effect, dissolved organic carbon, 

214 
Flux estimates, resuspension of bottom sedi­

ments, 441-443 
Food chain, nitrogen-15 enrichment, 102 
Food web, planktonic and benthic, 91 
Forest ecosystem, response to chronic nitro­

gen addition, 235/ 
Forest maturation 

nitrogen uptake rates, 236 
seasonal cycle of limitation, 238 
watershed nitrogen loss, 275 

Forested watersheds, reduced assimilation 
of nitrogen during dormant period, 
228 

Fossil assemblages, environmental 
variables, 5 

Fossil diatoms, pH history of lake, 7/ 
Fossil fuels, acidic atmospheric depo­

sition, 25 
Fourier transform Ν MR spectroscopy (FT-

NMR) 
dissolved organic phosphorus, 161-191 
time reduction, 166 

Fractionation effects, nitrogen retention, 115 
Fractionation mechanism, hydrological sys­

tems, 73-75 
Fractionation of stable isotopes 

calculation, 70-71 
effect of evaporation, 76 

Free radicals, polymerization of organic 
compounds, 416-417 

Freeze-dried sample, strong base-strong 
acid extraction, 188 

Fresh waters 
distribution of H A * 391-422 
stable isotopes in ecosystem-scale experi­

ments, 91-120 
Freshwater bacterium culture, hydrogen 

peroxide decomposition, 405* 
Freshwater environments, dissolved organic 

matter, 195-221 
Freshwater sediments, total sulfur concen­

tration, 357-358 
Fulvic acid 

aromatic carbon content, 202-206 
aromatic plus olefinic carbon percentage 

and ring content, 205* 

Fulvic acid—Continued 
1 4 C age determination, 202 
Island Lake (Nebraska), spectrum, 208/ 
structures from end-member environ­

ments, 198-209 
Suwannee River (Georgia), Ή NMR spec­

trum, 203/ 

G 

Gapon's coefficient, determination, 148-151 
Geochronologies, lead-210 and cesium-137, 

443 
Geographic patterns, watershed nitrogen 

loss, 256 
Geothite, dissolution rate, 373 
Glacial deposits, movement of mercury into 

a lake, 434 
Glacial outwash sediments, dissolution reac­

tion, 86-87 
Global meteoric-water line, definition, 71 
Gold amalgamation, low-level mercury anal­

ysis, 430 
Grayling, nitrogen-15 uptake, 113 
Great Smoky Mountains 

streams draining undisturbed watersheds, 
267-268 

watershed nitrogen loss, stage 3, 246, 268 
Gross sedimentation, collected in traps, 441 
Groundwater 

chemical controls of mercury, 436-446 
estimating background mercury concen­

trations, 434 
mercury concentrations, 434-436 
sampling techniques, 428-429 
source of H 2 0 2 , 401 

Groundwater flow models 
isotopic techniques, 69 
numerical, 68 
solute-based, 68 

Groundwater flow rates 
calculation, 80-81 
comparison, 83* 
estimation, 88 
isotope mass-balance method, 88-89 
measurement methods, 444 

Groundwater inflow, dissolved silica, 134 
Groundwater-lake assessments, use of oxy-

gen-18 and deuterium, 77-86 
Groundwater-lake systems 

assessment of hydrology, 67-90 
exchange rates, 68 
hydrological and isotopic steady states, 

78-84 
hydrological components and isotopic frac­

tionation characteristics, 72/ 
isotopic and physically based 

approaches, 89 
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Groundwater-lake systems—Continued 
various types, 96-97 

Groundwater system, uniform isotopic com­
position, 81 

Growth 
effect on PCB accumulation, 566-570 
measured partitioning of compounds, 

567-568 

H 

Half-saturation constants, sulfate, 331 
Halogens, isotopic tracer in hydrology or 

hydrodynamics, 92 
Hard water, toxicity of AS, 547 
Heavy metals, atmospheric deposition in 

aquatic environments, 34 
Helium, isotopic tracer in hydrology or hy­

drodynamics, 92 
Hematite, dissolution rate, 373 
Hidden Lake Creek (Alaska), variation 

among sampling sites, 206-209 
Honeysuckle Lake (Wisconsin), dissolved 

calcium concentration, 88 
Hubbard Brook Experimental Forest (New 

Hampshire), nitrate and hydrogen ion 
concentrations, 257 

Humic lakes, terrestrial detritus, importance 
to zooplankton, 109 

Humic matrix, effect on 3 1 P NMR spectrum, 
174-175 

Humic substances 
definition, 195 
evidence for in-stream loss, 211 

Hydroelectric reservoir, primary catch basin 
for wastes, 452 

Hydrogen 
cation exchange, 143-148 
isotopic tracer in hydrology or hydrody­

namics, 92 
Hydrogen peroxide 

analytical method for determination, 392 
biological and nonphotochemical forma­

tion, 400-401, 417 
biological decay, 402 
chemical decay, 411 
chemical formation, 401 
concentration, depth effect and diel vari­

ability, 412 
decay, 393, 401-411 
decay rate 

bacterial culture, 405 
depth effect, 407, 409* 
freshwater and marine systems, 412 
salinity effect, 408-409 
temperature effect, 407-408 

decay rate constants 
surface-water samples, 407/ 
temperature effect, 408/ 

Hydrogen peroxide—Continued 
decomposition 

characterization, 406 
field studies, 406-411 
filtration studies, 403 
freshwater bacterium culture, 405* 
marine bacterium culture, 404* 
particle-associated, 406 
pure culture studies, 403-406 

distribution 
marine systems, 396 
surface waters, 391-422 

enzyme decay, 402 
formation, 391, 393 
manganese reduction, 501 
photochemical formation, 392, 396-400 
significance in surface waters, 415-417 

Hydrogen sulfide 
reaction with ferric hydroxide surface, 

376/ 
reaction with ferric oxides, 371-390 
reaction with ferrous oxides, sediment and 

pore-water data, 378-381 
reaction with lepidocrocite, 373-378 

Hydrologie factors, silica values, 134 
Hydrological budgets 

chemical tracers, 68 
lakes, solute-tracer mass-balance method, 

86-88 
Hydrological cycle 

evaporative fractionation of water, 73-75 
fractionation mechanism, 73-75 
relationships of oxygen-18 and deuterium, 

71-76 
Hydrology of groimdwater-lake systems, 

oxygen-18 and deuterium, 67-90 
Hydrolysis of sulfate esters, sulfate required 

for reduction, 335 
Hydrophilic acids, definition, 197 
Hydrophilic substances in Illinois, Arkansas, 

and Mississippi rivers, ! H NMR spec­
tra, 215/ 

Hydrophobic acids, definition, 197 
Hydrophobic organic contaminants, uptake 

by phytoplankton, 559-573 
Hydrophobicity, alkyl chain length, 552 
Hydrosphere, characterization of organic 

phosphorus, 161-191 
Hypolimnetic alkalinity 

calculation, 140-141 
ionic reactions, 141 
volume-weighted concentrations, 140 

Hypolimnetic mercury 
buildup, 445 
depositional fluxes, and calculated diffu­

sion from bottom sediments, 446* 
Hypolimnion 

estimation of inputs, 100-101 
hydrogen peroxide, 411 
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Hypolimnion—Continued 
reduced species during anoxia, 479 

Hypothesis, similar depositional regimes and 
histories, 145 

I 

Index-lake method 
estimating hydrological-budget compo­

nents of lakes, 81-84 
lake budgets, 88 

Index-period concept, acid-base chemistry 
of lakes and streams, 244 

Index values, measured chemical parame­
ters, 11 

Indicator taxa, ecological conditions, 10 
Industrial sources 

mercury deposition, 54 
metals in the aquatic environment, 34 

Inference techniques 
categories for classifying biota, 11 
index values, 11 
relative abundances of common taxa, 10 
using all but one sample, 23-24 

Inferred values, accuracy, 24 
Inositol hexaphosphate 

chair configuration, 172, 174/ 
pH-dependent spectra, 172, 173/ 

Integrating environments, fulvic acid struc­
tures, 209-217 

Internal alkalinity generation 
acid-sensitive lakes, 135-155 
sediment pore-water profiles, 139/ 

Internal recycling, phosphorus in Lake 
Michigan, 286 

Inverse deshrinking, relationship between 
inferred and measured values, 21 

Invertebrates 
C 1 2 AS, 547-549 
Q2-15E3S acute toxicity, 549-551* 
C 1 2 LAS toxicity, 544-546* 
chronic toxicity data for AES, 551 

Ion activity product 
flux of F e 2 + and H 2S, 382 
profiles, 383/ 

Ion balance 
acidic lakes, 136 
internal alkalinity generation, 136 
mechanisms responsible, 139 

Ion budgets, acidification period, 141, 142f 
Ion losses by outflow, internal alkalinity 

generation models, 152 
Ionic strength 

effect on chemical shift and signal pattern, 
173-175/ 

effect on 3 I P FT-NMR spectrum of inositol 
hexaphosphate, 176/ 

Iron 
bacterially catalyzed reduction, 466-467 
concentration-depth profiles of filtered 

Fe, 484/ 
concentrations in well, bubble diagram, 

465/ 
cycles in eutrophic lake, 473-497 
cycling at the oxic-anoxic interface, 474 
degree of pyritization, 348 
fluctuations in response to stage rise, 467 
fraction of mineralized seston sulfide, 348 
fraction of sulfur present as iron sulfides, 

350/ 
hypolimnetic alkalinity, 141 
movement into underlying alluvial aqui­

fer, 467-470 
organic and inorganic forms of sulfur, 

355-356 
oxides and hydroxides, 463 
pyrite formation in sediments, 382 
rapid increase as water table rises into 

wells, 463 
reduction and dissolution processes, 483 
reduction of manganese oxides, 481 
speciation of sulfur within sediments, 362 
sulfide oxidation, 339-341 
sulfur retention in sediments, 347-350 

Iron(II), possible reoxidation, 483 
Iron oxide 

reaction with hydrogen sulfide, 371-390 
scavenging of trace elements, 483 

Iron(III) oxides, reduction by microorga­
nisms, 483 

Iron-reducing bacteria, 340 
Iron sulfides 

instability, 342-343 
iron inputs from acid deposition, 360 
precipitation, 342 
prerequisite for formation of pyrite, 382 

Irradiation measurements, methods, 394 
Island Lake (Nebraska), variation among 

sampling sites, 206-209 
Isotope(s), background information, 69-71 
Isotope enrichment, cost, 94 
Isotopic composition 

groundwater, precipitation, and lake 
water, 73, 74/ 

precipitation, annual variation, 72 
seasonal variations, 85 

Isotopic fractionation 
carbon-13 enrichment in particulate or­

ganic matter, 105 
definition, 69 
evaporation from standing water 

bodies, 73 
study design, 116 

Isotopic labeling, value, 116 
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Isotopic methods 
application to non-steady-state groundwa-

ter-lake systems, 84-86 
mass-balance method 

groundwater-flow rates, 88-89 
groundwater-lake systems, 78-81 

Isotopic ratios, manipulation of natural-
abundance measurements, 93-94 

Isotopic variation, shallow lakes, 88 

j 
Jackknifing 

error estimates, 23 
technique, 23-24 

Jacks Lake (Ontario) 
formation and distribution of H 2 0 2 , 391-

422 
hydrogen peroxide decay studies, 406-

417 
lake study areas and sampling locations, 

394/ 
loss of H 2 0 2 , 403* 

Κ 

Kabetogama Lake, mercury in sediment 
cores, 49 

Kinetic isotope fractionation, definition, 70 
Kjostad Lake (Minnesota), atmospheric mer­

cury deposition, 33-66 

L 

Lake(s), sunlight available for formation of 
H 2 0 2 , 412 

Lake 223 (Ontario), acid-tolerant diatoms, 
133 

Lake acidification 
large studies, 25 
paleolimnological reconstruction, 4 
recovery models, 151-155 

Lake Erie 
formation and distribution of H 2 0 2 , 391-

422 
hydrogen peroxide decay studies, 406-

417 
lake study areas and sampling locations, 

394/ 
Lake evaporate 

average isotopic composition, 78-79 
solute concentration, 87 

Lake Greifen (Switzerland) 
concentration-depth profiles in water col­

umn, 482/ 
cycles of trace elements, 473-497 
description, 476 

Lake Hartwell (South Carolina) 
hydrologie characteristics, 578 
weathering of PCB congeners, 575-600 

Lake level, influence on silica levels, 135 
Lake Michigan, mass fluxes and recycling of 

phosphorus, 285-322 
Lake morphometry, sulfur retention and 

speciation, 354 
Lake N2 (Alaska) 

depth-area and hypsographic curves, 96/ 
experimental methods, 98-99 
site description, 95 
stable-isotope experiments on food web, 

95-117 
time-depth diagrams of thermal struc­

ture, 97/ 
Lake Ontario 

formation and distribution of H 2 0 2 , 391-
422 

hydrogen peroxide decay studies, 406-
417 

lake study areas and sampling locations, 
394/ 

Lake p H , prevention of nitrification, 231 
Lake Richard B. Russell (South Carolina, 

Georgia) 
description, 503-505 
manganese dynamics, 499-524 
map, 504/ 

Lake sediments 
iron sulfide content, 347-350 
retention of sulfur, 323-369 
sulfur content, 325, 326/ 

Lakes and streams, nitrate and sulfate con­
tent, 245* 

Land-water interaction, system metabolism, 
94-95 

Lanthanide-shift reagents, 3 l P NMR spectra, 
188 

Laundromat pond, LAS biodégradation in 
sediments, 531 

Lead, contaminant concentration in sedi­
ments, 454-455 

Lead-210 
cumulative unsupported activity, 46/ 
dating 

activity profiles for deep-water cores, 
44/ 

experimental methods, 40 
sediment accumulation rates, 42-45 
sediment core, 433 

spatial variability in cores, 45-47 
Lepidocrocite 

interaction between iron and sulfur, 373 
oxidation rate of H 2 S, 374/ 
reaction of H 2 S, 373-378 
upper limit of sulfide oxidation rates, 378 

Light absorption, organic matter, 502 
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Lignin 
degradation to biomass and carbon diox­

ide, 216-217 
persistence of degradation products in the 

environment, 219 
precursor for dissolved humic substances, 

217 
Lilla Ôresjôn (Sweden), paleolimnological 

data, 26/ 
Limited-growth experiment with 40 PCBs, 

562* 
Limiting nutrient, nitrogen, 228 
Limnocorrals 

fertilized and control areas in Lake N2, 
106-108 

stable-isotope-addition experiment, 99 
Linear alkylbenzenesulfonates (LAS) 

applications, 527-528 
aquatic toxicity, 543-547 
biodégradation 

anaerobic environments, 531 
biodégradation rate, 530 
laundromat pond, 531 

concentrations and frequency distribution, 
540/ 

LC50, function of alkyl chain length, 552/ 
risk assessment, 553-554 
treatability and environmental concentra­

tions, 534-537 
See also Anionic surfactants 

Lipids 
PCB uptake by phytoplankton, 564 
precursor for dissolved humic substances, 

217 
Lipophilicity, hydrophobic organic com­

pounds, 559-560 
Little Rock Lake (Wisconsin) 

acidification, effect on chemical composi­
tion and chemical cycles, 121-159 

atmospheric mercury deposition, 33-66 
bathymétrie map, 123/ 
cycling of mercury across the sediment-

water interface, 425-449 
internal alkalinity generation, 139-156 
sediment core, 433/ 
site description, 122-124, 427-430 
water-column profiles, 432/ 

Littoral pore waters 
levels of background mercury passing 

through the sediment-water inter­
face, 434-435 

mercury concentrations in Pallette Lake, 
435/ 

Littoral sediments, sulfate reduction, 329 
Living biomass, incorporation of manganese, 

516 
Local meteoric-water line, definition, 71 
Long-term trends 

single sites, watershed nitrogen loss, 243 

Long-term trends—Continued 
watershed retention of nitrogen, causes 

and aquatic consequences, 223-284 
Lysevatten (Sweden), pH history of lake, 7/ 

M 

Magnesium 
hypolimnetic alkalinity, 141 
percent composition of sediment, 145-146 
response to acidification, 127-128 

Magnets, NMR spectrometers, 187 
Major ions, average concentrations for each 

treatment period, 127* 
Major particle phases, role in regulating the 

annual cycle, 285-322 
Manganese 

adsorption, 502 
concentration 

in sediments, 454, 514/ 
in well, bubble diagram, 465/ 

cycling 
annual, 516-517 
eutrophic lake, 473-497 
experimental methods, 505-508 
oxic-anoxic interface, 474 

decreased sulfur retention, 351 
distribution of species with height, 513/ 
dynamics in Lake Richard B. Russell, 

499-524 
flux 
sediment-water interface, 519-521 
underlying alluvial aquifer, 467-470 
hypolimnetic alkalinity, 141 
interaction with fulvates, 516 
oxidation 

kinetics, 500 
linearized rate plots, 515/ 
sulfide, 339-341 

oxides and hydroxides, 463 
particulate forms above the thermocline, 

516 
rapid increase as water table rises into 

wells, 463 
reduction 

and oxidation processes, 480-483 
bacterially catalyzed, 466-467 
kinetics, 500-501 

removal from water column during destrat-
ification, 517 

response to changing redox conditions, 
comparison to iron, 499-500 

role in recycling sulfide, 387 
soluble-colloidal species in the bathylim-

nion, 512 
speciation, 512, 516 
sulfide oxidant, 381 
toxicity, aquatic organisms, 500 
variations in Lake Richard B. Russell, 509/ 
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Manganese oxides 
high surface activity, 502 
oxidation of arsenic(III), 486 
precipitates, 502 
reduction at sediment-water interface, 481 
retention in lake sediments, 494 
sedimentation, 481-483 

Marine bacterium culture, hydrogen perox­
ide decomposition, 404* 

Marine environments, sunlight available for 
formation of H 2 O a , 412 

Marine food web, carbon, nitrogen, and sul­
fur, 93-94 

Marine sediments, total sulfur concentra­
tion, 357-358 

Mass deposition rates, seasonal variability, 
441 

Mass-flux calculations, exchange rates, 88 
Mass sedimentation rate, 2 1 0Pb dating, 311 
Max Lake (Wisconsin), inhibition of nitrifica­

tion, 130-131 
McCloud Lake (Florida), oligotrophication 

hypothesis, 132 
Meander Lake (Minnesota), atmospheric 

mercury deposition, 33-66 
Mercury 

accumulation 
calculations, 41, 52-54 
catchment contributions, 56-58 
geochemical behavior, 55 
probability of estimating true rates, 

60-62 
ratio of terrestrial catchment area to 

lake area, 53/ 
terrestrial component, 54 

advection and diffusion from sediments, 
443-445 

atmospheric deposition, 33-66 
concentration 

enrichment factors, 50-52 
groundwater, 434-436 
lakewide accumulation, 52-54 
modern and preindustrial sediments, 

50, 51/ 
plot vs. 2 1 0 Pb age, 50/ 
pore waters, 433-434 
sediments, 431-433 
stratigraphie trends, 49-50 

cycling 
groundwater inflow and outflow, 447 
laboratory methods, 430-431 
sediment-water interface in seepage 

lakes, 425 
deposition, land-use changes, 57 
distribution in water column, 431 
flux 

remineralization and redeposition, 447 
sediment-water interface, 425-449 
sediment record, 54-55, 433 

Mercury—C ontinued 
groundwater flow, 425 
mechanisms for observed increase, 35 
preindustrial accumulation rates, 33 
residues in fish, 58 
solubility, 425 
volatilization to atmosphere from soils, 

56-57 
Mercury(II), equilibrium constants, 437* 
Mercury analyses, experimental methods, 

40-41 
Meromictic lakes, sulfur-oxidizing bacteria, 

353-354 
Metal 

atmospheric deposition in aquatic envi­
ronments, 34 

incorporated into biogenic and nonbi-
ogenic material, 439 

Metal-contaminated river-reservoir system, 
redox pumping, 451-471 

Metal oxides, oxidation capacity of dissolved 
oxygen, 387 

Metal speciation, effect of H 2 0 2 , 411, 418 
Metal sulfide precipitation, control of metals 

and arsenic mobility, 460 
Metal sulfide wastes, Butte underground 

mines, 453-454 
Metalimnion, hydrogen peroxide, 411 
Meteoric waters, isotopic composition, 71-73 
Methane 

bacterially mediated production, 467 
produced in wells, 466 

Methanic reduction, mobilized metals and 
arsenic, 467-470 

Methanogenesis and sulfate reduction, rela­
tive importance, 333* 

Methanogenesis rates, relative to sulfate re­
duction rates, 332 

Methylation, bioaccumulation of mercury, 58 
Micelle, phosphorus compounds or concen­

trated humic material, 184 
Microbial activity 

concentration of H 2 0 2 , 405 
degradation of alcohol sulfates, 533 
liberation of ferrous iron in sediments, 378 
limitation of sulfate reduction, 337-339 
thiosulfate and elemental sulfur, 340-341 
within biofilms, 385 

Microbial consortia, syntrophic community 
of two or more bacterial species, 384 

Microbial food web, Cyclops nutrition, 108 
Microbial mediation, manganese biogeo-

chemistry, 502-503 
Microbial population, rate of LAS degrada­

tion, 530 
Microbially reduced sulfur, carbon sedimen­

tation rates, 355 
Microbiological studies, materials and meth­

ods, 392-393 
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Microenvironments, nitrifying bacteria, 131 
Microheterotrophs 

Cyclops nutrition, 106-108 
fluorescently labeled microspheres, 108 

Microniches, lateral microscale concentra­
tion gradients, 384 

Microorganisms 
manganese oxidation, 500 
sediment pore waters, 384 

Mill tailings, mixed with uncontaminated 
floodplain sediment, 454 

Milltown Reservoir (Montana) 
cross section of site, 458/ 
groundwater flow, generalized model, 

459/ 
hydrograph, 460/ 
map, 456/ 
model system, 455-461 
removal of accumulated contaminants, 456 
stage fluctuations, 457 

Mineral weathering, production of cations, 
144 

Mineralization 
acid-base status of draining waters, 230 
ammonium release from biomass, 480 
consumption of oxygen, 474 
definition, 229 
immobilization of nitrogen, 230 
LAS alkyl chain, 530-531 
nitrogen from leaflitter, 272 
rate in forested watersheds, 229 
release of manganese from organic matter, 

503 
snowmelt N0 3 ~, 272 
soil nitrogen, old-growth forests, 268 

Mining wastes, contaminated soil and sedi­
ments, 451-471 

Mississippi River 
aromatic plus olefinic carbon content of 

fulvic acid, 204-205* 
dissolved organic matter in integrating en­

vironment, 209-217 
map, 210/ 
sample preparation, 209-217 

Mixing 
seasonal upward transport, 439-441 
sulfate content and diffusive flux, 354 

Mobilization of contaminants, Milltown Res­
ervoir, 461-470 

Models 
ALaRM, the acid lake reacidification 

model, 155 
anionic surfactant concentrations in rivers 

PG-ROUT, 541-543 
USTEST, 539-541 

average structural model of fulvic acid 
from Big Soda Lake, 200-202/ 

biofilm, sulfate reduction in lake sedi­
ments, 384-387 

Models—Continued 
component model, sediment sample anal­

ysis, 289-290 
distribution of H 2 0 2 , 415 
fulvic acid derived from an autochthonous 

source, 199 
internal alkalinity generation, 151-155 
Milltown Reservoir, 455-461 
mobilization of contaminants in metal-con­

taminated reservoirs, 470 
physiochemical weathering process, 584-

596 
Richards sigmoidal model, 565-566 

Molecular structures, observed phenomena, 
198 

Monoester phosphate chemical shift, pH de­
pendence, 171-172 

Mountain Lake (Minnesota), atmospheric 
mercury deposition, 33-66 

Multiple-core approach 
accuracy, 60-62 
applications, 59 

number of cores needed, 60-62 

Ν 
National Atmospheric Deposition Program/ 

National Trends Network (NADP/ 
NTN), uncertainty measurements, 
225 

National Stream Survey, probability sam­
pling of streams during spring base-
flow period, 244 

National Surface Water Survey, assessment 
of chronic acidification, 244 

Natural particles, incorporation of phospho­
rus, 286 

Natural-solute tracers, flow reversal, 86 
Natural sources, mercury deposition, 54 
Nepheloid zone 

concentrations of particulate, colloidal, 
and dissolved phosphorus, 313/ 

phosphorus pool, 312-313 
Net sedimentation 

definition, 443 
permanent sediments, 441 

Nitrate 
assimilation by phytoplankton, 131 
concentration 

in precipitation, 225 
in streams, 261-262 
seasonal changes, 228 
stream discharge, 264/-265/ 

concentration trends 
Adirondacks, 257, 259 
California, 268-271 
Catskill Mountains, 259, 261-263 
Georgia, 268 
Maine, 257 

 P
ub

lic
at

io
n 

D
at

e:
 M

ay
 5

, 1
99

4 
| d

oi
: 1

0.
10

21
/b

a-
19

94
-0

23
7.

ix
00

2

In Environmental Chemistry of Lakes and Reservoirs; Baker, L.; 
Advances in Chemistry; American Chemical Society: Washington, DC, 1994. 



I N D E X 617 

Nitrate—C ontinued 
concentration treads—Continued 

New Hampshire, 257 
North Carolina, 267-268 
Tennessee, 257-268 
Vermont, 257 
Virginia, 268 
Washington, 268 
West Virginia, 263-267 

microbial catalysis, 480 
Nitrate episodes 

North Cascades, 268 
Sierra Nevada Mountains, 268-271 

Nitrate leaching, elevated groundwater ni­
trate concentrations, 238 

Nitric acid, atmospheric deposition, 138 
Nitrification 

definition, 230 
inhibition during acidification, 130-131 
rate limitation, 230-231 

Nitrifying bacteria, nonacidified microenvi-
ronments, 131 

Nitrogen 
assimilation, 227-229 
experimental methods, 98-99 
growth stimulation in aquatic and terres­

trial ecosystems, 229 
input-output budget data from wa­

tersheds, 273-274 
isotopic tracer of food web, 93-94 
limiting nutrient, 252 
links between loss and deposition, 271-

274 
long-term changes in watershed retention, 

223-284 
loss mechanisms, 115 
response to acidification, 128 
sources within aquatic ecosystems, 223-

224 
stable isotopes in ecosystem-scale experi­

ments, 91-120 
summer averages and winter maxima of 

inorganic species, 129/ 
uptake rates into vegetation, 236 
wet deposition and export from wa­

tersheds, 274/ 
wet deposition and surface-water concen­

tration, 273/ 
Nitrogen-15 

changes in content of benthos and fish, 
111/ 

linear increase in particulate organic mat­
ter, 100-102 

macrozooplankton food chain, 106-108 
particulate organic matter values, 112/ 
tracer in Lake N2, 100/ 
uptake by organisms in Lake N2, 114/ 

Nitrogen cycle 
assimilation, 227-229 

Nitrogen cycle—Continued 
denitrification, 232-233 
mineralization, 229-230 
minor disruption, 156 
nitrification, 230-231 
nitrogen fixation, 233 
watershed, 227/ 

Nitrogen demand 
spruce-fir forests, 272 
vegetation and soil microbes, 236 

Nitrogen deposition 
acidifying potential, 230 
complexity in estimating effects, 224 
degradation of water quality, 274 
rates in several areas of North America, 

226f 
spruce-fir forests, 272 
stages of watershed nitrogen loss, 275 
threat to integrity of aquatic systems, 

223-224 
transformation within watershed, 226-227 

Nitrogen fertilization effect, isotope addi­
tion, 98 

Nitrogen fixation 
blue-green algae, 233, 250 
nodules on root structures, 233 
rates related to trophic status in fresh 

water, 233 
single-celled organisms, aerobic and an­

aerobic bacteria, 233 
Nitrogen fluxes and pathways, 112-113 
Nitrogen inputs, watersheds, 224-226 
Nitrogen limitation 

aquatic systems, 229 
by region, 254-255 
short-lived phenomenon, 250 

Nitrogen-limited lakes, probability study, 
253f 

Nitrogen loss from watersheds 
regional analysis of stages 
northeastern U.S., 256-263 
southeastern U.S., 263-268 
western U.S., 268-271 
stages, 236-243 

Nitrogen retention time 
control and fertilized treatments, 116 
ecosystem, 113-115 
nutrient enrichment effect, 115 

Nitrogen saturation 
anomalies, 263 
definition, 223, 233-234 
forested watersheds, 233-234 
progressive stages, 223, 234-236, 276 
watershed, 236-243 

Nitrogen transformations 
alkalinity, 138 
internal alkalinity generation, 136 

Nitrous oxide, denitrification, 232 
NMR theory, background, 164-167 
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618 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

Nonionic resins, dissolved organic phospho­
rus isolation methods, 188 

Nonsiliceous algae, primary production of 
filtrable phosphorus, 306 

Nutrient-addition bioassays, phytoplankton, 
252 

Nutrient chemistry, responses to experi­
mental acidification, 121-159 

Nutrient cycles, effects of acidification, 156 
Nutrient limitation 

ambient nutrient ratio approach, 251 
basis of estimations, 250-251 
bioassay experiments, 251, 254 
threshold for algal species, 252 

Nutrients from sewage and agricultural ac­
tivities, eutrophication, 473 

Ο 

Observed and calculated weight percentages 
in sediments, 595* 

Oceanic environments, sunlight available for 
formation of H 2 0 2 , 412 

Old-growth forests, stages of watershed ni­
trogen loss, 275 

Oligotrophic lakes, sulfate reduction, 351 
Oligotrophication hypothesis, acidified lakes, 

131-132 
Organic acidity, snowmelt episodes, 248 
Organic carbon, sulfur content of sediments, 

350-353 
Organic content of sediments, correlation 

with lake depth, 42, 43/ 
Organic ligands, reduction of manganese ox­

ides, 481 
Organic matter 

anoxic reactions when water table rises, 
466 

competition with iron for binding of sul­
fide, 349-350 

decomposition, production of cations, 
144-145 

diffusive flux of sulfate, 352-353 
limitation of sulfate reduction, 333-334 
manganese reduction, 501 
metal sulfide oxidation and the release of 

metals, 463 
pyrite formation in marine sediments, 381 
seasonal shifts, 109 

Organic phosphorus, hydrosphere, charac­
terization via 3 1 P FT-NMR spectros­
copy, 161-191 

Organic reduction, catalyzed by bacteria, 
466-467 

Organic solvent extractions, spectral quality, 
187 

Organic sulfur compounds 
diagenetic transformations, 343 
formation pathways, 344 

Organically bound cations, interbasin differ­
ences, 144 

Orthophosphate 
binding by humic material in the pres­

ence of ferric ions, 163 
phosphorus cycle, 162 

Ortho-substituted terminal dechlorination 
congeners vs. depth in core, 587/ 

Outlier lakes, estimates of taxa optima, 20 
Oxhydroxide compounds, coprecipitate-ad-

sorb metals and arsenic, 463-466 
Oxic reactions, replaced by anoxic reactions 

as oxygen is consumed, 466 
Oxic zone, full-stage reservoir, 461 
Oxidation 

manganese, 500 
metal oxides in biofilm, 387 
microbially mediated, 481 
reduced metals, source of H 2 0 2 , 401 
reduced sulfide, microbial, 337-339 
reduced sulfur, variety of mechanisms, 341 

Oxidation kinetics, gas-liquid equilibrator, 
517-519 

Oxidation reactions, inhibition, 519 
Oxygen 

bottom waters, effect on sulfur cycling, 
339 

isotopic tracer in hydrology or hydrody­
namics, 92 

rate of sulfur recycling, 354 
seasonal variations in deep lake-water col­

umn, 478 
sulfide oxidation, 339, 381 
variations in Lake Richard B. Russell, 

509/ 
Oxygen-18 

ambient groundwater, 80 
hydrological cycle, 71-76 
hydrology of groundwater-lake systems, 

67-90 
lake-water composition, 80 
observed range of values, 86/ 
recharge to groundwater, 76 
seasonal variations in isotopic composi­

tion, 85 
Oxygen demand, organic carbon flux to sed­

iments, 351 
Oxygen-evolving organisms, manganese, 500 
Oxygen injection system 

effect on variables studied, 512 
Lake Richard B. Russell, 505 

Ρ 
3 1 P FT-NMR spectroscopy 

methodology, 167-169 
use of technique, 161 

Paleoecological approaches, applications of 
techniques, 25-27 
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I N D E X 619 

Paleolimnological reconstruction 
basic steps, 5 
biota as indicator groups, 7-10 
changes in lake chemistry, 4 
salinity, 357-358 
sulfur accumulation in sediments, 360-362 

Pallette Lake (Wisconsin) 
cycling of mercury across sediment-water 

interface, 425-449 
index-lake method, 81-84 
site description, 427-430 

Particle-mediated transport, delivery of 
heavy metals to sediment-water in­
terface, 439 

Particulate iron, anoxic hypolimnion, 483 
Particulate material 

component composition, 304/-306f 
component flux at lake bottom, 307/ 
downstream contaminant distribution, 454 
hydrogen peroxide decay, 410 

Particulate organic matter, mechanisms and 
rate of labeling, 102 

Particulate phosphorus 
concentration, 1982 depth profiles, 296/-

297/ 
integrated over epilimnion, 293/ 
integrated over water column, 294/ 
isopleths, 308/ 

size distribution, 292-295 
Peak-height ratio, aromatic plus olefinic car­

bon content of fulvic acid, 204-206 
Pelagic productivity, new algal production, 

109 
Pelagic sediments, sulfate reduction, 329 
Peroxidases 

coastal oceanic environments and fresh 
waters, 416 

decomposition of H 2 0 2 , 417 
intracellular H 2 0 2 concentrations, 402 

PG-ROUT 
actual and predicted LAS levels, 543/ 
deterministic river model, 541-543 
LAS concentrations predicted vs. river 

kilometers, 544/ 
pH 

concentrations and pH in well, bubble 
diagram, 469/ 

correlation with alkalinity, 155 
Crystal Lake (Illinois), 180-186 
effect on chemical shift, 171, 177/ 181/ 
effect on phosphorus sorption, 133 
historical data and inference from fossil 

diatoms, 7/ 
historical detection methods, 26/ 
historical studies, 25-27 
reconstruction, chrysophyte- and diatom-

inferred, 6/ 
variations in Lake Richard B. Russell, 

510/ 

Phosphate, eutrophication, 473 
Phosphorus 

actual quantities measured in Lake Michi­
gan, 292 

annual recycling percentage, 312 
burial efficiencies, 315-316 
colloidal, 316-318 
component-specific annual fluxes, 306f 
concentration 

bottom nepheloid zone, 291/ 
colloidal and particulate phases, 316/ 
dissolved, colloidal, and particulate, 317/ 
Lake Michigan, 290-295 
observed vs. diatom-inferred, 27/ 

cycling 
and regeneration, 303-318 
aquatic, 161-162 
deposition-resuspension, 314-315 
diatom-associated, 308* 
effects of acidification, 156 
epilimnetic, 313-314 
mass fluxes in Lake Michigan, 285-322 
orthophosphate, 162 
particulate to dissolved forms, 286 
seasonal variation, 316 
southern Lake Michigan, 319/ 
surficial sediments in Lake Michigan, 

312* 
experimental methods, 98-99 
flux 

downward areal flux during thermal 
stratification, 299/ 300/ 

isopleths, 298/ 
seasonal and annual, 318f 
to sediment surface, 298/ 

limiting nutrient, 252 
organic, characterization, 161-191 
response to acidification, 131-133 
sediment sample analysis, 289 
settling rates, 300-301 
summer averages and winter maxima, 

132/ 
transport to sediment surface, 295-303 
uptake and release by other components, 

311 
See aho Dissolved organic phosphorus 

Phosphorus budget, annual, 318-319 
Phosphorus:chlorophyll relationship, af­

fected by nitrogen concentrations, 251 
Phosphorus-containing particles 

sediment trap array, 286-287 
standing-crop particles, 287-288 

Phosphorus deposition 
calculation, 295 
control by particulate matter components, 

301-303 
time-sequence pattern, 301 

Phosphorus limitation, productivity of fresh 
waters, 250 
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620 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

Phosphorus residence times 
annual, 319-320 
depositional processes, 320f 

Photoassisted reduction reactions, man­
ganese oxide surface, 502 

Photochemical formation of H 2 0 2 , general­
ized reaction mechanisms, 396-397 

Photosynthetic bacteria 
occurrence, 354 
oxidation of sulfide, 337 
precipitation of FeS, 357 

Photosynthetic production, cycling of trace 
elements, 493 

Phototrophic microorganisms, sulfide oxida­
tion, 340-341 

Physiochemical weathering 
field evidence, 581 
model calculations, 588-592 
modeling results, 592-596 
PCBs, theoretical predictions, 577 

Phytoplankton 
arsenic, biological reduction, 486 
extracellular formation of H 2 0 2 , 400 
growth rates, 567 
Lake N2 fertilization experiment, 99-102 
lipid content and regression data, 563f 
nitrogen-15 content, 116 
nitrogen-15 in food web, 99-102 
nutrient-addition bioassays, 252 
role in binding zinc, 491 
settling times, 110 
time course of labeling, 101/ 
uptake of ammonium before nitrate, 229 
uptake of hydrophobic organic contami­

nants, 559-573 
Piezometer 

mercury contamination, 434 
sampling chemical constituents in ground­

water, 429 
Pisidiumy isotopic shifts, 110-112 
Plankton 

decay rate of H 2 0 2 , 403 
extracellular formation of H 2 0 2 , 400 
nutrition source, 91 
release of sulfur as H 2S and seston, 327 

Poconos (Pennsylvania), nitrogen retention, 
273 

Polar narcosis, toxicity mechanism of anionic 
surfactants, 543 

Polychlorinated biphenyls (PCBs) 
chemical modeling parameters, 590-591f 
desorption from glassware, 571-572 
differential weathering in Lake Hartwell, 

S.C., 575-600 
distribution, distance and depth, 575 
electron-receiving capacity, 597 
particulate concentration, 593/ 

Polychlorinated biphenyls (PCBs)— 
Continued 

point source, 578 
removal by volatilization and burial fluxes, 

595/ 
stepwise dechlorination, 576 
uptake by phytoplankton, 560-572 

Polyethylene glycol, river contaminant, 211 
Polygon method 

advantage, 53 
calculation of mercury accumulation, 41 

Polymerization, organic compounds, 416-
417 

Polysulfides 
pyrite formation process, 342, 380 
reoxidized to sulfate, 381 

Pore water 
chemical constituents in groundwater, 429 
chemical controls of mercury, 436 
depletion of sulfate, 329 
diffusion from seepage lake, 446 
Little Rock Lake (Wisconsin), 139-140 
mercury concentrations, 433-434 
redox zones, 379 

Postdepositional migration 
mercury in sediments, 433 
particulate, deepest point in the basin, 440 

Potassium 
hypolimnetic alkalinity, 141 
percent composition of sediment, 145-146 
response to acidification, 127 

Precipitation 
isotopic composition, 71-73 
sample collection method, 225 

Predictive equation, inferences, 11-12 
Predictive models 

environmental variables, 5 
error analysis, 22-25 

Pressure filtration batch concentration sys­
tem, 170/ 

Primary production 
fraction of organic sulfur in sediments, 355 
reduction of iron and manganese in sedi­

ments, 351 
sulfur accumulation rates in sediments, 

360 
sulfur retention and speciation, 350-353 

Priming effect, fertilization, 272 
Profundal diffusion rate, estimated, 445-446 
Profundal sediments 

mass sedimentation rate, 443 
sampling techniques, 429-430 

Protein sulfides, diagenetic transformations, 
343 

Pure culture studies, hydrogen peroxide de­
composition, 403-406 

Putrefaction, direct measurement, 328 
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I N D E X 621 

Pyrite 
and iron monosulfides, relative abundance 

in lakes, 358f 
formation process 

ferric iron oxides as oxidants to form 
polysulfides, 379-381 

free sulfide oxidized to form polysul­
fides, 379 

freshwater sediments, 342 
kinetic approach, 381-384 

freshwater and marine sediments, 358 
limited sulfur incorporation, 330 
seasonal oxidation, 342-343 

Pyritization 
extent to which available iron has reacted 

with sulfur, 349/ 
oxygenation of marine bottom waters, 

361-362 

Q 
Quality assurance, ecological investigations, 

12 
Quantification of uncertainty, paleolimnolog-

ical inferences, 22-25 
Quantum yields, H 2 0 2 formation rates, 397, 

398/ 

R 

Recharge systems, definition, 76 
Recharge waters, dissolution reactions, 

86-87 
Reciprocal averaging, application to paleo-

ecological data, 12 
Recovery predictions, after acid loading, 

151-155 
Recycling 

aquatic systems, 1 5 N isotope-tracer tech­
niques, 93 

diatoms, phosphorus flux, 320 
sediment-water interface, processes and 

mechanisms, 447 
Redox environments, geochemical model 

showing development, 462/ 
Redox equilibria, establishment, 478 
Redox processes, thermodynamics and ki­

netics, 478-484 
Redox pump 

changing reservoir stage, 466 
metal-contaminated river-reservoir sys­

tem, 451-471 
mobility of contaminants, 461-470 

Redox-sensitive trace elements, oxidation 
state, 493 

Redox states, solubility, binding, and biolog­
ical effects, 474 

Redox transition, surface sediment, 457 

Redox zones 
falling water table, 461 
pore-water profiles, 379 

Reduction 
connection with photosynthetic produc­

tion, 493 
manganese, 500-501 

Reductive dechlorination 
anaerobic microorganisms, 597 
pathway for biochemical weathering, 596 

Reference set, measured chemical parame­
ters, 11 

Relative humidity, reliable estimates, 84 
Relative weight percentages vs. distance 

from source, model results, 594/ 
Relaxation-decay pattern, FT-NMR experi­

ments, 166 
Removal pathways, polychlorinated biphen-

yls, 593 
Resuspension 

cycling of phosphorus, 314-315 
sediment mixing, 440 

Retention of sulfur in sediments, atmo­
spheric deposition, 360 

Rice Lake (Ontario) 
formation and distribution of H 2 0 2 , 391-

422 
lake study areas and sampling locations, 

394/ 
Risk assessment, anionic surfactants, 552- 555 
River(s), denitrification, 232 
River-reservoir system, metal-contami­

nated, 451-471 
River water, plot of AS concentrations, 438/ 
Rocky Mountains, contamination from min­

ing wastes, 451-471 
Rogue lakes, estimates of taxa optima, 20 
Round Loch (Glenhead, U.K.), canonical 

correspondence analysis, 15, 16/ 
Rusty sediment, upper oxic zone, 463 

S 

Sagavanirktok River (Alaska), variation 
among sampling sites, 206-209 

Saline lake systems, origin, 77 
Salinity 

comparison of measured and diatom-in­
ferred, 9/ 23/ 

hydrogen peroxide decay rate, 408-409 
optima and tolerance for selected diatom 

taxa, 20/ 
sulfur speciation in lake sediments, 359f 

Sample collection 
method, 393-394 
PCB distribution, 578-579 
trace element cycling, experimental de­

tails, 476-477 
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Sampling cruises, lower Mississippi River, 
209-210 

Scavenger, formation of H 2 0 2 , 399 
Seasonal cycle 

arsenic species variation, 487 
dissolved organic phosphorus, 186 
eutrophic lakes, 473 
nitrate in large streams, 261 
nitrogen concentrations, 128, 129f 
redox species in the water column, 480/ 

Sediment 
accumulation rate vs. age for cores, 45/ 
alkalinity déficit, end of acidification pro­

cess, 153 
analysis, 142-143 
carbon content, reduction and storage of 

reduced sulfur, 335 
chemical analysis of samples, 289 
contamination, Milltown Reservoir, 457-

460 
exchangeable acidity, 140 
internal alkalinity generation, 142-151 
main sites for denitrification, 232 
modern and preindustrial mercury con­

centrations, 52 
retention of sulfur, 323-369 
sinks for sulfate and H + , 139-140 
variation in abundances of sulfur species, 

325-329 
zones with predominant redox process, 

379 
Sediment cores 

average parameters, 39t 
depth-time profiles, 5 
lead-210 spatial variability, 45-47 
methods for dating, 430-431 
organic content of coring sites, 41-42 
percent abundance of each taxon, 17 
quantitative reconstruction, experimental 

methods, 37-41 
Sediment pore waters from acidic lake, gen­

eralized profile of Fe and S chemis­
try, 380/ 

Sediment record 
changes in trophic state, 27 
changing conditions, 324 
inferences from biotic remains, 3-31 
mercury fluxes, 54-55 
potential information, 4 

Sediment resuspension, cycling of phospho­
rus, 314-315 

Sediment trap 
particle-bound mercury concentrations, 

443 
phosphorus-containing particles, 286-287 
sampling techniques, 428 
trace element cycling, experimental de­

tails, 477 

Sediment-water interactions 
H 2S with reactive iron, 371-390 
simulation, 519-521 

Sediment-water interface 
cycling of mercury, 425-449 
phosphorus regeneration, 311-312 
reduction of Mn(IV) or Mn(III,IV) oxides, 

481 
Sedimentary microbial reduction, sulfate, 372 
Sedimentary porous medium with pore walls 

covered by a biofilm, 386/ 
Sedimentation of particles, allochthonous 

and autochthonous phases, 441-443 
Sedimentation rates 

dry-mass calculation, 47, 48/ 
lead-210 dating, 42-45 
nonuniform and seasonal, 439 
problematic cores, 47-49 

Seepage lakes 
acidification effect on chemical composi­

tion and cycles, 121-159 
cycling of mercury, 425-449 
definition, 77 
internal alkalinity generation, 136 

Selective recharge, definition, 76 
Seston 

decomposition, 328 
major source of sedimentary sulfur, 323 
organic sulfur converted to iron sulfides, 

355 
primary production, 345 
sulfur content of sediments, 350-353 
varying sulfur content, 328 

Seston sulfide, availability of iron, 348 
Seston sulfur 

deposition, putrefaction, and recycling, 
327-328 

primary productivity, 355 
Settling biomass, primary reductant, 493 
Settling times, phytoplankton, 110 
Sewage treatment 

AS degradation, 532 
AS levels in effluent, 537 
LAS levels in effluent, 535-537 

Sierra Nevada Mountains (California), epi­
sodic acidification, 268-271 

Sigmoidal accumulation curve, accumulation 
of PCBs by phytoplankton, 565-566 

Signal intensity, 3 1 P Ν MR spectroscopy, 165 
Signal pattern, multiple monoester phos­

phate groups, 172 
Silica 

cycling, effects of acidification, 156 
diatom population dynamics, 133 
response to acidification, 133-135 
summer averages and winter maxima, 

134/ 
values, hydrologie factors, 134 
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Silicate materials, rates of weathering, 135 
Siliceous algae, ecological information, 8-10 
Silicon, sediment sample analysis, 289 
Single-core approach, limitations, 60 
Size fractionation 

downstream distribution in samples, 454 
experimental method, 288-289 

Snowmelt 
mineralization and subsequent nitrifica­

tion, 272 
organic acidity episodes, 248 
recharge to local groundwater system, 76 
release of stored nitrate, 271 

Snowpack, atmospheric deposition of nitro­
gen, 271 

Sodium 
concentrations and pH in well, bubble 

diagram, 469/ 
percent composition of sediment, 145-146 
response to acidification, 128 
response to stage rise or depth, 467 

Sodium dodecyl sulfate, reference toxicant, 
547 

Soil microbes, retention of nitrogen in for­
ested watersheds, 228-229 

Soil pH, rate of nitrification, 231 
Solar radiation, distribution of H 2 0 2 in the 

eplimnion, 412-415 
Solid-phase sediment digestions, analysis, 

430 
Solid-state NMR spectroscopy, cross polari­

zation-magic-angle spinning, 187 
Solubility of mercury, control by chemical 

speciation, 437-439 
Solute-tracer mass-balance method, hydro-

logical-budget components for lakes, 
86-88 

Space-for-time substitutions, watershed ni­
trogen loss, 243 

Sparkling Lake (Wisconsin) 
index-lake method, 81-84 
isotope mass-balance method, 79-81 
isotopic compositions of precipitation, 

groundwater, and lake water, 74/ 
Speciation 

dissolved mercury(II) in anioxic environ­
ments, 437-439 

manganese, 512, 516 
percent distribution of mercury at varying 

pH and pE levels, 438* 
sulfur 

controlling factors, 354-357 
salinity indices, 359* 

Spectroscopy, 3 1 P FT-NMR, characterization 
of organic phosphorus, 161-191 

Spin-lattice (Ti) relaxation time, FT-NMR 
spectroscopy, 166 

Spin-spin relaxation time, manganese ions, 
506 

Sponge, population decline with acidifica­
tion, 135 

Spring diatom bloom, effect on phosphorus 
size fractions, 300 

Spring ephemeral plants, retention of nitro­
gen in forested watersheds, 228 

Stability constants, complexes of manganese, 
512, 516 

Stable isotopes 
ecosystem-scale experiments, 91-120 
time considerations, 116 

Stage changes, Milltown Reservoir, 460-461 
Stagnation, loss of oxygen in deeper water 

layers, 474 
Standing-crop particles, phosphorus-contain­

ing particles, 287-288 
Steady-state isotopic composition, calcula­

tion, 84 
Storm runoff, acidic episodes, 248 
Stratigraphie record 

diagenetic alterations, 324 
inferred chemistry values, 24 
interpretation, 357-362 
multiple-core studies, 60 
nature and magnitude of error, 24 

Structural analysis, methods, 202-206 
Structure, correlation with source, 198-202 
Structure-activity relationships, anionic sur­

factants, 551-552 
Study designs, ecological investigations, 12 
Subsurface peak, pore-water mercury pro­

file, 424 
Sulfate 

acidic episodes, 248 
atmospheric deposition, 358-360 
concentration, rates of sulfate reduction, 

331 
concentration changes with depth, 467 
concentration in well, bubble diagram, 

464/ 
cycling, marine and freshwater systems, 

381 
depletion, pore waters, 329 
diffusive fluxes into sediments, 346-347 
lake pH, 6/ 
mobilized metals and arsenic, 467-470 
possible sources, 334-337 
pyrite formation in freshwater sediments, 

381-382 
rapid increase as water table rises into 

wells, 463 
reduction 

availability of electron donors, 333-334 
carbon-limited, 333-334 
depth in sediments, 329 
diffusion, and retention in sediments, 

comparison of rates, 334* 
dissimilatory, 328-329 
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Sulfate—Continued 
reduction—Continued 

internal alkalinity generation, 136, 155 
internal alkalinity generation models, 

152 
lake sediments, biofilm model, 384-387 
occurrence and rates, 329-330 
profiles, 335, 336/ 
rates 

controlling factors, 331-337 
lake sediments, 330*, 331/ 
proportional to sulfate concentration, 

137, 332 
reported in the literature, 332/ 
varying environments, 330 

regeneration, rates of sulfate reduction, 
334 

sedimentary microbial reduction, 372 
Sulfate budgets, acidification period, 141, 

142* 
Sulfate esters, diagenetic transformations, 

343 
Sulfate-reducing bacteria 

competition with iron-reducing bacteria, 
340 

function in sulfur cycle, 327 
responses to temperature, 331 

Sulfide 
anaerobic oxidation, 341 
biological reduction of sulfate in sedi­

ments, 484 
contaminated sediment, 461 
freshwater sediments, 380 
microbial, 337-339 
oxidation by iron, mechanism and rate, 

339-341 
oxidation pathways, 340 
oxidation rates, 338* 
potential reactions, 341-342 
reduction of manganese oxides, 481 
speciation and solubility of trace ele­

ments, 475 
Sulfidic methanic environments, deep wells, 

466 
Sulfones 

bottom-water oxygenation, 357 
sediment oxygenation, 344 

Sulfur 
factors affecting retention rates, 345-354 
fluxes and cycling rates, 362 
forms, abundance, and patterns in sedi­

ments, 324-327 
intermediate oxidation states, 340-341 
isotopic tracer of food web, 93-94 
organic and inorganic forms, 325 
rate of retention vs. rate of cycling, 345 
rate of storage in sediments, 333-334 
reaction with Mn0 2 , 501 
recycling, mass-balance calculations, 328 

Sulfur—Continued 
retention, availability of reactive iron in 

sediments, 347-350 
retention in lake sediments, 323-369 
roles in lakes, 323-324 
speciation 

index of paleolimnological conditions, 362 
processes causing observed patterns, 

327-344 
vs. carbon accumulation rate, 352/ 
vs. carbon concentration, 353/ 

Sulfur cycle, major features, 327 
Sulfur-oxidizing bacteria 

examples, 337 
speciation of sulfur in sediments, 356-357 
sulfur retention in sediments, 353-354 

Sulfur species, equilibrium constants, 437* 
Sulfuretums, freshwater sediments, 338-339 
Sulfuric acid 

acidification of treatment basin, 128-131 
effect on phosphorus cycle, 133 . 

Sunlight, reduction of manganese oxides by 
naturally occurring organic matter, 501 

Sunlight-absorbing matter, distribution, 412 
Sunlight-initiated photochemical formation, 

major source of H 2 0 2 , 417 
Superfund sites, Clark Fork River system, 452 
Superoxide dismutase, rate of formation of 

H 2 0 2 , 399 
Superoxide ion 

biological implications in surface waters, 416 
disproportionation, 392 
half-life in solution, 416 
manganese as scavenger, 501 
precursor for formation of H 2 0 2 in natural 

waters, 415 
Surface activity of ions, measurement diffi­

culties, 148-149 
Surface charge, effect on ion exchange, 149 
Surface hydroxyl groups, adsorption of trace 

elements, 474 
Surface sediments, organic content arrayed 

by lake depth, 43/ 
Surface speciation, dissolution rates of iron 

oxides, 483 
Surface water(s) 

anionic surfactant concentrations, 539-543 
distribution of H 2 0 2 , 391-422 

Surface-water nitrate concentrations, sea­
sonal and long-term patterns, 236 

Surfactants, anionic, 527-557 
Suspended load, flows through reservoir, 455 
Suspended particles, catalysis of man-

ganese(II) oxidation, 502 
Suwannee River (Georgia) 

allochthonous-derived dissolved organic 
matter, 198 

aromatic plus olefinic carbon content of 
fulvic acid, 204-205* 
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Suwannee River (Georgia)—Continued 
structural model of fulvic acid, 199/ 
variation among sampling sites, 206-209 

Τ 

Taxa 
abundance vs. environmental gradients, 

13 
ecological conditions, 10 
optimum condition calculation, 16-21 
temporal variability, 12 

Temi River (Venezuela), variation among 
sampling sites, 206-209 

Temperature, variations in Lake Richard B. 
Russell, 511/ 

Tennessee Valley Authority system, dis­
solved humic substances, 212 

Terminal lakes, definition, 77 
Terrestrial assimilation, nitrogen removal in 

watersheds, 228 
Terrestrial detritus 

aquatic food webs, 95 
fertilization, 94-95 
isotopic labeling, 99-100 
zooplankton nutrition, 108-109 

Terrigenous material, phosphorus deposition 
and flux, 303 

Thermodynamic redox sequence 
anoxic hypolimnion, 473 
microbial mediation, 474 
prediction, 478 
typical lake pH and concentrations, 479/ 

Thiosulfate, intermediate of sulfide oxida­
tion, 342 

Thrush Lake (Minnesota), atmospheric mer­
cury deposition, 33-66 

Time-variable behavior, polychlorinated bi-
phenyls, 594 

Tissue-turnover time 
carbon-13 uptake, 105 
measurement, 103 

Tolerance weighting 
calculation, 22 
narrow range of environmental 

gradient, 21 
Total nitrogen, summer averages, 130/ 
Total-phosphorus flux, Lake Michigan, 295-

301 
Total ring content, method for estimating, 

203-206 
Toxicity 

alkyl chain length, 552 
aquatic organisms 

alcohol ethoxysulfates, 549-551 
alcohol sulfates, 547-549 
linear alkylbenzenesulfonates, 543-547 

hydrophobic organic compounds, 559 
superoxide ion, 416 

Toxicity—Continued 
water hardness, 547 

Trace elements 
atmospheric deposition in aquatic envi­

ronments, 34 
cycles in Lake Greifen, 475/ 
cycles in lake with seasonally anoxic hypo­

limnion, 473-497 
residence times, partition coefficient ap­

proach, 319-320 
Tracers 

aluminum, 314 
carbon, 104-108 
fluorescently labeled microspheres, 108 
helium, 92 
hydrogen, 92 
hydrogen peroxide, 415 
nitrogen, 98-104 
oxygen, 92 
oxygen-18-labeled H 2 0 2 , 402 
phosphorus, 162 
sulfur, 93 

Training set, measured chemical parame­
ters, 11 

Transfer functions 
error analysis, 22-25 
inferences, 11-12 

Transport mechanisms 
hypolimnetic mercury, 439-446 
mercury across sediment-water interface, 

426 
phosphorus deposition, 303 

Treatability and environmental concentra­
tions 

alcohol ethoxysulfates, 539 
alcohol sulfates, 537-539 
linear alkylbenzenesulfonates, 534-537 

Tree harvesting, effects on nitrogen cycling, 
224 

Trophic interactions, measurement methods, 
92-93 

Trophic levels 
degree of 1 5 N enrichment, 93 
difference in carbon isotopic values, 106 
sulfur retention and speciation, 350-353 

Tropical blackwater rivers, humic acid dis­
solved organic matter, 209 

Tube sampling, chemical constituents in 
groundwater, 429 

Twelve Mile Creek-Lake Hartwell system, 
map, 580/ 

Twelve Mile Creek (South Carolina) 
hydrologie characteristics, 578 
weathering of PCB congeners, 575-600 

U 

Ultrafiltration and reverse osmosis concen­
tration system, 168/ 

 P
ub

lic
at

io
n 

D
at

e:
 M

ay
 5

, 1
99

4 
| d

oi
: 1

0.
10

21
/b

a-
19

94
-0

23
7.

ix
00

2

In Environmental Chemistry of Lakes and Reservoirs; Baker, L.; 
Advances in Chemistry; American Chemical Society: Washington, DC, 1994. 



626 E N V I R O N M E N T A L C H E M I S T R Y O F L A K E S A N D R E S E R V O I R S 

Upper Wallface Pond (New York), 
reconstructions of monomelic 
aluminum, 8/ 

USTEST, river concentration model, 539-
541 

V 

Vadose zone 
full-stage reservoir, 461 
mobilized metals and arsenic, 467-470 
release of metal ions from sulfides in sedi­

ments, 463 
Variability, acute toxicity of C 1 2 AS, 547 
Vernal dams, retention of nitrogen in for­

ested watersheds, 228 
Volatilization 

calculation of rates, 589 
mercury in catchment area, 56-57 
polychlorinated biphenyls, 593, 595 

W 

Wastewater 
anionic surfactant concentrations, 534 
AS concentrations, plot, 538/ 
AS degradation, 532 
AS levels in samples, 537 
LAS levels in effluent, 535-537 

Water 
four-electron oxidation, 500 
isotopic enrichment, 70 

Water budgets 
acidification period, 141, 142t 
lakes, calculation, 78-88 

Water chemistry 
approaches and methods for inference, 

10-27 
assumptions in using equations, 17 
long-term trends, 16/ 
unimodal (Gaussian) response curve, 10/ 

Water column, sampling techniques, 427-
428 

Water-column profiles 
mercury cycling, 431 
seasonal variability, 431 

Water-column responses 
major ions, 127-128 
nitrogen, 128-131 
phosphorus, 131-133 
silica, 133-135 

Water-column stratification, alkalinity in the 
hypolimnion, 140 

Water-phytoplankton partitioning, hydro­
phobic organic compounds in food 
webs, 560 

Water table, fluctuation, 123 
Water-table wells, release of metal ions from 

sulfides in sediments, 463 
Water temperature, distribution of H 2 0 2 in 

the eplimnion, 412-415 
Watershed 

increased incidence and severity of nitrate 
episodes, 239/ 

nitrogen inputs, 224-226 
nitrogen-retention mechanisms, 239 
nitrogen saturation, 223, 236-243 
source of mercury inputs, 54 
transformation of deposited nitrogen, 

226-227 
Watershed nitrogen loss 

consequences, 243-255 
fertilization of lakes and streams, 250 
geographic patterns, 256 
Great Smoky Mountains, stage 3, 246 
long-term changes, 223-284 
nitrogen deposition rate, 275 
regional analysis of stages 

northeastern U.S., 256-263 
southeastern U.S., 263-268 
western U.S., 268-271 

sequential stages, 243 
soil nitrogen status, 275 
stage 0, 237/ 
stage 1, 240/ 
stage 2, 241/ 
stage 3, 242/ 
stand age, 275 

Weathering 
minerals, internal alkalinity generation, 

136 
PCB compositional changes, 576 
PCB congeners 

environmental implications, 577 
Lake Hartwell, South Carolina, 575-

600 
production of cations, 144 
source of alkalinity and acid neutraliza­

tion, 137 
types of process, 576 

Weight percent 
Arochlors and sediment cores, 582/ 
representative cores, 584/ 
vs. depth in core, 585/ 
vs. distance from source, 583/ 

Weighted averaging (WA) regression and 
calibration 

paleoecological data, 12 
technique, 15-22 

Wells 
chemical constituents in groundwater, 429 
mercury contamination, 434 

Wet nitrogen deposition, concentrations of 
streamwater nitrogen, 272 

Wetlands, denitrification, 232 
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Whole-basin mercury fluxes 
lake sediments as record, 34-35 
study sites, 35-39 

Whole-lake experiments 
advantages, 122 
effects of acidification, 121-159 
experimental methods, 124-127 

Whole-lake mercury inputs, calculation, 
52-54 

Wind speed, distribution of H 2 0 2 in the 
eplimnion, 412, 413/ 

Windfall Pond (New York), reconstructions 
of monomelic aluminum, 8/ 

Ζ 
Zinc 

contaminant concentration in sediments, 
454 

Zinc—C ontinued 
cycles in eutrophic lake, 473-497 
depletion from water column, 491 
Milltown Reservoir, 457 
not redox-active, 489-493 
retention in lake sediments, 494 
seasonal variation in water column, 492/ 
sedimentation rates, 493 

Zooplankton 
carbon and nitrogen isotope content, 102-

108 
food chain 1 5 N enrichment, 103/ 
phosphorus excretion rates, 314 
phytoplankton vs. ditritus as food, 104 
role of microbial food web in macrozoo-

plankton nutrition, 106-108 
size of phosphorus particles, 293 
turnover, 314 
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